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Summary

SUMMARY

Mercury (Hg) is a global pollutant that affects human and ecosystem health. Alluvial soils
of the Isonzo river basin are strongly contaminated by Hg transported from the Idrjia mine
(SLO), the second largest Hg mine in the world. Albeit the mine ceased operation in 1995,
the Isonzo river still delivers large quantities of Hg downstream into the northern Adriatic
Sea. Hg pollution continues due to the erosion and solubilization of mine waste previously
deposited along the Idrjca-Soca-Isonzo rivers system. Much research has been carried on
water and sediments of the river itself, of the Trieste gulf, and in the Grado and Marano
lagoon, but very few studies involved contaminated soils. Most of the area in the river
basin is intensively cultivated with both arable and horticultural crops, albeit Hg
concentration is several times larger than the critical levels.

The mobility, bioavailability and potential biomagnification of Hg from these soils
depends on its chemical and physical form. Fractionation and speciation procedures are
designed to evaluate Hg mobility, but they still have many limitations and drawbacks.
The overall aim of this research was to investigate the risks connected to agricultural
activities on these soils which may cause Hg mobilization toward the hydrosphere and
the atmosphere.

The first aim of this study was to deeply investigate the physico-chemical characteristics
of these contaminated soils, especially along the soil profile, to assess the chemical
species mainly represented, and the distribution of Hg chemical forms in different size-
texture fractions. The second objective was to improve Hg fractionation/speciation by
combining sequential extraction procedures (SEP) with thermo-desorption measurements
(TD). The third aim was to investigate the potential effect of mineral fertilizers, organic
amendments and root exudates on Hg mobility (solubilization and volatilization). This
was combined with redox changes, since these soils are generally under the sea level, so
they are subject to frequent changes in the oxic/anoxic boundary.

Total Hg concentration is variable according to distance from the river, ranges in top soil
from 7.32 to 50.6 mg Hg kg™! soil. The concentration of Hg along the soil profile did not
follow a regular trend: generally it decreased with depth, but sometimes very high Hg
concentration were found in deeper layers. Texture fractionation showed an accumulation
of Hg in the Fine Sand and particularly in the Silt size fractions, in agreement with

previous studies on sediments of the Trieste gulf. A six steps SEP on size-texture fractions
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showed that the Clay fraction had the highest percentage of volatile Hg, whereas the Fine
Sand and Silt fractions had the highest percentage of Hg in the sulfide and residual
fractions.

Hg contamination in the studied area is coherent with a long-term gradual deposition of
contaminated particulate material from the Isonzo river. Indeed, a soil survey
demonstrated that the soils are alluvial soils and horizons originated from sediments of
the Soca-Isonzo river.

Application of different SEP procedures showed that most Hg is strongly retained in the
sulfide and/or residual fractions. Elemental and organic Hg represents in these soils only
a tiny part of the total.

Thermo desorption analysis is a fractionation procedure based on the different volatility
of Hg compounds, but its interpretation has several problems due either to a strong matrix
effect, the overlap in the behavior of different compounds and the lack of reliable
reference materials. In order to improve the thermogram interpretation, TD was coupled
to a seven steps SEP, performing TD on the residue of each solubilization step. A
sediment contaminated by a different source of Hg, from a chlor-alkaly plant (Banduzzi
channel), was also analyzed to validate the results obtained in the soil under study
(Fossalon soil).

Coupling TD measurements with SEP allowed the identification of two main Hg fractions
in the Fossalon soil, the first peak at 220°C defined as “matrix-bound Hg” was attributed
mainly to organic-Hg, and the second larger peak at 310 °C was attributed to HgS. In the
Banduzzi sediment the “matrix-bound” Hg was the highest peak, whereas the HgS peak
was very small. The “matrix-bound Hg” was separated and quantified by SEP: organic
Hg represented almost 70%, Hg bound to easily reducible oxides about 13.4%, Hg bound
to amorphous Fe oxides about 8%, and minor percentages for other SEP fractions.

The assignment of the peak at 310 °C was confirmed by comparison with pure HgS
standard, whereas the assignment of the peak at 220 °C to organic Hg, was confirmed by
TD analyses of the Fossalon soil spiked with humic acids-Hg and with fulvic acids-Hg
complexes.

It can be concluded that both in the Fossalon soil and in the Banduzzi sediment the
“matrix-bound” Hg peak can be principally ascribed to organic matter bound Hg and to a
lesser extent to Hg bound to minerals. This work also evidenced that TD cannot be a

stand-alone tool for Hg speciation mainly due to the impossibility to resolve overlapped
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peaks without an appropriate SEP protocol. On the contrary, SEP may allow a more
specific identification of Hg compounds.

The effect of several mineral fertilizers, organic amendments and root exudates were
investigated on:

e Hg thermal stability by TD,

e Hg solubility by water extraction,

e Hg solubility and volatility under aerobic and anaerobic conditions.

All tested inorganic and organic fertilizers did not affect Hg thermal stability:
thermograms of control and treated soils were practically identical.

Water Hg extractability was also little affected by fertilizer addition. Only urea increased
significantly the soluble fraction of Hg, from 0.60 to 1.32 pug Hg kg™!. This increase is not
important in practical terms also because of the limited persistence of urea in field
conditions, being subject to rapid hydrolysis.

Aerobic and anaerobic soil incubations showed different results:

e Both Hg solubilization and volatilization increased in the native soil incubated
under anoxic conditions with respect to oxic conditions.

e Mineral fertilizers had no significant effect on Hg solubility and volatility neither
in oxic nor in anoxic conditions.

e Organic amendments enhanced Hg mobilization in aerobic conditions but not in
anaerobiosis, indeed poultry manure, compost and humic acids showed an
increase in both Hg solubility and volatility in aerobic conditions, whereas only
poultry manure increased Hg solubilization under anaerobic conditions.

e Root exudates compounds decreased Hg solubility both in oxic and in anoxic soil
incubation, with the exception of glutathione and malic acid which increased Hg
solubilization. All tested root exudates increased Hg reduction/volatilization in
anoxic soil incubation.

Hypothesis on the mechanisms involved in the solubilization / volatilization have been
formulated but the complexity of the system made it difficult to assign their relative
importance.

The overall conclusion of this work is that although the alluvial soils under investigation
are highly contaminated by Hg even in the deep horizons, this Hg is practically immobile

being represented mainly by HgS, and application of mineral fertilizers do not increase
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the risk of Hg mobilization by solubilization or volatilization. Notwithstanding organic

amendaments and root exudates could increase Hg solubilization and volatilization.
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1. INTRODUCTION

1.1.RELEVANCE OF MERCURY PROBLEM

Mercury (Hg) is widely considered to be among the highest priority environmental
pollutants of continuing concern on the global scale.
The biogeochemistry of Hg has become one of the most important topics in environmental
sciences in the last 4 decades. This is due, in part, to some characteristics of Hg:

e Its volatility and dispersion on a global scale,

e its extreme toxicity at low levels,

e its tendency to bioaccumulate within food chains,

o the possibility of aqueous mobilization.
Indeed, Hg is recognized as a global pollutant due to its ability to transverse the globe
through the atmosphere and its severe neurotoxic effects, especially on fetuses and young
children (Clarkson, 2002). Methyl-Hg is the Hg-compound which represents the greatest
threat to humans and wildlife due to its toxic effects and the fact that it can be highly
biomagnified in the food chain, most importantly in fish (Mason et al., 1994).
Hg is a persistent pollutant, despite anthropogenic inputs have been decreased in the last
30 years. It has been used for the past 2500 years due to its unique chemical and physical
properties.
Therefore, there has been a growing interest worldwide about Hg and the mechanisms
that govern its concentrations and transformations in air, water and soil (Grassi and Netti,
2000).
As it will be bediscussed later, the temporal and spatial scales of Hg transport in the
atmosphere and its transfer to aquatic and terrestrial ecosystems depend primarily on its

chemical and physical forms.

1.2.MERCURY IN THE ENVIRONMENT

As previously mentioned, Hg is a widespread surface and groundwater contaminant
throughout the world. Although it is naturally occurring, anthropogenic activities such as
mining, fossil fuel burning, waste disposal, agriculture and chlor-alkali industries have

led to the mobilization of increased amounts of Hg into the environment. Indeed, Hg
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pollution has been reported in many places, including Quebec in Canada (Wheatley,
1979) and the Amazon in Brazil (Malm, 1998).

A remarkable characteristic of Hg is its presence as a silvery liquid at room temperature.
Elemental Hg is the predominant species emitted by anthropic activities as well as
released from soils and rocks to the atmosphere. The most human exposure to inorganic
Hg species is due to Hg’ vapor, derived from industries such as Au—Ag mining and chlor-
alkali plants (Navarro et al., 2008).

In addition, Hg may have other two oxidation states, Hg" (mercurous) and Hg**
(mercuric), but Hg" is instable in nature as it transforms to Hg?>" and Hg (Navarro et al.,
2008).

Mecuric ion is the most abundant species in nature; it is a soft Lewis acid and has a high
affinity for large, highly polarized ligands, such as soft Lewis acids, (i.e. sulfides) and a
rather weak affinity to Lewis bases (i.e. R-COOH). Hg has a strong tendency to build
complexes with CI-, OH, S*, S-containing functional groups of organic ligands, and NH3
because of their high abundance and stability with Hg. Hg** forms complexes of moderate
stability with Br, I ions, rather weak complexes with F-, SO4>, and NOs™ (Schuster, 1991;
Gabriel and Williamson, 2004).

However, the dominant form of Hg in nature is cinnabar (HgS), a sulfide that is extremely
insoluble and chemically and physically stable, this explains the low mobility of this
heavy metal where it appears only in association with sulfide (Han et al., 2008, Navarro
etal., 2008). Indeed, the accumulation of HgS will result in highly insoluble cinnabar (red
in color, trigonal structure) or meta-cinnabar (black and more insoluble, cubic structure),
which further precipitates (Gabriel and Williamson, 2004). Therefore, in reducing
environments, formation of HgS can be an efficient detoxification process.

However, small amounts of Methyl-Hg are also formed from HgS in aerobic sediments
(Benoit et al., 1999a). Likewise, cinnabar could dissolve in the presence of organic matter
by means of surface complexation (Ravichandran et al., 1998; 2004).

Moreover, Hg exhibits a great affinity for organic matter in soils, peats and sediments.
The "class B" character of the chalcophil element becomes evident in the very strong
affinity to S-containing functional groups which are frequently found in organic
molecules. It explains the accumulation of Hg in organic-rich, upper soil horizons and the
predominance of organic Hg-binding even in mineral soil horizons. Furthermore,

processes as chelation, ionic exchange, inner and outer sphere complex formation,
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adsorption, and coprecipitation are likely to occur. Which type of interaction
predominates will mainly depend on the properties of the humic substance and the pH of
the system. About one third of the total binding capacity of the soil humus is used for
cation exchange processes, about two thirds of available binding sites serve for metal
complexation (Schuster, 1991).

Table 1.1 shows the solubility and vapor pressure of several Hg species.

Table 1.1. Properties of some Hg species: water solubility (ug I'') (WS), vapor pressure (VP) at 25 °C
(Modified from Dyrssen and Wedborg, 1991; Navarro, 2008).

SPECIES WS VP
Hg’ 56 2107
HgCl, 74 10° 0.1
HgS 1071 ND
HgO 51.310° ND
Hg:Clz 2.010° ND
Hg2(SO4) 600 103 ND

1.2.1. Sources and transformations of mercury in the environment

Hg research has a long history and much is known about its biogeochemical cycle.
However, there is still need of research, due to the low concentrations and the complexity
that characterize Hg cycling and its toxicity (Selin, 2009).

Hg is a natural element, present in every major compartment of our planet at low
concentrations. Primary natural Hg emissions to the atmosphere, estimated at 500
Mg/year, result from aerial and sub-aerial volcanism and gradual degassing of soil
systems (Selin, 2009).

Others natural sources are sea-floor hot springs and global mercuriferous belts, where,
Hg is present as cinnabar ore. Indeed, Hg has been known to human societies for
millennia, and early mining activities occurred in these naturally enriched regions. For

example, the Hg mine at Almaden, Spain, has produced Hg since at least Roman times
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(Tarr, 1898). Hg can be released to the atmosphere in these areas through geothermal
activity or by natural releases from Hg-enriched rock and soil (Gustin et al., 2008).

However, the natural flux of Hg into the atmosphere from primary geological sources is
small compared to direct present-day anthropogenic emissions of Hg. On the basis of
measurements of the ratio from remote lake sediment cores, it is estimated that present-
day Hg deposition is three to five times larger than preindustrial deposition (U.S.
Environmental Protection Agency (USEPA), 1997) (Figure 1.1). This causes an increase
in Hg reservoirs and subsequent secondary Hg emissions that facilitate its global

distribution (Selin, 2009).
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Figure 1.1. Current estimates of the fluxes and pools of Hg at the Earth’s surface. Hg(Il) includes both
gaseous and particulate forms, plus a negligible contribution (I Mg) from inert particulate Hg. The
percentages in brackets are estimated increases in pools and fluxes due to anthropogenic activities over

the past 150 years. Fluxes are in Mg yr~ 'and reservoirs are given in Gg (Driscoll et al., 2013).

Indeed, man-made activities have modified the natural cycling of Hg. An EPA (1997)
estimate of annual Hg emission due to human activities suggested that anthropogenic

sources accounted for about 50% to 75% of Hg emissions from all sources.
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Prior to the 1970s, chlor-alkali plants were the dominant sources in many industrialized
countries (Shroeder and Munthe, 1998). Nowadays, most Hg is released through mining
and smelting, fossil fuel burning, industrial processes, and burning of municipal and
medical wastes (Schierow, 2006; Selin et al., 2008; Pirrone et al., 2010; UNEP, 2013).
Hg from these sources is emmited mainly in the elemental form. In the gaseous elemental
form (Hg"), Hg is capable of moving across regional and global distances (Pirrone and
Mahaffey, 2005; Pirrone and Mason, 2009; Selin, 2009). In the atmosphere, divalent
forms of Hg (Hg”") partition more easily to water and particles (compared to Hg"),
resulting in much shorter distances over which Hg?* travels in the lower troposphere.
Thus, oxidative processes in the atmosphere strongly influence overall residence times
(Lindberg et al., 2007), which can vary between several months to a year (Selin, 2009;
Pirrone et al., 2010).

The ultimate fate of emitted Hg is primarily recalcitrant soil pools and deep ocean waters
and sediments. Transfers of Hg emissions to largely unavailable reservoirs occur over the
time scale of centuries, and are primarily mediated through atmospheric exchanges of
wet/dry depositions and evasion from vegetation, soil organic matter and ocean surfaces
(Driscoll et al., 2013).

There are also reemissions into atmosphere of Hg deposited onto plants, soils and other
surfaces (EPA, 1997; Schroeder and Munthe, 1998). Past anthropogenic Hg emissions,
deposited to soils and surface oceans have a tendency to be re-emitted back to the
atmosphere. Amos et al. (2013), in a recent study, suggested that the contribution of these
historical or secondary Hg emissions to modern Hg exposure is much larger than thus far
appreciated.

Impacts of Hg have been assessed for three potential future anthropogenic greenhouse
gasses (GHG) emission scenarios under the Intergovernmental Panel on Climate Change
Special Report on Emission Scenarios (IPCC SRES). Under most GHG scenarios,
primary Hg emissions will increase unless emission controls are widely implemented.
The main driver for increased Hg emissions is the expansion of coal-fired electricity
generation in the developing world, particularly in Asia. However, as it is dicussed below,
an important distinction between Hg and most other atmospheric pollutants is that
environmental and health impacts are only indirectly related to total concentration

(Pacyna et al., 2009; Streets et al., 2009).
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1.3.MERCURY FRACTIONATION AND SPECIATION

It is known that different metal species exhibit different behavior, mobility and
bioavailability in the environment, therefore measurements of total Hg in soils do not
provide enough information on the potential toxicity of Hg for living organisms (Beckvar
et al., 1996; Biester et al., 2002). A detailed knowledge of the chemical forms of Hg in
soil is critical to evaluate the risks for humans and the environment (Navarro et al., 2008).
Knowledge of the speciation of Hg is also paramount in assessing the extent and kinetics
of the biologically driven conversion of Hg into Methyl-Hg. (Gerbig et al., 2011). Thus,
Hg speciation is the key for risk assessment of Hg contaminated areas (Bollen et al.,
2008).
Speciation is the distribution and the quantity of all different chemical forms of a
substance (e.g. HgS, HgCl», HgCl,, Hg®, Hg(OH), CH3;HgX, (CH3),Hg...) in a sample,
whereas fractionation means the separation of the total content in groups of substances
according to different properties.
Speciation should be used only to indicate the distribution of species in a particular sample
or matrix. Chemical compounds that differ in isotopic composition, conformation, oxidation
or electronic state, or in the nature of their complexed or covalently bound substituents, can
be regarded as distinct chemical species (Templeton et al., 2000). By this definition, terms in
relation to speciation have also been determined by Templeton et al. (2000):

o Speciation analysis is the analytical activity of identifving and/or measuring the

quantities of one or more individual chemical species in a sample.

o The chemical species are specific forms of an element defined as to isotopic

composition, electronic or oxidation state, and/or complex or molecular structure.

o The speciation of an element is the distribution of an element amongst defined
chemical species in a system.

In the case of Hg, it is possible to understand by speciation analysis how Hg is transported
from its sources to the local environment of man and wildlife, how Hg is bound in the
environment and is therefore more or less available to cause adverse effects, and how Hg is
transformed and accumulated in fish and other aquatic and terrestrial foods as Methyl-Hg
(Horvat, 2005).
It is sometimes impossible with speciation to determine the concentrations of the various
chemical species that make up to the total concentration of an element in a given matrix, due

to the possible instability of that chemical species in the sample. Species can even change
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form during speciation analysis; determination of the total concentration of a particular

element may therefore be impossible by such a method. A fractionation method can be used

for this purpose, by which various classes of species of an element can be determined, also

with the sum of their concentrations in each class (Templeton et al., 2000; Horvat, 2005).

o Fractionation is the process of classification of an analyte or a group of analytes

from a certain sample according to physical (e.g. size, solubility) or chemical (e.g.
bonding, reactivity) properties. In a case in which it is not possible to determine the
concentration of the different individual chemical species that sum up the total
concentration of an element in a given matrix, which means it is impossible to

determine the speciation, it is a useful practice to perform fractionation instead.

Speciation/fractionation influences:

Solubility: lipophilicity, hydrophilicity;

Mobility: e.g. through leaching, volatilization, etc.;

Bioaccessibility and bioavailability: absolute bioavailability describes the
percentage of an external exposing mass that reaches the systemic circulation (the
internal dose); it is the fraction actually absorbed. Bioaccessibility describes the
fraction of the chemical that desorbs from its matrix (e.g. soil, dust, wood) in the
gastrointestinal tract and it is available for absorption, while absorption describes
the transfer of a chemical across a biological membrane into the blood circulation.
By definition, Hg bioaccessibility should exceed Hg bioavailability.

In other words a chemical form is bioaccessible when it can get in contact with an
organism, while it is bioavailable when it is really adsorbed by the organism (e.g.
pass the cellular membrane or go through the intestinal villus to reach blood)
(Davis et al., 1997; Paustenbach et al., 1997);

Toxicity.

Han et al. (2003b) highlighted the high mobility and toxicity of alkyl species, such as

Methyl-Hg and Ethyl-Hg, and the high solubility and mobility of soluble inorganic

species, such as mercuric chloride (HgClz), in comparison with other inorganic Hg

species. As observed by the same authors, alkyl and inorganic soluble Hg species

contribute to the major portion of potential Hg toxicity in soil. On the other hand,

chemically stable species, such as mercuric sulfide (HgS) are considerably less mobile

and, therefore, less toxic (Han et al., 2003b).
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1.3.1. Methods for mercury fractionation and speciation
Analytical procedures to assess Hg speciation in soils still lack consensus.
Although some steps have already been taken towards the establishment of robust and
reproducible methodology, the complex chemistry of Hg, in conjunction with the
intricacy of soil chemistry and the interaction of the contaminant with the soil matrix,
have not yet allowed this objective to be fulfilled (Kim et al., 2000; Hesterberg et al.,
2001; Gustin et al., 2002; Sladek et al., 2002).
There are three main approaches to Hg speciation in soil and sediment:
1) sequential chemical extractions (Issaro et al., 2009);
2) thermodesorption (Biester and Scholz, 1997; Reis et al., 2012);
3) X-ray absorption spectroscopy (mainly XAFS and EXAFS) (Kim et al., 2000; 2004;
Terzano et al., 2010).

1.3.1.1.  Sequential Extraction Procedures

Extraction procedures may be divided into:

1. selective extractions or single extractions,

2. sequential extractions (SEP).
The first are used to target only one fraction of interest and are currently used for
estimating the most potentially mobile, bioavailable and toxic fractions, mainly
organometallic fractions e.g. Methyl-Hg. Indeed many researches have focused on
Methyl-Hg determination including its limitations (Bloom et al., 1997; Tseng et al., 1997,
Hintelmann, 1999; Hammerschmidt and Fitzgerald, 2001; Leermakers et al., 2003).
However, in contrast to sediments, this harmful Hg-species (Methyl-Hg) often represents
in soils less than 1% of total Hg (Bloom et al., 1997; Bowles and Apte, 2000; Canario et
al., 2004; Mailman and Bodaly, 2005; Neculita et al., 2005; Sanchez et al., 2005; Shi et
al., 2005; Donkor et al., 2006).
Thus, it is in fact interesting to subdivide the other forms of Hg, especially Hg(II), into
different species.
Sequential extractions are based on the chemical leaching of complex samples and have
been proposed to allow the determination of the mobility of elements according to their
chemical form and the various soil/sediment constituents to which they are bound. Hg
mobility is defined in terms of the amount of Hg leached in the various acid and salty

solutions (Issaro, 2009).
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The literature vehemently stresses the need to develop speciation methods specific for
Hg, as well as adequate quality control procedures and associated reference materials
(Horvat, 1999; 2005). Because, the traditional sequential extractions used for the others
trace metals are not fully suitable to Hg due to its complex chemistry (Wallschldger et al.,
1998; Bloom et al., 2003).
Moreover, establishing easy-to-use protocols is the key to a successful risk assessment
and to assess contaminant-soil interactions in contaminated areas (Bloom and Preus,
2003; Han et al., 2003b; Reis et al., 2010; Fernandez-Martinez and Rucandio, 2013).
Despite several attempts to develop such methods, there is still not a consensual protocol
regarding Hg fractionation and/or speciation in soil samples (Issaro et al., 2009). In fact,
there are different protocols available for Hg speciation and fractionation in literature (see
review of Issaro et al. (2009) and references therein).
Several different SEP have been proposed for Hg, which are very specific and depend on:

e the type of matrix (e.g. physicochemical characteristics of soil and land use);

e the Hg source (e.g. mining activity/chlor-alkali plant);

e type of Hg compounds in the samples.
Since soil is a complex and variable matrix, it is very important to choose an appropriate
SEP according to its characteristics, as well as to the type of Hg compounds that are
expected to be found in the samples. For example, if the objective is just to investigate
the mobility of Hg in soil, a three step procedure can be applied, which subdivides Hg
into mobile, semi-mobile and immobile fractions. But, if the objective is to investigate
the distribution of Hg among different inorganic and organic compounds a more selective,
multiple steps SEP has to be selected.
Since SEP results are influenced by substrate matrix, the application and interpretation of
such extractions should be carried out with caution, and the substrate components with

the environmental conditions associated have to be characterized (Reis et al., 2016).

In Figure 1.2, a summary of the most common target phases in sequential extraction
schemes and respective mobility in the environment is given. While Figure 1.3 shows
some examples of the most commonly used SEP procedures.

In general, sequential extraction schemes starts with the extraction of the more labile
fractions: water-soluble and/or exchangeable using, respectively, distilled water and salt

solutions that remove Hg by ion-exchange (e.g. NH4Ac, MgCl,, CaCly).
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Some fractions are indicative of the Hg forms which are likely to transfer from soil to
other environmental compartments (water and organisms), i.e. the more bioaccessible
fractions; these fractions are usually determined by the application of mild extractants
that mostly work by cation exchange, complexation and through weak acid dissolution.
Determination of the water-soluble fraction (Leermakers et al., 2003; Sladek and Sexauer,
2003) has been used to estimate the potential risk of groundwater contamination,
biological uptake and toxicity for aquatic organisms when leaching, runoff, or erosion
occur (Wahle and Kordel, 1997). Hg concentrations are usually low (Biester and Scholz,
1997; Renneberg and Dudas, 2001; Bloom et al., 2003; Neculita et al., 2005; Reis et al.,
2014), implying that the estimation of this fraction is only worthwhile when soils are
highly contaminated or the in-situ environmental conditions are favorable to leaching.

In the last steps, the less reactive species, which are strongly bound to the matrix, are
extracted with strong acids, including HNO3, HF and aqua regia. The residual fraction
means the part of Hg bound to the matrix that cannot be extracted by the previous
reagents.

Saturated solution of sodium sulphide (NaxS) is used for HgS extraction to form the
soluble Hg polysulphides, while most Hg-species are soluble in HNOs (Jing et al., 2008).
The use of increasing HNO; concentrations as a sequential extraction to mobilize
different Hg fractions prior to HgS determination in the last step was applied to sediment
samples (Wallschldger et al., 1998; Palmieri et al., 2006). To optimize the dissolution of
all non-HgS species, the effect of HNO3 concentration, sample to volume ratio and the
duration of extraction have been studied. For this purpose, a 2-hour extraction of 1 g of
sample in 20 ml of 40% HNOs is recommended to separate HgS from the other Hg-forms
(Hall et al., 2005). In fact, HNO3; must be used very carefully because some oxidizing
gases produced by the traces of chloride in concentrated HNO3 may result in the
dissolution of HgS (Mikac et al., 2003). According to the protocol by Fernandez-Martinez
et al. (2006), soil samples are firstly extracted by HNOs to dissolve all Hg-species other
than HgS. Then, Na;S or aqua regia was added to the remaining residue prior to HgS
determination. Both reagents gave similar recoveries (85%) (Issaro et al., 2009; Reis et
al., 2016).

Several works have proposed a simplified sequential extraction to separate Hg in

2% ¢

environmental samples into “mobile”, “semi-mobile” and “non-mobile” fractions (e.g.
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Biester et al., 1999; Sladek et al., 2002; Fernandez-Martinez et al., 2006; Reis et al.,
2010).
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Figure 1.2. Operationally-defined phases targeted in most SEP, common extractants and respective mobility (Reis et al., 2016).
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Author Reagents Compound extracted Percentage of total
mercury extracted
Sahugquillo et al. (modified 0.11 mol L-! CH;COOH Exchangeable, Water soluble, and
BCR-SEP) carbonates fractions bound Hg
Reducible Hg Not mentioned
0.5mol L' NH;OH/HCI (pH 1.5) Oxidizable Hg
8.8 molL-! H;0; (pH 1.5)/1 mol L-! CH3COONH, (pH 2) Residual
Aqua regia/HF
Panyametheekul Heated at 180°C Hg" 31-84
Deionized water ‘Water soluble Hg 0
0.5M MgClz Exchangeable Hg 01-13
0.5N HCl Strongly bound Hg 0.1-0.3
0.02 N HNO3/30%H;0,Al{CH3C00); Organic-Hg 0.2-1.7
Na,S HgS 12-62
HgT - extracted-Hg in all fractions above Residual 14-10
Han et al. 1M NH;0Ac Soluble and exchangeable Hg 0-20
0.1 M NH;0OH-HCl Easily reducible oxides bound Hg 20-35
0.01 M HNO3/H:0; 30% Hg bound to organic matter 10-25
0.2M (NH4)C304/0.2 M Hy G 04 Hg bound to amorphous iron oxides <2
0.04 M NH; OH.HCl in 25% HNO5 Hg bound to crystalline iron oxides 20-40
4M HNO; Residual non-HgS 5-10
Nay§ (saturated) HgS 0-98
Lechler et al. MgClz Exchangeable compounds <5
HCl Strongly bound Hg Ambiguous
NaOH/CHsCOOH Organic 6.5
Aqua regia Residual 8.1-69
Barrocas and Wasserman NH4Ac Exchangeable compounds 1
Ammonium hydroxide Hg bound to Humic substances <5
HNO4 Organic matter =05
Saturated Naz5§ Hg bound to sulfide 2
Aqua regia Residual Undetectable
Burt et al. Deionized water ‘Water soluble
NaNO; Exchangeable compounds
CH3COONa/CH3COOH Adsorbed/bound to carbonates .
Nay OH-HCl/CH;COOH Bound to Fe and Mn oxide Lyl
HNO:/H;02/NHsAc Organic matter and sulfur
HNO:/HCI Residual
Wangetal. | 01MCaCl; (pH7) Active Hg (include soluble Hg and 0.10-012
exchangeable Hg)
1M HCl+1% CuSOs4 HCl-dissoluble Hg 14.56-18.75
1% KOH Organic bound Hg 0.86-5.84
2M HNO; Hg" form 24.58-26.86
Aqua regia Residual Hg 52.64-55.29
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Figure 1.3. Sequential extraction methods proposed by some scientists to determine the mercury species in

soils and/or sediments (Issaro et al., 2009).

SEP procedures varies according to:

e time of extraction, which varies between 30 minutes and 1 hour, extraction periods

should be carefully chosen in order to assess the real risk (Biester and Scholz,

1997; Renneberg and Dudas, 2001);

e shaking/stirring rate, which must be adjusted according to the particle size of the

sample;

e temperature and time of heating.

In addition, by using the same sequential extraction for the same samples, divergences of

more than 50% for different Hg-species and Total Hg can be found by different

laboratories (Issaro, 2009).
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1.3.1.1.1. SEP limitations
Sequential extraction procedures have several known limitations (Bacon and Davidson,
2008), such as:
e lack of selectivity, as they distribute Hg content into operationally defined
fractions, instead of isolating specific chemical species;
e cross-contamination of samples;
e Hglosses;
e problems of re-adsorption and incomplete extraction;
e high percentage of Hg in the residual fraction.
Other problems regarding quality control and method performance evaluation are:
e lack of standardized procedures and uniformity among procedures;
e lack of certified reference materials for checking the performance both of method
and the laboratory;

e lack of quality control procedures.

1.3.1.2.  Thermal desorption

Another method of Hg fractionation is Thermo-Desorption (TD), which is widely applied
in soils and sediments (Biester and Scholz, 1997; Biester et al., 2000; Higueras et al., 2003;
Piani et al., 2005a; Gosar et al., 2006; Bollen et al., 2008; Rallo et al., 2010; Tersic et al.,
2011a; Tersic et al., 2011b; Rumayor et al., 2013).

The basic principle of the method is the controlled heating of the sample at a known heating
rate. This technique is based on the thermal decomposition, or desorption, of Hg
compounds from solids at different temperatures, and the continuous determination of the
released volatile Hg. Since Hg compounds have different properties, with different vapor
pressures at different temperatures (Milobowski et al., 2001), the temperatures at which Hg
compounds are decomposed and evaporated are therefore different (Figure 1.4). Through
comparison with standards, Hg species can be identified.

Available literature suggests decomposition and sublimation temperatures for several Hg
compounds (Table 1.2), which are mostly theoretically determined and do not include all

the experimental conditions (Sedlar, 2014).
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Figure 1.4. Hg-thermo-desorption curves of standard materials (Gosar et al., 20006).

Table 1.2. Accessible literature data about the temperature characteristics of Hg compounds (Sedlar,

2014).

Mercury Compound

Temperature of Decomposition or Sublimation

Mercury(I) chloride (Hg»Cl»)
Mercury(Il) chloride (HgCl,)

Mercury(I) oxide (Hg,O)
Mercury(Il) oxide (HgO)
Mercury(Il) sulphide-Red (HgS)

Mercury(Il) selenide (HgSe)
Mercury(I) sulphate (Hg,SOy)
Mercury(Il) sulphate (HgSOy,)

Mercury(I) fluoride (Hg,F>)
Mercury(Il) fluoride (HgF>)

383 °C — sublimation (Lide, 2010)
277 °C — melting point,

304 °C — boiling point (Schroeder and Munthe, 1998)

100 °C — decomposition (Lide, 2010)

500 °C — decomposition (Schroeder and Munthe, 1998)

344 °C — transforms to black HgS (Lide, 2010),

584 °C — sublimation (Schroeder and Munthe, 1998)

Sublimation (Lide, 2010)

335 — 500 °C — decomposition (Tariq and Hill, 1981)

450 °C decomposition (Lide, 2010),
500 °C decomposition (Tariq and Hill, 1981)

570 °C - decomposition/ sublimation (Lide, 20
645 °C — decomposition (Lide, 2010)

10)

With increasing temperature, Hg species are released in the following order: elemental
Hg (Hg’), HgCl,, Hg associated with Fe,Os, organically bound Hg, HgS, HgO, with an

overlap of organic Hg and Hg associated with oxy(hydr)oxides, called “matrix-bound”
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Hg (Figure 1.4). In fact, according to present knowledge, matrix components are known
to exist as organo-mineral complexes (Biester et al., 1999; 2000). This means that Hg can
either be chemically bound to functional groups of organic matter or physically adsorbed
to mineral surfaces, but it is difficult to distinguish the species. In fact, both processes can
happen, as Hg?'—organic complexes may be specifically adsorbed onto the mineral
surfaces of the matrix, forming organo-mineral Hg complexes (Schuster, 1991).
Previous studies have shown that Hg pyrolysis combined with atomic absorption
spectroscopy allowed to distinguish cinnabar from “matrix-bound” Hg (Biester and
Scholz, 1997).
Indeed, in the work of Reis et al. (2012), Hg bound to humic acids extracted from soil has
a release peak between 100 and 240 °C that overlapped HgCl..
Hg associated with iron oxides is mainly released between 100 and 285 °C, while a
second, much smaller peak can be observed at 500-610 °C. This overlaps with HgCl..
Therefore, characterization of the sample and consideration of its origin may help to infer
the species that are most likely present.
The interpretation of results may be done taking into account:

e soil characteristics,

e the percentage of iron oxides,

e the percentage of organic matter,

the source of contamination.

Recently, Reis et al. (2015b) improved Hg TD curves interpretation by accurate soil
characterization, however peaks overlapping remains an unresolved question.

Two methodologies have been proposed to perform TD speciation. The extensive work
by Biester et al. (Biester and Nehrke, 1997; Biester and Scholz, 1997; Biester et al., 1999;
Biester et al., 2000; Biester and Scholer, 2002) was carried out with an atomic absorption
spectrometer, by means of an in-house built apparatus consisting of an electronically
controlled heating unit and a Hg detection unit (Biester et al., 2000). An alternative
method for Hg speciation by thermodesorption consists in the use of direct Hg analysers,
such as the LECO® AMA-254 (Reis et al., 2012; 2015b) or Lumex® RA-915 + PYRO-
915 (Rumayor et al., 2013; 2015) by simply adjusting combustion temperature and the
heating programme.

Several models have already been made for temperature fractionation and speciation of

Hg compounds. Different approaches were taken into account to get the temperatures at
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which Hg compounds decompose. The results may vary due to differences in methods

(Table 1.3).

Table 1.3. Review of existing methods for temperature fractionation of Hg (Sedlar, 2014).

Sample Temperature Carnier gas Detection Calibration Reference
programme
Soil Linear heating: Nitrogen: Perkin Elmer Hg standards:  Biester
samples Room T-800 *C: 300 mL AAS 3030 HgS and and
Heating rate of min” (AAS) HgCls in 5107 Scholz,
05°Cst and Hg-bearig 1997
humic acids
Coal Linear heating: Nitrogen: Nippon Jarrell Comparison Twashita
samples Room T-300 °C, 100 mL Ash AABSS with results of etal.
Room T-400 °C, min” (AAS) witha  Lide (Lide, 2003
200-600 *C; Hg reduction 2010
Heating rate of 1 system AMD-
“C min D2
Soil Linear heating: Nitrogen: Perkin Elmer Comparison Bollen et
samples Room T-800 °C:; 300 mL AAS 3030 with results of al.. 2008
Heating rate of min”’ (AAS) others
05°Cs" (Biester. 1994:
Biester and
Nehrke, 1997)
Plankton Linear heating: Air; 1-3L Lumex RA- Hg standards:  Shuvaeva
and lake Room T-700 °C:  min’ 915+ with CH:HgzC1, etal.
sediments Heating rate of pyrolytic cell HgO_ Hgs04 2008
0.5-4°Cs" (AAS). and and HegCls 1n
Perkin Elmer ALOs; or 5104
(AAS), 3030B  substrate.
with Hg- Reference
hydride materials:
attachment Soil, river
MHS-20 sediments and
dogfish liver
and muscle.
Calibration Linear heating: Argon; PS Analvtical  Hg standards: Lopez-
only Room T-650 °C: 230 mL Thermogram HgClsy, Hgs, Anton et
Heating rate of min” model 30042, Hg504 HgO, al. 2010
10 °C min” (AFS) coupled Hg:Cla,
to Sir Galahad HgxS04 and
Hg Analyser HgBr: i 510,
meodel 10.525  substrate
Gypsum Linear heating: Argon; PS Analytical  Comparison Rallo et
samples 40-650 =C: 250 mL Sir Galahad with results of al.. 2010
from FGD  Heating rate of min”’ Hg Analyser Lopez-Anton
10 °C min” and model 10525,  etal. (Lopez-
20 °C min™ with (AFS) Anton etal.,
3 isothermal 2010)

wntervals of 7-10
min
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Thermo-desorption methods present some advantages over conventional chemical

extraction methods and x-ray absorption methods, such as:

e applicable to a vast range of Hg concentrations;

e little to no sample treatment preventing the loss of volatile Hg-compounds;

e free of cross-contamination;

e asmall quantity (<I g) of sample is required;

e operational conditions are standardized and results obtained by different

laboratories can be compared;

e good repeatability;

e the equipment is automated and commercially available;

e casy to use by the non-expert analyst;

o negligible losses of Hg;
e lack of residues (Reis et al., 2012).

1.3.1.3.

Comparison between SEP and TD

In Figure 1.5 SEP and TD method are compared according to groups of Hg compounds

targeted, including advantages and disadvantages.

T

arget
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Figure 1.5. Comparison between SEP and TD. Procedures are compared for their target species,

advantages and disadvantages. General results obtained are also presented (Reis et al., 2016).
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Despite the recognized problems associated with chemical extraction procedures, they
provide valuable information for Hg geochemistry interpretation in soils, allowing
information to be inferred on reactivity and bioaccessibility, or response to changes in
environmental conditions such as rainfall events or pH changes.

When TD analysis are performed, it is still quite impossible to completely separate all Hg
species. This indicates that thermo-desorption cannot be considered a stand-alone tool in
Hg speciation analysis. However, this method is a useful tool for a preliminary screening
of the samples, with its results being helpful to decide on further sample analysis,
including the application of extraction methods. It is also the best technique to identify
and quantify Hg?, since it prevents Hg losses and does not require any sample preparation
(Reis et al., 2016).

In light of this, the identification of Hg compounds and substances to which Hg is bound,

may require the use of multiple methodologies (Issaro et al., 2009).

1.3.1.4.  X-ray absorption spectroscopy

X-ray absorption spectroscopic techniques comprise a great variety of spectroscopies for
solid phase speciation, allowing to investigate the structure of matter at the atomic scale.
Direct measurement of Hg species by synchrotron X-ray is possible but, in most of the
cases, requires total Hg concentration above 100 mg kg !, restricting its applicability to
heavily contaminated sites. However, this technique has the benefit of being non-
destructive, element-specific, relatively sensitive at low concentrations, and requiring
minimal sample preparation. The microanalitical tecniques allowed more precisely
speciation even at relatively low Hg concentration (Santoro, 2009), but only small Hg-
rich spots can be targheted and identified. uXRF, uXANES, uXRD are very usefull when
the contamination is homogeneus, otherwise the results could not be representative of the
bulk of the contamination.

Thus, the use of this technique, in conjunction with standard analytical techniques such
as X-ray diffraction and electron probe microanalysis, is beneficial in the prioritization
and remediation of Hg-contaminated sites. Currently, there is no other known technique
available to determine directly the types and relative proportions of Hg phases in such
samples. Other methods, such as sequential chemical extractions and thermal desorption
indirectly determine the speciation of Hg. Whereas X-ray absorption spectroscopy (XAS)
may allow the identification of the atoms which Hg is bound to, as well as coordination

number, bond distances and oxidation state; allowing more precise identification of
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chemical and mineralogical properties of the contaminant. It is possible to define the
chemical speciation of the element at the molecular level and can be used to distinguish
one chemical species from another, assuming there are sufficient differences in the
spectra. XAS can help to define the crystalline structure of minerals, as well as chemical
composition, chemical speciation and surface and interface characteristics.

X-ray Absorption Spetroscopy involves bombarding a sample with high energy X-rays,
generating photoelectrons from a specific element in the sample when the incident beam
possesses sufficient energy to excite or eject core electrons from that element. The
generation of photoelectrons induces specific electronic scattering interactions between
the central absorbing atom and neighboring atoms. The incident X-ray energy at that point
corresponds to the absorption edge of the element for a given electron shell (K, LIII ,
etc..), while the electron scattering interactions give rise to the X-ray absorption near-
edge structure (XANES) and the extended X-ray absorption fine structure (EXAFS)
regions.

A composite EXAFS spectrum can be deconvoluted, using a linear least-squares fitting
routine, into the sum of its separate components by comparison with the spectra in the
model compound database. In Figure 1.6 it is shown an example of a model compounds
database. Determining the relative proportion of each model spectrum’s contribution to
the spectrum of a sample may allow the quantification of the various phases present

within the sample (Kim et al., 2000).
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Figure 1.6. EXAFS spectra of mercury minerals and mercury sorption complexes in the model compound

database used for linear least-squares fitting of the heterogeneous mercury bearing calcines. The
horizontal axis represents the conversion of energy to momentum space following the normalization of the
EXAFS data to a fixed point in energy space; the vertical axis is a k-cubed weighted expression of the
EXAFS function, which is modeled as the sum of scattering contributions from each neighboring shell of

atoms (Kim et al., 2000).

1.3.1.5.  Importance of sample heandling
In analytical procedures is always important to take care about sample handling storage
and processing. It is important to consider soil heterogeneity, sample pretreatment and
storage (Claff et al., 2010). Samples collected should be as representative as possible of
the contaminated site and every precaution should be taken to ensure samples to remain
unaltered. In Hg speciation assessments, particular attention must be given to potential
losses of Hg. It is common practice that, for comparison among samples, or with other
studies and with certified reference materials, dried (hence stable) samples are used.

However, it has been observed that, while drying and sieving soils prior to analysis to
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increase sample homogeneity, Hg’ loss can happen, with this species no longer present
in samples after a short 10-day storage period (Reis et al., 2015b).

Indeed, Reis et al. (2015b) proved that, during a 10-day period, almost 32% of total Hg
was lost, which mainly corresponds to the loss of Hg’ (Table 1.4). Longer storage periods
can result in a complete loss of volatile Hg’.

This problem may affect not only Hg speciation, but also total Hg determination in soils.
Very often, it is not possible to analyze the samples immediately after sampling and these
results show that Hg concentration can be underestimated due to Hg losses during sample

storage.

Table 1.4. Evolution of total Hg and Hg’ concentrations (mean % standard deviation; n = 4) with

pretreatment and 10-day storage period (Reis et al., 2016).

Total Hg (mg kg~ 1) Hg? (mg kg™ 1)
Day 1 342 + 2.8 9.5 + 49
Day 2 326 + 1.5 68 + 1.3
Day 5 331415 89 + 2.0
Day 10 234 + 0.6 0.05 + 0.01

1.4.THE ROLE OF SOIL ON MERCURY FRACTIONATION AND
BEHAVIOUR

Soils play an important role in the biochemical cycle of Hg acting both as a sink and a
source of this metal to biosphere, atmosphere and hydrosphere (Reis et al., 2010) (Figure
1.7).
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Figure 1.7. Schematic representation of Hg mobilization in soil.

Soils worldwide contain a total pool of 1.15 x 10° tons of Hg and represent the most
important terrestrial sink for atmospherically deposited Hg from natural and
anthropogenic sources (Selin, 2009). Indeed soil has a large capacity to sequester Hg
(Welp and Briimmer, 1997).
Hg close association with soil is because of its complexation to organic and inorganic
particles (Gabriel and Williamson, 2003). In fact, the largest Hg pool in soils is bound to
organic and mineral soil phases, where it is immobilized (Selin, 2009). In organic
topsoils, Hg is mainly bound to reduced organic sulfur groups whereas in soils and
sediments with low organic matter contents, mineral phases such as iron and other metal
(oxyhydr)oxides and clay minerals play an important role as sorbents (Gabriel and
Williamson, 2003; Skyllberg, 2010; Jiskra et al., 2012).
Therefore, studying the behavior of Hg with these particles within soil and runoff water
is crucial to understand the fate of Hg in terrestrial watersheds (Gabriel and Williamson,
2003).
Hg may occur in the soil in various forms. These are:

e dissolved (free ion or soluble complex),

e nonspecifically adsorbed (binding mainly due to electrostatic forces),

e specifically adsorbed (strong binding due to covalent or coordinative forces),

e chelated (bound to organic substances),

e precipitated (as sulfide, carbonate, hydroxide, phosphate, etc.).

27



Introduction

Since it is strongly bound to soil constituents, normally only trace concentrations of Hg
are found in the soil solution (Schuster, 1991).
Meanwhile soil may serve as a long-term source of Hg. Hg from soils can be:

e exported to aquatic environments,

e re-emitted as Hg" to the atmosphere,

e methylated under anoxic conditions (Skyllberg et al., 2009; Jiskra et al., 2012).
As with other heavy metals, the mobilization of Hg in an aqueous phase can be influenced
by many processes related to the aqueous phase (pore water, groundwater, etc.) and
processes related to interaction with associated solid media (soil, saturated porous media
of aquifers, sediments, etc.).

The main processes related to the aqueous phase are:

1. precipitation and dissolution of solids,

2. complex formation,

3. redox reactions.

The main processes related to porous media are:

1. sorption reactions,

2. phenomena associated with mobile colloidal particles (Navarro et al., 2008).
Terrestrial soils are possibly the most significant contributor of Hg to surface water
(Johansson et al., 1991). It has been hypothesized that up to 60% of the atmospherically
deposited Hg that reaches lakes originates from the associated terrestrial watershed (Welp
and Briimmer, 1997).

In addition, due to the relatively shallow depth at which Hg concentrates in the soil
column (Andersson, 1979) surface water contamination can possibly be enhanced during
and after intense rainfall events due to soil erosion (Welp and Briimmer, 1997).
Moreover, organic matter and metal (oxyhydr)oxides form colloidal particles and can thus
act as carriers of sorbed Hg by colloidal transport (Jiskra et al., 2012).

Thus, Hg-enriched soils are a potential source of soluble and particulate Hg species,
which may be transported from contaminated areas as Hg® vapor (Navarro et al., 2000;
Gustin et al., 2002), as ionic soluble phases or as colloid particles (Shaw et al., 2001;
Lowry et al., 2004; Navarro et al., 2008).

It is well known that the biohazard of Hg in soil is attributed not only to the total
concentration of the metal but also to its different chemical species. In fact, the toxicity

and phyto-accumulation of Hg for plants mainly rely on the specific species of Hg in soil
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and their bioactivity. Especially from experiments with higher plants it is known that the
soluble part of chemicals is responsible for its uptake and toxic power (Stalder and
Wilfried, 1980; Hardiman et al., 1984). It is, therefore, important to determine the
distribution and the mobility of Hg species for the assessment of their bioavailability and
toxicity for plants in soil.

Not only speciation is important in soil, furthermore, it is of paramount importance to
understand the relationships between Hg species and soil properties in order to assess the
dynamics of Hg within the soil system. This is because the hazard potential of chemicals
is highly influenced by the factor “soil” (Welp and Brummer, 1997).

In fact, the solubility and sorption of chemicals, depend on soil characteristics such as
pH, redox conditions, and content of humus, Fe oxides, and clay (Brimmer and Herm:s,
1983; Buchter et al., 1989). Also, correlations between the microbial toxicity of heavy
metals and the cation exchange capacity of soils (Baath, 1989) and the clay content of
soils can be attributed to these causes (Welp and Brummer, 1997).

So far, the interactions between the sorption of Hg in soils and his solubility, availability,
and effects on microorganisms have not been investigated systematically (Welp and

Brummer, 1997).

1.4.1. Factors affecting mercury fractionation in soil

There are many factors which affect Hg’s speciation in soil.

The Hg fractionation in soils can be affected by organic matter, clay minerals and metal
oxides content, as well as by pH (Sanchez et al., 2005). The complexes formed by divalent
Hg with soluble organic matter, chlorides and hydroxides may contribute to its mobility
(Sanchez et al., 2005; Millan et al., 2006). Organic matter presence in soils can also lead
to the formation of Hg complexes and inhibit Hg biomethylation processes (Bloom and
Preus, 2003). The pH affects the speciation of Hg in the soil solution and influences the
mobility and availability of Hg in soil (Miretzky et al., 2005; Jing et al., 2007), desorption
of inorganic divalent Hg species from soil components increases with decreasing pH
since, in general, trace element cations become more soluble and therefore more mobile
as pH decreases (Chopin and Alloway, 2007). The presence of sulfur is very important in
the chemistry of Hg, as in the presence of sulfides Hg quickly reacts with them, forming
the insoluble HgS (Boszke et al., 2003). Because HgS is not very reactive or mobile; it is

therefore less available for methylation and potentially less harmful to the environment.
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The implications for natural soils will be that under acidic conditions prevailing for
example in podzolic soils, organic matter can be expected to dominate the sorption of Hg.
In neutral soil types iron oxides and clay minerals may be dominating. In soil horizons
low in organic matter, the mobility of Hg will increase with decreasing pH, thus making
translocations within the profile or out it increasingly probable (Reis et al., 2010).
1.4.1.1.  Influence of dissolved anions in soil solution
Hg concentrations are generally low in Italian groundwaters (Brondi et al., 1986), well
below the admissible limit for drinkable waters (1 mg I''; EEC Regulation no. 80/788,
converted to Italian law DPR 236) (Giammanco et al., 1998; Grassi and Netti, 2000).
Although Hg concentration in drinkable water rarely exceed admissible limits, the
presence and reactivity of this element in aquatic environment, soil solution and aquifers
is important to understand Hg mobilization.
As with other heavy metals, the mobilization of Hg in an aqueous phase can be influenced
by different processes in:

1. the aqueous phase (surface water, pore water, groundwater, etc.),

2. the solid media (soil, saturated porous media of aquifers, sediments, etc.).
Among the processes related to the aqueous phase there is complex formation. This
association may alter their adsorptive behavior, since complexation can modify the
characteristics of the metal ion such as solubility, charge, size and stereochemical
configuration (Elliott and Huang, 1979).

Generally, ligands with a strong affinity to Hg (OH, Cl> and organic anions) that form
highly soluble complexes are able to increase the solubility of Hg-compounds and
effectively leach Hg from soils (Schuster, 1991).

The formation of Hg(II)-complexes which are of importance in natural systems was
discussed by Gilmour (1971). His calculations reveal that the values of the stability
constants are highest for CI', OH", NH3, and several orders of magnitude lower for F-,
SO4* and NOs™. The latter ligands may be excluded from further considerations because
they would only be significant under unnaturally high concentrations.

However, ClI" and OH" are of sufficiently high concentrations and large stability constants
to dominate most natural systems. Hahne and Kroontje (1972) calculated the relative
abundance of Hg species dependent on the concentration of chloride and hydroxyl ions
(pH). Hg(IT) was calculated to hydrolyze in the pH range of 2 to 6, with the final species
being the soluble Hg(OH), at about pH 6. Precipitation of Hg(OH)> occurs only if the
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concentration of Hg(I) exceeds 107 pg g™! the intrinsic solubility of Hg(OH) being 5.37
10" M. Thus, at normal pH conditions in soils, the distribution of Hg(II) will be dependent
on the solubility of Hg(OH), (Schuster, 1991) (Figure 1.8). Under normal groundwater
conditions, the most stable state is the one that corresponds to Hg® (Navarro et al., 2008).
Indeed, elemental Hg released by mining operations may be stable in near-surface
environments such as surface soils or groundwater and may persist largely in the

elemental form (Lechler, 1999).

[Cl']l o= 10.00 mM I= 1.000 M
[Hg?*1 o= 10.00 yM [HS 1;op= 10.00 mM
10 — T T —T 11 —
- HgCl, - -~ _ -
Hg(OH),
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t=25°C

Figure 1.8. pH-Eh diagram of mercury (Navarro et al., 2008).

Under aerobic conditions, the dominant inorganic Hg species (Figure 1.8) are HgCl, at

low pH, HgCIOH at neutral pH, and Hg(OH); at high pH. Some Hg?" might be bound to

31



Introduction

sulfides (S* and HS"), with HgS® as the dominant complex at neutral pH (Davis et al.,
1997; Benoit et al., 1999a).

Next to chloride and hydroxide ligands, sulfide and dissolved organic carbon are the two
next major ligands that commonly complex with Hg in terrestrial and aquatic
environments. Compounds such as HgS>2, Hg(SH),, HgSH*, HgOHSH, and HgCISH are
mainly found in wetland, subsurface, or lake sediment environments (Gabriel and
Williamson, 2004).

The competition between CI, dissolved organic carbon, and S* is mainly dictated by the
concentration of each and the surrounding pH (Gabriel and Williamson, 2004).

In batch and column experiments, McLeod (1996) demonstrated that some fertilizers and
NaCl solutions can remove most part of the Hg sorbed to the sediments.

Regardless of the species present in solution, crucial for the prediction of metal speciation
in aquatic environments is that properly determined stability constants exist and are
correctly used (Skyllberg, 2008).

The use of equilibrium speciation to predict Hg bioavailability relies on these
assumptions:

1. Input parameters for the model (i.e. the stability constants) are accurate; solubility
products Kso for minerals such as metacinnabar and cinnabar vary by orders of
magnitude in the NIST database for critically selected stability constants (Smith
and Martell, 1993).

2. Clear distinction can be made between fully dissolved and particulate Hg(II)
concentrations in the model system (e.g. species that pass through a filter of 0.2
or 0.45 pm) (Hsu-Kim et al., 2013).

3. The partitioning of Hg between various chemical species can be represented by
equilibrium chemistry.

The problem today is that there are several controversial stability constants in literature,
and sometimes an inconsequent use of these. This may result in misconceptions and
misinterpretations about the behavior of Hg and Methyl-Hg in soils, sediments and
waters.

As an example, stability constants used for Hg-natural organic matter complexes are often
unrealistically small, which lead to incorrect conclusions about the competitiveness of
thiols for Hg as compared to inorganic bisulfides (Deonarine and Hsu-Kim, 2009; Hsu-

Kim et al., 2013).
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Moreover, the current understanding of Hg complexation in the presence of sulfide in
natural waters relies on laboratory studies and thermodynamic models that have not been
validated under natural conditions (Paquette and Helz, 1997; Benoit et al., 1999a; Merritt
and Amirbahman, 2007; Miller et al., 2007; Skyllberg, 2008; Drott et al., 2013).

These problems hinder the possibility of predict Hg speciation and bioavailability using

equilibrium speciation models (Hsu-Kim et al., 2013).

1.4.1.2.  Mineral and organic surfaces

The nature of sortion/desorption reactions taking place strongly influences Hg toxicity in
surface waters (Gabriel and Williamson, 2004). Meanwhile, Hg absorbed on the soil
surfaces by weak electrostatic interactive forces, is also considered to be readily available
for plants because Hg in this fraction can be released through ion-exchange processes
(Han et al., 2008).

It can be distinguished two types of interaction (Figure 1.9), the first is the “outer sphere”
complex, it is less stable and have a faster kinetic, because it is an electrostatic bound,
which occur between the charged surphaces and a charged specie of Hg, in between there
is also a molecule of water. In other words, Hg exchanges another ion which is in the
strato.

A more effective way to immobilize Hg regards the “inner sphere” complex in this case
Hg forms a covalent or ionic bound directly with a functional group own, e.g. to clay
mineral such as -COOH, where it can exchange the atom of hydrogen. This reactive

capacity is pH dependent.
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Figure 1.9. Proposed reaction scheme controlling Hg speciation of Hg(Il) sorption to goethite. (Modified
from Jiskra et al., 2012).

The type of complex (i.e. inner or outer sphere complex) that takes place between Hg and
the adsorbent will depend upon three factors: ionic size, valence, and electronegativity.
Therefore, depending upon what Hg is adsorbing to, this can ultimately determine Hg’s
potential availability in solution (Gabriel and Williamson, 2004). Considering that the
dominant Hg species in soils are uncharged species, the mechanism of sorption on the
solid phase is not ion exchange but rather long-range electrostatic forces (Schuster, 1991).
In terrestrial environments there are two major types of Hg sorbents: mineral and organic
surfaces. The vast majority of Hg in soil and watershed runoff are associated with each
of these two materials.

Overall, it was found that the most efficient sorbent over all pH ranges was the organic
matter. The retention of HgClz by organic soil began to decrease starting at pH of 4 and
continued to drop as pH dropped. The second most efficient sorbents over all pH ranges
were illite clay and Fe2O3-nH>O based soil. These two soil types started to loose their
adsorption capacity between a pH of 5.8 and 6.8 and went down further as pH dropped.

The least effective sorbents over all pH ranges were bentonite and kaolinite clay soils.
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Kaolinte adsorbed relatively very little Hg, and bentonite began to lose adsorption
capacity as pH dropped below 7.

As it has already been mentioned, in acidic soils organic material is the most efficient Hg
sorbent, and in neutral to alkaline soil, mineral components are the more effective
sorbents (Lockwood and Chen, 1973; Reimers and Krenkel, 1974; Schuster, 1991;
Jackson, 1998; Gabriel and Williamson, 2004). The two major sorbents could then be
further divided into particulate (>0.4 um) and colloidal (<0.4 pum and >10 kilodalton
(kDa)). But the distribution between these two phases in stormwater runoff is of some
question (Babiarz et al., 2001). Colloids have proven to be an important downstream
transport vector of Hg due to their large surface area (Babiarz et al., 2001; Gabriel and
Williamson, 2004).

Ramamoorthy and Rust (1978) also showed that overall Hg adsorption to mineral and
organic particles was correlated to surface area, organic content, cation exchange
capacity, and grain size, in that order (Gabriel and Williamson, 2004). Due to their large
surface area, the finest particles, e.g. colloidal clay particles, have the highest adsorption
capacities. As a result of the high concentration of colloidal sized particles in soil pore
water and the colloids’ high affinity for Hg, Hg*" is rapidly and efficiently removed from
solution (Jackson, 1998; Gabriel and Williamson, 2004).

Some studies have also concluded that inorganic colloids contribute more to adsorption
of organomercurials, whereas soil organic matter contributes more to adsorption of
inorganic Hg (Jackson, 1989; Gabriel and Williamson, 2004). Moreover, if Hg is
nonpolar and non-ionic, organic humus tends to be the adsorbent, and if Hg is ionic, then
clay tends to be the adsorbent (Gabriel and Williamson, 2004).

The adsorption process is pH-dependent, indeed the order of adsorption of hydrolyzable
metal ions with increasing pH corresponds to the order of increasing p*K for the first
hydrolysis product of the metal ion (Schuster, 1991). Correspondingly, Lockwood and
Chen (1973) found a sharp increase of Hg-adsorption on hydrous MnO, between pH 2.5
and 3, the explanation being the formation of the hydroxide complex in this pH range.

If the dissolved species of minerals coat the surface of other minerals, Hg’s sorption
characteristics will vary tremendously (Jackson, 1989). For example, Hg in solution has
a relatively weak bond to kaolinite. But when MnOOH ions are introduced to solution
and coat the surface of kaolinite, Hg adsorption increases due to the strong bond between

MnOOH and free Hg2+ (Jackson, 1989; Gabriel and Williamson, 2004).
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1.4.1.2.1. Sorption of elemental Hg

Mineral and organic surfaces not only have a high affinity for inorganic and organic forms
of Hg but also its elemental form (Hg"). Even though elemental Hg is highly volatile, it
is also readily adsorbed to soil material (Schluter, 2000). Adsorption of elemental Hg to
soil is a subject of great interest because it can potentially determine whether Hg is
oxidized to more soluble forms (Schluter, 2000). Experimental data indicates that
kaolinite, montmorillonite and goethite absorbe air Hg® at higher rates, and that the
mineralogical nature of soil particles may play an important role in the sorption of
atmospheric Hg” (Xin and Gustin, 2007; Navarro et al., 2008)

Hg’ bound to humic acids is an environmental concern due to possible transformation
processes such as methylation or Hg?" reduction (Navarro et al., 2008).

As it will be discussed later, humic acids have a dual role in Hg chemistry, because Hg*"
may be reduced, as well as complexed by humic acids. This dual role of dissolved organic
matter on Hg reduction/complexation is still a matter of question and peculiar interest.
Indeed complexed Hg may be retained in soil, or mobilized through lisciviation in
colloidal particles. While Hg® will more easily evaded from soil in the atmosphere

(Schluter, 2000).

1.4.1.3.  Mercury and organic matter interactions
There is a considerable amount of speculation on the role of Natural Organic Matter
(NOM) and its association with metals. Most studies indicate that association with NOM
can both increase and decrease the solubility of trace metals (Schuster, 1991).
According to Vuceta (1976) the addition of dissolved organic ligands may generally result
n:

1. an inhibition of metal adsorption because of strong complex formation with the
metal ion or by competing with the surface for available adsorption sites (e.g.
humic acids, glyzine, leucine, acetate, etc.);

2. no perceptible change in the extent of adsorption if the ligand has weak complex
forming ability and exhibits a lack of affinity for the solid surface;

3. enhanced adsorption of the ligand that is capable of strong complex formation and
also possesses a substantial affinity for the solid surface (Schuster, 1991).
Previous research suggests, also, that NOM can both reduce or enhance the Hg’s
bioavailability (Barkay et al., 1997). If Hg is bound to low molecular weight organic

compounds (LMW) (e.g. cysteine), or organic matter that is itself part of a larger organic
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mass that harbors bacteria capable of methylating Hg (i.e. sulfate reducing/methanogenic
bacteria) it could inherently promote methylation. But if Hg binds to long chain NOM
molecules this could decrease Hg’s availability due the larger sizes of these organic
molecules (Gabriel and Williamson, 2004).
Nevertheless, the high affinity of Hg to soil organic matter has been described in
numerous papers (e.g. Nriagu, 1979; Forstner, 1991).
NOM plays a major role in determining Hg speciation through:

1. complexation,

2. redox reactions,

3. interference in mineral solubilization, aggregation and reprecipitation.
In this paragraph it will be dicussed Hg complexation and reduction, while next paragraph
will describe mineral and organic matter interactions.
Organic matter forms chelates throughout the bound with different functional groups, in
descending strength they are: thiol SH", amminic NH?", phenolic, OH™ and carboxylic
COO'. Weaker binding to oxygen functional groups such as carboxyls (Reddy and Aiken,
2001) occurs only at relatively high Hg concentrations, atypical of most natural settings
(Waples et al., 2005). The highest strength regards the bind with thiol which can also
compete with sulfide (HgS) (Skyllberg, 2008a). Indeed, it is widely known that the
complexing capacity of organic matter is far greater for Hg than for other metals such as
Cd, Zn, Cu, and Pb, because of covalent bonds that commonly form between Hg and
organic molecules (Gabriel and Williamson, 2004)
Recently, X-ray Absorption Spectroscopy (XAS) was used to obtain information on the
bonding environment between Hg and soil-extracted humic matter (Xia et al., 1999;
Hesterberg et al., 2001; Qian, 2001). The chemical identities of binding atoms (sulfur and
oxygen in the first coordination shell and sulfur and carbon in the second coordination
shell) and binding lengths were interpreted from extended X-ray absorption fine structure
(EXAFS). The ratio of reduced to oxidized sulfur was obtained from X-ray absorption
near edge structure (XANES). Thiol (RSH), disulfide (RSSR) and disulfane (RSSH) were
proposed as the binding sites for Hg in humic acid (Xia et al., 1999). Similar results were
obtained by Hesterberg et al. (2001) who showed that the fraction of increased Hg—S with
increasing S/Hg ratio, which supports the possibility of a double sulfur bond at a very low

Hg/S ratio.
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Spectroscopic studies of penicillamine reveal that Hg associates with two thiols at low
pH (pH = 4), and with two, three or even four thiols at alkaline (pH = 11) conditions
(Leung et al., 2007). Some of these thiols may be free, low molecular weight (LMW)
molecules like cysteine or glutathione. The majority of the thiols, however, is associated
as functional groups to high molecular weight (HMW) dissolved or particulate natural
organic matter (NOM).

In mercaptoacetic acid, which does not have any amino group, the thiol group has a pKa
value of 10.0. If the thiol groups in cysteine and penicillamine are assigned a pKa of 10.0,
an “average” stability constant for the formation of Hg(SR)> complexes in LMW thiols
with a pKa of 10.0 may be calculated (Skyllberg, 2008).

Ravichandran et al. (1998) have demonstrated that cysteine and mercaptoacetic acid
solubilized a significant amount of Hg (=0.002 pmol/mg C; =0.02 umol/mg C,
respectively) from cinnabar. This might be a result of the extremely high binding strength
between Hg and these compounds.

The strong affinity of Hg to functional groups of soil organic matter refers to bulk
particulate organic matter as well as dissolved organic ligands. As a consequence the
mechanisms regulating the partition of organic matter between aqueous and solid phases
should play a dominant role in the control of the concentrations and thus on the transport
of those metals which are strongly complexed (both as solution complexation and
adsorption) by organic matter (Schuster, 1991). Common dissolved organic ligands are
salicylic and acetic acid, EDTA, and cysteine (Reddy and Aiken, 2001).

In most cases, the stronger adsorption and immobilization also mean a nonavailability
and detoxification of Hg. This reflect the possible ability of soils to withdraw Hg via
sorption from the liquid phase. Thus, soils can be very effective as immobilizing and
detoxifying agents, depending on Hg speciation, Hg concentation, and soil characteristics
(Welp and Briimmer, 1997).

It is not only the amount but also the quality of organic matter that decides about the
sorption capacity for Hg. This becomes evident by comparing Hg-adsorption of soils with
identical mineralogy and humus content but varying vegetation cover (= humus quality)
(Semu et al., 1987). Ramamoorthy and Rust (1976) showed that sorption maximum was
correlated to surface area > organic content > cation exchange capacity (CEC) > grain
size whereas the bonding constant correlated in the order organic content > grain size >

CEC > surface area.
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Humic and fulvic acids, which make up a large percentage of organic matter, are the most
important complexing agents in soils (Landa, 1978; Andersson, 1979; Beister and
Scholtz, 1997; Gabriel and Williamson, 2004).

The humus rich materials revealed a by far higher adsorption capacity than pure clays.
These results were verified by Landa (1978). Fulvic acid exerted a stronger affinity for
Hg than did a strong cation-exchange resin (Lindberg et al., 1975).

Most organic Hg complexes also have a high degree of stability that is only weakly
affected by pH even at extremely acidic or alkaline conditions (Jackson, 1998).

Besides complexes formation, NOM is also involved in redox reactions with Hg. NOM
can mediate electron transfer and it is one of the most important electron shuttles in
natural environments. Among the various functional groups in NOM,
quinone/hydroquinone pairs (aromatic compounds) are the dominant redox active
moieties, acting both as electron acceptors and donors in oxidation-reduction cycls. It is
demonstrated the oxidation of Hg’ by LMW thiol compounds, i.e. glutathione and
mercaptoacetic acid, under reducing conditions. Of particular interest is the recent finding
that reduced NOM can mediate both the reduction and oxidation of Hg in anoxic
environments, although the exact mechanisms by which these reactions occur are not
fully understood (Zheng et al., 2012).

These observations are important because previous research using microbially reduced
NOM raised the possibility that microbial exudates may interfere with the redox reactions
of Hg (Zheng et al., 2012).

Some research has involved quinones because of their predominance in natural organic
matter and their ready participation in redox reactions.

Zheng et al. (2012) also noted that the oxidation rates of Hg’ appeared to vary with
different thiol compounds. Indeed, depending on their origins, NOM samples vary not

only in thiol content, but also in reactivity of the thiols. NOM reactive sites vary in:

. sulfur oxidation state (thiols or disulfide, etc);
. variety of neighboring functional groups;
. substituent chain lengths and steric arrangements.

For aromatic compounds that contain hydroxyl groups, removal of the acidic hydrogen
and stabilization of the produced intermediate increases overall reactivity, so pH could

influence NOM and Hg interactions. Furthermore, depending on the conditions of the
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environment in which the reaction is occurring, NOM moieties can exist in reduced (A),

semiradical (B), and oxidized (C) forms (Figure 1.10).

A.) B.) C.)

OH OH O

Figure 1.10. Oxidation states of hydroquinone: A) Fully reduced compound; B) Semiquinone state; C)
Fully oxidized compound.
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4aHgS + 4DOM_, + 60, — aHg'* + 450O,2 +a DOM_

HgS + DOM,_, + 20, > Hg-DOM_, + SO,? +:2H*
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HgS + DOM_, — Hg’ + §* + DOM_, + 2H*

Figure 1.11. Scheme of mercury sulphide and dissolved organic matter under different redox status

(Stallings, 2013).

In the soil, many redox reactions between Hg and NOM may occur, during water table
fluctuations. Further, shifts in the anoxic/oxic boundary can result in a relatively sudden
introduction of NOM into waters of different Eh where the redox state of NOM moieties
may change (Figure 1.11).
1.4.1.3.1. Cinnabar dissolution by NOM

Formation of relatively insoluble solid Hg sulfides (HgS), cinnabar or metacinnabar, can
inhibit Hg®" methylation and bioaccumulation, and immobilize Hg** in reducing
environments.
However, the presence of NOM produces different effects:

1. enhances the solubility and dissolution of cinnabar (Ravichandran et al., 1998),

which lessens the role of cinnabar in immobilizing Hg;
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2. inhibits the precipitation of metacinnabar (Ravichandran et al., 1999).
Soil dissolved organic carbon may increase dissolution of Hg from HgS (Ravichandran
et al., 1998; 2004), thus increasing Hg bioavailability in soils. Likewise, cinnabar can
dissolve in the presence of organic matter by means of surface complexation
(Ravichandran et al., 1998; 2004). The possible mechanisms of dissolution of HgS were
suggested to include surface complexation of Hg and oxidation of surface sulfur species
by the organic matter (Ravichandran, 2004; Han et al., 2008).
Hydrophobic acid (a mixture of both humic and fulvic acids) dissolved more Hg than
hydrophilic acids and other nonacid fractions of dissolved organic matter (Ravichandran,
2004; Han et al., 2008). Other inorganic (chloride and sulfate) and organic ligands
(salicylic acid, acetic acid, cysteine) were not found to enhance the dissolution of Hg from
the mineral cinnabar (Ravichandran, 2004; Han et al., 2008).
More in detail, Waples et al. (2005) showed that the amount and rate of Hg released from
cinnabar in the presence of NOM samples from a wide range of natural environments
were correlated with the aromaticity of the NOM.
According to Waples et al. (2005),cinnabar dissolution rates correlates positively with
three NOM characteristics:

1. specific ultraviolet absorbance,

2. aromaticity,

3. molecular weight.
It is known that certain fractions of NOM promote while others hinder cinnabar
dissolution (Waples et al., 2005). Moreover S(-II) may chemically alter NOM (Heitmann
and Blodau, 2006) and therefore should affect its reactivity with HgS(s).
Experimental observations, further, demonstrate that dissolution was controlled by the
interaction of NOM with the cinnabar surface. The chemical mechanism that is
responsible for surface cinnabar and NOM interaction is not fairy clear yet. Evidence for
a surface interaction that increases the dissolution rate exists in the dialysis experiment
results that showed that surface contact is necessary to enhance the amount of solubilized
Hg. In a hypothetical dissolution reaction, NOM components sorb to the cinnabar surface
and facilitate some change in the coordinative environment of Hg causing the Hg-S bond
to break. Hg is then removed to solution, possibly as a Hg-NOM complex.
Cations such as Ca?*, Mg?", and AI** can inhibit NOM-promoted HgS(s) dissolution
(Waples et al., 2005).
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Moreover, the presence of a NOM component that reduced the surface area of cinnabar
that can be dissolved is indicated by the negative correlation between dissolution rates
and concentrations of sorbed NOM (Waples et al., 2005). The sites, or functional groups
that bind Hg to aqueous NOM are distinct from those sites in the NOM that participate in
the rate-limiting step in the dissolution mechanism. Simultaneously, other NOM
components sorb irreversibly to the cinnabar surface, alter the surface in a way that
reduces subsequent dissolution, and cause the remaining NOM to have different bulk
characteristics.

Other evidence that a surface sorption step drives cinnabar dissolution is derived from the
experiments that showed a threshold rate was reached at a NOM concentration to cinnabar
surface area ratio of about 4 mg C m. This implies that above some specific surface
coverage, the dissolution-enhancing component of NOM cannot promote dissolution
because available surface sites are filled. Dissolution can proceed only when Hg is
solubilized, freeing a new surface site for interaction with another NOM molecule
(Waples et al., 2005).

It has been seen that as the concentration of cinnabar increases, the particles will
aggregate together so that the surface available to reaction will be less as well as the
dissolution rate. All these observations demonstrated that, the presence and formation of
nanoparticles may be important in Hg-NOM interactions (see Appendix D). However,
little research has been carried out to examine the release of Hg from the mineral surface
(Stallings, 2013). It is nonetheless possible that multiple modes of interaction between
NOM molecules and the cinnabar surface may have synergistic effects that have not yet
been identified (Waples et al., 2005).

Sice cinnabar dissolution is driven by surphace interaction, it is possible that NOM-
cinnabar interactions are trigged by NON’s complex structure. If reducing moieties within
NOM could be isolated or concentrated, potential interactions with the surface may be
increased, so redox-sensitive moieties with aromatic structures in NOM may act as
electron shuttles. However, it remains to be determined if Hg(II)-sulfide bond breaks via

the reduction of Hg(II) or the oxidation of S(II).

1.4.1.4.  Mineral Fertilizers
Regarding to the inorganic chemistry of Hg, a lot of studies have been carried out in

solution with sulfhydryl, chloride salts, and hydroxides. But a very few studies have
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investigated the role of inorganic fertilization on Hg environmental fate (McLeod et al.,
1996; Bolan and Duraisamy, 2003).

Hg(II) is prone to form complexes with high stability constants with many different
inorganic ions: Cl', OH", S*, SO4>", NOs7; it also has a significant affinity to phosphate
and NH3 (Schuster, 1999). Further, polymer-supported pendant urea groups have been
demonstrated to be very efficient in selective removal of mercuric ions from aqueous
solutions (Bicak et al., 2003). Despite these evidences, not much research has investigated

whether mineral fertilizers could interact with Hg and change its speciation in soils.

1.4.1.5.  Organic amendments
Similarly to what reported in the previous paragraph, not much research has been carried
out to investigate the role of organic amendments in changing both soil properties and Hg
geochemistry (Park et al., 2011).
Organic amendments are used as a source of nutrients as well as soil conditioners to
improve soil physical properties, such as particle size distribution, cracking pattern and
porosity, and fertility of soils. Addition of biological waste materials has often been
shown to increase the amount of organic matter in soils either by acting as a source of
organic matter or by enhancing the solubilization of the soil organic matter.
The more recent concern about soil contamination has resulted in organic wastes, which
have been used as materials for remediation of contaminated sites. In addition, the
increase in wastewater generation and intensification of livestock has resulted in large
quantities of solid organic wastes from very widely different sources with a variable
composition.
Organic amendments are able to interact with metals through various processes that
include complexation, reduction, volatilization and rhizosphere modification. Organic
amendments play a role in metal speciation also by providing a source of electron donor

and carbon substrate for microorganisms (Park et al., 2011).
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1.4.1.6.  Effect of root exudates on mercury mobility

Volatlllzatlon

o

Plant uptake

Bm—precnpnatlon
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Figure 1.12. The role of organic amendments in regulating various processes that include immobilization,

reduction, volatilization and rhizosphere modification (Park et al., 2011).

Factors that influence the metal bioavailability in soil include root-induced pH changes,
metal binding by root exudates, detoxification of metals by siderophores, root-induced
microbial activities, and root depletion as a consequence of plant uptake. Plant root
exudates include a variety of soluble substances such as organic acids, which form
complexes with metals and dissolve the solid phases to which metals are bound in the soil
(Park et al., 2011).

Metallothioneins which are small cysteine-rich polypeptides that can bind metals,
phytochelatins, cysteine-containing-glutamyl peptides, metal-thiolate clusters and
microbial exopolymers composed of polysaccharide may be involved in heavy metal
binding and detoxification (Park et al., 2011).

Metals can also bind to polysaccharides, proteins, lipoproteins including c-type
cytochromes, phosphoryl groups associated with the membranes of microorganisms,
proteins rich in acidic amino acids (including aspartic and glutamic acid), phosphate-
containing nucleotides, uronic acids, carboxylic acids (malate, citrate, oxalate), simple
and flavonoid type phenolics, etc. (Dohnalkova et al., 2005; Pal and Paul, 2007; Park et
al., 2011).

In spite of the very low concentration of these biological products (plants and
microorganisms exudates), their presence is exploited by the peculiar characteristics of

rizosphere. In a very spatially limited environment like the rhizosphere, chemical
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molecules, physical parameters, plants and microorganisms interact all together so that
changes in Hg behavior could result in a higher mobility, bioavailability and toxicity.
Indeed, also Hg complexed by small organic molecules like amino acids may be taken up
by plants.

Some research has involved quinones because of their predominance in natural organic
matter and their ready participation in redox reactions. Quinones, hydroquinones,
resorcinols are actively generated by microbes during processes such as respiration and
are prominent in plant allelopathy. Many other aromatic compounds are known to be
released from roots and microorganisms, under oxidative stress, during periods of drought
or flood and in the presence of heavy metals.

The treatments, which will be used in this work, have been selected on the basis of either
their capacity to improve NOM content in soil or their similarity to natural components
of NOM (e.g. reducing moieties), that it is thought to be responsible for the release of Hg

from cinnabar, and their natural presence in the environment.

1.4.2. Mercury reduction and volatilization

Accordingly to what stated before, as a global pollutant process, the reduction of Hg is
especially important.
The reduction of Hg** to Hg® and further volatilization of Hg® are two very important
surface processes because they can regulate much of the Hg load to surface water.
Hg reduction generally occurs in reducing environments such as lower soil horizons or
saturated soils, and it is heavily influenced by adsorption. Generally, an inorganic Hg
form that is free in solution has a higher potential of being reduced than one adsorbed to
a soil component (Schuster, 1991; 2000).
Hg reduction in soil may be driven by (Schluter, 2000):

1. abiotical reactions;

2. biotical reactions.
In soils, the main reductants (electron donors) are Fe?* and humic and fulvic compounds
(Wilson and Weber, 1979; Allard and Arsenie, 1991; Schluter, 2000). The reason for the
large reducing power of humic matter is its free radical component (Schluter, 2000).
Moreover, abiotic reduction can be enhanced in the presence of sunlight (Allard and
Arsenie, 1991; Zhang and Lindberg, 1999; Schluter, 2000; Gustin et al., 2002). These
reactions normally progress in the visible light range but are most efficient at smaller

wavelengths (UVB: 280-320 nm) (Amyot et al., 1994).
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The fate of inorganic Hg in the environment have been studied for decades, with early
studies focused on the reduction of Hg(I) by organic acids (Alberts et al., 1974;
Skogerboe and Wilson, 1981; Allard and Arsenie, 1991). Thus, abiotic reduction of
inorganic Hg by natural organic matter and native soils is well-known.

Ravichandran (2004) comprehensively reviewed the interaction between Hg and
dissolved organic matter, which suggested that humic substances have a dual role in
determining Hg transfer in the geochemistry cycle: complexation and reduction.
However, previous studies have mainly concentrated on complexation or
adsorption/desorption (Schuster, 1991; Yin et al., 1997; Xia et al., 2004; Zhang et al.,
2009), while in comparison only a few references exist about the reduction process as
affected by humic acids (Alberts et al., 1974; Allard and Arsenie, 1991; Matthiessen,
1998). However, humic acids are known to be redox active substances as an electron
donor (Alberts et al., 1974; Kappler and Haderlein, 2003), mediator (Scott et al., 1998;
Kappler et al., 2004), or acceptor (Bradley and Chapelle, 1998). Compared with studies
on complexation, the abiotic reduction of Hg*" by HAs was not negligible in either
terrestrial or aqueous systems, though it is believed to be less obvious in terrestrial
systems. Rocha et al. (2003) also found that Hg?" is preferentially reduced by HAs
molecules having a relatively high ratio of phenolic/carboxylic groups and a small amount
of sulfur, and there exists a complicated competition between reduction and complexation
of Hg*" by HAs in water.

It may be speculated that the production of Hg’ increases when light intensity and
exposure duration increase. However, additional experiments are recommended to better
understand the relationships and sensitivity between the characteristics of the HA type
used and the elemental Hg production under lighted conditions.

It has been widely accepted that aromatic structures are mainly functional groups for
redox reactions involving electron transfer, including phenolic groups (Serudo et al.,
2007) and, in particular, quinone or semi-quinone moieties (Dunnivant et al., 1992; Curtis
and Reinhard, 1994; Scott et al., 1998; Struyk and Sposito, 2001; Royer et al., 2002;
Kappler et al., 2004; Fimmen et al., 2007; Rakshit et al., 2009). Additionally, carboxylic
and amide groups (Serudo et al., 2007) have also been found to be involved in HA redox
processes. On the other hand, complexed iron in HAs can also contribute to the electron

transfer process (Senesi et al., 1977; Struyk and Sposito, 2001).
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Within the last ten years, solid-bound and structural ferrous Fe(II) has been implicated in
abiotic reduction of Hg(Il): as a surface species sorbed to nonferruginous clay (Charlet et
al., 2002) as the ferrous sulfide mineral mackinawite (Jeong et al., 2007) and as the mixed
valence Fe (hydr)oxides green rust (O’Loughlin et al., 2003) and magnetite. More recent
studies concerns magnetite (Wiatrowski et al., 2009; Pasakarnis et al., 2013).

Magnetite has also been implicated in the transfer of electrons between diverse microbial
species in sediments, a process that relies on mineral conductivity which also varies with
Fe(II) content (Kato et al., 2012). In the soil and water, there is the potential for many
redox reactions to occur during water table fluctuations. Changes in magnetite Fe(II)
content due to fluctuating redox conditions may have significant implications for the
interaction and cooperation between subsurface microbial species. (Pasakarnis et al.,
2013).

The reduction of Hg with the Hg reductase enzyme while obtaining energy for growth
can occure also by various strands of bacteria, for example Escherichia coli and
saccaromyces (Hansen et al., 1984; Nakamura et al., 1988; 1990; Schluter, 2000).

Some bacteria decompose organomercurials such as Methyl-Hg and phenylHg to
elemental Hg through the action of two enzymes. An organomercurial lyase cleaves the
carbon-Hg bond, and a Hg reductase converts Hg ions (Hg:C) to elemental Hg (Hg°)
(Begley et al., 1986; Schiering et al., 1991; Nakamura and Silver, 1994). Some other
bacteria possess only Hg reductase, which can reduce inorganic mercurials, but not
organic mercurials (Sahlman et al., 1984; Nakamura et al., 1999).

Glucose and yeast in the growth media of microorganisms are also known to reduce Hg**
to Hg’. However, high amounts of organic matter in soil are known to inhibit biotic
reduction even more so than in abiotic reduction (Schluter, 2000). A possible reason for
this is due to Hg** adsorption to organic matter, therefore decreasing its availability.
Once formed, the migration of Hg? is largely dependent upon soil structure, sorption to
soil, and ambient air temperature. Heat created from sunlight has been seen to greatly
effect the volatilization of Hg®. While UV radiation and temperature are the primary
factors controlling Hg? volatilization, secondary parameters are: soil moisture content
(Lindberg et al., 1999; Wallschlédger et al., 1999; Zhang and Lindberg 1999; Gillis and
Miller, 2000), wind speed (Poissant and Casimir, 1998; Wallschlager et al., 1999; Cobos
et al., 2002), relative humidity (Poissant and Casimir, 1998; Wallschlager et al., 1999;
Gillis and Miller, 2000), ozone (Poissant and Casimir, 1998; Gillis and Miller, 2000) and
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soil Hg content (Engle et al., 2001; Southworth et al., 2004). In general, these parameters
are correlated with Hg® flux except for relative humidity, which is commonly inversely

correlated to Hg? flux.
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2. OBJECTIVES AND HYPOTHESES

The purpose of this research was to characterize and understand the distribution and
potential mobility of Hg in agricultural soils affected by sediments transported and
deposited by the Soca-Isonzo river.

Hg bioavailability, mobility and toxicity strongly depend wupon Hg
speciation/fractionation. Although several methods of Hg speciation/fractionation have
been proposed and assessed, there is still a lack of consensus toward a valid and generally
applicable Hg speciation/fractionation procedure. The major problems of Hg
fractionation protocols are the lack of selectivity of reagents, readsorption and
redistribution among the remaining fractions, losses by volatilization.

The soils studied in this research are low-land bank soils; they are permanently under the
sea level, so are subject to frequent changes in the oxic/anoxic boundary and capillary
rise flow of the water table. They are, also, intensively cultivated to arable and

horticultural crops.

2.1.0VERALL AIMS AND GOALS

1. Characterize Hg distribution in the identified area, along soil profile and its
partition between size-textural fractions using wet sequential extraction
procedures;

2. Validate a method of temperature fractionation by coupling a multistep sequential
extraction procedure with a thermodesorption technique;

3. Investigate the factors that may increase Hg mobilization (either volatilization and

solubilization) in particular in soils under intensive agriculture.

2.2.HYPOTHESES

- Hg is highly concentrated in the soil of the area and its distribution along soil
profile is mainly due to the process of river sediments deposition.

- The form of Hg mostly represented in the soils under investigation is HgS
(cinnabar and metacinabar).

- Thermodesorption may represent a valid and quick method to identify the main

Hg compounds.
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- Coupling two methodologies of speciation may overcome the inherent limitation
of each of them and improve their interpretation.

- Application of fertilizers, either mineral or organic, may influence Hg mobility.

- Plant root exudates may influence Hg mobility.

- Redox changes of soil may modify the behavior of Hg.
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3. MATERIALS AND METHODS

The methodology of this study consisted of three main parts:
1. A survey of Hg contamination in bank soils subjects to river deposition of mine
residues from Idrja mine, with pedological analyses and size fractionation of

textural-size and chemical Hg speciation.

2. The second part of the study focused on a comparison between thermodesorption

and a seven steps Sequential Extraction Procedure.

3. The third part investigated the potential effects of mineral, organic fertilizers and

root exudates addition on Hg solubilisation and volatilization.

3.1.DESCRIPTION OF THE STUDY AREA

The area under investigation is located in the so-called Friuli plane (North-East of Italy),
near the Soca-Isonzo estuary (Figure 3.1), in Fossalon di Grado (Gorizia). The area
borders Isonzo river to the east and Grado-Marano Lagoon to the south-west. More
specifically, the area of interest is located in the eastern sector of the Grado-Marano
Lagoon at the mouth of the So¢a-Isonzo river, between the Isonzato canal and the Isonzo
river (Figure 3.1). Its drainage basin covers about 3400 km?, extending into both Italy and
Slovenia. The average annual flow rate at the river mouth is estimated to be 196.8 m> s™!,
ranging monthly from 43.1 to 665.9 m* s (Interreg 11, 2001). The rate of flow can exceed
2500 m® 57! during the autumn floods (RAFVG, 1986). The mean annual solid discharge

is 150 g m?, with peaks of 1000 g m during extreme events (Mosetti, 1983).

The whole area of Friuli plane has alluvial soil. There are also many groundwater from -

30 and -215 m depth (CBBF, 2013).
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\
\
“Aussa River

0zzi‘Channel

Adriatic Sea
Figure 3.1. Idrijca-Soca-Isonzo rivers system, Aussa river and location of sampling sites for soils

(Fossalon) and sediment (Banduzzi channel), red spots.

From the geological point of view, Mesozoic limestone and Eocene flysch are the two
prevalent lithologies cropping out in the Isonzo catchment area. The former prevails in
the northernmost alpine chains, the latter outcrops in the hilly and pre-alpine areas
bordering the alluvial plain (Stefanini, 1976; Covelli et al., 2006). Carbonate sediments

dominate mineralogy.

The pedological substrate is characterized by the following sedimentary layers (ersa.fvg):
from 0 to 15 m depth, clays and sands;

from 15 to 25 m depth, gravel and sands;

from 25 to 50 m depth, clays with peats horizon;

from 50 to 60 m depth, sands;

from 60 to 70 m depth, sandy gravels;

up to 230 m depth, alternations of sand and clay;

250 m bedrock.

NS AL -
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The climate is predominantly temperate (mean annual temperature of 16 °C, mean
minimum annual temperature of 7 °C and mean maximum annual temperature of 27.5
°C), with annual precipitations of 1000-1100 mm (osmer.fvg).

In the whole area, Hg concentration exceeds legislation limits. Indeed, bank soils in the
Soca-Isonzo catchment are widely known to be characterized by high background values
of Hg (RAFVG, 1992; Brambati, 1997). This contamination is mainly due to the mining
activities in Idrija (Slovenia). The Hg mine began the extraction of cinnabar (HgS) and
native Hg since 15" century. The extracting activities has continued over the years,
gradually decreasing in recent decades until the final closure of the plant in 1996.

For this reason, the Isonzo river is the main source of Hg to the whole Gulf of Trieste.
The Idrijca, a river with a typical torrential character, flows through the town of Idrija
where the area of the former Hg mine is located, then merges with the So¢a river, 40 km
downstream from the mine. The Soca river is renamed as Isonzo in Italian territory

(Figure 3.2) (Hines et al., 2006).

LJUBLJANA

4

Mine effluent

Figure 3.2. Idrijca- Soca-Isonzo river system and location of sampling site (red circle) of contaminated soil

(Gosar and Tersic, 2012).
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The translocation of the Hg contamination from the Soc¢a-Isonzo river to soil is possibly
due to:

¢ the use of the same sediments for land reclamation activities,

e Hg volatilization and subsequent re-deposition,

e Hg diffusion by means of irrigation systems.
Indeed, Hg concentrations show a net gradient between the river and surrounding soils:
concentrations decrease with the distance from the Isonzo estuary (CBBF, 2013).
The whole area lies within the "Bonifica della Vittoria", an agricultural soil below the sea
level. The reclamation occurs after the First World War: the area has been stabilized, in
order to reduce the removal of material by the sea currents. These initial works began in
1933 and ended in 1941. Agricultural activities began during the’40s. Nowadays this area

is intensively cultivated with arable crops, horticulture, and fruit trees (Figure 3.3).

g/Monfalcone<~_
e J/ o

Figure 3.3. Aerial view of Isonzo river mouth and location of sampling site (red circle) of contaminated

soil (Google maps).

In the Grado-Marano Lagoon, in the period between 1949 and 1984, a further contribution
to Hg contamination has derived from the uncontrolled discharge of wastewater
containing Hg, used as an electrode, by a chlor-alkali plant in the industrial area of
Torviscosa (Figure 3.4) (Daris et al., 1993). The chlor-alkali plant began operation in
1949 and it has been estimated that a total of 186,000 kg of Hg was discharged in an

artificial channel (Banduzzi channel) connecting the industrial area to the upper river
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course of the Aussa-Corno. Samples of sediment were taken in this channel, close to the
chlor-alkali plants (Figure 3.4). The chlor-alkali plant employed metallic Hg to
electrochemically separate sodium and chlorine from brine. In addition, at the same
industrial site, cellulose was produced from cane (Arundo donax sp), which enriched the

sediments with organic carbon.

Torviscosa i
Chlor-Alkali

I_\..::

Marano Lagoon

Figure 3.4. Aussa-Corno river system, Torviscosa chlor-alkali plant outflow from Banduzzi channel and

location of sampling site of chlor-alkali contaminated sediment (redrawn from Covelli et al., 2009).

3.2.SOIL SAMPLING AND PROCESSING

In Figure 3.5 are shown the sampling points used for the preliminary soil survey, whereas
Table 3.1 reports the georeferenced data of the sampling points.

Soil samples (0-120 cm) were collected with a Dutch Auger. Repeated drillings, have
been applied to sample deep horizons. Four samples were taken for each sampling point
at 0-40 cm, 40-60 cm, 60-80 cm and 80-120 cm depth. Particular care has been paid to
accurately clean the sampling devices after every sampling in order to avoid cross
contamination. Soil samples have been collected in clean plastic bags, and transported to

the laboratory in refrigerated boxes.
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For the study of the soil profile down to 2 m depth (at sampling point C23), an excavator
has been used to open a trench about 1 m x 1 m wide and 2.20 m deep. During excavation,
care was taken to stop just above the aquifer level.

Soil layering was investigated in a trench wall excavated from the soil surface down to
the groundwater, at a depth of approximately 230 cm. The sequence and morphology of
soil horizons — i.e. thickness, Munsell color, texture, structure, redoximorphic features,
etc. — was recorded according to the suggestions of USDA-NRCS field book for
describing and sampling soils (Schoeneberger et al., 2012). From each horizon, starting
from the lowest horizon and ending with the Ap, a sample of soil was collected for
chemical and physical analyses.

The soil was classified according to the World Reference Base for Soil Resources (IUSS

Working Group WRB, 2014).

Among the sampling points, soils from two sampling points were chosen for the
investigations on Hg speciation, thermodesorption and mobilization. These points were
characterized by high Hg concentrations as well as an easy access for re-sampling

operations.

Figure 3.5. Cartography of studied area in Fossalon di Grado. Red spots indicate locations of sampling

points for soil survey.
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Table 3.1. Geographical coordinates of sampling points.

Sampling point Latitude Longitude

c9 5073398.09 N 1852415.65 E
C12 5073748.48 N 1852796.52 E
C13 5074058.70 N 185253428 E
C22 5073777.07 N 1852219.86 E
C23 5073967.87 N 1851850.00 E
C31 5074127.50 N 1852509.16 E

Once in the laboratory, soil samples were air dried at room temperature (temperature
below 20 °C). Stones were removed and soil aggregates were gently crushed and
homogenized. The dried samples were sieved to <2 mm. The <2 mm fraction was used
for a general soil characterization and all further analysis.

Sieved samples were sealed in polyethylene bags and stored in a refrigerator at 4 °C until
further processing.

A separate aliquot of sample was oven dried at 105 °C to constant weight for the
determination of residual moisture content. Results are always expressed on a dry weight

basis.

3.3.SEDIMENT SAMPLING AND PROCESSING

Surface sediment from Banduzzi channel (Figure 3.6 and Figure 3.7) was sampled near
the chlor-alkaly plant using a stainless steel Van Veen grab (Figure 3.8). Four samples
were collected and pooled together to obtain a homogeneous sample. Sediments were

stored under water at 4 °C until analyses.
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Figure 3.7. Banduzzi channel close to the chlor-alkali plant.

60



Materials and Methods

Figure 3.8. Stainless steel Van Veen grab used for sediment sampling.

3.4.CLEANING PROCEDURE

Sampling devices were cleaned with an accurate removal of soil residues before washing
firstly with tap water then rinsing with deionized water.

All glassware was cleaned each time, just before use, washed with tap water, then with a
2% KMnOys solution (15 min), and 12% NH>OH-HCI solution (5 min), followed by rinse
with Milli-Q® water. Teflon vials were pre-cleaned with acid following the procedure
described by Horvat et al. (1993). After soaking the Teflon vials in 50% HNO3 (w/w) at
70 °C overnight, the ware was rinsed with Milli-Q® water and then soaked in 10% HCI
for 3 days, followed by thorough rinsing with Milli-Q® water, then filled with 1% HCI

and stored in hermetically closed polyethylene bags in a Hg-free environment.

3.5.CHEMICAL ANALYSES FOR SOIL CHARACTERIZATION
3.5.1. Soil pH

The soil pH (CaCly) was determined using a WTW pH meter-538, according to the ISO
10390:2005 method. Briefly, it was used a glass electrode in a 1:5 (soil:solution v/v)
suspension of soil in 0.01 M CaCl,. Soil suspension was shaked for 60 minutes.

Measurement was performed after 1 hour after suspension preparation. Calibration of the
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pHmeter was carried out using two buffer solutions at pH 6.88 and pH 9.22.

Measurements were performed at 20 °C.

3.5.2. Soil salinity analyses

Electrical Conductivity (EC) was measured in a filtrate from 1:2 soil to water ratio (w/w)
using a portable conductance meter (Crison CM 35). Instrument was calibrated with
standard solutions from 147 uS cm! to 12.88 mS cm’. Briefly, 20 ml deionized water

were added to 10 g soil, shaken, and left overnight, filtered and EC measured on filtrate.

3.5.3. Cation Exchange Capacity analyses

Cation exchange capacity (CEC) was measured with BaCl, buffered at pH 8.2 with
triethanolamine (TEA) (Mehlich, 1953). Briefly, 2 g of soil were added with 25 ml 1M
BaClo/TEA solution and shaked for 1 h. Then the suspension was centrifuged to remove
the unreacted Ba, washed, and 25 ml of MgSO4 were added. After separation of the
sediment by centrifugation, the excess of Mg was determinated by complexometric

titration with EDTA.

3.5.4. Redox potential

Redox potential (Eh) was determined with a platinum electrode connected with a
reference electrode of Ag/AgCl, KCI 3M. Before analysis, calibration was performed
using a saturated solution of K>Cr207 (pH 2), at known Eh.

The following equation was used to correct measures with standard values (Zausig,

1995):

Eher= (En +293) — (Eo — 636) [mV]

Where:

Eher= effective redox potential of the analytical sample;
Eh= measured value;

Eo= measure of the standard (K>Cr20O7);

293= standard potential of the reference electrode;

636= standard value (K>Cr207).
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3.5.5. Lime content analyses

Determination of total lime is based on the volumetric analysis of CO; liberated during
the application of HCI in the Scheibler calcimeter. Briefly, 1-2 g of dry soil were weighted
in a vessel and 5ml of HCI were added inside a small test-tube. The gas developed after
the reaction of HCI with soil were measured volumetrically (Boero, 1992).

The concentration of CaCOs (g kg') was then obtained with the following equation:

_ ¥,-0.0044655-1000
P

C

Where:

C= lime content expressed as CaCOs (g kg™!);

Vo- is the gas volume of CO; produced, normalized to 0 °C and 101,325 kPa pressure;
P= is the weight of soil in g.

3.5.6. Organic carbon and total nitrogen analyses

The organic C, as well as total N, were determined on 40 °C dried and homogenised
samples, after pretreatment by acidification with HCI (1 M), using a CHN Elemental
Analyser (Elementar, Vario EL Cube, Germany) at a combustion temperature of 920 °C.
200 mg of sample were weighted in Ag capsules for solids, and placed in an autosampler.

Atropine sulfur was used as a standard for instrument calibration (1-2 mg).

3.5.7. Determination of total metal content

Pseudo-total metal content was determined according to USEPA 3051 method (1995a).
Aliquots (< 0.2 g) of soil sample were introduced in Teflon® microwave vessels and 10
ml of concentrated HNO3 was added. Samples were processed in a microwave digester
(CEM Mars Xpress Matthews, NC, USA) at a temperature of 175 °C for 10 min. After
cooling, digested solutions were filtered through a PTFE filter of 0.2 um pore size,
transferred into 20 ml volumetric flasks and stored at 5 °C for further analyses.

The concentration of metals in soil extracts was determined by ICP-AES. A Varian Vista
Pro axial instrument equipped with a cross-flow nebulizer and auto-sampler was used.
The calibration was performed using an ICP-standard 23 elements solution in 5% HNO;

(Merck solution IV).Yttrium (Y) was added as internal standard. The method detection
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limit (MDL) was calculated as 3 s/m (where s is the standard deviation of 10 replicate
blanks and m is the slope of the calibration curve) for each element. MDL were 0.02 pg

g’ for Cd, 0.01 pg g for Ni, 0.2 pug g! for Zn and 0.01 pg g™! for Cu.

3.5.8. Multielement analyses by neutron activation

Multielemental analyses were performed by ko standardization neutron activation
analysis (ko-INAA), at JSI (Lubiana, SLO), a nondestructive method. Homogenized
samples were analyzed with Thermal neutron flux irradiation in 250kW TRIGA Mark II
reactor with HPGe calibrated detector (Ja¢imovi¢, 2014). The kO-INAA procedure is
accredited according to ISO/IEC 17025:2005 by the Slovenian Accreditation Agency
(Accreditation Certificate LP-090).

3.6.TOTAL MERCURY ANALYSIS

Total Hg content in native samples were determined by thermal decomposition Atomic
Absorption Spectroscopy (AAS) with gold amalgamation (LECO® model AMA-254), a
rapid total Hg determination method (US EPA Method 7473, 2007).

A mass of 20-40 mg of dry sample were weighed in a sample boat and placed in the auto-
sampler. The sample was initially dried and then thermally decomposed at 850 °C in a
quartz tube located inside a controlled heating coil. An oxygen stream passing through
the tube carried the released Hg through the catalytic column, in which Hg was reduced
to Hg". Hg vapour was collected on a gold amalgamation trap and subsequently desorbed
into the absorption cell. Hg content was determined using atomic absorption spectrometry
at 253.7 nm. Three to five replicates for each sample were weighted and analyzed to
obtain a reliable average value. Two certified materials were used to calibrate the
instrument, Marine Sediment Reference Materials for Trace Metals and other
Constituents: MESS-3 with a certified value of Hg 0.091 + 0.009 mg kg™! and PACS-2
with a certified value of Hg 3.04 = 0.20 mg kg™!. The quality of results was also assessed

by measuring BCR146R (sewage sludge) reference material.

3.7.PARTICLE SIZE FRACTIONATION

Particle size fractionation was performed on a soil sample collected from point C31 in the
0-40 cm horizon depth (on 26/10/2014). One portion of this sieved soil was subjected to

a six steps SEP according to Lechler et al. (1997), while a second portion was subjected
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to a preliminary particle size fractionation to separated the fine earth (2 mm) into four
particle-size fractions according to the International Society of Soil Science (ISSS)

particle size classification system (Table 3.2).

Table 3.2. Size limits of texture fractions (ISSS).

Fraction Size limits
Coarse sand <2 mm and > 250 um
Fine sand <250 um and > 20 pm
Silt <20 ym and > 2 um
Clay <2 um

Separation was carried out without any organic matter removal pretreatment, to limit
change in Hg speciation.

Coarse sand was separated by dry sieving (250 um) using a stainless steel sieve, whereas
the separation of finer fractions was carried out by sedimentation with the “Appiani”
cylinder (Figure 3.9).

An aliquot of 100 g of soil was weighted in a soil dispersing cup and distilled water was
added. Then 5 ml of 1M sodium hexametaphosphate were added in order to suspend soil
particles. The suspension was then mixed for 15 minutes, then transferred to a
sedimentation cylinder.

The suspension was transferred to a sedimentation cylinder. The cylinder was filled up to

the marked level with distilled water.

Settling velocity and times were calculated according to the Stokes’s Law:

_ 18-77-h
g(ps _f)l)')(2

4

Where:

n= viscosity [103 kg m™ s71];

h= distance from the top of the solution to the siphoning system [cm];
g= gravity acceleration [m s™];

= particle density [Mg m™];
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o= liquid density [Mg m™];

X= particle diameter [pum].

The fine sand fraction was separated and collected after repeated removal of
unsedimented suspension (t= 8 min and 42 s), collecting the sediment and air-drying; silt
was separated by sedimenting the previous suspension (t= 14h, 31min, 29s), collecting
the sediment and air-drying; and finally the clay fraction (< 2um) was collected by air

drying the unsedimented particles.

Figure 3.9. Sedimentation cylinder (Appiani).

3.8.MERCURY FRACTIONATION WITH SEQUENTIAL
EXTRACTION PROCEDURES (SEP)

Since SEP procedures are operationally defined according to matrix characteristics, type
of contamination and groups of Hg compounds that are intended to obtain, in this work,
three different procedures were selected and retained to be suitable for the samples under

investigation.
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3.8.1. Sequential extraction procedure by Lechler et al.

The procedure used for Hg fractionation on size-texture fractions was proposed by
Lechler et al. (1997).

It is based partially on the work of Eganhouse et al. (1978), Di Giulio and Ryan (1987),
Quevauviller et al. (1992) and Biester (1994). This method allows to separate Hg in six
operationally defined fractions: F1: Elemental, F2: Exchangeable, F3: Strongly bound,
F4: Organic, F5: sulfides and F6: residual.

Two portions of 5 g of sample were simultaneously weighted into ceramic cups and
heated at 180 °C in a ventilated oven for 48 h. Petri dishes containing activated charcoal
were also inserted in the oven to captures Hg vapours and minimize Hg transfer from one
sample to the other during heating.

One portion was measured by thermal decomposition AAS (LECO® model AMA-254),
and the difference between total Hg in non-heated sample and heated sample represents
the F1: volatile Hg.

The second heated sample was used for the determination of the other Hg species in the
sample.

On the heated sample from step 1, 25 ml 0.5 M MgCl, were added and shaked at room
temperature for 2 h, let stand for 60 min, decanted, centrifuged and the surnatant stored
to determine exchangeable Hg. After each extraction, the residue was washed with 25 ml
of deionised water, decanted for 60 min and centrifuged. The surnatant was then
discharged and the residue collected for the following step.

On the residue from step 2, 25 ml of 0.5 N HCI were added, mixed at room temperature
for 2 h, let stand for 60 min, decanted and centrifuged to separate fraction F3 in the
surnatant: strongly bound Hg.

Using the sample residue from step 3, 12.5 ml 0.2 N NaOH were added, mixed at room
temperature for 2 h, then 12.5 ml 4% (v/v) CH3COOH (glacial acetic acid) were
introduced, mixed at room temperature for 2 h, let stand for 60 min, decanted, centrifuged,
and stored to determine F4 in the surnatant: organic Hg.

Using the residue from step 4, 12.5 ml of saturated sodium sulfide (NazS) solution were
added, then mixed at room temperature for 24 h, centrifuged, and stored to determine F5
in the surnatant: sulphide Hg.

Residual Hg (F6) was calculated by difference between the sum of Hg extracted from the

previous fractions and total Hg measured with AMA.
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The samples deriving from particle fractionation and SEP leachates were analyzed for

total Hg following US EPA method 1631, revision E (US EPA, 2002).

3.8.2. Tree steps Sequential extraction procedure

Air dried and sieved soil samples were divided in two aliquots and subjected to two
different treatments, one including thermal heating and another without initial heating
treatment.

First step (elemental Hg): soil was heated at 80 °C for 24 h in a ventilated oven with Petri
dishes containing activated charcoal. A portion of the heated soil was measured for the
remaining total Hg with LECO® model AMA-254 (see section 3.6) (Sladek and Sexauer,
2003).

Both heated and non heated soils underwent a 3-step sequential extraction:

First step (Soluble and exchangeable fraction): 4 g of soil were weighted in a PVC tube
and added with 40 ml of 1.0 M Mg(NO3)2, then stirred for 2 h, centrifuged and filtered;
the volume was made up to 50 ml (Finzgar et al., 2005).

Second step (Organically bound fraction): the residue of the previous extraction was
added with 10 ml of 0.1 M NaOH and 0.1 M NaxP4O», stirred for 2 h, centrifuged and
filtered; the volume was filled to 50 ml (Huang et al., 2012).

Before the ICP-MS analyses of this fraction, the organic matter was decomposed by
microwave digestion according to the EPA METHOD 3015 (Microwave assisted acid
digestion of aqueous samples and extracts).

Third step (residual Hg): the residue remaining after the previous extractions was air dried

and analyzed with the LECO® model AMA-254 (see section 3.6).

3.8.3. Sequential extraction procedure by Han et al.

Mercury in soils was assumed to be present in seven operationally defined solid-phase
fractions, which can be extracted by selective sequential leaching. The protocol employed
in this study was performed according to Han et al. (2006). This SEP allows to distinguish
between Hg as cinnabar (HgS), by using saturated Na>S,and humic/humin bound Hg in
the RES fraction.

This extraction procedure was performed in three replicates, using 1 g of dry sample each.
Each leaching solution was added to the solid in Teflon vials and shaked at 300 rpm.
Then, the vials were centrifuged at 10,000 rpm for 10 min at 20 °C, and the supernatant
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filtered through a membrane filter of 0.2 um pore size. These operations were repeated
for each extraction step. The soil residue was kept for the next analysis/dissolution steps.
The first step extract NHsOAc-extractable Hg; this fraction includes soluble plus
exchangeable Hg (EXC). Twenty-five milliliters of a 1 M ammonium acetate solution
(pH adjusted to 7.0 with NH4OH) were added to 1 g of air-dried soil in a 50-ml Teflon
centrifuge tube. The mixture was shaken for 30 min at 25 °C, and then centrifuged.
Second step: the NH>OH-HCl-extractable fraction mainly comprises Hg bound to easily
reducible oxides such as Mn oxides (ERO) (Shuman, 1982). Twenty-five milliliters of a
0.1 M NH>OH-HCI+0.01 M HCI solution (pH 2) were added to the soil residue from the
previous step and shaken for 30 min. The extracting solution might dissolve some organic
matter, resulting in an underestimation of the organically bound metal. However, after
extraction of the exchangeable fraction, this risk is less serious.

Third step: the H2O»-oxidizable fraction mainly comprises Hg bound to organic matter
(OM) (Tessier et al., 1979; Han et al., 2003a) as well as Hg” and some HgS (Biester and
Scholz, 1997). Three milliliters of a 0.01 M HNO3 and 5 ml of 30% H>O» were added to
the soil residue coming from the previous extraction step. The mixture was digested in a
water-bath at 80 °C for 2 h. Additional 2 ml of H,0O> were added and the mixture was
heated for 1 h. Fifteen milliliters of a 1 M ammonium acetate solution were then added
and the sample shaked for 10 min.

In the fourth step, oxalate extracted Hg bound to amorphous iron oxides (AmoFe).
Twenty-five milliliters of a 0.2 M oxalate buffer solution (0.2 M (NH4)>C>04-0.2 M
H>C>04 at pH 3.25) were added to the soil residue and the sample shaken in the dark for
4 h (Shuman, 1982).

Fifth step: hot NH>OH-HCI and HOAc were used to extract Hg bound to crystalline iron
oxides (CryFe). Twenty-five milliliters of 0.04 M NH>,OH-HCI in a 25% acetic acid
solution were added to the soil residue and the sample digested in a water bath at 97-100
°C for 3 h.

Sixth step: 4 M HNOs extracted the residual non-cinnabar Hg (RES), remaining from the
previous extractions (mostly from the organically bound Hg, such as humin bound Hg)
as well as Hg® (Biester and Scholz, 1997). Twenty-five milliliters of 4 M HNO; were
added to the residue from the previous extraction and the sample was transferred to a

glass digestion tube.
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Digestion was conducted in a water bath at 80 °C for 16 h (Sposito et al., 1981; Han et
al., 2003a).

Four milliliters of saturated Na>S were added to the residual soil and the sample was
mixed and reacted overnight. The extraction was repeated twice (Revis et al., 1989).
After all the extracting steps, the solid residue was analyzed with Atomic Absorption
Spectroscopy (AAS) with gold amalgamation (LECO® model AMA-254).

After the extraction, the surnatants contained Hg were treated with nitric acid, perchloric
acid and sulphuric acid in a ratio of 1:1 (2% v/v) and H2SO4 (5% v/v) in Milli-Q water at

240 °C for 20 minutes, on a hot plate, in open 50 ml volumetric flasks.

3.9.MERCURY QUANTIFICATION IN SOIL EXTRACTS

Hg was measured in the soil extracts by different methods using the instruments available
in the laboratories where extractions or experiments were carred out and according to the

detection limit required. Below the different methods used are described.

3.9.1. CV-AAS

Hg in both soil and sediment digestion/extracts was determined using a CV-AAS method
(Automatic Mercury Analyser Model Hg-201, Sanso Seisakusho Co., LTD Instrument
Model 910, Japan). The LOD was 0.1 ng I'! calculated on the basis of three standard
deviations of the reagent blank (Akagi and Nishimura, 1991). Three replicates were
digested for each sample to check the homogeneity and three replicates of each subsample
were measured to check the repeatability of the measured Hg concentration. Each
extracting solution was digested with the same procedure used for the extracts and

measured as a blank. 1 ml of a solution of HgCl (1 ng ml!) was measured as standard.

3.9.2. CV-AFS

Quantification of Hg in SEP fractions obtained by the Lechler et al. (1997) procedure
(section 3.8.1) on size-texture fractions (section 3.7) was obtained by Cold Vapour
Atomic Fluorescence Spectromety (CV-AFS) at the ARPA laboratories in Trieste (Italy).
SEP leachates were analyzed for total Hg using automated oxidation, purge and trap,
desorption, and cold-vapor atomic fluorescence spectrometry (CV-AFS) (Brooks Rand
Instruments) following US EPA method 1631, revision E (US EPA, 2002). Briefly,

samples were first pre-oxidized using 0.2 M BrCl solution for one hour (0.5 ml), then,

70



Materials and Methods

pre-reduced using hydroxylamine hydrochloride to remove oxidant excess (250 ul of
NH>OH.HCI, 12%), just before quantification by SnCl, reduction, dual gold
amalgamation, Hg’ release and measurement with CV-AFS.

The method detection limit (MDL) is approximately 0.2 ng 1! and the reproducibility is
about 5-10%.

Quality assurance (QA) procedures for total Hg analysis were guaranteed through blank

analysis and duplicated measurements.

3.9.3. ICP-MS

The liquid phases from the incubation experiments (solubilization/volatilization) were
analyzed with Inductively Coupled Plasma-Mass Spectrometry ICP-MS (Nexlon 350X —
Perkin Elmer), based on EPA Method 6020A.

The instrument was optimized daily for sensitivity, doubly charged ions (<2%) and oxides
(<3%) with 1 pg I'! Be, Ce, Fe, In, Li, Mg, Pb, U in HNO3 1% solution. Data elaboration
was carried out by using ICP-MS Syngistix software package (V 1.1.).

Nebulizer argon was introduced as carrier gas through the T-inlet. Tygon pump tubings
were used for sample (0.76 mm i.d., black/black) and for internal standard (0.38 mm i.d.,
orange/green) transport.

Hg isotope 201 and 202 were measured both with and without He flow in collision
cell/KED to reduce polyatomic interference. Rhodium (Rh) was used as an Internal
Standard (50 ppb). After each measurement a rinse solution of Au (50 ppb in HNO3 5%)
was flown with a 90 s rinse time.

Calibration was performed before each batch of samples, with a Hg concentration range
according to the expected results (generally 0.5-5 ng ml™).

Before analysis, samples were digested and filtered (0.20 pm). To take into account
matrix interferences, standards and blanks were prepared using the same solutions used
for extractions. To avoid, or reduce, Hg memory effect and contamination of the

instrument, Au (10 ppb) in HNOs3 (1%) was also added in samples and standards.

3.10. Hg FRACTIONATION BY THERMO-DESORPTION

Thermodesorption was carried out at the Josef Stefan Institute (Ljubljana, SLO) with an
home-made device, described below (Sedlar, 2014) (Figure 3.10 and Figure 3.11).
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Apparatus: An RA-915+ Mercury Analyser with a PYRO-915+ pyrolysis unit was used
for the detection of Hg. The instrument was developed for direct determination of total
Hg by combustion of samples and cold vapour atomic absorption detection (CV-AAS)
with a Zeeman background correction (Sholupov et al., 2004). It consisted of a gas tank
(1) for supply of the carrier gas, a flow meter (2) for flow adjustment and quartz tubes.
The first quartz tube, with outer diameter of 20 mm and inner diameter of 16 mm, was
placed in an electric tube furnace (3). The quartz boat used for samples (4) was carefully
positioned in the first quartz tube in the middle of an electric tube furnace Nabertherm
RT 50/250/11, in which the thermocouple was located. The quartz boat had a semi-
circular shape with inner diameter of 5 mm and was 35 mm long. The tube furnace
consisted of a ceramic tube with inner diameter of 50 mm and two plugs of ceramic fiber
on each side. Each plug had a hole drilled in the middle for a tight fit to a quartz tube to
reduce the heat loss. The second quartz tube, with the same dimensions as the first, was
packed with quartz wool (5) and heated to 800 °C by a small electric furnace with inner
diameter of 27 mm (6) to ensure the transformation of all volatile Hg compounds to
elemental Hg and to retain any particles that may be released from the sample. The Lumex
Pyro 915+ pyrolysis unit with dimensions of 350 x 350 x 120 mm (7) ensured additional
decomposition of any remaining volatile compounds of Hg that might interfere with the
atomic absorption measurement (Sholupov et al., 2004). Elemental Hg was detected by a
Lumex Ra-915+ atomic absorption detector with Zeeman correction, with dimensions of
470 x 210 x 110 mm (8), which was connected directly to a computer (9) for data
collection. An impinger containing H>SO4+~KMnOy solution (10) was connected to the

exhaust from the Lumex Ra-915+ to retain Hg(0) in solution by its oxidation.
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Figure 3.11. Picture of Thermo-desorption measuring apparatus.

Procedure: The sample was weighed in a quartz boat. The mass of the sample was
predetermined not to exceed the upper limit of the detection range (2 — 30000 ng Hg m"
3) (Sholupov et al., 2004). The results of mass balance for different samples also showed
that the intensities of the peaks did not match perfectly to the recording units (ng m™) due
to a drifting measuring baseline, as a software deficiency; however, these units served for
easier comparison of the signal intensity. To resolve the drifting baseline problem,
corrections on each thermogram were made by deducting the thermogram area obtained
by averaging several thermograms of blank samples. In addition to the baseline

correction, corrections of temperature were also considered, due to the difference in the
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measured temperature of the sample and that recorded by the electric tube furnace (Figure
3.10 (3)). An independent measuring thermocouple was fused directly into the quartz tube
in which the sample was located, which gave precise temperature readings and, after
several experiments, the average of the obtained temperature data was calculated and
deducted from the data recorded by the electric tube furnace to provide a correct
temperature function.

The sample boat (Figure 3.10, (4)) was carefully positioned in the middle of the quartz
tube, which was heated from room temperature to the maximum temperature at a linear
heating rate of approximately 2.2 °C min™'. The maximum temperature was 800 °C.
Nitrogen (99.996%) was used as a carrier gas to flush Hg vapour released from the sample
through the measurement train at a flow rate of 1 1 min™'. Mixture samples of at least two
pure Hg compounds, mixed with substrate, were heated to 750 °C. Gypsum samples and

spiked gypsum samples were heated to a maximum temperature of 700 °C.

Data interpretation: Data were interpreted by Lumex software as a signal for continuous
measurement of the concentration in ng m= shown on the ordinate axis as a function of
time in seconds displayed on the abscissa axis. Due to the known heating rate and precise
temperature readings, the concentration signal per time was adapted to the concentration

signal per temperature in °C to observe Hg release on increment of temperature.

Total Hg in solid samples: For quantitative determination of Hg in gypsum samples, around
0.5 g of the sample was digested in an acidic solution of HNO3-HCIO4 in a ratio of 1:1 (2%
v/v) and H2SO4 (5% v/v) in Milli-Q water at 240 °C for 20 minutes. After the digestion
process, Hg content was determined by the CV AAS method (Automatic Mercury Analyser
Model Hg-201, Sanso Seisakusho Co., LTD). At least two replicas were prepared and
measured for every sample but, for testing the homogeneity of samples, the same procedure
was used whereby 6 replicas were prepared and tested to check the repeatability of the

measured Hg concentration.

Preparation of pure Hg compounds: three different Hg compounds (Table 3.3) were
chosen for examination (HgS, HgClz, HgSO4). The mass of the sample in the sample boat
had to be as small as possible to not exceed the upper limit of detection of the measuring

equipment. It did not usually exceed a few micrograms.
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Pure Hg compounds were “diluted” by mixing them with SiO> (Merck KGaA; purity of
substance is 99 — 100.5% calculated on calcinated substance) powder as a substrate. Each
pure Hg compound (1-4 pg) was added to 5 g of substrate powder. The mixtures were
carefully homogenized by mixing in a zirconium container placed in a planetary mill
(Fritsch planetary mill Pulverisette 7) with two milling stations, each one filled with seven
balls (10 mm diameter). The bulk homogeneity of the prepared mixtures was checked by
6 independent analyses of total Hg. A sample weighing from 80-140 mg was acid digested
and Hg determined by CV AAS after reduction with SnCl, (Akagi and Nishimura, 1991).
When pure Hg compounds mixed with both substrates were tested, 10 — 30 mg of the
sample was weighed in the sample boat for testing by the temperature fractionation

method and only 0.4 — 10 mg for testing by mass spectrometry.

Table 3.3. Type of Hg Compound, Suppliers and Purity.

Hg compound Supplier Declared  purity of Hg
compound

HgS- red Mallinckrodt Chemical Works ~ 99%

HgCl Kemika d.d., Zagreb 99%

HgSO4 Sigma-Aldrich Co. LLC. 99%

3.11. INTERPRETATION OF MERCURY FRACTIONATION
BY COUPLING TD WITH SEP

To characterize and improve interpretation of thermo-desorption diagrams, the seven
steps SEP (See section 3.8.3) was coupled with TD (see section 3.11). Thermodesorption
has been carried out on native soil, and on residues after each extraction step of SEP.

A soil from Isonzo river banks (sample C13, 0-40 cm deep) and a sediment from Banduzzi
channel were used for comparison of different matrix, source and characteristics of
pollution.

The solid residue left from each extraction step was measured with TD to identify Hg
fractions left in the residue. Each solid residue was dried in a drying oven at 20 °C and
homogenized in a rotating ceramic ball mill for 15 min. Care was taken to avoid any

cross-contamination during the whole sample preparation, including the sequence of
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samples treatment: samples with higher Hg concentration were processed and analyzed

after samples with lower Hg concentration.

3.12. SOIL SPIKING WITH MERCURY-HUMIC
SUBSTANCES

To confirm TD peak interpretation, native soil (C13) was measured after spiking with Hg
bound to humic and fulvic acids (Humic Acids-Hg and Fulvic Acids-Hg).

Humic and Fulvic Acids (HA and FA) were extracted from a woodland soil (Cambic
Calcisol, Gleyc) according to the procedure described in De Nobili et al. (2008). Briefly,
soil was extracted with 0.1M NasP>07 plus 0.1M NaOH solution at soil to solution rate
1:10 under shaking for 1 h under N>. Humic acids were precipitated by acidification with
H>SO4 to pH<2, whereas FA were isolated by solid phase extraction (SPE) on crosslinked
polyvinylpyrrolidone (PVP: Policlar Aldrich). An appropriate aliquot of HgCl> solution
(1000 mg I'") was added to HA and FA solutions (pH 7), and left to react overnight in a
shaker. Then Hg-FA and Hg-HA were dialyzed to remove eventual uncomplexed Hg*
and excess of salts. Total Hg concentration in HA-Hg and FA-Hg solutions was measured
with direct Hg analyzer (LECO® model AMA-254).

Hg enriched humic solutions were used to spike the native soil (C13 sample) in an
appropriate proportion to add 25, 50 and 100 mg Hg kg™! soil. Spiked soil samples were

then air dried and homogenized before TD analysis.

3.13. EFFECT OF FERTILIZERS ADDITION ON MERCURY
STABILITY

To assess potential changes in Hg stability, solubility and volatility caused by fertilizers
addition, either mineral or organic fertilizers were added to soil sample C13. Fertilizers

were added to fresh soil singularly, as solid powder as well as dissolved in distilled water

(Figure 3.12).
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Figure 3.12. Scheme of the experimental setting with fertilizers.

The mineral fertilizers tested were: urea, calcium nitrate, ammonium sulphate, potassium
sulphate, potassium chloride, triple superphosphate, diammonium phosphate (Table 3.4).
Organic amendments tested were: peat and a residue from anaerobic digestion plant
(digestate) (Table 3.5). The amount of each fertilizer was calculated taking into account
the usual application rate to soil in crop cultivation. Each treated soil was incubated in a
thermostated oven at 20 °C for 7 days.

After 1 and 7 days of incubation it was analyzed both for thermo-desorption and water
solubility tests (paragraph 3.15).

Samples were homogenized in a rotating ceramic ball mill, with two milling stations, each
one filled with seven balls (Fritsch planetary mill Pulverisette 7) for 15 min at room
temperature. Care was taken to avoid any cross-contamination of samples: ceramic
containers and balls were carefully cleaned after each sample. About 100 mg of soil were

used for TD.
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Table 3.4. Application doses for some fertilizers commonly used for arable crops (corn). Application rate

of N (300 kg ha™), P (100 kg ha™' P>0s), K (100 kg ha* K>0) in a depth of 5 cm.

Fertilizer Nutrient content Application rate
(%) (kg ha'') (mgg™)

Nitrogen

Ca(NOs)2 16 1875.00 2.88

(NH4)2SO4 21 1428.57 2.20

Urea 46 652.17 1.00

Phosphorus

(NH4):HPO4 46 217.39 0.33

Ca(H2PO4), H,O 46 217.39 0.33

Potassium

KCl 60 166.67 0.26

K2SO4 40 250.00 0.38

Soil density: 1300 kg/m?

Table 3.5. Application of organic amendments commonly used for arable crops (corn).

Organic Rate fresh Moisture Dry Matter  Application Concentration
amendment  material (%) (thal) rate of
(tha™) (g m?) amendment
(mg g soil)
Digestate™ 100 95 5.00 500 7.69
Peat 100 95 5.00 500 7.69

Soil density: 1300 kg/m3; *Giardini, L. (2002). Agronomia generale ambientale e aziendale. Patron Editore.
Soil dept of 5 cm.

3.14. VOLATILIZATION AND SOLUBILIZATION
EXPERIMENT

Inorganic and organic fertilizers as well as root exudates model molecules were tasted to
assess the effect on Hg reduction/volatilization and solubilization from Fossalon soil

(sampling point C13, 0-40 cm deep).
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The experimental apparatus consisted of two connected glass containers (Gas washing
bottles, Drechsel pattern), called “reactor” and “trap” (Figure 3.13 and Figure 3.14). The
reactor bottle contained 35 g of soil (aerobic incubations) or soil covered with 100 ml of
solution (either water or a solution of tested amendment, for anoxic incubations). The trap
bottle contained an oxidizing solution (100 ml of 0.1 M KMnO4 in 10% w/v HNO3). Each
container was capped and fitted with silicone and Teflon™, and covered with an
aluminum foil to exclude light. These two containers were tightly connected with Teflon
tubes and the reactor was connected with a gas supply, nitrogen for anaerobic incubations
or synthetic air for aerobic incubations. This apparatus was set out according to Stallings
(2013). Experiments were conducted for 30 days at room temperature. The trap solution
was replaced after 15 days with fresh oxidizing solution. Every 5 days, gas was flushed
through the reacting solution, to remove Hg? from the solution and from the headspace of
the reactor and oxidize to Hg?" in the trap container. At the end of the incubation period,
redox potential was measured in all reacting solutions. Hg in solutions (reactor solution,
trap solution and aerobic soil stirred overnight with 100 ml of water) was analyzed by

ICP-MS (Section 3.9.3).

N,/AIR NJAIR

4

N,/AIR

+ Hg?

KMnO4
(0.1 M) H.0
+ Hg?*

SOIL

TRAP REACTOR

Figure 3.13. Scheme of the incubation experiments.
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Figure 3.14. Picture of the incubation experiments.

3.14.1. Experimental set up

Experiments were conducted at room temperature for 60 days. The trap solution was
replaced after 20 days with fresh oxidizing solution.

Then, according to these preliminary results, the next experiments were conducted over
a period of 30 days, in oxic and anoxic conditions, mainly with addition of reductants and
complexants. The trap solution was replaced after 15 days with fresh oxidizing solution.

In Table 3.6 all the theses investigated are shown.
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Table 3.6. Conditions of incubation experiments.

Treatment Redox state | Concentration
Aerobic --
Control Anaerobic --
Poultry manure Acrobic 0.14gg
Anaerobic 0.14gg!
Compost Aerobic 0.14gg!
Anaerobic 0.14gg!
Humic Acids Aerobic 428 mg C g'!
Anaerobic 428 mgC g'!
Aerobic 0.26 mg g’!
KCl . 1
Anaerobic 026 mg g
Aerobic 1 mgg’!
Urea . 5
Anaerobic Imgg
) . Aerobic 10° M
Gallic Acid Anaerobic 10° M
. ) Aerobic 10° M
L-Aspartic Acid Anacrobic 105 M
. Aerobic 10° M
L-Glutathione Anacrobic 105 M
Malic Acid Aerobic 10° M
Anaerobic 10° M

Upon completion of an experiment, 10 ml of sample was filtered through a 0.45 pum filter
and immediately transferred to a glass test tube containing 250 pl concentrated HCI
(Optima Grade) and 100 pul 0.1 M bromide/ bromate solution (Br~ /BrOs”; Teledyne
Leeman Labs) to form bromine (Brz). Hg" is oxidized by Br according to the following
reaction, which maintains the Hg stable in solution until analysis:
Br: + Hg' — Hg** + 2Br

The sample was allowed to oxidize (confirmed by a persistent yellow color) for at least
30 min (maximum digestion time of 4 h), after which 400 pl of 10% (w/v) hydroxylamine
(NH20H) was added to expel any un-reacted bromine. Some solutions, particularly those
with KMnOy, required excess NH,OH (400 — 1600 pl). The concentration for these
solutions was adjusted for the dilution. The test tube containing a 10 ml sample and

digestion reagents was analyzed by ICP-MS (Section 3.9.3).
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3.15. WATER LEACHING TEST

Water leaching test was carried out using 5 g of homogenized sample (native soil and soil
treated with fertilizers). The sample weight to water volume ratio was of 5 to 10 ml of
Milli-Q water added to the solid and subjected to end-over-end shaking at 250 rpm
overnight. The vials were then centrifuged at 3,500 rpm for 15 min, the supernatant liquid
decanted and analyzed in three replicates with CV AAS method (Automatic Mercury
Analyser Model Hg-201, Sanso Seisakusho Co., LTD Instrument Model 910, Japan).

3.16. QUALITY CONTROL AND QUALITY ASSURANCE

All solutions were prepared from reagent-grade chemicals and before use they were tested
and found to contain very low amounts of Hg (less than 10 ng 1'!). Analytical procedures
were conducted using ultra-clean glassware, to avoid contaminating sample extracts. Care
was taken to avoid cross- contamination of the samples. Each set of samples extracted
included one blank, to check if both material and reagents were mercury free, and a
certified reference material was also checked. Three replicates of each sample were taken
for all analytical procedures, as well as blanks. The accuracy of Leco AMA-254 was
assessed daily by the analysis of certified reference material (MESS-3, and PASC-2).
Recoveries were within the range 80—-120%.

Moreover, recovery of the SEP procedure (ranging from 91-99%) were found to be

acceptable.
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4. RESULTS AND DISCUSSION

The results are arranged in four main parts:
1. Results of soil survey and characterization of the investigated area;
2. Results of Hg fractionation through Sequential Extraction Procedures;
3. Interpretation of thermodesorption curves by comparison with a seven steps
sequential extraction procedure;
4. Investigation of the potential Hg mobilization (solubilisation and volatilization)
caused by addition of either mineral and organic fertilizers and addition of organic

molecules representing root exudates.

4.1.SOIL SURVEY AND CHARACTERIZATION

Six points were selected in the area of interest according to the preliminary
characterization carried out by the Consorzio di Bonifica Pianura Friulana (2013).
Concentration of potentially toxic elements (PTE) in the top horizon (0-40 cm deep)
shows that in the study area the only element present as a pollutant in concentrations
higher than threshold limits (D.Lgs 152/2006) is Hg (Table 4.1).

Indeed, concentration of As, Cd, Cr, Cu, Ni, Pb and Zn are well below the legislation
limits (D.Lgs 152/2006 “Testo Unico Ambientale”, Parte quarta, Allegato 5), whereas Hg
ranges between 7.32 to 50.58 mg kg! in the top soil. These values are 1.5-10 times higher
than the threshold limit for industrial and commercial use of soil, respectively 1 and 5 mg
kgl. A general gradient in the direction of the Isonzo river is evident. Hg distribution in
the area is confirmed also by the results of the "Piano di caratterizzazione di un’area
agricola in localita Fossalon di Grado" (Consorzio di Bonifica Pianura Friulana, 2013).
This Hg contamination is not attributable to a point source of pollution, but is coherent
with a long-term gradual deposition of contaminated particulate material from the Isonzo
river, transported from the Idrja mine (SLO).

Further monitoring has concerned the distribution of Hg in the study area along the soil

profile.
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Table 4.1 Concentration (mg kg') and standard deviation (n=3) of potentially toxic elements in the top 0-40 horizon of six sampling points. Threshold concentration of

contamination in the soil and subsoil referred to the specific intended use of the sites to be reclaimed (D.Lgs 152/2006).

Sampling

As Cd Cr Cu Mn Ni Pb Zn Hg
point
C9 1.6 0.2 0.6+0.3 389+52 292+39 725+102 609+79 14.6=+1.5 594+09.1 73+09
C12 3.8+0.6 0.5+0.03 195+0.7 147+0.5 356+38 298+09 104+05 422+0.6 48.2+3.8
Cc13 3.1£1.2 0.2+0.1 49856 249+1.3 536 £35 522+62 154+£12 645+£3.6 50.6 £2.6
C22 3.5+0.1 04+0.1 381+13 148+1.2 487 +42 345+57 287+19 539+5.7 164+14
Cc23 1.7+0.9 0.3+0.3 308+£3.3 526+52 483+67 442+66 89=+1.5 102.7 £ 11 152+24
C31 13.1+4.8 0.2+0.1 544+49 585+29 68752 803+42 14.6+0.5 128.4+8.2 309+2.0
Threshold
limits
Residential

20 2 150 120 - 120 100 1 1
use
Industrial

50 15 800 600 - 500 1000 350 5
use
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Hg concentrations in soil from four different depths up to 120 cm are given in Table 4.2.
This table shows that there is not a unique trend of contamination along the soil profile in
the 0-120 cm depth. Hg concentration is generally higher in the top horizons. However,
in some samples the layer 60-80 cm shows a lower Hg concentration than the deeper
horizon (80-120 cm). There are no evidences that Hg mobilized along the soil profile, e.g.
through leaching, and therefore we may hypothesize that Hg in the top profile is tightly

retained to the solid soil particles.

Table 4.2. Total mercury concentration along soil profiles in the six sampling points.

Sampling Depth (cm) | Total Hg (mg kg™)

point
C9 0-40 7.3+£09
40-60 58+1.1
60-80 3.61£0.8
80-120 6.7+2.1
C12 0-40 48.2+3.8
40-60 21.5+13
60-80 92+22
80-120 309+ 1.1
C13 0-40 50.6 2.6
40-60 51.1+64
60-80 29.6 £1.7
80-120 21.3+3.2
C22 0-40 164+t14
40-60 145+3.6
60-80 10.6 £ 1.6
80-120 8.7x1.1
C23 0-40 152+£24
40-60 114+£1.5
60-80 6.4+1.1
80-120 33+0.6
C31 0-40 309+2.0
40-60 47.0+54
60-80 26.9+£2.2
80-120 36.0+ 1.7

85



Results and Discussion

4.1.1. Pedological characterization of soil profile

The pedological study was carried out by analyzing the entire soil profile in
correspondence to the sampling point identified as C23.
Variable soil textures were observed in this profile: Silty clay loam; Silty loam; Sandy
loam; Loamy sand; Sand; Loam (Table 4.4).
As it was demonstrated by the soil survey (Table 4.3), the layers of the soil under study,
come from sediments originated by the Soc¢a-Isonzo river. The Soca-Isonzo river basin is
in fact characterized by a significant presence of alluvial rocks with carbonates, which
are typically present in sediments and water. Along the profile, below horizon 3C, a
former soil has been buried by sediments deposited during river floodings.
Soil pH is sub-alkaline, due to abundance of carbonates, the typical pedogenetic substrate.
Soil cation exchange capacity is low in 5C, 6A, 7C, due to the high sand content.
The pattern of EC along the soil profile highlights two points of salts accumulation driven
by the following processes:

1. capillary rise from groundwater;

2. leaching of salts from the surface, by precipitations.
The relatively high molar C:N ratio throughout the profile may be attributed to the
terrestrial origin of organic matter (Cifuentes, 1991).
From the literature, it is well known the paramount relevance of Hg speciation and
mobilization in soils and soil mineralogical and chemical composition, along with
particle-size distribution (e.g. Fernandez-Martinez et al., 2006; Reis et al., 2010; 2016).
Thus, it is of primary importance to discuss Hg speciation in light of the physicochemical
characterization of the soil under study.
Hg mobility in soil systems is determined by a number of factors (Kim et al., 2000):

e the mineralogical form of Hg in the soil,

e the concentration and type of organic and inorganic complexing ligands,

e the pH,

the redox potential,

e the concentration of other elements.
For example, it is known that in the presence of organic matter Hg is effectively bound
and retained to soil humic substances (Sladek and Gustin, 2000; Biester et al., 2002;
WHO/IPCS, 2002). Moreover, under oxidizing conditions, hydrous oxides of Fe and Mn

are excellent scavengers of Hg (Coker, 1995); pH affects all adsorption mechanisms and
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the complexing of metals in the soil solution (U.S. EPA, 2002; Loredo et al., 2003), thus
alkaline pH decreases the mobility of all metals.

Generally, this soil shows high pH together with high contents of carbonates, which may
contribute to Hg complexation, precipitation and inhibit its mobilization. Another
possible factor controlling the mobilization of Hg is the content of Ca, since the presence

of Ca®>" may even make Hg less prone to mobilization (Melamed and Villas, 2000).
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Table 4.3. Soil profile description. GENERAL FEATURES: Holocene Floods with water table at 200 cm. Headland at the side of a drainage ditch. COORDINATES: X: 2404985.54,
Y: 5065087.10. LOCATION: Fossalon di Grado.

Horizon Dept Lower Boundary Colour Colour of Texture Structure Special Features
(cm) Mottles
A M2)A3) 40 Smooth, Abrupt 5Y 4/4 Silty Clay loam Angular blocky,
(SCL) Medium and coarse,
Strong, Very hard
2C 50 Smooth, Abrupt 5Y 4/4/ Sand/Silty loam Massive and hard/ Succession of sandy
5Y 5/6 (S/SiL) Single grain and finer- textured
layers
3C 59 Smooth, Abrupt 2.5Y 5/6 Loamy sand (LS) | Single grain
4A 70 Smooth, Abrupt 5Y 5/2 10YR 4/6, Sandy loam (SaL) | Subangular blocky, Mottles related to roots
10%, faint Fine and medium, of Common Reed
Weak, Soft
4Bw 100 Smooth, Clear 5Y 5/3 10YR 4/6, Sandy loam (Sal) | Subangular blocky, Mottles related to roots
10%, Fine and medium, of Common Reed,
prominent Weak, Soft shells
5C 125 Smooth, Abrupt 5Y 6/4 10YR 4/6, 5% | Sand (S) Single grain Mottles related to roots
of Common Reed
6A 142-150 | Smooth, Abrupt 5Y 2.5/1 Loam (L) Massive Organic material with
low grade of
decomposition, slating
layer with lower end
towards west
7C 165 Smooth, Abrupt 5Y 6/4 10YR 4/6, 5% | Sand (S) Single grain Same as 5C, but with
fine loam masses (from
6Cg erosion?)
8Cg 170 Smooth, Abrupt 5Y 5/1 Sand (S) Single grain Gley
9Cg 173 Smooth, Abrupt 3N Sandy loam (SaL) | Massive Gley
10Cg 185 Smooth, Abrupt SN Sand (S) Single grain Gley
11Cg 200+ | Smooth, Abrupt 2.5N Sandy loam (SaL) | Single grain Gley, water table at the

bottom, sulphide smell




Table 4.4. General characterization of soil profile C23: texture, particle size, pH, soil salinity, redox potential, total lime content, cation exchange capacity, nitrogen and organic

carbon.
Horizon Depth Texture Sand Silt Clay pH EC Eh Total CEC Organic N tot C/N ratio
name lime C

cm (USDA) % wW/w - mSm!' mV  gkg!  cmolkg! % -

Apl 10 SCL 15.0 50.0 35.0 80 0.2 450 158.9 19.8 12.3 1.1 11.7
Ap2 25 SCL 16.0 52.0 32.0 81 0.2 446 158.9 19.8 9.0 0.6 14.3
Ap3 40 SCL 13.0 53.0 34.0 80 0.2 468 158.9 19.8 10.1 0.6 16.3
2C 50 SiL 37.6 50.1 12.3 7.8 04 432 102.9 14.5 4.2 0.2 19.0
3C 59 LS 78.1 15.1 6.8 79 0.6 348 102.9 14.5 34 0.2 16.7
4A 70 SalL 64.5 22.5 13.0 81 1.0 406 102.9 14.5 6.9 0.4 19.5
2Bw 100 SalL 61.5 25.0 13.5 82 13 151 102.9 14.5 4.0 0.3 16.3
5C 125 S 89.2 6.3 4.5 83 25 86 146.7 7.3 3.2 0.2 18.8
6A 150 L 453 39.1 15.6 87 3.1 -27 146.7 7.3 29.8 1.2 24.9
7C 165 S 86.5 9.7 3.8 8.8 2.8 150 146.7 7.3 1.0 0.1 14.4
8Cg 170 S 88.3 6.4 53 84 2.1 -255 146.7 7.3 1.0 0.1 21.1
9Cg 173 SalL 66.2 22.5 11.3 80 3.8 -184 679 19.2 7.6 0.8 9.9
10Cg 185 S 91.5 5.1 34 82 4.7 -196 679 19.2 2.3 0.2 10.3
11Cg 200 SaL 78.8 9.1 12.1 83 438 -280 679 19.2 15.7 1.1 13.9

(*) SCL.: Silty clay loam; SiL: Silty loam; SaL.: Sandy loam; LS: Loamy sand; S: Sand; L: Loam.



Results and Discussion

The correlation coefficients (r values) between total Hg and the physico-chemical
characteristics of soil are listed in Table 4.5. High r values (0.817-0.665) were observed
for the correlations of Hg with:

e Organic carbon,

o Silt,
e Sand,
e C(lay,
e Eh,

e EC,

e pH

suggesting that the total Hg concentration may be influenced by multiple factors, among
which sand, silt and organic carbon content have a significant effect.

It is not surprising that organic carbon correlates positively with Hg content, indeed, it
has a strong binding affinity for Hg, and Hg is known to form stable complexes with
organic matter. It can be hypotesized that organic matter bounds Hg and thus retains it in
soil, hindering Hg from being mobilized along the profile (Liu et al., 2009). Sand content
negatively correlates with Hg, whereas the relationship between silt, clay and Hg
concentration is positive. Indeed Hg association with fine particles is well known (e.g.
Fernandez-Martinez et al., 2006). Moreover, clay and Fe and Mn oxihydroxides are
known to have a strong affinity for Hg.

The influence of salinity may be interpreted in relation to seawater intrusions that can
bring NaCl into the soil. Chloride is able to complex and solubilize Hg, which may both
reduce Hg adsorption onto soil particles and mobilize Hg in the soil solution (e.g.
Schuster, 1991; Grassi and Netti, 2000). This process may explain why salinity correlates
negatively with Hg content in the horizons.

The relationship between pH and Hg is negative, but with a low level of significance
because pH value is almost constant. On the contrary, and surprisingly, redox potential
and Hg correlates positively, which means that in anoxic condition Hg concentration is

lower than in more oxidative conditions.
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Table 4.5. Pearson correlation coefficients between Total Hg concentration and soil parameters.

Sand Silt Clay pH EC Eh N tot C Org
Pearson

-0.811 0.817 0.738 -0.665 -0.806 0.814 0.345 0.811
Coefficient
Signiﬁcance skskk ksksk sk %k ksksk ksksk n.s. sksksk

n.s.: not significant; *: P<0.05; **: P<0.01; ***:P<0.001

Table 4.6 reports Hg concentration along the soil profile, while Figure 4.1 and Figure 4.2
highlight the pattern of Hg distribution with depth.

Accumulation of Hg is observed in the most recent surface layers, as well as in the former
surface layers buried by flood deposits in ancient times (4A, 4Bw). Then, Hg
concentration decreases until about 200 cm where a sudden increase is observed just upon
the groundwater line.

The reason of this increase can be found in the capillary rise of salty seawater that could
transport and solubilize Hg. Indeed, Covelli et al. (2004) demonstrated the effect of
capillary rise on soluble Hg compounds, e.g. HgCl, from the seawater and a subsequent
reaction of Hg?* with sulphides and formation of HgS in deep anoxic horizons.

It is well known that Hg accumulates in surface organic horizons. Indeed, several studies
show that the majority of the total soil Hg is concentrated in the organic matter-rich A
horizon (Driscoll et al., 1994; Lindberg, 1996). Lindberg (1996) showed that in the forest
ecosystem of the Walker Branch watershed (Tennessee), the largest Hg pool resided in
the soil, and that about 75% of the total Hg soil pool was in the organic A horizon.
Hovewer, association of Hg with organic materials is favoured by acid pH, whereas in
alkaline soils Hg tends to be mainly associated with metal oxides (e.g. Schuster, 1999).
Xia et al. (1999) used synchrotron-based X-ray absorption spectroscopy and showed the
importance of reduced sulfur functional groups of humic substances — thiol (R-SH) and
disulfide (R-SS-R)/disulfane (R-SSH) — in the complexation of Hg(Il). They further
observed the involvement of oxygen ligands such as carboxyl and phenol moyeties in
addition to the reduced S ligands in the complexation of Hg(II), due to the low density of
reduced S ligands in humic substances.

When the capacity for bonding to the reduced sulfur is filled, Hg may be attracted by —
NH: and -COOH moyeties, forming weaker bonds. (Han et al., 2006).
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Moreover, the Hg bound to the organically bound fraction may increase its stability with
time. The stability constants for Hg—organic sulfur complexes are between 10?°-10°2

(Ravichandran, 2004).

Table 4.6. Concentration of total mercury along soil profile.

Horizon | Depth | Total Hg
name cm mg kg!
Apl 10 12.0+0.9
Ap2 25 158+ 1.9
Ap3 40 156+2.5
2C 50 142+22
3C 59 92+1.2
4A 70 13.6+0.6
4Bw 100 13.1+2.3
5C 125 3.0+1.3
6C 150 6.2+0.9
7C 165 0.06 +=0.03
8C 170 0.07 +£0.03
9C 173 6.7+2.8
10C 185 02+0.1
11C 200 22.8+ 1.1
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Figure 4.1. Concentration of total Hg in each horizon of C23 soil profile.

93



Results and Discussion

0 -

50 -

E 100 1
<
o
@
T
%
»n

150 A

4

4

200 -

0 10 20 30
Total Hg [mg kg-1]

Figure 4.2. Total Hg concentration along the soil profile.

4.2.MERCURY SPECIATION/FRACTIONATION

Since different Hg species may exhibit different behavior, mobility and availability,
measurements of total Hg in soils do not provide enough information on the potential
toxicity of Hg in the soil (Beckvar et al., 1996; Biester et al., 2002). An assessment of the
chemical forms of Hg in soil can be accomplished by the application of sequential
extraction methods (Bloom and Preus, 2003; Fernandez-Martinez and Rucandio, 2003;
Han et al., 2003b) and is critical to evaluate its environmental risk.

Several different SEP have been proposed in the literature, which must be selected
according to:

e type of matrix (e.g. phisicochemical characteristics of soil and land use);

e Hg source (e.g. mining activity/chlor-alkali plant).
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Since soil is a complex and variable matrix, different suitable SEP were chosen and
applied to the soil under study.

Indeed, since SEP results are influenced by substrate matrix, the application and
interpretation of such extractions should be carried out with caution and the substrate

components with the environmental conditions associated have to be characterized (Reis

etal., 2016).

4.2.1. Mercury distribution according to particle size

Table 4.7. Texture Partition of C 31 soil sample.

Texture fraction Size % wiw
Coarse Sand <2 mm and > 250 um 11
Fine Sand <250 um and > 20 pum 24
Silt <20 um and > 2 pum 46
Clay <2 um 19

Table 4.8. Organic C, total N and C/N ratio of particle-size fractions before and after heating at 180 °C.

Native soil Heated soil

Organic C  Total N C/Nratio Organic C Total N  C/N ratio

gkg' gkg' - gkg' gke! -
Soil 14.1 1.3 10.5 10.0 1.2 8.3
Coarse Sand 20.1 1.3 15.1 13.8 1.2 11.7
Fine Sand 10.7 0.9 12.5 7.0 0.7 9.9
Silt 14.2 1.5 9.2 10.5 1.2 8.8
Clay 19.0 2.7 7.1 13.9 22 6.4

As it can be seen in Table 4.9, total Hg distribution among soil particles is not in
accordance with previous works. Indeed, in the work of Fernandez-Martinez et al. (2006)
total Hg content increases when the grain-size decreases, and it is typically triplicated in
the finest subsample. However, in the work of Fernandez-Martinez et al. (2006), a large
part of Hg comes from the condensation of vapors in the chimney of a metallurgical plant

(Hg"), so it is reasonable that it was concentrated in the finest particle-size subsamples,
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associated to the clay minerals. Whereas, in this work the speciation of Hg in a well-
structured mineral form, coming from river floodings, may partially explain its presence
in the sand fractions.

Moreover, the concentration of organic carbon is higher in the coarse sand fraction (as
well as in the clay fraction), suggesting the possibility that Hg could be even bound to
organic matter in the coarse sand fraction.

Besides, several works have demonstrated that non-cinnabar fractions may accumulate in
fine grained particles, while cinnabar is more present in coarse grain materials (e.g.
Biester et al., 2000; Tersic et al., 2011a).

Therefore, regardless of the total Hg concentration in the granulometric fraction, the
speciation and thus the mobility of this element in each size-fraction could be different.
Meaning that e.g. the 18.8 mg kg! Hg in the clay fraction may result to be more prone to
mobilization than the 38.6 mg kg™! Hg present in fine sand.

Indeed, regarding the Hg fractionation among the different granulometric fractions, in the
clay fraction, 65% of Hg is just extracted in the first step of extraction compared to 46%
(coarse sand), 20% (fine sand), 26% (silt) (Table 4.9). Whereas, the residual fraction
accounted only to 9%. This means that Hg extraction was more complete in the clay
fraction, compared to the other particle size fractions where 32% (coarse sand), 49% (fine
sand) and 46% (silt) cannot be extracted (Table 4.9). The amount of Hg in the sulfide
fraction is quite similar in all the fine fractions: 27% in fine sand, 29% in silt and 26% in
clay. From this data it could be argued that the dimension of particles (fine particles)
influences the amount of leachable Hg rather than HgS or, in other words, that the clay
fraction contains easier leachable Hg compounds then sand fraction. This is in agreement
with literature. Indeed, Fernandez-Martinez et al. (2006), who performed a SEP after
particle size analysis, observed a higher Hg mobility in the subsamples with the finest
grain size.

Moreover, the easier leachability of Hg in the clay fraction could be related to the organic
carbon concentration (13.9 g kg!) further suggesting the presence of organic bound Hg
in this fraction.

Accordingly, data from SEP are in agreement with literature, indeed, it has been found
that Hg mobility markedly tends to increase when the grain-size decreases. Whereas, the
coarsest subsamples accumulate a higher proportion of nonmobile Hg. This suggests that

cinnabar particles, which show a great stability, may be present mainly in these

96



Results and Discussion

subsamples. On the other hand, Hg in the finest subsamples is more prone to mobilization.
This higher reactivity is caused by the adsorption of Hg?* or Hg® on clay surfaces or iron
(hydr)oxides, favored by the high contact surface of these subsamples as a consequence
of their small grain-size.

Finally, in this soil, the Hg mobility due to physical dispersion seams to predominate over

the chemical dispersion.

97



Results and Discussion

Table 4.9. Sequential extraction procedure (Lerchler, 1999) from soil C31 and its particle-size fractions.

Texture Fraction Soil Coarse Fine Sand Silt Clay
Sand
mg kg! % mg kg! % mg kg! % mg kg! % mg kg'! %

SEP Fraction

Total Hg (AMA) 33.2 6.7 38.6 437 18.8
F1 Volatile (180 °C) 8.5 +0.9* 256 3.1+0.7 46.4 79+£19 20.5 11.6+1.5 26.6 122402 64.9
F2 Exchangeable 0.1£0.02 0.3 0.1 £0.01 2.0 1.1£0.2 2.8 0.04 £ 0.00 0.1 0.03£0.00 02
F3 Strongly bound <d.L 0.03 <d.lL 0.0 <d.L 0.1 <d.L 0.01 <d.L 0.03
F4 Organic <d.lL 0.03 <dlL 0.1 <d.l 0.1 <d.l 0.03 <d.L 0.1
F5 Sulfide 11.0£1.3 332 1302 19.2 10.6+£1.3 27.4 125+14 28.8 48+04 25.7
F6 Residual 13.6£3.1 409 22+1.8 322 19.0£6.9 49.3 19.5+43 44.6 1.7£0.6 9.1

* standard deviation (n=3)
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4.2.2. Hg speciation through three steps Sequential Extraction

Procedure

Table 4.10. shows thermal desorption of Hg® at 80 °C, exchangeable, organic bounded
and residual Hg extracted from Fossalon soil (sampling point C31, 0-40 cm deep and 40-
60 cm deep). Figure 4.3 and Figure 4.4 show Hg extracted in each leaching solution. The
bulk of the contamination is extracted in the residual fraction, while the easier mobile

fractions, Hg’, soluble/exchangeable, organically bounded, are much less represented.

Table 4.10. Hg" concentration desorbed from Fossalon soil at 80 °C, soluble plus excangable Hg, OM-
bound Hg, resaidual Hg, total Hg.

SEP Fraction 0-40cm horizon 40-60cm horizon

Hg (pgkg™) % Hg (ngkg™) %
Elemental Hg (80 °C) 542.3 13 1725.3 3.7
Soluble + EXC 26.3 0.1 8.0 0.02
OM bounded 337.5 0.8 406.5 0.9
Residual (AMA) 42727.1 93 4 37595.5 0.0
TOTAL AMA 39895.5 47008.9
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4.2.3. Hg speciation according to Han et al.

This SEP was chosen based on the evidence that matrix substrate characteristics of Han
et al. (2006) work were closer to the samples under study. Moreover, to check reliability
of this procedure, another sample with different source of contamination was
investigated.
This SEP was performed in parallel on Fossalon soil (sampling point C13, 0-40 cm deept)
and on Banduzzi sediment.
Data in Table 4.11 are shown as total Hg concentrations in soil leachates:

1. soluble plus exchangeable (EXC-Hg);
easily reducible oxides or Mn oxides (ERO-Hg);
organic matter (OM-Hg);
amorphous Fe oxides (AmoFe-Hg);
crystalline Fe oxides (CryFe-Hg);

A O e

residual, non-cinnabar Hg fraction (RES-Hg)

7. cinnabar Hg (HgS).
An additional step was added in this work, consisting of a total Hg analyses (by AMA)
on the soil remained after the seventh extraction step. This measurement was added
because the sum of Hg extracted from the seven SEP was not able to account for the
concentration of Hg measured on the soil before extractions. Indeed, it has been found
that the Hg still present in the residue after SEP accounted for almost 43% in Fossalon
soil and only 0.34% in Banduzzi sediment.
It is possible to rise the hypothesis that the soil to extractant ratio suggested by Han et al.
(2006) was not sufficient to guarantee the complete dissolution of the high concentration
of HgS in the Fossalon soil. This problem was not found in the Banduzzi sediment
because the composition of Hg fractions was completely different.
This fractionation (Table 4.11, Figure 4.5) revealed that, in Fossalon soil Hg was mainly
present in HgS phase, as well as in the last residue (34% and 43%). Residual non-cinnabar
Hg species were the second most abundant fraction present in soil (14%). While, the
mobile fraction represented a much lower contribution to the total Hg content.
Contrariwise, in Banduzzi sediment the most abundant fraction is OM-Hg (69%),
followed by ERO-Hg (14%).
Hg found in the organically bound (H2O2- oxidizable) fraction may arise from three

Sources:
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e the real organically bound Hg,

e partially extraction of Hg’,

e apossible Hg release from partial oxidization of HgS by H>O> (Han et al., 2006).
Although the Hg fraction in the mobile phase generally did not exceed 0.09% of total Hg,
given the high contamination of samples this fraction may still represent significant
amounts of bioavailable Hg.

Additionally, although the more mobile Hg fractions are not identical to in situ pore water
concentrations, it can be used as a first indicator for potential groundwater pollution or
risk of metal leaching from soils.

Admissible limit for drinkable waters in Italy is 1 pg 1''; EEC Regulation no. 80/788,
converted to Italian law DPR 236, thus this soil does not represent a risk for leaching of
pollutants in groundwaters.

However, considering that the soils in Fossalon are predominantly used for agricultural
purposes, the presence of mobile and toxic Hg species, even in low concentrations, may
be of concern. Indeed, because of the agricultural practices, these soils are subjected to
human influence, including oxidation, by appropriate drainage and the application of
fertilizers (Reis et al., 2010).

The recovery defined as the sum of extracted Hg fractions divided by the independently
determined total Hg concentration is 91%, of which 34% is extracted in the HgS fraction
alone.

Whereas, the recovery of extracted Hg from the sediment is 99%, of which 69% is
extracted in the Organic Matter fraction (OM) alone.

These different recoveries can be explained by two aspects:

e soil complex structure make sample homogeneity and representativity more

difficult to achieve;

e soil complex structure provides many different complexing site for Hg (well-
structured mineral and organic aggregates) from which it could be difficult to
scavenge.

Indeed recoveries far from 100% can be explained by the heterogeneity associated with
soils. Because Hg is not homogenously present in soil, it is likely that the aliquot taken
for total Hg analysis does not have exactly the same Hg content as the one taken for Hg
fractionation, despite the fact that each sample was thoroughly homogenised prior to

analysis.
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Another reason could be the loss of volatile Hg during the extracting process. The same
problem was observed by Kocman et al. (2004). This recovery is, thus considered
satisfactory.

Therefore, these results show that the H,O»-oxidizable Hg fraction (organically bound
Hg) was the major solid-phase fraction in the Banduzzi sediment, while cinnabar fraction
was the major solid phase fraction in Fossalon soil.

Different speciation between the soil and sediment is easily explained considering the
different type of sample matrix and consequently strength of Hg bounds, as well as
different source of pollution.

Indeed the Idrijca and the Soc¢a-Isonzo rivers supply suspended material, mainly cinnabar
particles in coarse grained material and organically bound Hg in fine grained material.
This material has contaminated bank soils mainly during floodings (Biester et al., 2000).
Whereas the sediment from Banduzzi channel, has been contaminated due to metallic Hg,
used as electrode to separate sodium and chlorine from brine. In addition, at the same
industrial site, cellulose was produced from cane (4Arundo donax sp), which enriches
sediments with organic carbon. Thus, these results are in agreement with previous studies
on sediments of Grado marano lagoon. Piani et al. (2005) shown that, the most abundant
Hg fraction in Idrijca-Isonzo river system is cinnabar, whereas the main Hg fraction
transported by Aussa-Corno River system is organically bound Hg, which is potentially

bioavailable.
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Table 4.11. Hg concentration in SEP extracts.

SEP Fraction  Fossalon soil Banduzzi sediment

Hg (ngkg™) % Hg (ug kg™) %
EXC <d.L 0 222 +19 0.09
ERO 3.8+0.11° 0.01" 32300 + 870 13.44
oM 10.3+0.25 0.02 165000 + 21000 68.65
AmoFe 16.8 +4.1 0.03 19200 + 300 7.99
CryFe 38+5.9 0.08 10330 + 156 4.30
RES 7043 + 346 13.93 9850 + 140 4.10
HgS 17162 + 1605 33.93 167 +5.8 0.07
Residue (AMA) 21679 + 1450 42.86 823 0.34
Total extracted 45954 +2322 90.86 237892 98.98
TOTAL AMA 50579 + 10967 240342 +£21021

* + standard deviation (n=3);
** percentage of recovery in each extracting step, and in the whole SEP, related to total Hg

analyzed with AMA.
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Figure 4.5. Percentage of Hg extracted in each SEP fraction.
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4.3.COMBINATION OF SOIL MERCURY THERMAL
DESORPTION CURVES AND SEQUENTIAL EXTRACTIONS

Hg solid thermal fractionation has been widely applied, both in soil as in sediments
(Biester et al., 2000; Piani et al., 2005; Gosar et al., 2006; Tersi¢ et al., 2011a; 2011Db).
However, a major problem of fractionation protocols is the lack of selectivity, meaning
that it is only possible to distinguish operationally defined groups of compounds e.g
“matrix-bound” Hg, not a single specie.

In fact, according to present knowledge, matrix components are known to exist as organo-
mineral complexes. (Biester et al., 2000). Previous studies have shown that Hg pyrolysis
combined with atomic absorption detector allowed to distinguish cinnabar from “matrix-
bound” Hg also defined as non cinnabar compounds (Biester and Scholz, 1997). But,
peaks overlapping among Hg bound to chloride, organic compounds and metal oxides
remains an unresolved question.

In order to separately identify Hg species within the group of “matrix-bound” Hg, thermo-
desorption measurements was performed after each SEP step.

In Figure 4.9 till Figure 4.30 the results are shown as graphs (thermo-desorption curves)
of temperature versus the relative intensity of Hg peaks. Before elaboration, intensity
outputs were divided with sample weight, to enable comparison of the results.

Pure Hg compounds (HgS, HgCl,, HgSO4) alone as well as mixture with silica and
Gypsum, are measured as standards, to check released temperatures (Figure 4.6, Figure
4.7, Figure 4.8, Figure 4.9, Figure 4.10, Figure 4.11, Figure 4.12, Figure 4.13, Figure
4.14).

The different temperature release of Hg compound in presence of different substrates

highlights the importance of matrix effect in TD curves interpretation (Sedlar, 2014).
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Figure 4.6. Thermo-desorption curve of Standard of HgS pure. Released temperature is plotted versus

intensity/weight ratio.
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intensity/weight ratio.
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Figure 4.8. Thermo-desorption curve of Standard of HgSO4 pure. Released temperature is plotted versus

intensity/weight ratio.
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Figure 4.9. Thermo-desorption curve of Standard of HgS plus SiO;. Released temperature is plotted versus

intensity/weight ratio.
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Figure 4.10. Thermo-desorption curve of Standard of HgCl, plus SiO;. Released temperature is plotted

versus intensity/weight ratio.
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Figure 4.11. Thermo-desorption curve of Standard of HgSO4 plus SiO:. Released temperature is plotted

versus intensity/weight ratio.
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Figure 4.12. Thermo-desorption curve of Standard of HgS plus Gypsium. Released temperature is plotted

versus intensity/weight ratio.
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Figure 4.13. Thermo-desorption curve of Standard of HgCl; plus Gypsium. Released temperature is plotted

versus intensity/weight ratio.
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Figure 4.14. Thermo-desorption curve of Standard of HgSO4 plus Gypsium. Released temperature is plotted

versus intensity/weight ratio.

Thermo-desorption curves of native samples and of residues left from each extracting
step are shown in Figure 4.15, Figure 4.16, Figure 4.17, Figure 4.18, Figure 4.19, Figure
4.20, Figure 4.21, Figure 4.22, Figure 4.23, Figure 4.25, Figure 4.26, Figure 4.27, Figure
4.28, Figure 4.29, Figure 4.30. The residues shown are: soluble plus exchangeable (EXC-
Hg); easily reducible oxides or Mn oxides (ERO-Hg); organic matter (OM-Hg);
amorphous Fe oxides (AmoFe-Hg); crystalline Fe oxides (CryFe-Hg); residual, non-
cinnabar Hg fraction (RES-Hg) and cinnabar Hg (HgS).

Hg released pattern of native soil is shown in Figure 4.15. It can be discern two peaks
corresponding to two main fraction. The peak 1 has the maximum at 214.3 °C. The peak
2 has the maximum at 320.4 °C. The higher peak, the second one, is reasonably imputable
to HgS, the first one can be initially, more generally defined as “matrix bound Hg” (e.g.
Biester et al., 1999; Gosar et al., 2006).

Temperature release of HgS standards are between 273-310 °C, however the matrix is

different from samples, thus they are difficult to compere.
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Figure 4.15. Thermo-desorption curve of Fossalon Soil. Desorption temperature is plotted versus

intensity/weight ratio.

Sediment sample show out a different release pattern, in which the highest peak is the
first one (252.3 °C), whereas the second one (330.1 °C) is smaller and less discernable
(Figure 4.16). Likewise the soil, the two peak of sediment can be define as “matrix bound
Hg” and HgS respectively. However, unlike the soil, the sediment have a higher

proportion of total Hg in the matrix bound fraction than in the HgS fraction.
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Figure 4.16. Thermo-desorption curve of Banduzzi Sediment. Desorption temperature is plotted versus

intensity/weight ratio.

The released pattern of the residue left from EXC-Hg and ERO-Hg extraction of Fossalon
soil shows out no relevant differences from native soil (Figure 4.17 and Figure 4.18).
Indeed, the two peaks have quite the same temperature and height (see also Table 4.12).
After the extraction of organically bounded Hg, OM-Hg residue, the peak 1 (214.6 °C)
has similar temperature of the other fractions and native soil, but peak height is
considerable smaller than peak 1 of the previous extracting step (Figure 4.19).

No differences can be seen among TD curves of OM-Hg residue, AmoFe-Hg residue and
CryFe-Hg residue (Figure 4.19, Figure 4.20, Figure 4.21).

TD curve of Res-Hg residue as the peak 2 with invariable temperature and height, but
before 300 °C three different fractions appear at different temperature. The peaks are not
easily discernable, but they raise at temperature between 100-200 °C (Figure 4.22).

Is not easy to attribute these peaks to specific Hg compounds, it could be argued that the
decomposition process affect complexed minerals structure of soil (e.g. metal oxide, or
HgS) in a way that smaller, degraded, disordered structures have lower released
temperatures. This behavior could even be due to a multistep breakdown of the cinnabar

lattice, which explains the succession of “small peaks”. In fact, HNO3 must be used very
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carefully because some oxidizing gases produced by the traces of chloride in concentrated
HNO3 may result in the dissolution of HgS (Mikac et al., 2003)

Moreover, a little part of these degraded mineral could be further reduced to Hg’ (which
could hypothetically decompose at 100 °C).

TD curve of the last residue (Figure 4.23), after the application of the whole SEP, shows
out still two peaks: peak 1 at 206.3 °C and peak 2 at 327.6 °C. The released temperatures
i1s comparable to those of native soil. However, the height of the first peak is comparable
with those of OM-Hg, Amo-Fe, Cry-Fe, whereas the height of peak 2 is 10 times smaller
than the previous extraction.

In summary, the peak 1 shows a significative decrease after OM-Hg extracting step, the
peak 2 after HgS extracting step, without complete. In addition RES-Hg extracting step
give rise to other new peaks. In Fossalon soil sample the majour difference beetween the
two peaks is in OM-Hg. Meaning that in this step, in relative terms, it has been extracted
the majour portion of “matrix bound” Hg fraction.

Comparing these results with the wet chemistry extraction (Table 4.11), it could be seen
that only the 0.02% of the total concentration is extracted in OM step, thus even that the
first TD fraction is actually organic bounded Hg, it is a much less represented fraction.
Moreover, after the extraction of HgS (34% of the total concentration), the 43% of Hg

remains un-extracted and gives raise to the peak in the last TD residue measurement.
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Figure 4.17. Thermo-desorption curve of Fossalon Soil after EXC-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.18. Thermo-desorption curve of Fossalon Soil after ERO-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.19. Thermo-desorption curve of Fossalon Soil after OM-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.20. Thermo-desorption curve of Fossalon Soil after AmoFe-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.21. Thermo-desorption curve of Fossalon Soil after CryFe-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.22. Thermo-desorption curve of Fossalon Soil after RES-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.23. Thermo-desorption curve of Fossalon Soil after HgS extracting step. Desorption temperature

is plotted versus intensity/weight ratio.

TD analysis of Banduzzi sediment raises 2 peaks: one discerned peak at 252.3 °C and a
second peak at around 330.1 °C, a very broad peak (Figure 4.16). The same as TD curve
pattern of EXC-Hg residue (Figure 4.24).

In the ERO-Hg residue it can be already observed a decrease in intensity of both peaks
(Figure 4.25).

This decrease is in agreement with results obtained from the analysis of leachates: in the
EXC-Hg leachate of Banduzzi sediment only 0.1% of total Hg is extracted, whereas in
ERO-Hg it is extracted 13% of total concentration (Table 4.11).

The most evident difference of all extracting phases, it can be seen between ERO-Hg and

OM-Hg (Figure 4.25 and Figure 4.26).

Indeed, TD curve of OM-Hg residue has one peak at 198.2 °C, with an intensity of 7181,
and the second peak raises at 225.1 °C and it is 8452 height, therefore it shows a decrease
in the released temperature of both peaks, as well as a decrease in intensity of the peak 1.
Also this TD pattern is in agreement with leaching test: OM-Hg step of SEP has extracted

in solution the 69% of the total content.
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In TD measurement of AmoFe-Hg residue as well as CryFe-Hg residue (Figure 4.27,
Figure 4.28) the released temperature remains the same as the previous phase and less

than native sediment, and also intensity has no changes.

Another important difference it can be seen in TD curve of RES-Hg (Figure 4.29). One
new peak at 51.2°C appears. The peak at around 250 °C disappears, and the peak at 170.9

°C is much smaller than the corresponding peak of previous steps.

After the performance of the whole SEP, the HgS residue shows out no peaks (Figure
4.30).

Even this observation is in agreement with wet chemistry, indeed in HgS step was
extracted the 0.07% of total Hg, whereas in the last residue only 0.34% of the total
concentration remains un-extracted. This explains the smoot line of last TD measurement
(Table 4.11).

In summary, in Banduzzi sediment the difference between the two peaks is biggest in
OM-Hg extracting step, meaning that in this step it has been extracted the majour portion

of the first peak, “matrix bound Hg”.
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Figure 4.24. Thermo-desorption curve of Banduzzi Sediment afterEXC-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.25. Thermo-desorption curve of Banduzzi Sediment after ERO-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.26. Thermo-desorption curve of Banduzzi Sediment after OM-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.27. Thermo-desorption curve of Banduzzi Sediment after AmoFe-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.28. Thermo-desorption curve of Banduzzi Sediment after CryFe-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.29. Thermo-desorption curve of Banduzzi Sediment after RES-Hg extracting step. Desorption

temperature is plotted versus intensity/weight ratio.
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Figure 4.30. Thermo-desorption curve of Banduzzi Sediment after HgS extracting step. Desorption

temperature is plotted versus intensity/weight ratio.

Thermo-desorption curves of residues left from all extracting steps are shown in Figure

4.31 (Fossalon soil) and Figure 4.32 (Banduzzi sediment). The results are shown as
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graphs (thermo-desorption curves) of temperature versus the relative intensity of Hg

peaks.
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Figure 4.31. Thermo-desorption curves of Fossalon soil residues left from each extracting step. soluble
plus exchangeable (EXC-Hg, black line); easily reducible oxides or Mn oxides (ERO-Hg, pink line);
organic matter (OM-Hg, red line); amorphous Fe oxides (AmoFe-Hg, green line); crystalline Fe oxides
(CryFe-Hg, blue line); residual, non-cinnabar Hg fraction (RES-Hg, yellow line) and cinnabar Hg (HgS,

brown line).
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Figure 4.32. Thermo-desorption curves of Banduzzi sediment residues left from each extracting step:
soluble plus exchangeable (EXC-Hg, black line); easily reducible oxides or Mn oxides (ERO-Hg, pink line);
organic matter (OM-Hg, red line); amorphous Fe oxides (AmoFe-Hg, green line); crystalline Fe oxides
(CryFe-Hg, blue line); residual, non-cinnabar Hg fraction (RES-Hg, yellow line) and cinnabar Hg (HgS,

brown line).

Figure 4.33 and Figure 4.34 shows the ratio between the two main peaks discernable in
graphs. Peak 2 is divided with peak 1. Where peak one corrispond to peaks at about 200-
250 °C, and peak 2 at around 280-330 °C. This ratio emphasize the difference between
the two main peaks. Thus, as it can be seen, the major variation for Fossalon soil sample
is in OM-Hg, Cry-Fe-Hg and AmoFe-Hg in descending order. While the majour variation

for Banduzzi sediment is markly in OM-Hg fraction.
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Table 4.12. Peak parameters of Fossalon Soil (peak height, released temperature, height of peak 2 vs height
of peak I ratio).

Sample/SEP Peak 1 Peak 2 Ratio
temperature | height temperature | height
°C mV g’! °C mV g!
Native soil 214.35 1596.74 320.44 13097.50 8.20
EXC-Hg 222.21 2813.42 326.28 13963.82 4.96
ERO-Hg 218.36 2355.62 326.28 15876.36 6.74
OM-Hg 214.64 397.23 304.32 12276.19 30.90
AmoFe-Hg | 218.08 570.11 313.87 12201.58 21.40
CryFe-Hg 210.89 775.87 295.21 18369.73 23.68
RES-Hg 224.54 975.83 327.58 15067.38 15.44
HgS 206.34 472.77 327.58 1404.52 2.97

Table 4.13. Peak parameters of Banduzzi Sediment (peak height, released temperature, height of peak 2 vs
height of peak 1 ratio).

Sample/SEP Peak 1 Peak 2 Ratio
temperature | height temperature | height
°C mV g’! °C mV g’!
Native sediment | 252.26 113616.94 | 330.10 27621.80 | 0.24
EXC-Hg 246.68 113884.58 | 328.33 26009.34 | 0.23
ERO-Hg 247.01 9715435 | 330.12 7435.06 0.08
OM-Hg 198.16 7181.25 225.09 8451.80 1.18
AmoFe-Hg 212.98 8059.30 280.02 1691.84 0.21
CryFe-Hg 226.76 7920.97 270.42 2123.99 0.27
RES-Hg 51.22 11306.57 | 170.93 281.72 0.02
HgS - - - - -
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Figure 4.33. Peak ratio of Fossalon Soil (hight of peak 2 vs hight of peak 1 calculate based on the curves

of .desorption temperature plotted versus intensity/weight ratio).
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Figure 4.34. Peak ratio of Banduzzi Sediment (hight of peak 2 vs hight of peak 1 calculate based on the

curves of desorption temperature plotted versus intensity/weight ratio).
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4.3.1. Soil spiking

Fossalon soil (C13 sampling point, 0-40 horizon) was spiked with a solution of Humic
Acids-Hg (HA-Hg) and of Fulvic acids-Hg (FA-Hg) in order to validate the hypothesized
“organic* nature of Hg desorbing at temperatures around 215 °C, corresponding to the
peak 1 of curves observed either in Fossalon soil or in Banduzzi sediment (Figure 4.35).
In Figure 5.35 are shown thermo-desorption curves of Fossalon soil spiked with HA-Hg
and with FA-Hg.

The spike did not change the temperature of peak 2, but in the HA-Hg spiked soil the
relative height of peak 2 decreased significantly. This decrease is not attributed to a
reduction in the HgS fraction, but instead to a significant increase in the height of peak 1
that made a change in the relative height of two peaks.

The peak 1 (220 °C) increased significantly in both HA-Hg and FA-Hg, with a
corresponding slight increase in temperature of peak in the HA-Hg (from 220 to 230 °C).
Peak 1 broadened also evidently: Hg release it is due to chemical interactions between
Hg and functional groups of Humic Acids. Hg is strongly bound to reduced sulfur
functional groups (thiol (R-SH) and disulfide (R-SS-R)/disulfane (R-SSH)) in humic
substances. Furthermore, Hg can bound with oxygen ligands such as carboxyl and phenol
in addition to the reduced S ligands due to the low density of reduced S ligands
(Ravichandran, 2004). The different bound forms have different stability constants, which
lead to different release temperatures.

A new peak between 50 to 60 °C compared in both HA-Hg and FA-Hg spiked soil. This
peak is certainly attributed to elemental Hg form (Hg®). This peak was much higher in
HA-Hg than in FA-Hg confirming the high reactivity of Hg towards matrix and the well-
known reductive potential of humic acids. This behaviour of humic substances on Hg,
confirms what reported by other authors (Yao et al., 2006; Navarro et al., 2008; Tao et
al., 2014).

Indeed, due to complex Hg chemistry and the lack of stability of Hg compounds, the
spiking of samples has to be performed and especially interpreted, very carefully, in the
event that they are used for recovery evaluation.

While the Hg released at around 80 °C in the soil spiked with Fulvic acids-Hg could be

reduced Hg". Indeed these two compounds have the same temperature range release.

126



Results and Discussion

Fossalonsoil ——FA-HgSPIKING ——HA-Hg SPIKING
100

g 2

g

20

Relative intensity of the signal [%]
8 8

10

0o — : - —
0 50 100 150 200 250 300 350 400 450 500 550 600 650 700
Temperature [°C]

Figure 4.35. Thermo-desorption curves of Fossalon soil: soil spiked with Fulvic Acids-Hg and soil spiked
with Humic Acids-Hg.

The combination of multiple methodologies has been demonstrated to be an effective way
to enhance Hg fractionation, especially its interpretation.

Both methodologies suffer of numerous and important drawbacks.

Thermodesorption is strongly affected by matrix effects, as already being demonstrated
by Sedlar (2014) but Hg compounds are also transformed during the course of desorption,
producing new compounds, not present in the original sample, which desorb at
unpredictable temperatures.

Finally, it could be infer that in both soil and sediment “matrix-bound” Hg is principally
bound to organic matter and with a lesser extend to mineral components. Anyway, these
results give only an estimation of the predominant Hg binding form in the investigated
soil and sediment, and further differentiation between Hg sorbed to mineral or organic
components is difficult not only because of methodology limitations, but mainly because
matrix components in soils normally exist as organo-mineral complexes that are hard to
separate. Also, metal organic complexes in soil may be specifically adsorbed onto mineral
surfaces, thus Hg is bound, to a different extend, with both types of components (Schuster,
1991).

This study allowed some conclusions to be drawn about Hg speciation in soils and
sediments. Thermo-desorption cannot be considered a stand-alone tool in Hg

fractionation analysis, because peak overlapping remains an unresolved problem. It can
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be a valid method to investigate thermal behavior of different Hg compounds at high
temperatures, e.g. to assess Hg volatilization during industrial processes (Sedlar et al.,
2015), or it can be used to distinguish between cinnabar and “non-cinabar” Hg.
Conversely, SEP procedure allows a better identification of different Hg species. Since
the different procedures are intentionally developed based on which operationally defined
Hg fractions have to be separated, the procedure has to be carefully chosen according to
sample characteristics and purpose of fractionation, but it allows more specific Hg

binding forms to be distinguished which are not discernable with TD analysis alone.

44 EFFECT OF MINERAL FERTILIZERS ON MERCURY
MOBILITY

Mobility of Hg has been evaluated by thermal-desorption, water extraction and incubation
under oxic and anoxic conditions for 30 days.
The effect of fertilizers has been studied in Fossalon soil (sampling point C13, 0-40 cm

deep.) contaminated due to mining activity.

4.4.1. Effect of mineral fertilizers on Hg thermal stability

Thermal-desorption curves of native soil and the same soil added with urea is reported
Figure 4.36 as an example. Tested fertilizers gave a similar thermal fractionation pattern

as the soil without any treatment and they are all shown in Appendix C.
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Figure 4.36. Thermo-desorption curves of native soil (sampling point C13, 0-40 cm dept) and soil amended

with urea added in solution and incubated in aerobic conditions for seven days.

No significant changes can be attributed; only a slight increase in the relative height of

peak 1 was evident but it is difficult to say to be significant.
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4.4.2. Effect of mineral fertilizers on water extractable Hg

Water leaching test of native soil showed a very low Hg concentration after one and seven
days (0.60 pg kg'). Water leaching test of soil added with fertilizers yeld Hg
concentrations frequently lower than unfertilizer soil; only urea increased Hg solubility
up to 1.32 pg kg (Table 4.14). Thus, the bulk of the contamination is not water soluble

and not easily leachable from soil.

Table 4.14. Concentration of Hg (ug kg™) extracted with water.

Fertilizers addition In solution Solid
Incubation 1 day 7 day 1 day 7 day
Native soil 0.60 + 0.04 0.49 +0.09

Fertilizers

Urea 1.17+0.06 0.54 +0.09 1.32+0.11 0.39+0.01
Ca(NOs):2 0.28 £0.02 0.24 +0.03 0.24+0.03 0.24 +0.03
(NH4)2HPO4 0.29 +0.02 0.45+0.05 0.24 +0.03 0.35+0.04
K2SO4 0.29+0.03 0.39+0.09 0.29 +0.03 0.40 +0.02
Ca(H2PO4)2 0.44 +0.09 0.42+0.03 0.35+0.03 0.40+0.03
KCl 0.38+0.04 0.40 +0.02 0.36 +0.02 0.36 +=0.04
(NH4)2S04 0.25+£0.04 0.31+0.03 0.30+0.04 0.27 £0.03

4.4.3. Effect of mineral fertilizers on Hg solubility under aerobic and

anaerobic conditions

Soils under study are characterized by shallow groundwater and frequent capillary rise.
Therefore, it is worth to study Hg volatilization and solubilization under different redox
changes.

Hg partitioning in solution (ug kg') upon soil incubation in oxic vs anoxic condition, and
as a result of mineral fertilizer addition, is shown in Figure 4.37

Anoxic conditions without any treatment enanched Hg partition in solution, more than
oxic incubation.

Addition of both KCl and urea in oxic conditions make no significant changes, while in
anoxic environment they decreased Hg solubility in comparison to control soil (Figure

4.37).
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Figure 4.37. Mercury concentrations in added liquid solution of the “Reactor” container water in control

soil, soil added with KCI and Urea. Different letters corresponds to significant differences (P<0.05).

Urea has an amino group which is prone to bound with Hg, this complex however may
be soluble in water, it could be argued that urea interacts even with soil compounds.
Salts of chloride are known to solubilize Hg (Schuster, 1999; Grassi and Netti, 2000).
McLeod et al. (1996), in batch and column experiments, demonstrated that some
fertilizers and NaCl solutions can remove most part of the Hg sorbed to the sediments.
But in this experiment KCI did not increase Hg solubility. In anoxic condition, it played
an important role in inhibiting Hg dissolution.

It can be argued that the different Hg speciation as well as soil characteristics make it

tightly bound to soil.

4.4.4. Effect of mineral fertilizer on mercury volatility under aerobic

and anaerobic conditions

The reduction of Hg?" to Hg" and its further volatilization are very important surface
processes in terrestrial environments because they can regulate much of the Hg load to
the atmosphere.

Figure 4.38 shows the quantity of Hg collected in the “trap” over the whole period of
incubation (first period of 15 days in red color, additional 15 days in orange color).

In all treatments the most part of Hg volatilized during the first 15 days of incubation. Hg
reduction and volatilization from control soil was higher in anoxic incubation than in the

oxic one, as expected, similarly eppened for soil trated with mineral fertilizers.
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Considering the Hg volatilized during the first 15 days of incubation, the addition of urea

significantly reduced Hg volatilization.
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Figure 4.38. Mercury concentrations in oxidizing solution of the “Trap” containerin oxidizing solution in
control soil, soil added with KCI and Urea. Different letters corresponds to significant differences

(P<0.05).
4.5.EFFECT OF ORGANIC FERTILIZERS ON MERCURY
MOBILITY

4.5.1. Effect of organic fertilizers on Hg thermal stability

Figure 4.39 and Figure 4.40 compares thermos-desorption curves of native soil with the
same soil added with peat and digestate respectively. No important changes in thermal
fractionation pattern can be observed, but a slight increase in relative high of peak 1 was
observed in soil treated with both organic amendments (peat and digestate). It is difficult

to say that these changes are significant.
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Figure 4.39. Thermo-desorption curves of Fossalon soil and soil amended with peat and incubated in

aerobic conditions.
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Figure 4.40. Thermo-desorption curves of Fossalon soil and soil amended with digestate and incubated in

aerobic conditions.

4.5.2. Effect of organic fertilizers on water extractable Hg

Water solubility test of native soil as well as soil treated with amendments in aerobiosis

yield Hg concentration below 0.5 ug kg' (Table 4.15). Thus, the bulk of the
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contamination is not water soluble and not easily leachable from soil, and these two

amendments did not change the solubility of Hg.

Table 4.15. Concentration of Hg (ug kg) extracted with water.

Fertilizers addition In solution
Incubation 1 day 7 day
Native soil 0.60 +0.04 0.49 £0.09
PEAT 0.49 +0.04 0.37+0.03
DIGESTATE 0.50 +£0.05 0.41+0.03

4.5.3. Effect of organic fertilizers on Hg solubility under aerobic and

anaerobic conditions

Figure 4.41 shows Hg content in liquid phase of the “reactor” container, as well as Hg
partition in solution in oxic soil incubation.

Anoxic soil (without any treatment) enhanced the Hg partitioning into liquid phase up to
414 pg kg!, respect to soil in oxic conditions.

Poultry addition enhanced Hg solubilization, both in oxic as in anoxic environment.
Whereas, compost and humic acids enhanced Hg solubilizzation in oxic condition and
decreased Hg solubilization in anoxic conditions.

It can be raised the hypothesis that poultry manure is able to complex Hg and keep it in
solution, while compost and humic acids does not interact much with Hg in this soil, or
they interact in a way that keep Hg bound to the solid phase.

Large and complex structures may not be able to interact with Hg inside the solid phase

(Stallings, 2013).
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Figure 4.41. Mercury concentrations in added liquid solution of the “Reactor” container water in control
soil, soil added with Poultry manure, Compost and Humic Acids. Different letters corresponds to significant

differences (P<0.05).

4.5.4. Effect of organic fertilizers on mercury volatility under aerobic
and anaerobic conditions
Control soil shows higher volatilized Hg in anoxic conditions compared to oxic ones.
While, when organic amendments are added, different results are highlight in oxic vs
anoxic condition. Indeed, in oxic conditions poultry manure, compost and humic acids
are able to reduce Hg and enhance its volatilization. But in anoxic conditions they are not
able to reduce Hg with the same magnitude. On the other hand, volatilized Hg was lower

using poultry manure, compost or humic acids under anoxic condition.
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Figure 4.42. Mercury concentrations in oxidizing solution of the “Trap” containerin oxidizing solution in
control soil, soil added with Poultry manure, Compost and Humic Acids. Different letters corresponds to

significant differences (P<0.05).

It could be hypnotized that Hg, or substrate at which it is bound (i.e. organic matter,
sulfur) are effectively oxidized in the presence of oxygen and make free in solution, where
Hg can then be reduced by amendments. Whereas, in anoxic condition Hg remains tightly
bound to solid surfaces, therefore can not be subjected to reduction.

Organic amendments are able to interact with Hg in oxic environment, while in
anaerobiosis molecular structures are transformed in a way that they can not act as a
reductant for Hg and may react with other species.

Organic amendments like poultry and compost can be also a growing substrate for
microorganisms, which can reduced directly Hg, or indirectly by decomposing organic
material an generating reductants. These mecrorganisms may be active in aerobic
environments.

Poultry manure is mainly composed by uric acid, which may directly act as a reducing
agent for Hg.

Humic substances are known to participate in redox reactions with elements in soil such
as Fe, Mn, Hg. Nevertheless, few direct measurements of their redox properties, such as
the formal electrode potential Eho, have been reported. Standard IHSS humic acids from
three sources were observed to participate in electron-transfer reactions at pH 5 with the

formal electrode potential of 0.78 V (Figure 4.44). However, the origin of the HA samples
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and, accordingly, their elemental and functional group composition, as well as
environmental condition such as pH, determine oxidation capacity, which varied
substantially.

Moreover, Scott et al. (1998) have reported that humic acids with more aromatic character

also have greater electron-accepting capacity.

4.6.EFFECT OF ROOT EXUDATES ON MERCURY MOBILITY
4.6.1. Effect of root exudates on mercury solubility under aerobic and
anaerobic conditions
With the addition of root exudates in anoxic condition a significant decrease of Hg in

solution is highlighted for all root exudates tested, whereas in oxic soil glutathione and

malate increased Hg dissolution (Figure 4.43).
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Figure 4.43. Mercury concentrations in added liquid solution of the “Reactor” container water in control
soil, soil added with L-Glutathione, L-Aspartic acid, Gallic acid, Malic acid. Different letters corresponds
to significant differences (P<0.05).

As it can be seen from Figure 4.44, glutathione is the only compound tested heaving an
SH- functional group. Therefore, it can be argued that it has the strongest affinity with
Hg.

Hg?", a soft, or B-type, metal cation, reacts readily with soft bases, of which inorganic
sulfide (S?) and organic thiolate (RS-) are most favorable (Haitzer et al., 2002). Weaker

associations between Hg?" and harder bases such as N- and O-bearing organic functional
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groups (RCN-, RCOO-) can also be formed (Skyllberg, 2008; Slowey, 2010). Therefore,
among this molecules, glutathione may have the highest binding capacity because of it’s
SH- functional group, which is not present in the other molecules.

Indeed, the importance of the thiol ligand in glutathione for copper complexation was
shown by Leal et al. (1999) and Tang et al. (2001). A relation between glutathione and
dissolved Hg has not yet been reported, though strong affinity between thiols and Hg
suggests that glutathione can be an important Hg-binding organic ligand. This hypothesis
is supported by the high concentration ratio of glutathione to Hg (~1000) in seawater
(Han, 2004).

According to Dyrssen and Wedborg (1991), Hg-thiol complex should be a dominant
specie of dissolved Hg as long as sulfide concentration does not highly exceed thiol
concentration based on the higher stability constants of Hg-thiol species than those of Hg-
sulfide species (Hg®" + 2SH™ = Hg(SH).: Log K = 37.7; Hg** + 2RS = Hg(RS)2: Log K
=41.6).

However, depending on the reaction conditions, such as concentration of DOM,
concentration of sulfide, and pH, the competition between the organic-Hg and sulfide-Hg
complexes can occur. Evidences supporting a possible competition between sulfide and
DOM species for Hg are provided by the inhibition of DOM from the nucleation of
metacinnabar and by the enhanced dissolution of cinnabar in the existence of DOM

(Ravichandran et al., 1998; 1999; Ravichandran, 2004).
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Figure 4.44. Redox Ladder, values of Eh for the oxidation of substances used in this work.

Malate solubilized Hg possibly by altering pH condition and promoting colloidal
mobilization of soil particles. Indeed, a lot of research has been carred out about LMW
organic acids (malonic acid, oxalic acid, citric acid) enhanced colloid-facilitated Hg
transport in tailings and contaminated soils (Slowey et al., 2005a; 2005b; Shaw et al.,
2001).
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Therefore, four hypothesis may be drown to explain mechanisms involved in the Hg
partitioning into liquid phase:

1. Hg complexation by functional groups (e.g. —SH) of small organic molecules.

2. Partial decomposition of organic matter, that may lead to the formation of small
more soluble organic molecules (Ravichandran, 2004).

3. Microbial activity in anoxic soil, which may produce Methyl-Hg (CH3Hg"),
(Frohne et al., 2012). It is therefore of primary importance to check the possible
presence of CH3Hg" in the solution.

4. Sulfide oxidation, which lead to the formation of HgSOj4 that is more soluble
(Holley et al., 2007).

4.6.2. Effect of roots exudates addition on mercury volatility under

aerobic and anaerobic conditions

In oxic conditions, no changes are highlighted with the addition of all root exudates in
comparison with control soil (Figure 4.45).

In anoxic condition, the addition of root exudates enhanced Hg volatilization, moreover,
in contrast with the other amendments tested, malic and aspartic acids lead to greater Hg

volatilization even in the second period of incubation (15-30 days).
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Figure 4.45. Mercury concentrations in oxidizing solution of the “Trap” containerin oxidizing solution in
control soil, soil added with L-Glutathione, L-Aspartic acid, Gallic acid, Malic acid. Different letters

corresponds to significant differences (P<0.05).

Gallic acid (3,4,5- trihydroxybenzoic acid) is a natural phenolic compound which can
generate a well defined reduction peak at around -1.04 V (versus Ag/AgCl) in 0.1 M
borax buffer solution (pH 7.53) (Abbasi et al., 2011).

As it can be seen in Figure 4.44 the Eh values indicate that electrons can spontaneously
pass from gallic acid as well as humic acids to Hg. In other words, the reduction of Hg
by gallic acids is favorable.

Moreover, it can be also observed that gallic acid has an aromatic ring which is well
known to act as an electron donor (Abbassi et al., 2011; Waples et al., 2005). Despite that,
this experiment shows no effect of gallic acid on Hg volatility. Maybe gallic acid is not
able to interact with Hg in the conditions under study. It can be hypothesized that Hg have
to be solubilized first by other complexsing agents, as is the case of glutathione and
malate.

Glutathione and malate can promote Hg volatilization even thought that the redox
potential is lower than Hg. Probably they can enhanced Hg solubilization through
complexation first, afterwards Hg get free in solution is prone to be reduced by other
species presented or formed in an anoxic soil e.g. Fe(Il). Electron transfer at the
magnetite-water interface involves direct interactions between the Hg(II) and structural
ferrous iron as free electrons are not readily transferred into aqueous solution. Adsorption

sites are one location where reduction of metal ions can occur. Then the adsorbed Hg(II)
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interacts with magnetite surfaces by accepting electrons from Fe(Il) in the magnetite
structure (Wiatrowsky et al., 2009)

These results are as expected, because it has been demonstrated that the dissolution of Hg
as well as cinnabar occurs under anoxic conditions and it is enhanced substantially in the
presence of organic matter (Ravichandran et al., 1998; Waples et al., 2005). Moreover,
amounts and rates of Hg released from cinnabar over 10 h in the presence of organic
matter samples were correlated with the aromaticity of the organic matter (Waples et al.,
2005). These authors hypothesized that redox sensitive aromatic moieties within the
organic matter played a role in the mechanism of Hg release from HgS. However,
surphace contact is need.

Under anoxic conditions and at near neutral pH, various metal oxides have been shown
to dissolve more rapidly in the presence of redox compounds such as hydroquinones,
resorcinols, methoxy aromatics, mono-substituted benzoic acids and non-aromatics
(Stone and Morgan, 1984). For example, the dissolution of manganese (III & IV) oxides
was enhanced in the presence of hydroquinone and ascorbate (Stone and Morgan, 1984).
Dissolution of Hg may depend not only upon the redox reactivity of the organic matter,
but also on the type of redox environment in which both organic matter and cinnabar
reside. Indeed, aromatic moieties may simultaneously exist in multiple redox states within
the same organic matter fraction and the overall contribution of reduced vs oxidized
components changes according to redox potential of environment.

Clearly, Hg reactivity is complicated by the oxidation-reduction reactions that all species
in soil may undergo.

However, although there is more research on abiotic factors, Hg can also be reduced
biotically. Microorganisms might reduce Hg(Il) either directly, to detoxify their
immediate environment, or indirectly by either decomposing organic matter, or by
converting their substrate into compounds capable of Hg(Il) reduction; e.g. humic and
fulvic acids (Fritsche et al., 2008; Obrist et al., 2010).

Compost and Poultry manure is a metabolic substrate for microorganisms. Carbon pools
are highly dynamic and subject to mineralization processes, but little is known about the
fate of Hg during decomposition. Obrist et al. (2010), performing experiments in oxic and
anoxic laboratory conditions, suggested a possible involvement of microbial reduction of

Hg?* by anaerobes.
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Our observation are supported by previous work that demonstrate an higher Hg
volatilization in anoxic conditions. Obrist et al. (2010) induced changes in CO» respiration
rates and observed Hg flux responses, including inducement of anaerobic conditions by
changing chamber air supply from N2/O2 (80% and 20%, respectively) to pure N».
Unexpectedly, Hg emissions almost quadrupled after O» deprivation while oxidative
mineralization (i.e. CO emissions) was greatly reduced. This Hg flux response to
anaerobic conditions was lacking when repeated with sterilized soils, possibly due to
involvement of microbial reduction of Hg?" by anaerobes or indirect abiotic effects such
as alterations in soil redox conditions.
Therefore the possible hypothesis for Hg release through volatilization are:

1. Abiotic processes, involving reductants such as humic acids, Fe(Il);

2. Microorganisms reduction;

3. Combined biotic and abiotic reduction.
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5. CONCLUSIONS

This work confirmed that soils in the area near the Isonzo river are contaminated by past
mining activity in Idrija (SLO). Indeed the soil survey evidenced the presence of past-
buried sedimentary horizons originated from the Isonzo riverbed.

The contamination distribution is coherent with a long-term gradual deposition of
contaminated particulate material. This material is showed to be principally coarse with
cinnabar particles. Mercury is most concentrated in the Silt and Fine Sand texture
fractions as demonstrated by particle size distribution analysis and SEP fractionation.
Moreover, as shown by using the SEP proposed by Han et al. (2006), only the 0.09% of
total Hg is leached in the first extracting step (soluble plus exchangeable Hg): this imply
that there is a little risk of groundwater contamination through leaching, or that all the
leachable Hg has been already leached out.

By using the SEP proposed by Lechler et al. (1997), we demonstrated that,
notwithstanding the Silt fraction presents the highest Hg concentration, this Hg is not
easily mobilizable, being mainly extracted in the residual fraction, while Hg present in
the Clay fraction is for a large part volatilized at 180 °C. It can be deduced that the coarse
grained fractions contain a higher proportion of cinnabar, whereas the finest fractions are
characterized by the presence of colloidal organic Hg compounds.

The second cocnclusion of this work is that thermo-desorption cannot be considered a
stand-alone technique in soil Hg speciation analysis, because peak overlapping of
different Hg species remains an unresolved question, although it can be useful to discern
among elemental Hg, non-cinnabar Hg and cinnabar Hg fractions. Conversely, SEP
allowed a better identification of the different Hg species.

Combining multiple methodologies together is an effective way to enhance Hg
fractionation towards a complete Hg speciation. In fact, coupling TD measurements with
seven steps SEP, the “matrix-bound Hg” was identified. Accordingly, it could be inferred
that in both soil and sediment examined, the “matrix-bound” Hg was principally bound
to organic matter and to a lesser extent to mineral components (i.e. Fe oxides, carbonates,
etc.).

This study provided evidence that Hg solubilization and volatilization in soil is enhanced
by anaerobiosis. Thus, the practical implication is that Hg volatilization can be controlled

by soil aeration by an efficient drainage.
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The application of mineral fertilizers had no significant effect on Hg solubility and
volatility in aerobic conditions, while in anaerobiosis they reduced Hg solubility.
Organic fertilizers enhanced Hg mobilization in aerobic conditions, but not in
anaerobiosis. Particularly, poultry manure, compost and humic acids have shown to
increase both Hg solubility and volatility in aerobic conditions, whereas only poultry
manure increased Hg solubilization in anaerobic conditions.

The root exudates have shown to decrease Hg solubility both in oxic and in anoxic soil
incubation, except for glutathione and malic acid, which increased Hg solubilization. All
the tested root exudates increased Hg volatilization in anoxic soil incubation.

In conclusion, in the investigated soil, the use of mineral fertilizers in aerobic conditions
has no implications on Hg mobility and it is important to mantain soil in aerobic

conditions through an efficient drainage, in order to reduce Hg volatilization.
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Appendix A

APPENDIX A

A.l. RELEVANCE OF MERCURY POLLUTION IN THE
AREA STUDIED

In the northern Adriatic Sea, Marano and Grado lagoons have experienced significant
historic Hg inputs from both mining and industrial sources. Thus, it is and effective
example of different Hg speciation depending on different pollution sources The primary
and long-term source of Hg originates from the Isonzo river outflow that partly affects
the eastern sector (Grado) in the Marano and Grado Lagoon. This latter Hg, primarily in
the form of cinnabar particles from the Idrija Hg mine (Biester et al., 2000), is further
distributed by tidal fluxes (Covelli et al., 2007)

so that it is present throughout the entire lagoon system (Piani et al., 2005). Meanwhile,
the western sector (Marano) of the Marano and Grado Lagoon system has been
contaminated by Hg due to uncontrolled discharge of effluents from a chlor-alkali plant
located in the drainage basin of the Aussa Corno River flowing in the basin (Piani et al.,
2005; Covelli et al., 2009). The industrial plant has been producing cellulose, chlor-alkali
and textil artificial fibres since the 1940s.

Hg in these two lagoon basins is primarily associated with fine-grained sediments,
probably in the form of Hg**, Hg" and Hg® that are weakly adsorbed on the silty-clay
fraction. However, in the Grado sector, as also observed at the Isonzo River mouth in the
Gulf of Trieste (Biester el al., 2000), the sandy component appears significantly enriched
in Hg present as sulphide (HgS). The Hg-rich coarse fraction of the sediment is apparently
comprised of detritic Hg (microcrystalline cinnabar) (Acquavita et al., 2012).
Conversely, non-cinnabar compounds were found to be enriched in fine grained material
and organic matter near the inner margin of the Marano sector and, particularly within
the Aussa-Corno river system (Piani et al., 2005). A speciation technique applied to river
bottom sediments demonstrated the presence of a high percentage (from 64 to 91%) of
Hg(0) as expected considering the large quantity of the metal discharged in this fluvial
system by the industrial plant (Covelli et al., 2009).

Biester et al. (2000) have shown that cinnabar is the predominant form of Hg at the Isonzo
River mouth, whereas organically bound Hg forms, which are mainly associated with fine
particles, are subject to long range transport. Results of Hg thermo-desorption

measurements performed on bottom samples demonstrate that both cinnabar and non-
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cinnabar compounds are present in lagoon sediments and that the relative contribution to
total Hg contents can be assessed.

Almost all samples show curves with two peaks. A first maximum was detected between
230 and 260 °C, which represents Hg released from non-cinnabar compounds such as
humic acids, according to the curves of standard Hg compounds reported by Biester et al.
(2000). Similarly, the second peak (300-350 °C) is related to red cinnabar. As noted by
the same authors, several high narrow Hg peaks usually appear in the curves due to slight
differences in the crystallinity and grain-size of cinnabar, which influences Hg release
temperatures.

Non-cinnabar Hg is relatively more abundant, especially in the lower course of the
tributary streams and in the lagoon just in front of the river mouths. This evidence
confirms that most of the Hg discharged into the Aussa River from the industrial complex
preferentially accumulates in the river itself and in the inner part of the lagoon (Piani et
al., 2005).

The fine grained sediments in the Gulf of Trieste (Covelli et al., 2001) have recorded the
historical evolution of Hg production at Idrija mine through an exponential increase of
metal concentrations since 1800 (although mining activity began in 1496). Between 1850
and 1970 the amount of excavated ore increased as much as the Hg production although
the ore grade decreased from several tens to less than 1%. This activity produced an
increasing amount of mining residues along with an improved efficiency of the roasting
processes, including intensive crushing of the ore, which would have significantly
increased the amount of fine grained material in the mining residues (Biester et al., 2000).
In the Grado and Marano Lagoons sediments both the fine particles and organic matter
play an important role in transferring and accumulating the metal.

In areas where chlor-alkali plants are responsible for Hg contamination of sediments, up
to 70-90% of the total metal in sediments can be associated with easily oxidizable organic
matter, which is easily degraded and may then be released from the substrate (Smith and
Loring, 1981; Gagnon et al., 1997; Biester et al., 2002).Indeed, Hg is preferentially
adsorbed to the finest particles in the form of Hg(II), Hg(I) and Hg(0), due the higher
specific surface area of each particle; although the presence of micro-crystalline cinnabar
cannot be excluded (Covelli et al., 2001).

Presence and abundance of the non-cinnabar component in bottom sediments of some

sampling sites may identify those areas in the lagoon where Hg is present in chemical
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forms that may be more mobile and/or involved in methylation processes. While Hg in
sediments impacted by industrial discharges can be primarily composed of Hg(0) with
some Hg(I) (Piani et al., 2005; Covelli et al., 2009), cinnabar and Hg(0) predominates in
lagoons affected by mining activities (Piani et al., 2005; Covelli et al., 2011). The more
“bioavailable” water-soluble fraction present in all locations constitutes the least
abundant component (<1%) while the organically bonded Hg fraction (humics) seems
more important in the industrially Hg-polluted sediments. This Hg speciation in the
sediment solid phase is probably reflected in the porewater composition leading to
generally low porewater concentrations of dissolved Hg (high Kd) in sites with which Hg

is more thoroughly bound to solid phase (Faganeli et al., 2012)
A.2. IDRIJA MERCURY MINE

Hg has been extracted, mainly, from cinnabar (HgS), although the following are also
phase minerals of Hg: livingstonite (HgSb4Ss), corderoite (Hg3S>Cl2), metacinnabar
(cubic HgS), schuetteite (Hgz(SO4)02), montroydite (HgO), calomel (Hg>Cl»), tiemannite
(HgSe) and kleinite (Hg2N [C1 SO4] _ nH20).
The main process for obtaining Hg from cinnabar is to roast the ore at 500-600 °C, which
liberates Hg(0) in the following reaction:

HgS(s) + O2(2)>SOx(g) + Hg(g)
The release of Hg into the environment in Hg mining areas is generally associated with
the abandonment of mine waste, which is mainly composed of calcines (waste originated
in the metallurgy of Hg) and mine waste impoundments; which contain waste rock and
low-grade ore stockpiles (Navarro et al., 2008).
Mine waste, includes several types of material (mainly mine waste and calcines) with
varying Hg content and speciation depending on the ore deposit and processing
technology.
At mining sites, the weathering of waste materials and mankind’s action can redistribute
Hg, if present, in additional chemical forms, facilitate dispersion in watersheds or through
atmospheric emissions, and increase its bioavailability for organisms (Reis et al., 2010).
A lot of papers and reviews have been published regarding ore extraction activity and
contamination in the area of Idrija, as well as the related terrestrial, atmospheric and
aquatic environments (e.g. Hines et al., 2000; Gosar et al., 2006; Tersic et al., 2011a;

Tersic et al., 2011b; Gosar and Tersi¢, 2012) (Figure A.1).
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Figure A.1. Regional map presenting location of Idrija mercury mine, Idrijca and Soca Rivers flow, and

Gulf of Trieste (Gosar and Tersic, 2012).

The Idrija Mine, the second largest Hg mine in the world, opened in the late 15" century
and ceased operation in 1995, but still delivers large quantities of Hg downstream
including into the northern Adriatic Sea. Runoff from the mine into streams and rivers
still delivers annually about 1.5 tons of Hg to the sea, which is about 100 km away from
Idrija. Thus, Hg and MeHg is elevated in the marine environment (Horvat et al., 1999).

The retorting of Hg ore at Idrija mercury mine (primarily cinnabar, HgS) produces

elemental Hg (Hg(0)), a significant amount of which is lost into the environment.
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Inefficient processing of ore leads to mine tailing and calcines (previously roasted ore)
that are significantly laden with Hg, which can be transported great distances
downstream, thereby posing a threat well away from the source (Gray et al., 2002). Hg
deposited downstream can be remobilized and made available for conversion to MeHg
and eventual bioaccumulation (Hines et al., 2000). Hence, it is possible to encounter
dangerous concentrations of MeHg many km away from the primary inorganic source of

Hg (Figure A.2) (Hines et al., 2006).

Dams: River Soca
Solkan, Doblar, Plave

Figure A.2. Mercury contamination from the Idrija mine region to the Gulf of Trieste.

During the operating period of the mine, 107,500 t of Hg were produced. Taking into
account the losses during mining and inefficient smelting, the total amount of mercury
mined is estimated to be at least 153,000 t (Dizdarevi¢, 2001). It has been estimated that
45,500 t of mercury were emitted into the environment during the operating period of the
mine, which ceased production in 1995 (Dizdarevic, 2001). The mine is currently in the
final stage of its gradual shut down due to the lack of reserves, low ore grade, low Hg

prices and environmental reasons (Goser et al., 2006).
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APPENDIX B-PICTURES OF THE STUDY AREA AND
THE SOIL PROFILE

Figure Bottom of the excavation of soil profile, water table outcropping can
be seen.
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Figure Detail of the soil profile between 0 and 50 cm.

AT T e

Figure Detail of the soil profile between 40 and 110 cm.
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Figure Detail of the soil profile between 150 and 190 cm. Grey sands at
180 cm depth can be seen.

181



Appendix B

Figure Detail of the organic horizon at 145 cm depth.
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APPENDIX C-THERMO-DESORPTION CURVES OF
FOSSALON SOIL TREATED WITH FERTILIZERS
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Figure. Thermo-desorption curves of Fossalon soil amended with Urea in solution and incubated in aerobic

conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Urea and incubated in aerobic

conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Urea in solution and incubated in aerobic

conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Urea and incubated in aerobic

conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Calcium nitrate in solution and incubated

in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Calcium nitrate and incubated in

aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Calcium nitrate in solution and incubated

in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Calcium nitrate and incubated in

aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Ammonium sulphate in solution and

incubated in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Ammonium sulphate and incubated

in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Ammonium sulphate in solution and

incubated in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Ammonium sulphate and incubated

in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Ammonium phosphate in solution and

incubated in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Ammonium phosphate and incubated

in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Ammonium phosphate in solution and

incubated in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Ammonium phosphate and incubated

in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Potassium sulphate in solution and

incubated in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Potassium sulphate and incubated

in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Potassium sulphate in solution and

incubated in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Potassium sulphate and incubated

in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Calcium Phosphate in solution and

incubated in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Calcium Phosphate and incubated

in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Calcium Phosphate in solution and

incubated in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Calcium Phosphate and incubated

in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Potassium chloride in solution and

incubated in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Potassium chloride and incubated
in aerobic conditions for one day.
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Figure. Thermo-desorption curves of Fossalon soil amended with Potassium chloride in solution and

incubated in aerobic conditions for seven day.
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Figure. Thermo-desorption curves of Fossalon soil amended with dry Potassium chloride and incubated in

aerobic conditions for seven day.
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APPENDIX D-PROPOSALS FOR FURTHER RESEARCH

D.1. IMPORTANCE OF NANOPARTICLES IN
CINNABAR’S MOBILIZATION

Dissolved phases are commonly considered to be the most efficient means of aqueous

contaminant transport in the environment. Recently, however, a number of field studies

have implicated particle-associated transport of metal contaminants in a variety of

environments.

Indeed significant colloid-associated transport of a variety of metal contaminants has

been demonstrated (Slowey et al., 2005).

Soil particle based mobilization is driven by:

* Changes in pH;

* Changes in Ionic Strength (IS);

» Adsorption of anions, above all Low Molecular Weight (LMW) organic adsorbents,

particular via specific binding with sulthydryl functional groups.

Changes in pH and IS will occur due to seasonal variation in rainfall, so leaching can

mobilized colloids.

Colloids may be stabilized through charge stabilization or steric stabilization.

Thiol-containing organics may prevent metal sulfide particle aggregation or enhance it,

depending on the size, structure, and hydrophobicity of the organic compounds.

Moreover, nonspecific processes such as hydrophobic interactions may be important for

sorption of humic substances and other NOM macromolecules. Further studies should

address both specific and nonspecific surface interactions and the implications of these

interactions for colloidal stability of mineral sulfides (Gondikas et al., 2010).

Cinnabar is low soluble in water according to the reaction below (Hsu-Kim et al., 2013):
HgS(s) = HgS(aq)

solubility product log Ks = between —10 —22.3

On this basis, mercury nanoparticles formation is important because they can modify

mercury mobility in soils contaminated by cinnabar. Such Hg minerals pose a significant

environmental hazard due to release of soluble Hg, and therefore potentially bioavailable

Hg (Slowey et al., 2005).

In the past decade, geochemists and aquatic chemists have realized that nanoscale

particles are ubiquitous in the environment. Much of this work has involved metal

elements that are much more abundant than mercury (e.g. iron, aluminum, manganese,
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titanium, zinc). Nanoparticles of metal sulfides such as ZnS and CuS have been observed
in settings such as the biofilms of sulfate-reducing (and sulfide-generating) bacteria and
in wastewater effluent. Discrete nanoparticles of HgS have been detected directly in soil,
sediment, and biofilms on plant roots (Hsu-Kim et al., 2013).

Nanoscale particles are expected to behave differently than the compositionally identical,
larger materials due to the high specific surface areas and unique reactivity of materials
at the nanoscale. Indeed, the defining characteristics of nanoparticles are not only the
small size (i.e. at least one 2 dimension smaller than 100 nm) but also size-specific
reactivity exhibited by the nanomaterials and different levels of crystallization or
structural disorder. Nanoscale-specific reactivity may include:

* increased sorption capacity (normalized to surface area);

* enhanced transport;

» faster rates of dissolution and renucleation;

* increased bioavailability of the metal constituents of the nanoparticle (Hsu-Kim et al.,

2013).

In Figure D.1, Figure D.2, Figure D.3 and Figure D.4 an example of soil characterization
using SEM-EDX is shown.
One particle in the range of 1-2 pm is detected, TEM is needed for a better

characterization of the particles.
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10pm

Electron Image 1

Figure D.1. SEM image of a grain containing Hg.
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Figure D.2. EDX spectrum for an Hg-rich particle.
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4pm Electron Image 1

Figure D.3. SEM image of a grain containing Hg.
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Figure D.4. EDX spectrum for an Hg-rich particle.
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