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A B S T R A C T

High amounts of mercury (Hg) can be released into the atmosphere from soil surfaces of legacy contaminated 
areas as gaseous elemental mercury (Hg0). The alluvial plain of the Isonzo River (NE Italy) suffered widespread 
Hg contamination due to the re-distribution of Hg-enriched material discharged by historical cinnabar mining at 
the Idrija mine (Slovenia), but an assessment of Hg0 releases from the soils of this area is still lacking. In this 
work, Hg0 fluxes at the soil-air interface were evaluated using a non-steady state flux chamber coupled with a 
real-time Hg0 analyser at 6 sites within the Isonzo River plain. Measurements were performed in summer, 
autumn, and winter both on bare and grass-covered soil plots at regular time intervals during the diurnal period. 
Moreover, topsoils were analysed for organic matter content and Hg total concentration and speciation. Overall, 
Hg0 fluxes tracked the incident UV radiation during the sampling periods with daily averages significantly higher 
in summer (62.4 ± 14.5–800.2 ± 178.8 ng m− 2 h− 1) than autumn (15.2 ± 4.7–280.8 ± 75.6 ng m− 2 h− 1) and 
winter (16.9 ± 7.9–187.8 ± 62.7 ng m− 2 h− 1) due to higher irradiation and temperature, which favoured Hg 
reduction reactions. In summer and autumn significant correlations were observed between Hg0 fluxes and soil 
Hg content (78–95% cinnabar), whereas this relationship was not observed in winter likely due to relatively low 
emissions found in morning measurements in all sites coupled with low temperatures. Finally, vegetation cover 
effectively reduced Hg0 releases in summer (~9–68%) and autumn (~41–78%), whereas the difference between 
fluxes from vegetated and bare soils was not evident during winter dormancy due to scarce soil shading. These 
results suggest the opportunity of more extended spatial monitoring of Hg0 fluxes particularly in the croplands 
covering most of the Isonzo River alluvial plain and where bare soils are frequently disturbed by agricultural 
practices and directly exposed to radiation.   

1. Introduction

Mercury (Hg) is a widespread pollutant of global concern that poses
serious threats to ecosystems and human health, mostly due to the 
neurotoxic effects of its methylated form (Boening, 2000; Clarkson and 
Magos, 2006). A peculiarity of this metal is the high volatility of its 
elemental form, often referred to as “gaseous elemental mercury” 
(hereafter Hg0), which can be emitted to the atmosphere from both 
natural and anthropogenic sources (Pirrone et al., 2010). Once emitted, 
Hg0 can persist in the atmosphere for more than 1 year (Saiz-Lopez et al., 
2018) and thus be subject to long-range atmospheric transport before 

being removed through dry and wet depositions (Berg et al., 2008; 
Horowitz et al., 2017), even reaching remote areas (Kurz et al., 2019). 
Moreover, deposited Hg can be re-emitted back into the atmosphere 
from natural terrestrial and aquatic surfaces, thus the multiple 
surface-atmosphere exchanges can further expand its spread and resi
dence time in the environment, a phenomenon previously referred to as 
“hopping effect” (Agnan et al., 2016; Jiskra et al., 2015; Lei et al., 2021). 

Hg0 exchanges at the soil-air interface represent a key aspect of the 
biogeochemical cycle of this element, with relevant Hg0 emissions often 
reported for areas characterised by Hg-enriched substrates due to local 
geology and/or anthropogenic activities. These sites may constitute a 
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relevant secondary source of atmospheric Hg (Gustin et al., 2003; Koc
man et al., 2013) where the magnitude of Hg0 fluxes is primarily 
influenced by the total Hg (THg) concentrations in the substrate (Agnan 
et al., 2016). Generally, most Hg found in soil is present in oxidised 
forms (Hg2+) (Anderson, 1979; Palmieri et al., 2006; Terzano et al., 
2010; Beckers and Rinklebe, 2017) that must be reduced to the volatile 
form Hg0 before being emitted (Carpi and Lindberg, 1998). The reduc
tion of Hg2+ in soils can occur through abiotic pathways such as 
photoreduction, mostly mediated by UV radiation (Moore and Carpi, 
2005), or reduction facilitated by interaction with functional groups of 
OM (Gabriel and Williamson, 2004) or iron-bearing minerals (Debure 
et al., 2020), but also Hg2+ reduction mediated by microbial activity can 
contribute to Hg0 formation (Fritsche et al., 2008) as a detoxification 
pathway of mostly microorganisms containing the mer operon in their 
genome, activated by exposure to Hg (Mathema et al., 2011). On the 
other hand, Hg0 adsorption on soil surfaces, favoured by its high affinity 
for reduced sulphur groups of organic matter (OM) as well as for iron 
and manganese minerals, can limit its vertical mobility through the soil 
(Schuster, 1991; Skyllberg and Drott, 2010; Yuan et al., 2019). As a 
result, Hg0 volatilisation depends both on the rate of reduction reactions 
and on the sorption-desorption equilibrium between the soil matrix and 
pore space air (Carmona et al., 2013; Pannu et al., 2014), which in turn 
are influenced by several factors, e.g. incident solar radiation (Wang 
et al., 2005), soil and air temperature (Shi et al., 2020), precipitation and 
soil moisture (MacSween and Edwards, 2021), soil cover by vegetation 
and litter (Ma et al., 2018), soil disturbance (Sommar et al., 2016). These 
factors act in both contaminated and background areas (Miller et al., 
2011), but their relative importance seems to be extremely site-specific 
(Agnan et al., 2016). Additionally, Hg speciation in soils deeply impacts 
its availability for reduction and subsequent volatilisation, as emissions 
are generally more rapid and intense where mobile and soluble forms of 
Hg are prevalent compared to sites dominated by insoluble forms such as 
cinnabar (α-HgS) (García-Sánchez et al., 2006; Kocman and Horvat, 
2010; Llanos et al., 2011). 

Anthropogenic inputs related to mining, coal combustion, and 
various industrial processes significantly affected the biogeochemical 
cycle of Hg and the amounts of the element circulating in the environ
ment (Streets et al., 2019). The implementation of the Minamata 
Convention, aimed at phasing-out primary Hg mining and its use in 
precious metal extraction and industrial processes (Selin et al., 2018), is 
expected to reduce Hg emissions related to human activities. However, 
sites subject to past severe Hg pollution are able to emit high amounts of 
Hg0 into the atmosphere even years after the primary source of 
contamination is no longer active, as evidenced by high Hg0 fluxes 
recorded in areas contaminated by past mining (Dalziel and Tordon, 
2014; Fantozzi et al., 2013; Kotnik et al., 2005) or industrial activities 
(Eckley et al., 2015; Osterwalder et al., 2019; Zhu et al., 2018). Un
derstanding the fate of Hg in these areas is crucial to assess the potential 
exposure of the local population and wildlife to this metal and to eval
uate possible mitigation and remediation strategies (Selin et al., 2018; 
Zhu et al., 2018). 

The alluvial plain of the Isonzo River (NE Italy) is characterised by 
widespread Hg contamination as a consequence of historical Hg mining 
which took place at Idrija (Slovenia) from the 16th century until 1995 
(Kotnik et al., 2005). Throughout ~500 years of exploitation, approxi
mately 35,000 tons of Hg were lost in the surrounding environment 
(Dizdarevič, 2001) through atmospheric leaks and direct dumping of 
roasting residues on banks and riverbed sediments of the local Idrijca 
River, a tributary of the Isonzo River (Gosar et al., 1997; Žibret and 
Gosar, 2006), resulting in extended contamination of all environmental 
compartments (Bavec and Gosar, 2016 and references therein). Leach
ing and erosion of contaminated soils and sediments, mostly during rain 
events, favour the mobilization and transport of Hg to the Isonzo River 
and then finally to the northern Adriatic Sea (Baptista-Salazar et al., 
2017; Pavoni et al., 2021). Due to flooding events, Hg has been 
re-distributed over the entire alluvial plain of the Isonzo River, resulting 

in high concentrations in soils (up to 76 mg kg− 1) which progressively 
decrease as the distance from the river increases (Acquavita et al., 2022; 
Cerovac et al., 2018; Piani et al., 2013). Few studies have highlighted 
the occurrence of Hg0 atmospheric concentrations which are slightly 
higher than the natural background, mostly in the coastal sector of the 
southernmost part of the plain (Barago et al., 2020; Floreani et al., 
2020), but a direct evaluation of potential Hg0 releases at the soil-air 
interface is still lacking. The main aims of this study were to evaluate 
the Hg0 emissions in selected sites along the plain characterised by a 
different degree of substrate contamination and to relate the results to 
soil Hg concentration and speciation and OM content in order to un
derstand how differences in these parameters may influence the 
mobility of Hg at the soil-air interface. Hg0 fluxes were measured in field 
by means of a manually operated non-steady state flux chamber coupled 
with a real-time portable Hg0 analyser. This technique allows for a 
simple, rapid, and relatively cost-effective evaluation of Hg0 evasion 
from the soil surface. Measurements were performed during the diurnal 
period in different seasons in order to verify the existence of any vari
ability related to environmental parameters such as UV radiation and 
temperature. In addition, at each site Hg0 emissions were measured over 
plots of bare and grass-covered soils in order to examine the potential 
influence of native vegetation cover. 

2. Materials and methods

2.1. Study area 

At the extreme eastern edge of the Friulian plain (Friuli Venezia 
Giulia Region, NE Italy), the Isonzo River alluvial plain is formed by 
quaternary sediments deposited during the Last Glacial Maximum by the 
Isonzo and Torre Rivers (Fontana et al., 2008) and is divided into two 
different geomorphological sectors (High and Low plain) by an 
East-West oriented Resurgence Belt (Cucchi et al., 2008; Treu et al., 
2017). The southernmost coastal area of the plain adjacent to the mouth 
of the Isonzo River derives from hydraulic reclamation works carried out 
in past centuries to obtain cultivable areas from former lagoon and 
wetlands (Da Lio and Tosi, 2018; Marocco, 1989). Intense agriculture of 
prevalently maize and soybean occurs throughout the plain with the 
scarce presence of permanent meadows and a general increase in ur
banisation and industrial settlements moving southwards (Acquavita 
et al., 2022; Contin et al., 2012; Salata et al., 2019). According to 
Rivas-Martínez et al. (2011), the bioclimate of the study area is classi
fiable as temperate oceanic, with relatively mild temperatures 
throughout the year and frequent precipitation. The annual mean rain
fall in the area ranges between ~1000 and ~1400 mm moving from the 
coastal area to the High plain and the mean annual temperature is 
around 14 ◦C, with lowest values in January (~4.3 ◦C) and highest in 
July (~23.8 ◦C) (reference period: 1991–2021, data from ARPA 
FVG-Regional Agency for Environmental Protection of Friuli Venezia 
Giulia, through OSMER and GRN-Regional Meteorological Observatory 
and Natural Risk Management, respectively, https://www.meteo.fvg. 
it/). Local anemometry is determined by the breeze regime and synop
tic winds from north-eastern direction, with episodic gusts of strong 
Bora winds (Giaiotti et al., 2003). 

For this study, we focused on 6 sites along the plain (Fig. 1) near the 
present course of the Isonzo River located between 40 and 70 km 
downstream the confluence with the Idrijca River. The sites were 
selected on the basis of existing information about Hg concentrations in 
soils (Acquavita et al., 2022): 3 were located in the High plain, in the 
municipalities of Savogna d’Isonzo (SVI and SAV) and Sagrado (SAG), 
and the remaining in the Low plain near the villages of Turriaco (TUR), 
San Canzian d’Isonzo (SCZ) and Fossalon di Grado (FOS). The soils of the 
latter two sites are classifiable as Gleyic Fluvic Cambisols according to 
the World Reference Base for Soil Resources (WRB, https://www.isric. 
org/explore/wrb), whereas those of the other 4 sites belong to the 
group of Calcaric Fluvic Cambisols. Measurements of Hg0 fluxes were 
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taken in meadows consisting of low lying non-woody vegetation. The 
sites referred to as SCZ and FOS were located near farmland soils with 
the occurrence of species such as Setaria pumila, Cynodon dactylon, 
Artemisia vulgaris, Amaranthus retroflexus. Conversely, sampling points at 
SVI, SAV, SAG, and TUR were located in permanent meadows along the 
course of the Isonzo River, which represent preserved natural environ
ments with an important connectivity function in the ecological network 
in the context of regional landscape planning of the Friuli Venezia Giulia 
region (Sigura et al., 2017) and consequently protected as areas of 
relevant environmental interest (A.R.I.A.; Regional Law n. 42/1996). 
Common wild vegetation is dominated by Poaceae, including species as 
Arrhenatherum elatius, Festuca arundinacea, Poa pratensis, Dactylis 
glomerata. 

2.2. Soil sampling and analysis 

After Hg0 flux measurements, topsoil samples (~0–2 cm) from each 
plot directly under the chamber were collected, sieved in the field at <2 
cm to remove coarser particles, stored in clean polyethylene bags and 
taken to the laboratory, where an aliquot was immediately weighed for 
gravimetric determination of the moisture percentage. Plant residues of 
both aboveground (stems and leaves) and belowground biomass (roots) 
were carefully separated from the soil samples in the laboratory before 
analysis. Grain-size was determined only on samples collected in sum
mer according to ISO 13320:2020 using a laser granulometer (Master
sizer 2000; Malvern Instruments Ltd., Worcestershire, UK). An aliquot 
(20 g) of fresh soil was used after a 24 h H2O2 (10%) treatment to reduce 
the bonding effect of the OM to the particles, followed by wet sieving at 
<2 mm and analytical determination on 2-mL aliquots. 

For other determinations, a second aliquot of all soil samples was air- 
dried, gently disaggregated into a ceramic mortar, and sieved to 2 mm. 
Soil pH was measured with a glass electrode after equilibrating 5 g of soil 
with 12.5 mL of ultrapure water for 2 h according to Italian Decree 13/ 
09/99. Organic matter content was determined as loss on ignition (LOI) 
at 550 ◦C (Heiri et al., 2001). Total Hg (THg) concentrations in soils 
were determined using a DMA-80 Direct Mercury Analyser (Milestone, 
Sorisole, Italy) atomic absorption spectrophotometer according to 
US-EPA Method 7374 (U.S. EPA, 1998). The limit of detection (LOD) 
was approximately 0.005 ng of Hg. A certified material (PACS-3 Marine 
Sediment Certified Reference Material, NRCC, Canada; Hg = 2.98 ±
0.36 mg kg− 1) was regularly analysed to verify the accuracy of the 

method and the obtained results showed acceptable recoveries 
(95–106%). The speciation of Hg in soil was evaluated following the 
thermo-desorption procedure described by Petranich et al. (2022). 
Briefly, approximately 80 mg of sample were progressively heated (0.5 
◦C s− 1) in a quartz boat from ambient temperature to ~700 ◦C in a
furnace (Pyro-915+) coupled with a portable real-time gaseous Hg 
analyser (Lumex RA-915 M, Lumex Instruments, St. Petersburg, Russia) 
based on the atomic adsorption spectrophotometry technique with 
Zeeman background correction (Sholupov et al., 2004). A complete 
description of the thermoscanning unit was reported by Mashyanov 
et al. (2017). Temperature was continuously monitored through a type K 
thermocouple and the occurring Hg forms were identified by comparing 
their desorption temperatures with those of standard Hg compounds. 
The relative amounts of the different “thermospecies” were then deter
mined by integrating the area under each desorption peak (Biester and 
Scholz, 1997) using the RAPID software (ver. 1.00.585) which controls 
the Lumex instrumentation. 

2.3. Soil-air Hg0 flux measurements 

Hg0 fluxes at the soil-air interface were evaluated during one diurnal 
period for each selected site in summer (July–September 2021), autumn 
(October–November 2021), and winter (January 2022). Hg0 fluxes were 
not measured during spring, but considering that weather conditions 
and vegetation development in our study area in this season are not very 
much dissimilar to those encountered in autumn, it may be assumed that 
fluxes during these two periods are comparable. At each location, fluxes 
were measured in two adjacent sampling points, i.e. from soils charac
terised by the presence of native herbaceous vegetation cover and bare 
soil plots where grass was manually removed before sampling. Sampling 
points were chosen as close as possible to those previously used for the 
characterisation of Hg contamination of the Isonzo River plain 
(Acquavita et al., 2022). Flux measurements were performed by means 
of a Plexiglas non-steady state (NSS) flux chamber (60 × 20 × 25 cm) 
coupled with the Lumex analyser, which allows for the direct determi
nation of Hg concentrations in the air in a wide dynamic range (2–30, 
000 ng m− 3). Operatively, the chamber was placed on the ground with 
edges inserted 1 cm into the soil fitting on a pre-installed stainless-steel 
frame. In order to achieve an optimal seal and minimise the intrusion of 
external air, soil was gently packed around the outer walls (Gillis and 
Miller, 2000). The Hg analyser was connected to the chamber in a closed 

Fig. 1. Study area and location of sampling sites.  



4

circuit through two Teflon tubes attached to 2 cm holes on the opposite 
short sides of the chamber. During the chamber deployment, air was 
recirculated through the system thanks to the Lumex internal pump at a 
constant flow rate of at least 10 L min− 1, creating a continuous gas 
movement over the soil surface (During et al., 2009). Due to the rela
tively high dimensions of the chamber, the use of a high air flow rate is 
required to provide a good level of mixing inside the chamber, necessary 
to obtain measurements of Hg0 concentrations representative of the air 
in the chamber headspace (Maier et al., 2022). However, a high flow 
rate can potentially lead to bias in flux estimation due to pressure gra
dients between the outside and the inside of the chamber, particularly in 
highly permeable soils (Camarda et al., 2009; Davidson et al., 2002). To 
minimise the occurrence of pressure gradients between the outside and 
inside of the chamber and the disturbance on natural gas exchange 
processes at the soil-air interface related to the occurrence of advective 
fluxes between soil and air, two vents were placed on the upper wall of 
the chamber (Hutchinson and Livingston, 2001). However, these arte
facts related to high flow rate are generally greater for open dynamic 
flux chambers (DFC) than for closed recirculation chambers due to the 
higher connection with ambient air (Camarda et al., 2009; Cotel et al., 
2015). Concentrations of Hg0 were continuously (every 1s) recorded for 
5 min, as recommended for NSS chamber measurements using online 
real-time analysers (Maier et al., 2022), before removing the chamber. 
This short sampling time allowed for a reduction of the influence of the 
chamber on environmental parameters near the soil surface, such as 
temperature (Fantozzi et al., 2013; Rochette and Hutchinson, 2005), 
compared to DFC technique, more frequently adopted for Hg0 soil 
emission measurement (Sommar et al., 2020). Thus, it was possible to 
take more distinct measurements from the selected points in a short time 
interval using the same Hg0 analyser. Our chamber has a design similar 
to the DFCs used in other studies (e.g. Carpi and Lindberg, 1998; Sizmur 
et al., 2017) and coupled with a Lumex analyser (Fantozzi et al., 2013; 
García-Sánchez et al., 2006; Wang et al., 2006; Zhu et al., 2011) and our 
unpublished tests performed using both configurations (NSS and DFC) 
and the same air flow rate, comparable to those adopted in the cited 
studies, revealed a good agreement between fluxes measured with the 
two techniques (r = 0.97, p < 0.001, n = 30), with no systematic over- or 
underestimation of the flux calculated for the NSS technique compared 
to the well-established DFC configuration. 

During each sampling day, Hg0 fluxes were measured at regular time 
intervals of 1 h through 6/7 distinct set of measurements, each con
sisting of two consecutive replicate flux measurements conducted 
alternatively from bare and vegetated soil plots. The Hg0 flux from soil 
(F) was then calculated from the increase of concentration inside the 
chamber during the enclosure (dC/dt) according to equation (1) (Bag
nato et al., 2014; Kyllönen et al., 2012): 

F =
V
A

dC
dt

(1)  

where V is the internal volume of the chamber and A is the soil surface 
area covered by the chamber. As the increase of Hg0 concentration in
side the chamber can be assumed to be approximately linear for short 
chamber deployment times (Di Francesco et al., 1998; Kandel et al., 

2016), the time derivative of Eq. (1) was quantified through the slope of 
Hg0 concentration vs. time curve (Bagnato et al., 2014; Chiodini et al., 
1998; Cotel et al., 2015; Davidson et al., 2002) and results were rejected 
if a good linear regression (r2 > 0.8) could not be achieved (Kyllönen 
et al., 2012). Chamber blanks were determined daily by placing the 
chamber on a clean polycarbonate surface and the average value (1.6 ±
1.0 ng m− 2 h− 1, n = 18) was subtracted to fluxes calculated from field 
measurements. 

In parallel with soil-air Hg0 fluxes, incident UV radiation between 
250 and 400 nm were monitored in the field using a SU-420 sensor 
(Apogee Instruments, Logan, USA) mounted 2 m above ground near the 
sampling points. Data were logged every 1 min as the average value of 
readings taken every 1s. In addition, air temperature and relative hu
midity were measured using a portable thermohygrometer (HI9565, 
Hanna Instruments, Padova, Italy) which was also used to monitor the 
variation of these parameters inside the chamber headspace during the 
entire period of measurement (5 min) by inserting the probe in the 
chamber through a hole in the upper wall. Soil temperature was deter
mined at a depth of 2 cm near sampling points using a thermal probe. 

2.4. Statistical analyses 

Statistical analyses were performed using R software ver. 4.1.3 (R 
Foundation, Vienna, Austria) and package ggplot2 for data visualisation 
(Wickham et al., 2016). After checking data normality and homogeneity 
of variances with the Shapiro-Wilk and Bartlett tests, respectively, the 
statistical significance of differences between data groups was tested by 
means of Kruskal-Wallis (K–W) coupled with Dunn’s post-hoc test. 
Pearson and Kendall correlation coefficients were used to assess the 
relationships between variables in the case of normal and non-normal 
data distribution. 

3. Results and discussion

3.1. Physico-chemical characteristics of soils 

General physico-chemical characteristics of investigated soils are 
summarised in Table 1. Overall, all the topsoils were characterised by a 
moderate alkaline pH (average = 8.09 ± 0.10), with no significant dif
ferences between samples collected at the same site in different seasons. 
In terms of grain size, silt was the predominant fraction at SAG (50.7 ±
0.9%) followed by sand (45.8 ± 1.1%) and clay (3.5 ± 0.2%), whereas 
the soils from all other sites showed a greater abundance of the sandy 
component (55.8 ± 4.5%) than the silty (40.9 ± 4.3%) and clayey (3.3 
± 0.9%) ones: according to United States Department of Agriculture 
(USDA) textural classification (USDA, 1987), these soils can be defined 
as Sandy loam, whereas samples from SAG fall in the class of Silty loam 
(Fig. S1). 

The organic matter content was quite variable between sites, with 
the highest average value found at SCZ (17.51 ± 3.26%) and the lowest 
obtained for soils of FOS (2.92 ± 0.33%) in the reclaimed coastal area. 
The soils of the other sites were characterised by similar OM contents 
ranging on average between 8.30 ± 1.69% (SAG) and 10.76 ± 1.31% 

Table 1 
Overview of the main physico-chemical parameters of soil of the investigated study sites. Except for grain-size, data reported are the average (±std) values of all 
collected samples in the three different seasons.   

SVI SAV SAG TUR SCZ FOS 

pH 8.12 ± 0.06 8.17 ± 0.08 8.15 ± 0.08 8.14 ± 0.06 8.01 ± 0.05 7.96 ± 0.08 
Sand (%) 53.8 ± 3.5 57.6 ± 6.2 45.8 ± 1.1 53.7 ± 2.8 55.0 ± 3.4 58.7 ± 5.4 
Silt (%) 43.0 ± 3.0 40.0 ± 5.6 50.7 ± 0.9 43.6 ± 2.6 41.2 ± 2.7 36.9 ± 4.7 
Clay (%) 3.1 ± 0.5 2.5 ± 0.6 3.5 ± 0.2 2.7 ± 0.2 3.8 ± 0.7 4.4 ± 0.8 
LOI (%) 10.32 ± 1.00 10.76 ± 1.31 8.30 ± 1.69 8.93 ± 0.92 17.51 ± 3.26 2.92 ± 0.33 
THg (mg kg− 1) 16.58 ± 2.07 2.22 ± 0.50 17.22 ± 1.91 25.33 ± 4.12 8.01 ± 0.52 16.30 ± 3.66 
α-HgS (%) 85 ± 2 94 ± 2 91 ± 2 94 ± 2 78 ± 1 90 ± 3 
No-α-HgS (%) 15 ± 2 6 ± 2 9 ± 2 6 ± 2 22 ± 1 10 ± 3  
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(SAV), with little variability between samples collected in different 
seasons (Fig. S2+Table 1). Moreover, no significant differences were 
found between OM contents in topsoils from bare and vegetated plots for 
flux measurement. 

3.2. Meteorological parameters 

Field measurements for the determination of Hg0 fluxes at the soil-air 
interface were performed under sunny weather conditions at almost all 
sites, except for sampling conducted at FOS in summer and autumn 
characterised by a more extended cloud cover and an irregular pattern of 
UV radiation during field operations. The highest UV irradiation was 
recorded during summer, with daily averages ranging from 29.7 (FOS) 
to 40.8 W m− 2 (TUR), while minimum values were encountered in 
winter, when all single radiation measures were below 20 W m− 2 (see 
Tables S1–S3). Air temperatures showed the same seasonal trend, 
ranging from 22.7 to 33.6 ◦C in summer, from 11.7 to 20.1 ◦C in autumn, 
and from − 2.0 to 11.6 ◦C in winter with higher values typically recorded 
in the central part of the day and the minimum in the morning. Soil 
temperatures were similar and slightly higher than air in summer 
(27–34.5 ◦C) and on average colder in winter (− 1.5-7 ◦C). In autumn 
relatively high values were recorded at TUR and SCZ, sampled in 
October (14–26 ◦C), whereas at other sites, sampled in November, soil 
temperatures were always below 15 ◦C (see Tables S1–S3). Generally, 
lower soil temperatures were found for vegetated than bare soil plots, 
particularly in summer due to the greater vegetation height and density 
which caused increased shading of vegetated soil and resulted in 
generally higher values of soil moisture (Fig. S3). 

3.3. Total Hg concentration and Hg speciation in soils 

The THg concentrations in the topsoils were quite variable. The 
average values considering all soil samples collected in the different 
seasons ranged from a minimum of 2.22 ± 0.50 mg kg− 1 at SAV to a 
maximum of 25.33 ± 4.12 mg kg− 1 at TUR. Intermediate and similar 
THg concentrations were found at SAG (17.21 ± 1.91 mg kg− 1), SVI 
(16.58 ± 2.07 mg kg− 1) and FOS (16.30 ± 3.66 mg kg− 1), whereas a 
slightly lower value was determined for SCZ (8.01 ± 0.52 mg kg− 1) 
(Table 1). These concentrations fall in the range previously reported for 
the entire area of the plain (<0.06–41.0 mg kg− 1 from Acquavita et al., 
2022), all exceeding the threshold level of 1 mg kg− 1 established by 
Italian Decree 152/2006 for soils intended for public, private and resi
dential use. Total Hg concentrations found in this study are one order of 
magnitude lower than those observed for soils of the Idrija Hg mining 
district (Bavec and Gosar, 2016; Teršič et al., 2011), undoubtedly due to 
the relevant distance from the source of contamination (Ottesen et al., 
2013). However, no regular spatial pattern was found considering the 
selected sampling points along the Isonzo plain, suggesting that the 
observed concentrations could be dependent on irregular re-distribution 
of Hg-contaminated material by flooding events (Acquavita et al., 2022; 
Colica et al., 2019). In each site, no significant variations in terms of soil 
THg content were observed between bare and vegetated plots where Hg0 

flux measurements were performed (Fig. S4), and also the variability 
between samples collected from the same plot in different seasons was 
relatively limited and attributable to soil heterogeneity and to the un
even distribution of contaminated material even on a small spatial scale 
(Gilli et al., 2018; Rinklebe et al., 2009). 

Fig. 2. a) termoscanning curves obtained from soil samples b) average percentage abundance of α-HgS and no-α-HgS fraction calculated from peak integration c) 
average concentrations of Hg extracted in the α-HgS and no-α-HgS fraction. 



6

The thermal desorption profiles of all topsoil samples showed curves 
characterised by the presence of a double peak, with a first release be
tween 200 ◦C and 230 ◦C and a second, more pronounced peak at 
temperatures ranging between ~300 ◦C and 365 ◦C (Fig. 2). According 
to the curves of standard materials reported by Petranich et al. (2022), 
the desorption temperature range of this second peak fits well with that 
of red cinnabar (α-HgS) from Idrija. This Hg form is considered the less 
mobile and bioavailable in soils (Gai et al., 2016; Pelcová et al., 2021) 
and its occurrence in our study area is likely the result of erosion and 
transport of α-HgS containing material from bottom sediments and 
riverbanks of the Idrijca River, where mining residues were directly 
discharged (Žibret and Gosar, 2006). Due to the incomplete decompo
sition during roasting process, these residues can still contain a certain 
amount of α-HgS (Esbrí et al., 2010; Yin et al., 2013). On the other hand, 
the first peak (200–230 ◦C) can be representative of the release of Hg 
from various non-cinnabar (no-α-HgS) forms which are potentially more 
mobile: similar desorption temperatures are indeed reported in the 
literature, e.g. for Hg bound to OM or to iron oxyhydroxides, and HgCl2, 
but also for metacinnabar (β-HgS) (Biester et al., 2000; Coufalík et al., 
2012; Petranich et al., 2022; Reis et al., 2015a; Rumayor et al., 2017). 
The occurrence of β-HgS as a by-product of ore roasting processes has 
been previously reported in mining residues discharged at Idrija (Biester 
et al., 2000; Teršič et al., 2011), whereas Hg bound to OM is present in 
notable amounts in the fine fraction of Idrija soils as a result of atmo
spheric depositions and is available for leaching and erosion during rain 
events (Baptista-Salazar et al., 2017). Based on the integration of peak 
areas, the contribution of this no-α-HgS fraction ranged from 5 to 22% of 
THg and is significantly correlated (r = 0.67, p < 0.05) to OM content, 
thus suggesting a contribution of the OM-bound Hg fraction, whereas Hg 
adsorption by iron oxyhydroxides can be considered less relevant in 
presence of relatively high concentrations of OM (Beckers and Rinklebe, 
2017). The relative abundances of the α-HgS fraction (78–95%) are in 
good agreement with those of the non-mobile fraction determined by 
Acquavita et al. (2022) for the soils of the Isonzo River alluvial plain 
using a chemical sequential extraction procedure. 

3.4. Hg0 fluxes at the soil-air interface 

Significantly (p < 0.05, K–W) higher Hg0 fluxes were found for both 
bare and vegetated soils during the summer season compared to autumn 
and winter (Fig. 3). The greatest average fluxes for bare and vegetated 
soils were found at site TUR (800.2 ± 178.8 ng m− 2 h− 1) and FOS (344.6 
± 36.2 ng m− 2 h− 1) respectively, whereas the minimum values for both 
soil cover types in this season corresponded to site SAV (68.8 ± 21.6 and 
62.4 ± 14.5 ng m− 2 h− 1, respectively). This last site also provided the 
lowest average fluxes during autumn, respectively equal to 32.8 ± 10.1 
and 15.2 ± 4.5 ng m− 2 h− 1 for bare and vegetated soils, whereas the 
highest values were found at FOS (280.9 ± 75.6 ng m− 2 h− 1 for bare 

soils and 102.6 ± 17.6 ng m− 2 h− 1 for vegetated soils). Finally, Hg0 

fluxes observed in winter varied from 187.8 ± 62.7 ng m− 2 h− 1 (FOS) to 
40.0 ± 18.6 ng m− 2 h− 1 (SCZ) for bare soils and from 164.5 ± 36.1 ng 
m− 2 h− 1 (FOS) to 16.9 ± 7.9 ng m− 2 h− 1 (SAV) for vegetated soils. These 
values were the lowest of all the sampling campaigns for all bare soils 
with the exception of SAV, whereas they were slightly higher than the 
autumn averages from vegetated soils at SVI, SAV, SCZ, and FOS. 
However, differences between the average fluxes in autumn and winter 
were generally not significant (p > 0.05, K-M) except for emissions from 
bare soils at SVI, TUR and SCZ and from vegetated soil at FOS. 

During some winter measurements, a peculiar trend for Hg0 con
centrations inside the chamber characterised by an abrupt change in the 
slope of the increasing curve after ~2 min of sampling was observed. 
This evidence concerned measurements taken in the morning hours over 
vegetated plots at SVI, SAV, TUR, and SCZ, when temperatures near or 
below 0 ◦C were observed coupled with a notable presence of frost on 
surfaces which can retain oxidised forms of Hg (Sherman et al., 2012), 
contributing to wet depositions (Converse et al., 2014). However, the 
majority of adsorbed Hg can be readily subject to photoreduction to Hg0 

and re-volatilisation (Ferrari et al., 2008), particularly when frost/ice is 
melting (Douglas and Blum, 2019). In our case, the chamber positioning 
may have caused a heating of the inside space due to high insolation, and 
a subsequent increase in frost melting and evaporation that may have 
led to the higher release of Hg0 (Marsik et al., 2005), possibly influ
encing the build-up of the internal concentration. Consequently, for the 
calculation of Hg0 emission from soil, only the first ~120 s after the 
initial period of ~20–30s (when the signal was affected by the distur
bance caused by placing the chamber on the ground (Davidson et al., 
2002)) were considered (Fig. S5). 

The magnitude of Hg0 releases observed in our study area impacted 
by the dispersion of Hg-enriched material derived from the Idrija Hg 
mine is in the range recently reported by Agnan et al. (2016) in a global 
database of Hg fluxes for mining sites, further confirming the impor
tance of this activity in promoting high soil emissions. Moreover, values 
in the same order of magnitude of those presented in this study were 
previously reported for soils from Idrija (Kocman and Horvat, 2010; 
Kotnik et al., 2005) and for other sites impacted by various anthropo
genic activities such as chlor-alkali plants, PVC production (Osterwalder 
et al., 2019; Zhu et al., 2018), metal smelters (Eckley et al., 2015), or 
coal combustion (Li et al., 2018). However, comparison with the liter
ature should be interpreted with caution due to the different experi
mental setup adopted. Considering studies based on non-steady state 
systems, very low values have been reported for a boreal background 
forest in Finland (-1–3.5 ng m− 2 h− 1, Kyllönen et al., 2012), whereas 
values similar to our study have been found for contaminated flood
plains of the Elbe River in Germany (8.6–850 ng m− 2 h− 1, Rinklebe 
et al., 2010; During et al., 2009). The NSS chamber approach is more 
frequently adopted in volcanic and geothermal areas using both 

Fig. 3. Comparison among Hg0 fluxes at soil-air interface from bare and vegetated soil plots in the various seasons; red asterisks indicate the statistically significant 
differences according to Kruskal-Wallis test (*p < 0.05; **p < 0.01; ***p < 0.001; ****p < 0.0001). (For interpretation of the references to colour in this figure legend, the 
reader is referred to the Web version of this article.) 
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dynamic systems with air recirculation inside the chamber (Bagnato 
et al., 2014; Sun et al., 2020a) and static systems without air movement 
in the inside space and periodic collection of gaseous samples for Hg0 

concentration analysis (Cabassi et al., 2021; Tassi et al., 2016). 
Regardless of the experimental setup adopted, Hg0 emissions in these 
environments can reach values up to thousands or tens of thousands of 
ng m− 2 h− 1. 

3.4.1. Effects of UV radiation and soil and air temperatures 
The above described seasonal variation of Hg0 emissions from soils, 

with the highest values found during the warm season and the lowest in 
winter, has frequently been reported in various field studies (Eckley 
et al., 2015; Lei et al., 2021; Ma et al., 2018; Rinklebe et al., 2010; Shi 
et al., 2020; Wang et al., 2006). This seasonal pattern is usually related 
to temporal variations of parameters such as incident solar radiation and 
soil and air temperatures, which can synergistically regulate the release 
of Hg0 at the soil-air interface (Ci et al., 2016; Ma et al., 2018). Solar 
radiation, particularly in the UV wavelength range, is effective in pro
moting the formation of Hg0 through the photoreduction of Hg2+ in 
surface soils (Choi and Holsen, 2009a; Moore and Carpi, 2005), whereas 
high temperatures facilitate the desorption of bound Hg from organic 
and mineral surfaces due to increased vapour pressure and thermal 
motion (Carmona et al., 2013; Sigler and Lee, 2006) and lead to the 
expansion of gases, favouring the evaporation processes (Schlüter, 
2000). Furthermore, increasing temperature can enhance reaction rates 
and microbial activity, resulting in a greater abiotic and biotic formation 
of Hg0 (Pannu et al., 2014; Schlüter, 2000). Considering all the data 
collected in this study, Hg0 fluxes from both bare and vegetated soils 
were significantly (p < 0.001) correlated with both average UV radia
tion calculated during the time of the single flux measurements and air 
and soil temperature measurements (Table 2), confirming the key role of 
these parameters in controlling the gaseous exchange of Hg at the 
soil-air interface (Beckers and Rinklebe, 2017). Negative relationships 
were generally found between Hg0 fluxes and the relative humidity of 
the air (RH), likely due to the correlations existing between this variable 
and both incident radiation and air temperature, similar to that observed 
in other studies (Tao et al., 2017; Wang et al., 2006). 

The relationship between Hg0 fluxes and UV radiation was often 
stronger than those found between fluxes and both soil and air tem
peratures and may have been more relevant in controlling Hg0 releases 
during our field measurements than thermal effects. This is consistent 

with results previously reported in other studies (Agnan et al., 2016; 
García-Sánchez et al., 2006; Liu et al., 2014; Wallschläger et al., 1999; 
Wang et al., 2005) and likely confirms that radiation, despite contrib
uting to soil heating and subsequently to the thermal enhancement of 
Hg0 fluxes, can also have an effect on Hg0 evasion independent from that 
related to soil temperature (Bahlmann et al., 2006). Further research is 
needed to evaluate the possible contributions of Hg0 formation and 
volatilisation related to biotic reduction mediated by Hg-resistant mi
croorganisms, frequently isolated from Hg-contaminated soils (Mahbub 
et al., 2016) and also present in the Idrija Hg mine area (Bourdineaud 
et al., 2020; Campos-Guillén et al., 2014; Hines et al., 2000). The rela
tively scarce bioavailability of the α-HgS fraction predominant in our 
soils could have limited this contribution, but recent studies suggested 
that under particular conditions (i.e. after complexation) this form can 
also be taken up and transformed by microorganisms (O’Connor et al., 
2019; Zhang et al., 2012). 

The strong dependence of Hg0 fluxes on UV radiation is also 
confirmed considering the variation of both parameters during the 
measurement periods over each individual day (Fig. 4 and Figs. S6–S10). 
Hg0 fluxes generally increase in the morning up to a peak in the central 
part of the day and then decline in the afternoon, following the pattern 
of incident UV radiation, as already observed in several studies in 
various environments (Kyllönen et al., 2012; Shi et al., 2020; Zhu et al., 
2018). The Hg0 emission drop in the afternoon was particularly rapid at 
TUR (Fig. S9), where sampling points were shaded by surrounding trees. 
Conversely, soil temperatures showed a smaller fluctuation during the 
monitoring period, remaining almost constant during afternoon mea
surements in summer and showing slight decreases in autumn and 
winter. Moreover, during summer sampling at FOS the sun was inter
mittently hidden by clouds, resulting in an irregular variation of UV 
radiation and a corresponding trend of Hg0 fluxes, whereas soil tem
peratures did not show notable variations (Fig. 4). These rapid changes 
of fluxes in response to changes in the UV radiation could reinforce the 
hypothesis that Hg0 emissions at our study sites are more influenced by 
irradiation than soil temperatures (García-Sánchez et al., 2006; Zhu 
et al., 2011) and that the soil portion more involved in gaseous ex
changes is restricted to a shallow surface layer more affected by incident 
radiation variations (Eckley et al., 2015; Sigler and Lee, 2006; Zhou 
et al., 2021). However, higher temperatures could explain the generally 
higher Hg0 fluxes recorded in the afternoon than in the morning 
(excluding TUR) despite the comparable incident UV radiation levels. 

Table 2 
Kendall rank correlation coefficients (τ) among Hg0 fluxes and environmental parameters values recorded in all 
seasons at the different sampling sites. The significance level is also reported (***p < 0.001; **p < 0.01; *p < 0.05). 
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This effect was more evident for bare soils and could also be related to 
progressive soil drying observed in the field, as water evaporation can 
enhance Hg transport to the surface and its subsequent release (Briggs 
and Gustin, 2013). A better agreement between patterns of Hg0 fluxes 
and soil temperatures was generally observed in autumn and winter 
than in summer coupled with relatively higher soil moisture, possibly 
confirming that thermal effects on Hg emissions are more relevant in wet 
rather than dry soils (Park et al., 2014; Zhou et al., 2017). This is likely 
related to an increase desorption of bound Hg at a relatively high soil 
water contents due to the competition of more polar water molecules for 
binding sites and decreasing binding energy (Briggs and Gustin, 2013; 
Park et al., 2014). Moreover, increasing water content could also stim
ulate microbial processes leading to Hg desorption from surfaces (Pannu 
et al., 2014). Desorbed Hg2+ is more available for reduction to Hg0, a 
reaction further enhanced at a relatively high soil moisture through the 
decreasing of soil redox potential (Schlüter, 2000), but this effect has 
been observed only for relatively high soil water contents (>30% Zhou 

et al., 2017; MacSween and Edwards, 2021) as most of those observed in 
our study in autumn and winter (Fig. S3). Temperature increase under 
such conditions can further enhance the rate of these reactions and 
favour the transport of both Hg2+ and Hg0 to the soil surface together 
with water evaporation and the subsequent release of Hg0 to the at
mosphere (Briggs and Gustin, 2013; O’Connor et al., 2019). 

Despite low temperatures, Hg0 fluxes recorded in winter were 
generally comparable to those found in autumn, particularly in the case 
of vegetated soil plots likely due to changes in vegetation cover (see 
Section 3.4.2). During winter, the soil was generally covered by frost in 
the morning and then gradually thawed. In the first measurements 
conducted under conditions of low irradiation and temperatures, Hg0 

emissions were generally low, close to the chamber blank, and then 
sharply increased during the rest of the day. While soil thaws during the 
day, the contraction of the frozen liquid fraction of the soil matrix can 
connect the interstitial pore spaces, favouring the movement of Hg0 

potentially stored in soil pore air to the surface (Ci et al., 2018) 

Fig. 4. Example of diurnal variation of Hg0 fluxes from bare and vegetated soil at site FOS in the various seasons (results from other sites are reported in sup
plementary material). 
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particularly at relatively high soil water content (Corbett-Hains et al., 
2012) such as those observed in this study in winter, explaining the 
observed patterns of Hg0 fluxes. Furthermore, in a recent laboratory 
study, Walters et al. (2016) observed increasing Hg0 emission from soils 
thawing at a constant temperature of around 0 ◦C and related this in
crease to the energy transfer to the system rather than changes in tem
perature. The results of our study appear to be in agreement with this 
hypothesis, as winter measurements were characterised by relatively 
high insolation and small changes in soil temperatures during the 
morning. This effect could explain the occurrence of positive fluxes in 
winter with soil temperatures near 0 ◦C, but these low values still limited 
absolute Hg0 emission, considering that Hg0 winter fluxes at SCZ, SVI, 
and TUR from bare soil plots were significantly (p < 0.05, K–W) lower 
than those recorded in autumn. 

3.4.2. Effects of grass-vegetation cover 
In general, Hg0 fluxes from grass-vegetated soils were lower than 

those calculated for bare soils at the same site: considering the daily 
averages, the vegetation cover caused a reduction of Hg0 releases 
compared to bare soil plots of 9.3–68.2% in summer, 41.4–78.0% in 
autumn, and 12.4–60.0% in winter (Fig. 5). The presence of vegetation 
influences the environmental variables at the soil-air interface through 
affecting air mixing, reducing solar radiation that reaches the surface 
and consequently influencing soil temperature and moisture (Gustin 
et al., 2004). Through these effects, the presence of vegetation often 
limits the formation and volatilisation of Hg0 from soils compared to 
non-vegetated areas (Agnan et al., 2016; Choi and Holsen, 2009b; Zhang 
et al., 2021). Lower Hg0 fluxes from grass-covered as compared to bare 
soils have been previously reported for areas directly impacted by Hg 
mining activity (Fantozzi et al., 2013) or waste disposal (Tao et al., 
2017), confirming the role of vegetation in reducing the impact of 
substrate pollution on the local atmosphere (Yan et al., 2019), but also 
for background zones (Fu et al., 2008; Sun et al., 2020b). However, it 
should be stressed that Hg0 fluxes from soils characterised by the pres
ence of vegetation are still regulated by the combined influence of ra
diation and temperature (Ma et al., 2018; Osterwalder et al., 2019), as 
also confirmed by the similar trends of emission, UV radiation, and soil 
temperatures recorded in this study (Fig. 4 and Figs. S6–S10). 

Another important aspect that should be considered is the vegetation 
growth stage, which can seriously control the Hg0 releases at the soil-air 
interface (Gao et al., 2020), as typically the reduction of Hg0 fluxes is 
higher during active growth and peak vegetation periods and decreases 
during senescence (Eckley et al., 2021; Sun et al., 2020b). The results 
obtained in this study are in good agreement with this hypothesis. 
During summer, Hg0 fluxes from vegetated soils were significantly (p <
0.05, K–W, Fig. 3) lower than from bare soils at sites SVI, SAG, TUR, and 
FOS, where vegetation was well developed ensuring effective shading 
and limiting photoreduction and energy reaching the soil surface (Gao 
et al., 2019). Conversely, measurements at SAV and SCZ were conducted 

after mowing and removing grass and consequently the shading effect 
was limited, as confirmed by values of soil temperatures comparable to 
those found for bare soils. Hence, Hg0 fluxes, enhanced by higher radi
ation reaching the surface, were lower but comparable to those found for 
bare soils, as commonly observed after harvest in agricultural soils 
(Sommar et al., 2016; Zhu et al., 2011). In autumn, despite a lower 
vegetation growth, Hg0 emissions from vegetated plots were found to be 
significantly lower than those from bare soils at all sites (Fig. 3), sug
gesting that the physical structure of plants may still have limited the 
gaseous exchange through reducing light penetration, in agreement with 
the results of a previous study conducted in pristine meadows (Converse 
et al., 2010). Finally, in winter Hg0 fluxes from vegetated soils were 
comparable and in some cases (SVI, SAV, SCZ, FOS) slightly higher than 
those found in autumn despite the lower temperatures, likely due to the 
presence of dry plant stubble which allowed for an increase in light that 
could reach the soil surface and consequently the formation of Hg0, as 
already noted in other studies (Converse et al., 2010; Sun et al., 2020b). 
Interestingly, Hg0 fluxes recorded from vegetated soils at site FOS in 
winter were significantly (p < 0.05, K–W) higher than those observed in 
autumn at the same site, likely due to the combination of scarce vege
tation cover during winter and relatively high UV irradiation, as mea
surements in autumn were conducted under partial cloud cover. Winter 
conditions with dormant vegetation likely represent soil fluxes with 
minimal vegetation effects, with emissions that can be comparable to 
those from bare soils (Stamenkovic et al., 2008), as generally occurred in 
this study (Fig. 3). Moreover, in some morning measurements during 
winter slightly higher Hg0 fluxes from vegetated than bare soils were 
detected (Fig. 4, S6-S8, S10), pointing to the extremely high uncertainty 
of the estimation of average Hg0 flux reduction from vegetated soil plots 
in winter (Fig. 5): consequently, despite average daily Hg0 fluxes from 
vegetated soils in winter being lower than those from bare soils, it is 
possible to assume that these differences are only marginally related to 
the presence of vegetation during this season (During et al., 2009). These 
results confirm that favouring the growth of vegetation on contaminated 
substrates could represent a simple and inexpensive remediation strat
egy to reduce Hg0 releases into the atmosphere, mostly at sites where the 
local climate allows for the presence of dense natural vegetation during 
the hottest months of the year, when the highest emissions are expected. 
However, the efficacy of this strategy should be evaluated considering 
the local characteristics of each site, as the occurrence of periods with 
low vegetation development corresponding to high irradiation and 
temperature could significantly affect the reduction of Hg0 emissions 
from soils by vegetation due to lack of soil cover, as observed at SAV and 
SCZ during summer in this study. For example, this situation could be 
caused by droughts events, the frequency of which is expected to in
crease due to global warming: this aspect should be considered when 
assessing the possible use of this mitigation strategy for 
Hg-contaminated sites (Zhao and Running, 2010; Jiskra et al., 2018). 

On ecosystem level, living plants could also limit the amount of Hg 

Fig. 5. Estimation of daily average Hg0 fluxes reduction from grass-vegetated soil plots compared to bare soil plots in the different sites and seasons.  
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released to the atmosphere through stomatal uptake of Hg0 emitted by 
the soil (Eckley et al., 2016) or cuticolar adsorption (Stamenkovic and 
Gustin, 2009). These processes are thought to be more effective at high 
atmospheric Hg concentrations and, more importantly, are reversible, as 
Hg present in the leaf interior or on the surface can be re-emitted to the 
atmosphere when ambient conditions change (Fu et al., 2008; Naharro 
et al., 2020). The experimental setup adopted in this study does not 
allow for the discrimination of the relative contribution of these pro
cesses to Hg0 releases, but the impact of foliar Hg uptake may be 
considered negligible compared to shading effects, particularly in 
grassland ecosystems characterised by low leaf areas (Converse et al., 
2010; Gao et al., 2020; Sun et al., 2020b). 

As fluxes from bare and vegetated soils were measured on contiguous 
but different plots, it cannot be excluded that the differences in Hg0 

fluxes may be also related to upper soil horizon characteristics (e.g. 
porosity, THg concentration), which could be highly variable even over 
short distances (During et al., 2009; Rinklebe et al., 2009). Considering, 
however, that vegetated plots showed consistently lower fluxes than 
bare soils, even when characterised by slightly higher THg contents, it 
can be assumed that the influence of vegetation (in summer and autumn 
seasons) is greater than that of soil characteristics. Conversely, the 
variable Hg content in soils heavily influenced the variability of Hg0 

fluxes between the different sites, as discussed in the next section. 

3.4.3. Effects of soil Hg and organic matter content 
The availability of Hg in surface soils represents one of the most 

important parameters controlling the magnitude of Hg0 fluxes into the 
atmosphere, particularly in Hg-enriched areas (Agnan et al., 2016; 
Osterwalder et al., 2019), and the results of this study are in good 
agreement with this evidence. The average Hg0 fluxes from bare soils 
were indeed significantly correlated with THg concentrations in topsoils 
both in summer (r = 0.95, p < 0.01) and autumn (r = 0.77, p < 0.05), 
whereas no relation was found in winter (Fig. 6) likely due to the low 
emissions recorded at all sites during the mornings. Generally, the dif
ferences between average Hg0 fluxes at different sites in summer and 
autumn may be explained by the different THg concentrations in soils, 
whereas in winter the Hg0 releases were more homogenous. For 
example, Hg0 fluxes from both bare and vegetated soils at the most 
impacted site (TUR) in winter, limited by both low temperatures and 
tree shading in the afternoon, were not statistically different from those 
of SAV and SCZ, characterised by the lowest Hg content in the substrate. 

Moreover, average Hg0 fluxes in summer and autumn were also 
significantly correlated with the concentration of α-HgS (Fig. 6), rep
resenting the largely predominant Hg fraction in the selected soils. These 

Fig. 6. Correlation between average Hg0 fluxes from bare and vegetated soils at the experimental sites with a) average soil total Hg concentration b) average soil 
α-HgS concentration c) average soil OM content (as LOI). 



11

results confirm that despite the low mobility of α-HgS in the environ
ment (Gai et al., 2016), this form can significantly contribute to the 
releases of Hg0 from soils likely thanks to the energy provided by 
irradiation. 

The relatively high activation energy required to initiate volatilisa
tion from α-HgS compared to other Hg forms (Gustin et al., 2002; 
Schlüter, 2000) may also explain the low Hg0 fluxes recorded during 
morning measurements in winter coupled with low temperatures. 
Emissions recorded in these conditions are likely attributable to the 
no-α-HgS fraction, present in comparable amounts at all the sites. 
Indeed, Hg forms occurring in this fraction are generally more mobile 
than α-HgS and could generate a more rapid increase in Hg0 volatilisa
tion in response to light or thermal excitation (Gustin et al., 2002; 
Kocman and Horvat, 2010; Llanos et al., 2011). Moreover, a greater 
contribution of α-HgS to Hg0 formation and volatilisation could also 
represent the reason why the highest average fluxes during the winter 
season corresponded to measurements at SAG and FOS sites, charac
terised by the highest values of both UV radiation and temperatures 
(Table S3). 

Considering the average Hg0 fluxes from vegetated soil plots, weaker 
relationships between soil Hg content and Hg0 releases were observed 
especially in summer (Fig. 6), confirming the importance of vegetation 
for Hg0 emission abatement. A striking example is represented by 
comparable emissions recorded from vegetated soil at SVI and SCZ in 
summer despite the difference in THg (17.63 and 7.65 mg kg− 1, 
respectively): as aforementioned, emissions at SCZ may have been 
enhanced by vegetation cutting, whereas a thriving grass cover limited 
the emission at SVI (Zhang et al., 2021). 

Additionally, Hg0 fluxes at FOS were generally higher than expected 
in all seasons and greater than those recorded, for example, at TUR and 
SAG despite the lower average Hg content in soil and the cloud cover 
during field sampling in summer. A possible explanation may be found 
in the different OM content in soils, lower at FOS than at all other sites. 
Organic matter has a strong affinity for Hg0 and can therefore effectively 
adsorb it in the soil pore space, limiting its vertical diffusion and sub
sequent release into the atmosphere (Fu et al., 2012; Obrist et al., 2014; 
Yuan et al., 2019). Moreover, the formation of strong covalent bonds 
between Hg2+ and functional groups of OM, particularly those con
taining reduced sulphur (Reis et al., 2015b), could also influence the 
amount of Hg available for reduction to Hg0 and consequently limit 
gaseous releases (Gao et al., 2020; Yang et al., 2007). The results ob
tained in this study are in agreement with this hypothesis, as confirmed 
by the negative relationships generally observed between average 
values of LOI and Hg0 fluxes (Fig. 6), confirming that a low content of 
OM in soil may be conducive for Hg evasion (Llanos et al., 2011). 
However, further research is needed to assess if this effect could be at 
least partially ascribed to changes in the type of OM in the soil (not 
determined in this study), which can also significantly affect Hg mobility 
(Sysalová et al., 2017). 

4. Conclusions

The results of the field measurements presented in this work repre
sent the first direct evidence of Hg0 releases from the contaminated soils 
of the Isonzo River alluvial plain, impacted by Hg due to historical 
extraction activity from the Idrija mining district. Despite the distance 
from the contamination source, the obtained values were comparable to 
those reported worldwide for sites impacted by mining, confirming that 
past supplies of Hg-enriched material still enhance gaseous releases even 
more than 25 years after the closure of the mine. Overall, Hg0 emissions 
were significantly higher during the summer than autumn and winter, 
which conversely showed comparable values, due to higher incident UV 
radiation and temperatures that likely promoted the formation of vol
atile Hg0. 

Mercury content in the soil, mostly occurring as α-HgS, played an 
important role in influencing the magnitude of Hg0 fluxes in the 

different sites, particularly during summer and autumn, whereas emis
sions in winter were more homogeneous, likely due to a low contribu
tion of α-HgS to volatilisation under low temperature conditions. 
Moreover, soil organic matter content likely influenced the evasion of 
Hg0 to the atmosphere through the adsorption of Hg, too. 

Actively growing native grass-vegetation significantly limited Hg0 

emissions during summer and autumn compared to that from bare soils 
due to soil shading, whereas in winter this effect was not observed due to 
the presence of only dormant vegetation, ineffectively covering the soil 
surface. Considering that a remediation of the plain is unlikely due to the 
spread of contamination over many kilometres, the preservation of the 
“natural” situation with grass vegetation cover represents a valuable 
option to limit the amount of Hg0 releases and thus the impact of sub
strate Hg-contamination on the local atmosphere and further spatial 
spreading through atmospheric transport. However, further research is 
needed to examine the contribution of plants to Hg0 exchanges in this 
area. 

Having ascertained the existence of relevant diurnal Hg0 emissions 
from the selected contaminated soils, further long-term continuous 
monitoring is needed to better define the diurnal trend of Hg0 emissions, 
also taking into consideration the processes occurring during the 
nocturnal period and evaluating the possible contribution related to dry 
and wet atmospheric deposition. Furthermore, considering the good 
response of the accumulation chamber technique to changes in envi
ronmental conditions, particularly of incident radiation, and the 
rapidity of measures (5 min each), this approach could allow for a high 
number of distinct measures over a short time in different points. 
Increasing the number of sampling points per area may then allow for a 
better evaluation of the variability of Hg0 fluxes on a small spatial scale, 
and to accurately assess the diffuse emissions of Hg0 from a selected 
area. This approach needs also to be tested with regard to risk assess
ment procedures in contaminated sites, in order to evaluate the potential 
exposure of local inhabitants to Hg through inhalation after evaporation 
from soil surfaces. Moreover, it would be desirable to measure Hg0 

fluxes at the soil-air interface in other environments e.g. the croplands 
that cover a large part of the Isonzo River alluvial plain, where agri
cultural activities such as ploughing and harvesting cause a marked 
disturbance of soils and the exposure of bare soil surfaces to direct 
incident radiation, potentially leading to strong Hg emissions into the 
atmosphere. 
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Kotnik, J., Horvat, M., Dizdarevič, T., 2005. Current and past mercury distribution in air 
over the Idrija Hg mine region, Slovenia. Atmos. Environ. 39, 7570–7579. https:// 
doi.org/10.1016/j.atmosenv.2005.06.061. 

Kurz, A.Y., Blum, J.D., Washburn, S.J., Baskaran, M., 2019. Changes in the mercury 
isotopic composition of sediments from a remote alpine lake in Wyoming. USA. Sci. 
Total Environ. 669, 973–982. https://doi.org/10.1016/j.scitotenv.2019.03.165. 

Kyllönen, K., Hakola, H., Hellén, H., Korhonen, M., Verta, M., 2012. Atmospheric 
mercury fluxes in a southern boreal forest and wetland. Water, Air, Soil Pollut. 223, 
1171–1182. https://doi.org/10.1007/s11270-011-0935-1. 

Lei, D., Xiaohui, S., Yao, L., Baoyu, D., Qiong, W., Kaiyun, L., Jiawei, Z., Qingru, W., 
Shuxiao, W., 2021. Soil-atmosphere exchange of gaseous elemental mercury in three 
subtropical forests with different substrate Hg concentrations. Atmos. Environ. 244, 
117869 https://doi.org/10.1016/j.atmosenv.2020.117869. 

Li, C., Liang, H., Liang, M., Chen, Y., Zhou, Y., 2018. Mercury emissions flux from various 
land uses in old mining area, Inner Mongolia, China. J. Geochem. Explor. 192, 
132–141. https://doi.org/10.1016/j.gexplo.2018.06.011. 

Liu, F., Cheng, H., Yang, K., Zhao, C., Liu, Y., Peng, M., Li, K., 2014. Characteristics and 
influencing factors of mercury exchange flux between soil and air in Guangzhou 
City. J. Geochem. Explor. 139, 115–121. https://doi.org/10.1016/j. 
gexplo.2013.09.005. 

Llanos, W., Kocman, D., Higueras, P., Horvat, M., 2011. Mercury emission and dispersion 
models from soils contaminated by cinnabar mining and metallurgy. J. Environ. 
Monit. 13, 3460–3468. https://doi.org/10.1039/c1em10694e. 

Ma, M., Sun, T., Du, H., Wang, D., 2018. A two-year study on mercury fluxes from the soil 
under different vegetation cover in a subtropical region, South China. Atmosphere 
(Basel) 9, 30. https://doi.org/10.3390/atmos9010030. 

MacSween, K., Edwards, G.C., 2021. The role of precipitation and soil moisture in 
enhancing mercury air-surface exchange at a background site in south-eastern 
Australia. Atmos. Environ. 255, 118445 https://doi.org/10.1016/j. 
atmosenv.2021.118445. 

Mahbub, K.R., Krishnan, K., Megharaj, M., Naidu, R., 2016. Bioremediation potential of a 
highly mercury resistant bacterial strain Sphingobium SA2 isolated from 
contaminated soil. Chemosphere 144, 330–337. https://doi.org/10.1016/j. 
chemosphere.2015.08.061. 

Maier, M., Weber, T.K.D., Fiedler, J., Fuß, R., Glatzel, S., Huth, V., Jordan, S., 
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2017. Mercury species in formerly contaminated soils and released soil gases. Sci. 
Total Environ. 584 (585), 1032–1039. https://doi.org/10.1016/j. 
scitotenv.2017.01.157. 

Tao, Z., Liu, Y., Zhou, M., Chai, X., 2017. Exchange pattern of gaseous elemental mercury 
in landfill: mercury deposition under vegetation coverage and interactive effects of 
multiple meteorological conditions. Environ. Sci. Pollut. Res. 24, 26586–26593. 
https://doi.org/10.1007/s11356-017-0275-9. 

Tassi, F., Cabassi, J., Calabrese, S., Nisi, B., Venturi, S., Capecchiacci, F., Giannini, L., 
Vaselli, O., 2016. Diffuse soil gas emissions of gaseous elemental mercury (GEM) 

https://doi.org/10.1007/s00203-011-0751-4
https://doi.org/10.1016/j.scitotenv.2011.05.040
https://doi.org/10.1029/2004JD005567
https://doi.org/10.1029/2004JD005567
https://doi.org/10.1007/s10653-020-00557-8
https://doi.org/10.1016/j.envint.2019.03.019
https://doi.org/10.1021/es4048297
https://doi.org/10.1016/j.envpol.2019.03.093
https://doi.org/10.1016/j.apgeochem.2012.12.013
https://doi.org/10.1016/j.scitotenv.2005.09.085
https://doi.org/10.1016/j.scitotenv.2005.09.085
https://doi.org/10.1016/j.envpol.2014.06.023
https://doi.org/10.1007/s12665-014-3177-x
https://doi.org/10.1007/s12665-014-3177-x
https://doi.org/10.3390/ijerph181910192
https://doi.org/10.1016/j.envpol.2021.117092
https://doi.org/10.1016/j.apgeochem.2022.105393
https://doi.org/10.1051/e3sconf/20130108001
https://doi.org/10.5194/acp-10-5951-2010
https://doi.org/10.1016/j.geoderma.2014.08.019
https://doi.org/10.1016/j.geoderma.2015.06.004
https://doi.org/10.1016/j.geoderma.2015.06.004
https://doi.org/10.1016/j.envpol.2009.07.001
https://doi.org/10.1016/j.envpol.2009.07.001
https://doi.org/10.1016/j.ecoleng.2008.04.019
https://doi.org/10.1127/0340-269X/2006
https://doi.org/10.1127/0340-269X/2006
https://doi.org/10.2134/agronmonogr47.c12
https://doi.org/10.1016/j.jhazmat.2016.11.068
https://doi.org/10.1016/j.jhazmat.2016.11.068
https://doi.org/10.1038/s41467-018-07075-3
https://doi.org/10.3390/su11226406
https://doi.org/10.3390/su11226406
https://doi.org/10.1007/s002540050005
https://doi.org/10.1007/s002540050005
https://doi.org/10.1007/BF00342308
https://doi.org/10.1007/s13280-017-1003-x
https://doi.org/10.1029/2011JD016186
https://doi.org/10.1029/2011JD016186
https://doi.org/10.1016/j.chemosphere.2020.126063
https://doi.org/10.1016/j.chemosphere.2020.126063
https://doi.org/10.1016/j.fuproc.2003.11.003
https://doi.org/10.1029/2005JG000106
https://doi.org/10.1029/2005JG000106
http://www.regione.fvg.it/rafvg/cms/RAFVG/ambiente-territorio/pianificazione-gestione-territorio/FOGLIA21/#id9
http://www.regione.fvg.it/rafvg/cms/RAFVG/ambiente-territorio/pianificazione-gestione-territorio/FOGLIA21/#id9
https://doi.org/10.1016/j.atmosenv.2017.01.024
https://doi.org/10.1021/es902091w
https://doi.org/10.1016/j.scitotenv.2020.137648
https://doi.org/10.1016/j.scitotenv.2020.137648
https://doi.org/10.5194/bg-13-2029-2016
https://doi.org/10.5194/bg-13-2029-2016
https://doi.org/10.1021/es801583a
https://doi.org/10.1021/es801583a
https://doi.org/10.1016/j.scitotenv.2008.07.047
https://doi.org/10.1016/j.scitotenv.2008.07.047
https://doi.org/10.1088/1748-9326/ab281f
https://doi.org/10.1016/j.jvolgeores.2020.106825
https://doi.org/10.1016/j.jvolgeores.2020.106825
https://doi.org/10.1021/acs.est.9b06636
https://doi.org/10.1016/j.scitotenv.2017.01.157
https://doi.org/10.1016/j.scitotenv.2017.01.157
https://doi.org/10.1007/s11356-017-0275-9


15

from hydrothermal-volcanic systems: an innovative approach by using the static 
closed-chamber method. Appl. Geochem. 66, 234–241. https://doi.org/10.1016/j. 
apgeochem.2016.01.002. 
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