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Abstract
Characterizing the transport and degradation of chlorinated ethenes in fractured aquifers, as well as the assessment of cleanup
times, poses an extreme technical challenge. In the presented study, a method to analyze reactive transport and reductive
dechlorination of chlorinated solvents in fractured aquifers is developed. A rough-walled parallel-plate model of nonlinear flow
behavior is coupled with random-walk particle tracking, incorporating particle exchange between the mobile and stagnant zones,
adsorption processes, and reductive dechlorination reaction pathways. The developed methodology, considering reductive
dechlorination processes in a Lagrangian framework, is able to simulate the motion of particles affected by first-order network
reactions, so that particles move according to their chemical state, affecting physical transport processes (advection, dispersion,
mass-transfer exchange between mobile and stagnant zones). The developed model is applied to a case study of groundwater
contamination in the industrial area of Bari and Modugno (Italy), where the limestone aquifer has a fractured, karstic nature. The
steady-state distribution of the contamination by chlorinated ethenes from a source at a hot spot is obtained and compared with
the observed scenario of contamination, in order to estimate the plausible transport and degradation processes and the mass
loading at source. The study represents a valuable tool in deciding the role of natural attenuation as a treatment option, where the
natural attenuation capacity of groundwater can be integrated with engineering methods in order to obtain site remediation.
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Introduction

Chlorinated ethenes (CEs) have been widely used as solvents
in manufacturing operations and they represent the most fre-
quently detected contaminants in groundwater. Their behavior
and bioremediation in unconsolidated aquifers composed of
granular materials (e.g., sand, silt and gravel) have been

extensively assessed for several decades (Yu 2017). As most
bioremediation studies have taken place in granular porous
media, there is scarce information on the use of bioremedia-
tion for in situ treatment of CEs in fractured bedrock (Pérez-
de-Mora et al. 2014).

Fractured bedrock presents a significant remediation chal-
lenge.Matrix diffusion and dead-end fractures could act as the
primary storage place for contaminants. The diffusion of con-
taminants from the mobile water in the fractures to the virtu-
ally stagnant water within the rock matrix can make aquifer
restoration frustratingly slow at best, and at worst, an exercise
in futility (Mutch et al. 1993). Furthermore, matrix diffusion
and stagnant zones play an important role on the CEs’ persis-
tence after bioremediation activity (Verce et al. 2015). On the
other hand, dechlorinated microorganisms have been detected
in the rock matrices away from fracture surfaces, indicating
that biodegradation within the rock matrix blocks should be
considered as an important component for the evaluation of
the natural attenuation potential or remediation (Lima et al.
2012). Groundwater flow-path characterization is essential in
order to assess the variability of natural attenuation processes
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of CEs in fractured rock systems (Bradley et al. 2009). In
fractured rock aquifers, groundwater flow pathways also gov-
ern the hydraulic connectivity and travel time between wells
for recirculation of remediation fluids in an enhanced natural
attenuation (ENA) cleanup strategy (Verce et al. 2015). In
fracture-dominated flow regimes, the extent of injection and
distribution of remediation countermeasures could not be con-
ceptualized using simple homogeneous models of groundwa-
ter flow commonly adopted to design injections in less het-
erogeneous unconsolidated geologic materials (Tiedeman
et al. 2018).

Generally, natural attenuation of CEs is favored under an-
aerobic conditions in the presence of iron-reduction, sulfate-
reduction and methanogenesis redox conditions (Lenczewski
et al. 2003). Chemical reactions that involve CEs, electron
acceptor and donor organic matter, and microorganisms can
be complex but predictable. Many researchers faced the chal-
lenging issue of studying dechlorination of CEs in fractured
aquifers when carrying out field investigations, laboratory
tests and numerical simulations (Yager 2002, Manoli et al.
2012; Pérez-de-Mora et al. 2014; Şimşir et al. 2017). When
contaminant concentrations are small (i.e. less than the half-
saturation constant in the Monod model) transformation rates
of CEs can be described by pseudo first–order reaction rates
(Yager 2002; Burnell et al. 2014).

The interactions between the heterogeneity and anisotropy
of aquifer properties, diffusion in stagnant zones and chemical
reactions often complicate reactive transport simulations
(Henri and Fernàndez-Garcia 2015). In this situation, site-
specific transport models—incorporating nonlinear flow,
mass transfer between mobile and stagnant zones, sorption
processes and reductive dechlorination pathways—are needed
in order to evaluate natural attenuation potentials and/or clean
up strategies.

In a general way, fractured and karst aquifers can be
conceptualised as multiple-porosity media with a strong vari-
ation of the hydraulic properties, including media such as
matrix pores, fractures and conduits, in which nonlinear flow
can occur (Cheng and Chen 2005). Flow through fractures
and/or conduits is often non-Darcian, which influences the
flow dynamics and contaminant transport. Several researchers
have investigated deviation of the cubic law of flow from
observed flow behaviour, proposing correction factors and/
or velocity dependent functions to take into account roughness
of fracture walls and tortuosity (Zimmerman and Bodvarsson
1996;Waite et al. 1998; Cherubini et al. 2012; Cherubini et al.
2013a).

Connected fractures act as conduits for groundwater,
whereas matrix diffusion and stagnant zones, due to the pres-
ence of dead-end channels and irregularities of fracture walls,
trap the contaminated mass. This is later released with the
result of anomalous discharge behavior characterized by an
early arrival and long tailing (Lee et al. 2017; Dou et al.

2018). Non-Fickian behaviour has been associated with mass
diffusion between the fracture and matrix (Zhou et al. 2006),
the channeling effect due to variable apertures (Tsang and
Tsang 1987), and stagnation zones near fracture walls
(Cardenas et al. 2007).

Where the matrix porosity is low, the presence of recircu-
lation zones may represent the main cause of non-Fickian
transport, especially when nonlinear flow occurs influencing
both (1) the advection that causes a delay in solute transport
with respect to the linear flow assumption and (2) the stagnant
zones that enhance the presence of eddies within the fractures,
with a result of a persistence of the contaminant plume (Qian
et al. 2011; Cherubini et al. 2013b, Cherubini et al. 2014; Lee
et al. 2015).

In addition, the evolution of CEs in the groundwater environ-
ment involves reaction pathways, resulting commonly from bi-
otic and/or abiotic anaerobic reductive dechlorination. In general,
reaction pathways involved in the degradation of CEs do not
follow the sequential reaction chain. First, the reductive dechlo-
rination processes produce chloride. The complete dechlorination
of 1 mol of tetrachloroethylene (PCE) corresponds to 4 mol of
chloride (Semprini et al. 1990). Second, degradation of trichlo-
roethylene (TCE) produces three daughter species: cis-1,2-
dichloroethylene (cis-1,2-DCE), trans-1,2-dichloroethylene
(trans-1,2-DCE) and 1,1-dichloroethylene (1,1-DCE) simulta-
neously (Wiedemeier et al. 1996). The reaction rates of DCEs
are different, as well as their toxicity. Third, abiotic degradation
favors reductive ß-elimination, α-elimination and hydrogenation
pathways (He et al. 2015); furthermore, the reaction rates in the
mobile and stagnant zone can be substantially different
(Cunningham and Mendoza-Sanchez 2006).

The sorption processes of chlorinated solvents and their
degradation products are different. Highly CEs (PCE and
DCE) present a stronger sorption behaviour then lower CEs
such as DCEs and vinyl chloride (VC). Assuming a linear
isotherm is valid, the retardation factors of each CEs and their
degradation products such as ethylene (ETH) can be different,
affecting transport mechanisms such as advection and the in-
teraction between the mobile and stagnant zones (Lu et al.
2011). As a consequence, the fate and transport processes of
CEs in fractured media could become complicated.

Particle-based methods represent an efficient numerical ap-
proach to simulating reactive transport (Kitanidis 1994;
Salamon et al. 2006; Henri and Fernàndez-Garcia 2014).
Several particle-based methods exist to simulate multispecies
contaminant plumes affected by reaction networks limited to
first-order kinetics (Burnell et al. 2014; Henri and Fernàndez-
Garcia 2015) or with more complex kinetics (Benson and
Bolster 2016; Engdahl et al. 2017; Sole-Mari et al. 2017).

The base concept of almost all of these approaches is that
the single particle is viewed as an infinitely small plume
(Kitanidis 1994) associated with a mobile bin containing the
mass of each species associated with the single particle. Then
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the single particle evolves from species i to species j according
to a transition probability matrix. The particle moves accord-
ing to an effective retardation factor, calculated as the harmon-
ic mean between the species i and j involved in the chemical
reaction. Some limitations attributed to these kinds of methods
concern the use of very small times steps to represent linear
sorption and the fact that chemical reactions must follow a
sequential reaction pathway. The reaction network of CEs
and their degradation products is simplified as a sequential
reaction chain. The main disadvantage is linked to the fact that
all DCEs are lumped together as single species and the evo-
lution of their daughter species is not properly predicted.

In this paper, an efficient particle-based method to simulate
transport and reductive dechlorination processes, including
complete reaction pathways, is developed. The approach ap-
proximates reductive dechlorination processes as first-order-
kinetics reaction pathways in combination with a nonlinear
flow model, dependent on velocity-field mass-transfer pro-
cesses between mobile and stagnant zones and linear sorption.
The developed method takes the spatial heterogeneity of aqui-
fer characteristics into account in terms of advection, disper-
sion, linear sorption and mass transfer processes, as well as the
degradation efficiency of the CEs by means of the definition
of the redox zones. The developed method associates with the
particles, which enter into a generic redox zone at a specific
time, and a mass distribution vector containing the total mass
associated with each species. The mass distribution vector
evolves in time according to the imposed reaction pathways,
which do not necessarily follow a sequential reaction chain
(generic species i can evolve into one or more species).
Particle-transition probabilities are determined according to
the mass consumed in the time interval. Finally, the particle
species change according to the transition probabilities using a
Markov chain model. In this way, to each particle is associated
a single species that does not necessarily change according to
a sequential chain. The retardation factor associated with each
particle depends on the sorption characteristics of the single
species associated with it (distribution coefficient) as well as
its position in the space domain, which determines the aquifer
characteristics.

The developed method is applied to the case study of
the fractured, karst limestone aquifer of the industrial area
of Bari (Italy). Previous studies carried out on the same
aquifer have applied different conceptual, mathematical
and numerica l models to model the f lu id f low
(Cherubini et al. 2013a; Cherubini et al. 2018), conserva-
tive transport (Masciopinto and Palmiotta 2013), reactive
transport (Masciopinto et al. 2010) and variable density
flow (Masciopinto and Palmiotta 2016; Masciopinto et al.
2017). Some of them are used to set up the flow model
that determines the flow field. This work was developed
from the two-dimensional (2D) flow model presented by
Cherubini et al. (2018), who coupled a rough-walled

parallel-plate model for flow simulation with inverse
modeling and geostatistical analysis, to infer the value
of the equivalent transmissivity distribution. In the present
work, the flow model has been calibrated on the basis of
the point dilution tests presented in Masciopinto and
Palmiotta (2016). Furthermore, the experimental break-
through curve (BTC) obtained from the forced-gradient
test presented in Masciopinto and Palmiotta 2013 has
been used to analyse the mass exchange behaviour be-
tween the mobile and stagnant zone, as well as to estimate
the mass exchange parameters comparing the observed
data with simulated data.

The specific goals of this paper are to:

1. Test if the developed particle-based approach can ade-
quately represent the scenario of contamination in the
study area.

2. Analyze if the natural attenuation strategies represent a
valid alternative for aquifer remediation.

3. Enrich understanding of the hydrogeological behavior of
the aquifer, highlighting how the heterogeneity, anisotro-
py, nonlinear flow and mass transfer processes affect the
scenario of contamination and the remediation strategy.

Materials

Field site

The industrial site of Bari is a flat area with the highest
elevation of 30 m above sea level (asl), facing the
Adriatic Sea in southeastern Italy, with an areal extent
of 1,509 ha. More than 800 industries are present, among
which 20 are multinational companies. The industrial ac-
tivities involve several sectors: food, chemicals, petro-
chemicals, textiles, wood, mechanics, mechatronics, in-
formation and communication technology (ICT), lamp
production and building.

The observed annual mean temperature is between 14.4
and 20.4 °C. The area has a semiarid climate with annual
average rainfall and potential evapotranspiration of 540 and
1,063 mm respectively.

From the morphological point of view, the study area is a
typical coastal Murgian belt characterized by the presence of
wide elongated terraces parallel to the coast and gentle slopes
to the sea, ending on the waterside with marine terraces bor-
dered by low escarpments. Three-tiered terraces are detectable
sloping down to the sea with elevations between 40 and
10 m asl, characterized by paleostream channels or small ero-
sive furrows (called in the Apulian region “lame”) perpendic-
ular to the terraces (Fig. 1).
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Evidence of dechlorination processes

In the study area, a diffusive contamination by chlorinated
aliphatic hydrocarbons—PCE, TCE, 1,1-DCE, cis & trans
1,2-DCE and VC—has been detected, which is being
transported downgradient from the potential source area of
contamination toward the coastal area in the SW–NE
direction.

Tetrachloroethylene represents about 80% of the total CEs
at the hot-spot area, whereas TCE has been detected at lower
concentrations than PCE in all locations. The amount of 1,2-
DCE is greater than 80% of the total DCE, representing an
indicator of the presence of dechlorination processes.

The greatest biodegradation efficiency of the highest-
chlorinated CEs is found under methanogenic/sulfidogenic
groundwater conditions. The detected redox potential value
is consistent with the presence of iron-reducing conditions
where the fracture coating, composed by red soil, represents

a source of ferric iron (Fe3+) in the redox reaction. However,
this scenario is not consistent with the detected concentration
of ferrous iron (Fe2+), below 20 μg L−1, and the high concen-
tration of nitrate (above 1 mg L−1), but represents the highest
electron acceptor (EC) after the dissolved oxygen. More de-
tails on CEs and EAs characterization are reported in the elec-
tronic supplementary material (ESM).

Geological and hydrogeological setting

From the geological viewpoint (below the top soil), the study
area is characterized by the presence of alluvial and marshy
deposits (Holocene) at the bottom of the lame and some de-
pressions in the dune deposits, and by the presence of
Calcareniti di Gravina formation (lower Pleistocene) with a
variable thickness from few meters to 20 m. It is a calcarenitic
complex, transgressive on the underlying formation, some-
times in angular discordance, constituted by dune bioclastic,

Fig. 1 Geological map of the industrial area of Bari, southeastern Italy.
Legend: 1 alluvial and marshy deposits (Holocene); 2 Calacareniti di
Gravina Formation (lower Pleistocene); 3 Calcare di Bari formation

(Cretaceous); 4 escarpments; 5 fault (uncertain); 6 anticlinal axis; 7 hy-
drographic network; 8 potential source area of contamination; 9 location
of the monitoring wells
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detritic and sand-bar deposits constituted by calcarenites with
marine fossils, volcanic sands and sandstones, and discontin-
uous layers of gravel and conglomerates. Below the
calcarenitic strata lies the Calcare di Bari formation, represent-
ed by a Cretaciceous calcareous dolomitic succession extend-
ing in depth for hundreds of meters. The succession consists
of biopeloidal and peloidal wackestones/packstones alternat-
ing with stromatolithic bindstones with frequent intercalations
of dolomitic limestones and grey dolostones. This succession
appears stratified and fissured and, where it is not intersected
by tectonic discontinuities, it shows a subhorizontal or slightly
inclined attitude (Maggiore 1993).

From the hydrogeological point of view, the study area
belongs to the karstic Murgia aquifer, characterised by calcar-
eous lithotypes and having a secondary fissure-type perme-
ability of tectonic origin. The prolonged karstic dissolution
action of water on carbonate rocks has enlarged and intercon-
nected the already existing discontinuities, creating a deep
network of subterranean passages.

Inside the cavities of variable dimensions created by the
complex and relevant karstic phenomena, conspicuous accu-
mulations of red soil “terra rossa” can be detected. The origins
of this residual material are not always attributable to its sur-
vey site. Dell’anna et al. (1985) and Vingiani et al. (2018)
investigated the geochemical composition of terra rossa in
the study area and detected silica and calcite (35–45%) kao-
linite and illite (25–30%) and iron (10–15%) (hematite, mag-
netite and goethite) with small quantities of calcium oxides,
potassium, titanium, magnesium, sodium, manganese and
phosphorus.

Because of karstic phenomena, all the Murgian territory is
characterized by scarce surface-water flow, even in the pres-
ence of an extensively developed hydrographic network. The
local hydrographic network typical of the Apulian countryside
is in fact constituted by the lame which act as ephemeral water
courses. The high permeability of carbonatic rocks facilitates
the infiltration of rainwater into the subsoil so that surface
flow occurs only after very intense rain events. This implies
the presence of a conspicuous and extended groundwater cir-
culation in the subsoil, floating on underlying seawater of
continental invasion.

One of the peculiar hydrogeological characteristics of the
Murgia aquifer is the pronounced anisotropy linked to the
different degree of fracturing and karst phenomenon of the
carbonatic rocks that determines a high variability in the ver-
tical and especially horizontal hydraulic conductivity, with
values oscillating between 0.2 and 612 m day−1, whereas rock
porosity has values between 1.24 and 5.14% (Borgia et al.
2002).

The degree of fracturing affecting the Calcare di Bari for-
mation is quite variable and mainly depends on the geological
and structural (faults, anticline axis, etc.) evolution of the area,
including faulting and folding. Borehole and in situ surveys

carried out by private companies evidence the presence of two
intervals: an upper level constituted by a carbonate rock se-
quence intensely fractured and karstified and 26m thick, and a
lower level represented by a dolomitic sequence >20 m thick
which is less fractured and karstified.

In the study area, groundwater flows in the limestone
Cretaceous formation within fractures and karst channels
at variable depths from 40 m below the ground level in
the most inland zone of the industrial area, up to about
12–13 m depth at its north-eastern border, with hydraulic
head values of about 1–2 m above sea level. Groundwater
flows in phreatic or semiconfined conditions mainly in the
SW–NE direction perpendicular to the coastline, with hy-
draulic gradients of 0.1–0.5% (Grassi et al. 1986).

Methods

Conceptual model

Calcare di Bari formation is characterized by a succession
of carbonate beds separated by marked subhorizontal me-
chanical discontinuities and affected by subvertical frac-
tures with parted beds and unparted beds (Billi 2005)
(Fig. 2a, b). Groundwater flows along the preferential
channels due to the connectivity of the fractures, and the
flow is influenced by the fracture aperture distribution and
roughness. The presence of these preferential pathways
favors both the transport of contaminants in groundwater
along them and contaminant diffusion into stagnant zones
represented by dead-end channels and/or eddies.
Furthermore, at smaller scale, stagnant zones are also
present in interaggregate pores and or biofilms attached
to fracture surfaces. Dechlorination processes occur along
the preferential flow pathways and stagnant zones in
which substrate availability and nutrient supply are larg-
est, enhancing microbial and geochemical processes.

A simple way to represent horizontal flow through a frac-
tured aquifer is the well-known parallel-plate model (Huitt
1956; Snow 1965; Sarkar et al. 2004; Masciopinto et al.
2010). The fractured medium is conceptualised as a specific
number nf [−] of equivalent horizontal rough-walled parallel
plates having the same mean aperture distribution, which

varies along x and y directions b x; yð Þ (Fig. 2c).
The equivalent transmissivity of the fractured aquifer is

also variable in space along the x and y directions, i.e. Teq(x,
y); (Fig. 2d), and it can be linked to the parallel plates:

T eq x; yð Þ ¼ n fT f x; yð Þ ð1Þ

where T f x; yð Þ is the equivalent transmissivity distribution
of each parallel plate.
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Parallel plates are characterised by the presence of a mobile
zone (preferential pathways) and stagnant zones (Fig. 2e,f).
The solute transport processes in saturated fractured limestone
are modelled under dual-porosity model assumptions where a
first-order mass exchange exists between the mobile zone and
stagnant zones (Guan et al. 2008).

Flow model

Under the linear flow assumption, T f x; yð Þ is proportional to
the cubic power of the mean aperture distribution by means of
the cubic law:

T f x; yð Þ ¼ ρg
μ

b x; yð Þ
12

ð2Þ

When the nonlinear flow condition occurs, T f x; yð Þ is well
represented by the Darcy–Weisbach equation:

T f x; yð Þ ¼ b x; yð Þ
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
4b x; yð Þ
f x; yð Þ g

s ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
∇h x; yð Þj j

p� �−1
ð3Þ

where g (L T−2) is the gravity acceleration, h (L) is the hy-
draulic head and f (−) is the friction factor. The latter is strong-
ly dependent on the flow regime and, according to Nazridoust
et al. (2006), assumes the following expression:

f x; yð Þ ¼ 123

Re x; yð Þ 1þ 0:12Re x; yð Þ0:687
h i

ð4Þ

where Re(x, y) is the Reynolds number distribution along the
single parallel plate described as:

Re x; yð Þ ¼ ρ v x; yð Þj j2b x; yð Þ
μ

ð5Þ

where ρ (ML−3) is the density, μ (ML−1 T−1) is the viscosity
and |v(x, y)| is the module of the velocity vector distribution.
The Darcy–Weisbach equation is close to the cubic law under
linear flow conditions (Re < 1), with the friction factor distri-
bution equal to f(x, y) = 96/ Re(x, y).

The relationship between T f x; yð Þ, nf and b x; yð Þ is not

unique. Different combinations of nf and b x; yð Þ could lead

to similar values of T f x; yð Þ with different velocity distribu-
tions. Furthermore, the presence of a nonlinear flow regime
complicates even more the determination of the flow model
parameters because transmissivity is dependent on the flow
field.

Here a method to determine the flow velocity field is pro-
posed. First, the equivalent transmissivity Teq(x, y) and the
hydraulic head h(x, y)distribution under steady-state condi-
tions must be determined by means of groundwater flow in-
vestigations, analysis and 2D flow modeling. Second, given a
number of parallel plates, their respective mean aperture dis-

tribution b x; yð Þ and the velocity field v(x, y) in each single
parallel plate are determined according to the following recur-
sive equations:

Fig. 2 a and b Sketch of the fracture network of the Calcare di Bari
formation, c set of equivalent horizontal rough-walled parallel plates with
the same mean aperture variable in space along the x and y direction, d

hydraulic transmissivitymap [log10 T (m s–1)] linked to the parallel plates,
e recirculation zones due to dead-end channels, f recirculation zones due
to eddies
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Rek x; yð Þ ¼ ρ vk x; yð Þ�� ��2bk x; yð Þ
μ

f kþ1 x; yð Þ ¼ 123

Rek x; yð Þ 1þ 0:12Rek x; yð Þ0:687
h i

ð6Þ

bkþ1 x; yð Þ
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
T eq

n2f

f kþ1 x; yð Þ
4g

∇hj j3

s
ð7Þ

vkþ1 x; yð Þ ¼ −n fb x; yð Þkþ1

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
4bkþ1 x; yð Þ
f kþ1 x; yð Þ g

s

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
∇h x; yð Þj jp ∇h x; yð Þ ð8Þ

The recursive equations are initialised by determining the
mean aperture distribution and the velocity field v(x, y) ac-
cording to the cubic law:

b x; yð Þ ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
12

T eq x; yð Þ
n f

μ
ρg

3

s
ð9Þ

v x; yð Þ ¼ ρg
μ

b x; yð Þ
12

∇h x; yð Þ ð10Þ

Finally, nf is estimated according to the field flow-velocity
observations. Point dilution tests have been used to estimate,
at a specific location, the specific discharge q (L2 T−1) which
is defined, according to the conceptual model, as the product
between the flow velocity v and the void area available for the

flow equal to the product n f � b. Having estimated q, given a
value of nf, the void area available for the flow must be equal
to the ratio between the observed specific discharge and the
velocity v determined at the location where the point dilution
test has been conducted. The effective porosity or mobile po-

rosity of the aquifer θm (−) is derived by the ratio between n f

�b and the average aquifer thickness B (L). In this way a
relationship between nf and θm is obtained. Then the plausible
value of nf is obtained comparing the nf–θm relationship and
the value of the effective porosity observed in the field.

Solute transport and reductive dechlorination model

Assuming that changes in porosity are negligible in
space and time and contaminant concentrations are
small, such that pseudo-first-order reaction rates ade-
quately represent the dechlorination processes, the
groundwater transport of CEs and their degradation
products in fractured rock (incorporating dual porosity
effects, absorption and dechlorination processes) can be
described by the following system of partial differential
equations:

∂cim
∂t

¼ 1

Ri
m

∇∙ vcim−D∇c
i
m

� �þ α ciim−c
i
m

� �� 	þΛi; j¼1;…;nc
T
m i ¼ 1;…; n

βi
∂cim
∂t

¼ −
αi

Ri
m

ciim−c
i
m

� �þ βi Λ
0
i; j¼1;…;nc

T
im

� �

ð11Þ

where cim and ciim [M L−3] are the solute concentration
for the i-th species in the mobile and stagnant
(immobile) zones, v [L T−1] is the velocity vector, D
[L T−2] is the symmetric dispersion tensor, Ri

m and Ri
im

[−] are the retardation factor for the i-th species in the
mobile and stagnant zones, αi [T

−1] is the mass transfer
coefficient between mobile and stagnant zones for the i-
th species, βi [−] is the capacity ratio for i-th species,
and Λ (T−1) and Λ′ (T−1) are the reaction network
matrix for the mobile and stagnant zone respectively.

The symmetric dispersion tensor has the following compo-
nents:

Dxx ¼ αLv2x þ αTv2y
� �

= vj j;
Dyy ¼ αTv2x þ αLv2y

� �
= vj j;

Dxy ¼ αL−αTð Þvxvy= vj j
ð12Þ

where αLand αTare the longitudinal and transverse
dispersivities, respectively.

Sorption processes of organic compounds occur at the frac-
ture walls due to the presence of iron oxides in red soil. The
retardation factor accounting for the sorption of the solute onto
the fracture walls, both for mobile and stagnant zones, are
respectively defined as:

Ri
m x; yð Þ ¼ 1þ fKi

aa x; yð Þ Ri
im ¼ 1þ 1− fð ÞKi

aa x; yð Þ ð13Þ

Ki
a [L] is the surface distribution coefficient of the i-th

species which indicates the extent of sorption relative to the
surface area of the fracture walls available for sorption, f is the
mass fraction of sorbed phase in the sorption equilibrium
within the mobile zone, a(x, y) [L−1] is the surface-area to
volume ratio of the fracture system which is variable in space
along x and y directions. For the parallel plate model, a(x, y) is
equal to 2=b x; yð Þ. The surface distribution coefficient can be
derived by the ratio between the partition coefficient Kd

(L3 M−1) associated with the i-th species and the internal spe-
cific surface area of the rock γ (L2 M−1) defined by
Novakowski (1999) as:

γ ¼ 2θ
δρb

ð14Þ

where θ is the rock porosity, ρb (M L−3) is the bulk density of
the reactive material (red soil) and δ is the geometric factor
representing the arrangement of the pore space (Freeze and
Cherry 1979).
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Kd (L
3 M−1) of each i-th species is equal to the product of

the fraction of organic carbon present in the reactive soil and
the Koc.

The capacity ratio associated with each species is given by:

βi x; yð Þ ¼ θimRi
im x; yð Þ

θmRi
m x; yð Þ ð15Þ

where θim represents the porosity of stagnant zones.
Experimental evidence shows that the mass transfer coef-

ficient depends on the velocity field (Cherubini et al. 2013b).
The increase of Re lead to eddies growth increasing the recir-
culation zones. Therefore, the mass transfer coefficient is var-
iable in space along the x and y directions on the basis of the
experimental potential law derived by Cherubini et al. (2013b)
between α and Re:

α x; yð Þ ¼ 2⋅10−3 þ 1:1⋅10−5Re2 x; yð Þ ð16Þ

Dechlorination processes are approximated as first-order
reactions neglecting the effect of biomass growth and inhibi-
tors. According to biotic reductive dechlorination pathways,
PCE (i = 1) reacts to produce TCE (i = 2), TCE reacts to pro-
duce three daughter species, cis-1,2-DCE (i = 3), trans-1,2-
DCE (i = 4), and 1,1-DCE (i = 5) simultaneously, while the
three DCEs further react to produce VC (i = 6), and VC reacts
to produce ETH (i = 7) that reacts to produce CO2 and H2O.
Furthermore, a result of the biodegradation of CEs is chloride
(Cl−) (i = 8): complete dechlorination gives rise to 4 mol of
chloride for eachmole of PCE degraded (Semprini et al. 1990;
Wiedemeier et al. 1996). The reaction network matrix Λ and
Λ’ depicts the coupling between the chlorinated solvents and
their degradation products. In a similar way to the dechlorina-
tion model reported in Sun et al. (2004), Λ is an 8 × 8 matrix
expressed as:

Λ ¼

−λ1 0 0
Y 1→2λ1 −λ2 0

0
0
0
0
0

Y 1→8λ1

Y 2→3λ2a3
Y 2→4λ2a4
Y 2→5λ2a5

0
0

Y 2→8λ2

−λ3

0
0

Y 3→6λ3
0

Y 3→8λ3

0 0 0
0 0 0
0

−λ4
0

Y 4→6λ4
0

Y 4→8λ4

0
0

−λ5

Y 5→6λ5
0

Y 5→8λ5

0
0
0

−λ6
Y 6→7λ6

Y 6→8λ6

0 0
0 0
0
0
0
0

−λ7

0

0
0
0
0
0
0

2
666666664

3
777777775

ð17Þ

where λi represent the first-order decay rate of the i-th
species, Yi→ j is the stochiometric conversion factor for
reductive dechlorination from i-th to j-th species, ai i =
3, 4, 5 are the product distribution factors for reduction of
TCE. In an analogous manner it can be defined as the
reaction network matrix Λ’.

A new approach has been developed in order to implement
equilibrium adsorption, mass transfer and reductive dechlori-
nation processes into the random-walk particle tracking. To
each particle released into the domain the following state var-
iables are assigned: xp and yp which indicate the x and y space
coordinates respectively at time t; sp which indicates whether
the particle resides in the mobile (sp = 1) or stagnant (sp = 0)
zone; ip denotes the species associated with the particle (ip =
1,…,8). To each particle the values of velocity vector v, the

retardation factors Rip
m and Rip

im, the capacity ratio βip and the

mass transfer coefficent αip are associated, according to the
particle position (xp and yp) and the associated species (ip). An
execution predictor correction scheme is used in the model.
Particle position at time t + 0.5Δt is predicted and the afore-
mentioned variables are updated according to the new particle
position and new value of ip determined as explained in the
following. Then the full time-step t +Δt is computed.

Assuming that when the particles released at source are in
the mobile zone, the transition probabilities associated with
each particle, according to Salamon et al. (2006), can be writ-
ten as:

Pip
m→m ¼ 1þ βipe− 1þβipð ÞαipΔt

1þ βip
ð18Þ

Pip
im→im ¼ βip−βipe− 1þβi x;yð Þð Þαi x;yð ÞΔt

1þ βip
ð19Þ

where Pip
m→m and Pip

im→im represent, respectively, the proba-
bility of the particle starting in the mobile zone and ending in
the mobile zone, and the probability of the particle starting in
the stagnant zone and ending in the stagnant zone.

The state variable sp of each particle in the mobile zone
associated with the species i is updated according to:

sp t þΔtð Þ ¼ 1 if Y < Pip
m→m

0 if Y ≥Pip
m→m



ð20Þ

Whereas for the particle associated with the species i in the
stagnant zone, sp is updated according to:
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sp t þΔtð Þ ¼ 0 if Y < Pip
im→im

1 if Y ≥Pip
im→im



ð21Þ

where Y is a uniform random number between 0 and 1.
The particles in the mobile zone associated with the species

i move in agreement with the random walk scheme, updating
xp and yp in the following way:

xp t þΔtð Þ ¼ xp tð Þ þ v
0
x

Rip
m

Δt þ Z1

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
2
DL

Rip
m

Δt

s
vx
vj j−Z2

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
2
DT

Rip
m

Δt

s
vy
vj j ð22Þ

yp t þΔtð Þ ¼ yp tð Þ þ v
0
y

Rip
m

Δt þ Z1

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
2
DL

Rip
m

Δt

s
vy
vj j−Z2

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
2
DT

Rip
m

Δt

s
vx
vj j ð23Þ

With:

v
0
x ¼ vx þ ∂Dxx

∂x
þ ∂Dxy

∂y
ð24Þ

v
0
y ¼ vy þ ∂Dxy

∂x
þ ∂Dyy

∂y
ð25Þ

DL ¼ αL vj j ð26Þ
DT ¼ αT vj j ð27Þ
where Z1 and Z2 are two normally distributed random
variables.

Note that, in order to take linear equilibrium adsorption
processes into account, velocity and dispersion parameters
are divided by the mobile retardation factor which is different
for each particle according to the sorption characteristics of the
associated species and its particle space position correspond-
ing to a different value of the surface-area to volume ratio of
the fracture system.

As known, the first-order kinetic model does not depend on
the concentration distribution of the organic compounds in
groundwater; therefore, the reaction processes can be split
by the transport processes. The reductive dechlorination effi-
ciency can be variable in space due to the changes of predom-
inant electron-accepting processes. Screening of groundwater
chemistry helps to determine the redox zonation. Then each
redox zone can be characterised by a reaction network matri-
ces. At time t, a number of particles ntp enter into the generic

redox zone. Each particle enters with an initial value of ip and,
given that particle moves, sp is equal to 1. Successively, each
particle changes ip by a random sampling procedure following
a Markov chain model as discussed in the following.

At the set of particles ntp a column vectormt
p is associated,

containing the mass distribution of each species. At time t +
Δt,mt

p is updated according to the following governing equa-

tion representing the reaction processes:

∂mt
p

∂t
¼ Λmt

p ð28Þ

Equation (28) is solved using the implicit Euler scheme:

mt
p t þΔtð Þ ¼ e ΛΔtð Þmt

p tð Þ ð29Þ

Once mt
p is updated the state variable ip of each particle is

changed according to the transition probabilities. Figure 3a
shows the graph representation of the possible transitions
and Fig. 3b particle resampling of state variables ip.
Transition probabilities from one species to another in the time
interval (t, t +Δt) are related to the mass consumed per unit of
mass (Sole-Mari et al. 2017):

Δmi ¼
mt

p ið Þt−mt
p ið ÞtþΔt

mt
p ið Þt

ð30Þ

The transition probabilities showed in Fig. 3 assume the
following expressions:

for i = 1, 3, 4, 5, 6

Pi→iþ1 ¼ ΔmiY i→iþ1

Pi→8 ¼ ΔmiY i→8

Pi→i ¼ 1−Pi→iþ1−Pi→8

ð31Þ

for i = 2

Pi→iþ1 ¼ ΔmiY i→iþ1αiþ1

Pi→iþ2 ¼ ΔmiY i→iþ2αiþ2

Pi→iþ3 ¼ ΔmiY i→iþ3αiþ3

Pi→iþ8 ¼ ΔmiY i→8

Pi→i ¼ 1−Pi→iþ1−Pi→iþ2−Pi→iþ3−Pi→8

ð32Þ

for i = 7

Pi→iþ2 ¼ Δmi

Pi→i ¼ 1−Pi→iþ2
ð33Þ

Random resampling occurs step by step starting from
the particles having ip = 1 and ending with the particles
having ip = 7. In this way, for the i-th species the discrete
cumulative distribution function CDF is determined by
means of the transition probabilities associated with the
i-th species. For each particle having ip = i, a uniform
random number U, between 0 and 1, is generated, then
the new value of state variable ip will be taken according
to CDF−1(U) (Fig. 3b).

At time t +Δt, some particles of ntp will be in the stagnant

zone. Then two column vectorsmt
p andm

0 t
p will be associated

with ntp, containing the mass distribution of each species in the

mobile zone and stagnant zone respectively. At time t + 2Δt,
mass distribution vectors are updated according to Eq. (29)

substitutingΛ′ withΛ for the determination ofm
0 t
p. The state

variable ip of each particle is updated according to the random
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resampling method using mt
p for particle with sp = 1 and m

0 t
p

for particle with sp = 0.
For each species the solute concentration distribution can

be obtained at the end of the simulation associating a regular
grid to the domain with the cell sizeΔx2 (L2) and cell volume

V (L3) equal to the product between n f � b andΔx2. Then the
solute concentration for each cell is determined by means of
the following equation:

Ci ¼ nip
Mi

tot

nitot � V
ð34Þ

whereCi (M L−3) is the solute concentration of species i at the
cell, np

i is the number of particles within the cell associated
with the species i,Mtot

i (M) is the total solute mass of species i
in the domain, and ntot

i is the total number of particle i-th
species in the domain.

Results

Flow field determination

Hydrogeological features of the study area have been analyzed in
previous work (Cherubini et al. 2018). In particular, a 2D
groundwater flow model has been set up on the basis of 98
long-term step drawdown tests, showing a variation of transmis-
sivity in the study area in the range 10−5–10−2 m2 s−1. The 2D
groundwater flow model has been set up using the finite differ-
ence numerical codeMODFLOWwith a constant cell sizeΔx=
100 m. The flow model has been calibrated and validated on the

basis of the hydraulic head measurement. Groundwater flows
from SW to NE, characterized by the high value of the hydraulic
head in the up-stream zones that decreases dramatically passing
into the coastal zone. The observed trend of the hydraulic gradi-
ent is consistent with the aquifer transmissivity distribution de-
tected in the site (Fig. 4).

Having determined the equivalent transmissivity and con-
structed the hydraulic head maps, the rough-walled parallel-
plate model was set up on the basis of the experimental ob-
servations of conservative tracer transport in the study area
reported by Masciopinto and Palmiotta (2016). A mixture of
1 m3 of water with 5 kg of chlorophyll powder was injected
into the wells with a constant flow rate of 2 L s−1 using an
injection pipeline. Then the latter pipeline was removed and
groundwater was sampled at regular time intervals via a sam-
pling pump placed at the assigned water depth of 3 m into the
well. Each water sample was stored in a plastic bottle and
transported to a laboratory, where the water absorbance of
the samples was determined. The measurement of tracer con-
centration in the borehole referred to a calibration curve pre-
viously determined in the laboratory using a spectrophotom-
eter at a frequency of 405 nm.

Flow velocity field was calibrated by means of the results
of point dilution tests carried out in the upstream zone (#1
well) and coastal zone (#2 well) where the long-term step
drawdown pumping test showed a value of 9.5 and 3,715
m2 day−1 of equivalent transmissivity for the upstream zone
and coastal zone respectively.

Specific discharge has been determined by fitting the ex-
perimental chlorophyll concentration data with an analytical
solution provided by Louis (1977):

a b

Fig. 3 a Graph representation of the possible transitions, b particle resampling of state variable ip according to the cumulative distribution function
(CDF) of the transition probabilities
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C ¼ C0exp
4

r0L
q� t

� �
ð35Þ

where C0 (ML−3) is the initial concentration of tracer at t = 0,
C (ML−3) is the concentration of tracer at time t, r0 (L) is the
well radius, L (L) is the length of well screen. Values of spe-
cific discharge of 1.0 and 3.8 m2 day−1 have been estimated
respectively for the upstream and coastal zone (Figs. 4 and 5).
The ratio between the specific discharge and flow velocity
derived by the numerical model represents the specific void

area available for the flow equal to the product n f � b.
Assuming a value of nf, the flow velocity field is determined
according to the recursive equations (Eqs. 6–9). The effective
porosity of the aquifer θm can be derived by the ratio between

n f � b and the average aquifer thickness B (L). Figure 6
shows the relationships between the number of parallel frac-
tures of the flow model and the effective porosities of the
upstream and downstream zones that increase, in a potential
way, as the number of parallel fractures increases. A number
of parallel plates of 20 is consistent with a value of effective
porosity of ~0.3% found by Masciopinto and Palmiotta
(2016).

Figure 7a,b shows the main flow path (nf = 20) starting
from the source of contamination, for the linear flow model
(assuming the cubic law is valid) and nonlinear flow model,
respectively. The figure evidences how the nonlinear flow
model estimates a lower value of flow velocity than the linear
model, and the particles reach the coast from the source with a
delay of 20 days (relative to the linear flow model).

Transport and biodegradation processes of
chlorinated ethenes

A site-specific transport model including the effect of dual
porosity and reductive dechlorination of CEs presented in
the previous section has been set up on the basis of flow-
field determination. The mass transfer coefficient and the ca-
pacity ratio have been estimated through interpretation of the
experimental forced gradient breakthrough curve (BTC) de-
rived by Masciopinto and Palmiotta (2013). The forced

Fig. 4 Contours of groundwater
level (m asl; black curves), flow
paths (gray curves) and hydraulic
transmissivity (T) distribution for
the study area. #1 and #2 are
point-dilution-test locations, and
#3 is the forced-gradient test lo-
cation (black dots)

Fig. 5 Interpretation of the point dilution tests. Comparison between the
observed-tracer-concentration (Masciopinto and Palmiotta 2016) and
theoretical-concentration (Eq. 35) evolution versus time
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gradient test was conducted at the Istituto di Ricerca sulle
Acque (IRSA) field test site (location #3). The chlorophyll
mixture was injected into the injection well, located at a dis-
tance of 10 m from pumping well where groundwater was
being extracted with a flow rate of 72.5 L s−1. There was
maximum tracer concentration of the withdrawal of 300
μg L−1. The experimental BTC was fitted with the theoretical
BTC, derived by the random-walk transport model presented
in the previous section, without retardation and reductive de-
chlorination (Fig. 8). A value of 4.10 × 10−3 s−1 and 0.49 was
estimated for the mass transfer coefficient and the capacity
ratio for conservative solute considering a mean convective

flow velocity of 0.02 m s−1 and a longitudinal dispersion of
0.26 m. At this scale of investigation (distance between injec-
tion and extraction well equal to 10 m) and forced flow re-
gime, the effect of dual porosity is evident, characterized by an
early arrival and long tailing, reproduced adequately by the
implemented transport model.

The porosity of the stagnant and recirculation zones can be
derived by the product between the capacity ratio and the
effective porosity reaching a value of 0.16%. The estimated
value of the mass transfer coefficient and the capacity ratio is
consistent with the experiments at bench scale conducted by
Cherubini et al. (2013b, 2014), where the capacity ratio
showed a value of 0.5 and a dependence between the mass
transfer and Reynolds number was detected via a power func-
tion (Eq. 16). A value of 50 m was chosen for longitudinal
dispersivity on the basis of the scale-dependence relationship
reported in Beims (1983) with a ratio of 10 between lateral
dispersivity and longitudinal dispersivity.

Processes of sorption to fracture walls are due to the pres-
ence of organic carbon and iron oxides in the thin fracture
coating of red soil. Capursi (2011) conducted batch experi-
ments on sorption potential of CEs on red soil samples of the
study area, and found, based on a linear sorption model, a
value of apparent organic carbon fraction determined by the
ratio between the experimental distribution coefficients and
the partition coefficient of each species equal to 0.0681%.
Assuming a mean value of θ equal to 3%, a geometric factor
δ equal to 0.01, and a bulk density of the reactive soil of 1.260
g cm −3, a value of the internal specific surface area of the
matrix rock γ is estimated equal to 0.4762 cm2 g−1. The ge-
neric stoichiometric conversion factor Yi→ j is determined by
the ratio between the molecular weight M (g × mol−1) of the

Fig. 7 Main flow path from the source, with nf = 20, obtained using a the linear flow model (cubic law) and b nonlinear flow model (Darcy–Weisbach
equation)

Fig. 6 Relationship between the number of plates and effective porosity
estimated at #1 well location (black dots) and #2 well location (white
dots)
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species i and j respectively. Table 1 reports the values of
molecular weight (M), partition coefficient (KOC), distribution
coefficient (Kd) and the surface distribution coefficient (Ka)
for each considered species.

Groundwater chemistry investigations suggest the use of a
unique redox zone for the whole domain. In order to simplify
the estimation of the first-order decay rates, reaction network
matrices have been assumed equal for the mobile and stagnant
zones. Transport and reductive dechlorination simulations
start from the condition of no contamination (the number of
particles released into the domain at t = 0 is zero). A constant
mass-loading boundary condition was imposed at the source
located in correspondence with the potential source area (lat-
itude/longitude:N = 4,552,039, E = 649,610). At time t, a con-
stant number of ntp = 20,000 particles was released into the

mobile domain at the potential source area. For these particles,

the mass rate M0 [MT−1] and the particles’ mass distribution
between the species fp has been associated. Then the column
vector mt

p containing the mass distribution of each species

associated with the particle was initialised as:

mt
p ¼ M 0⋅ fp⋅Δt ð36Þ

At time t +Δt, the column vectorsm0
p; :…;mt

p are updated

according to Eq. (29) and the related transition probabilities
were determined by means of Eqs. (31)–(33). State variable ip
of each particle associated with m0

p; :…;mt
p was updated

using random resampling scheme (Fig. 3). Successively, ac-
cording to ip, the velocity vector, the retardation factors, the
capacity ratio and the mass transfer coefficient associated with
each particle were determined and they were used to update
state variable sp according to Eqs. (20)–(21) and state vari-
ables xp and yp according to Eqs. (22) and (23).

A time stepΔt = 1 day was chosen. The simulation contin-
ued until the quasi-steady-state condition had been reached; in
order words, as long as the total number of particles for each
species within the domain remains almost constant over time.
Quasi-steady-state condition was obtained in a simulation pe-
riod of more or less 10 years with a total number of particles
released into the domain of ~10,000,000.

Three cases have been simulated: (case I) the particles’
mass distribution fp at source between the species is fixed
proportionally to its concentration detected in the hot spot;
(case II) fp is fixed as 100% PCE; case III) fp can change
according to the best fit between the observed and simulated
concentrations.

For the case 1, the first-order decay coefficients have
been set to zero in order to highlight the effect of the phys-
ical transport processes (advection, dispersion, sorption
and mass transfer), whereas in the cases II and III the de-
chlorination model is active and the first-order decay coef-
ficients and the product distribution factors of the TCE
reduction (α3, α4 and α5) have been estimated through
the comparison between the observed concentrations of
CEs along the main flow path and the simulated ones.

Fig. 8 Forced-gradient test interpretation. Comparison between observed
BTC (white dots) (Masciopinto and Palmiotta 2013) and simulated
BTCs: best fit result with α = 4.1 × 10−3 and β = 0.49 (bold curve);
BTC with α = 102 s−1 correspond to a fast exchange between mobile
and stagnant zones, and the solute moves with an effective porosity equal
to the total porosity (dotted curve). The comparison between the forced
gradient test result and the Eq. (16) is reported in the electronic supple-
mentary material (ESM)

Table 1 Parameters for
chlorinated ethenes and their
degradation products. Molecular
wheight (M), partition coefficient
(KOC), distribution coefficient
(Kd), surface distribution
coefficient (Ka)

Species ip M (g Mol–1) Koc (ml g–1) Kd (ml g
–1) × 103 Ka (cm) × 10

3

PCE 1 165.80 218 148 31.2

TCE 2 131.40 101 69 14.4

1,1-DCE 3 96.94 60 41 8.6

cis-1,2-DCE 4 96.94 54 37 7.7

trans-1,2-DCE 5 96.94 54 37 7.7

VC 6 62.50 57 39 8.1

ETH 7 28.05 13 9 1.8

Cl− 8 35.45 – – –
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Given that the groundwater chemistry investigation report-
ed only the sum of the cis 1,2-DCE and trans 1,2-DCE, the
two species have been lumped in the model. Then the sum
of α4 and α5 has been determined.

At the end of the simulations, the concentration distribution
map of each species was determined by Eq. (34) and the cor-
responding concentration distributions along the main flow
path were mapped. The latter were compared with the ob-
served data from wells crossing the main flow path. The root
mean square error between the observed data and simulated
data was used as the criterion to reach the best fit, in order to
estimate (1) mass loading rate, (2) particle mass distribution at
source and (3) the first-order decay rates and the product dis-
tribution factors for reduction of TCE.

Figure 9 shows the comparison between the observed and
simulated scenarios of contamination for both considered
cases along the main flow path. The estimated parameters
are reported in Tables 2 and 3. Figures 10, 11, 12, and 13
show the steady-state-simulated particle distribution and
simulated/observed concentration of CEs and their reductive
products relative to case III.

Discussion

The present work demonstrates that the proposed conceptual-
isation of the fractured, karst limestone of Bari aquifer gives a
good representation of the flow field, consistent with the flow
observed at the study site. The estimated number of horizontal
rough-walled plates (nf = 20) leads to a mean aperture

Table 2 Mass rate at source and particle mass distribution at source for
each considered case

Parameter Case I Case II Case III

Mass rate at source, M0 (g day−1) 14 25 35

Particle fraction at source, fp (%)

PCE 63.8 100.0 57.0

TCE 21 0 36.0

1,1-DCE 0 0 0

1,2-DCE, cis and trans 14.9 0 7.0

VC 0.1 0 0

ETH 0 0 0

Fig. 9 Comparisons between the
simulated concentration
distributions (μg L−1) of
chlorinated ethenes and their
products along the main flow path
for: scenario 1 (bold black curve),
scenario 2 (bold gray curve),
scenario 3 (red curve) and
observed concentrations in
monitoring wells that cross the
main flow path (μg L−1), relative
to the monitoring periods March–
May 2014 (black dot) and
October–December 2014 (white
square). a PCE, b TCE, c 1,2–
DCE, d 1,1–DCE, eVC, fCl− and
ethylene (ETH). The distance
along the main flow path associ-
ated with the generic monitoring
well is measured in correspon-
dence to the intersection between
the main flow path and its per-
pendicular straight line passing
through the generic monitoring
well
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distribution in the range of 130–1,390 μm, which is consistent
with those found by Masciopinto et al. (2017) at the field site
through inverting the solution of the steady radial water flow
to a well during pumping. The corresponding Reynolds num-
ber distribution is in the range of 0.003–2.119. Anyway, the
analysis of the travel time along the main flow path, starting
from the potential source area, evidences a discrepancy be-
tween the linear and nonlinear flow assumption in terms of
travel time of 10%. This aspect discloses the fact that, under a
cleanup strategy based on a pumping well that involves the

fractured limestone aquifer of Bari, the discrepancy between
the linear and nonlinear flow assumption could become more
relevant. This consideration is consistent with the finding of
Masciopinto et al. (2010) which shows that at the field site,
nonlaminar resistance cannot be neglected. The effect of
nonlaminar resistance can produce relevant deviations of the
groundwater velocity estimations and consequently in the re-
sults of simulation of contaminated transport.

At this scale of investigation, equilibrium between the mo-
bile and stagnant zones has been reached within the grid cell

Table 3 First-order decay rate
(λ), half-life (t1/2) and distribution
factors for TCE estimated by the
model

Species λ (day−1) t1/2 (day) Distribution factor for TCE

PCE 0.001 693 –

TCE 0.008 87 –

1,2-DCE cis and trans 0.003 231 –

1,2-DCE cis and trans (a4 + a5) – – 0.9

1,1-DCE 0.003 231 –

1,1-DCE (a3) – – 0.1

VC 0.03 23 –

ETH 0 – –

Fig. 10 Steady-state-simulated-
particle distribution and
simulated/observed concentration
distributions as log10(μg L−1) rel-
ative to case 3 and observed con-
centration as log10(μg L−1) for: a
PCE particle distribution, b PCE
concentration distribution, c TCE
particle distribution, d TCE con-
centration distribution
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size (Δx = 100 m). The length scale required to reach the
equilibrium given by the ratio between the velocity module
and mass transfer coefficient (Steefel 2008) presents a maxi-
mum value of 0.75 m. This means that, under natural gradient
conditions, the contamination propagates with an effective
porosity equal to total porosity. In this way, 43% of total
particles associated with the CEs present in the domain under
quasi-steady-state conditions resulted in a stagnant zone, and
26% of the particles are associated with PCE. This finding
emphasizes the persistence of the CEs. Pumping wells change
the flow field, giving rise to nonequilibrium conditions be-
tween mobile and stagnant zones. Then the contaminant prop-
agation changes behaviour, characterised by an early arrival
and long tailing as observed in the forced gradient test con-
ducted in the study area byMasciopinto and Palmiotta (2012).
This result shows the persistence of CEs after aquifer remedi-
ation. In agreement with Mutch et al. (1993), the stagnant
zones tend to retard contaminant plume propagation though
the fractured-rock aquifer, increasing the difficulty of purging
contamination from the groundwater.

The first-order decay rates estimated by the model indicate
a limited effect of reductive dechlorination processes. PCE
shows a relative low value of first-order decay rate, consistent
with the transport of PCE at long distance. The degradation

rate of TCE appears significant compared to the effect of only
physical transport processes (case I) which overestimate the
concentration distribution; in contrast, the dilution effect un-
derestimates the concentration of 1,2-DCE and 1,1-DCE, and
this means that DCE is degraded more slowly than TCE.
Vinyl chloride was detected only at source and near to the
coast at concentrations over the minimum detection limit
(0.25 μg L−1) and at a concentration much lower than other
CEs. The highest VC concentration is 2.1 μg L−1. The model
overestimates VC concentration in both cases II and case III.
Iron (Fe3+) reducing conditions may have favored the oxida-
tion of DCE and VC to carbon dioxide, explaining the lower
concentration of VC (Bradley et al. 1998).

Iron-reducing conditions are consistent with the detected
VC concentrations, which are much lower than those of
DCE or TCE, and by the persistence of PCE. Under this sce-
nario, it is reasonable to think that nitrate contamination oc-
curred after CEs contamination, inhibiting both CEs’ natural
attenuation and Fe3+ reduction.

This scenario is also consistent with an abiotic reaction that
could involve the process of dehalogenation of CEs
(Haderlein and Pecher 1999; McCormick et al. 2002),
explaining the reductive dechlorination scenario under nitrate
reducing conditions. Magnetite and pyrite are present in the

Fig. 11 Steady-state-simulated-
particle distribution and
simulated/observed concentration
distributions as log10(μg L−1) rel-
ative to case 3 for a 1,2-DCE
particle distribution, b 1,2-DCE
concentration distribution, c 1,1-
DCE particle distribution, d 1,1-
DCE concentration distribution
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thin fracture coating (red soil), and, as demonstrated in Butler
and Hayes (1999), Butler and Hayes (2000), Lee and
Batchelor (2002), these minerals can favor the abiotic degra-
dation of CEs.

The particle-based model also computed the distribution of
chloride produced by the reductive dechlorination process.
Chloride concentration is of the order of magnitude of 1,000
μg L−1 (28.20 μM L−1), much lower than the excess of chlo-
ride with respect to the sodium detected at the site. The

chloride contamination could have had a different source
(i.e. sewage contamination). Except for that associated with
VC, the estimated first-order decay rate of chloride assumes a
relatively low value, although consistent with the literature
values (Wilson et al. 1996; Yager 2002).

The developed particle-based model demonstrates the abil-
ity to represent adequately the implemented reaction path-
ways. Furthermore, no limitation on the size of the time step
is needed, concerning the linear sorption process. To each

Fig. 12 Steady-state-simulated-
particle distribution and
simulated/observed concentration
distributions as log10(μg L−1) rel-
ative to case III for a VC particle
distribution, b VC concentration
distribution, c ETH particle dis-
tribution, d ETH concentration
distribution

Fig. 13 Steady-state-simulated-
particle distribution and
simulated/observed concentration
distributions as log10(μg L−1) rel-
ative to case III for a Cl− particle
distribution, b Cl− concentration
distribution
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particle is associated a retardation factor depending on the
single species and by the particle position in the space at time
t and t +Δt according to the predictor correction scheme.
Contamination is viewed as a set of plumes formed by several
particles, characterized by the fact that they enter a generic
redox zone at a specific time. To these particles are linked a
bin containing the total mass of the considered species in-
volved in the simulated chemical reactions associated with
these particles. The particles change species according to the
evolution of this mass distribution in time. In this manner,
parent species can be transformed into one or more daughter
species (as demonstrated with the chloride and DCEs) and the
mass budget is always satisfied. Transport simulation indi-
cates that the information concerning the hydrogeology and
the contaminant distribution at the site is coherent. The simu-
lated plume and observed concentration of CEs is consistent,
except for VC where the model overestimates VC concentra-
tion. Anyway, a limit of the VC half–life equal to 23 days has
been imposed. Transport simulations depict well the concen-
tration distribution, reflecting the heterogeneity of the aquifer,
though the transport simulations are not able to represent the
irregular shape of the detected contaminant distribution. The
concentration at the well located immediately downgradient
from the hot spot presents a concentration lower than the sim-
ulated ones, and the well located more southerly presents a
concentration systematically higher than expected especially
for the higher-chlorinated CEs. As shown in Cherubini et al.
(2018), an explanation can be attributable to the presence of a
watershed in correspondence to the hot-spot area, as demon-
strated by the flow path lines where a change of direction in
correspondence of the source is highlighted. Furthermore, the
anticline affecting the Calcare di Bari formation gives rise to a
local anisotropy of the fractured media with the SES–NNW
main direction perpendicular to the anticline axis.

The main uncertainty in estimating the biodegradation rates
and predicting the fate of CEs at the site is represented by the
mass of nonaqueous phase liquid (NAPL) and its composi-
tion. The hypothesis relative to case II, where the NAPL mass
fraction is equal to 100% PCE, does not appear to be consis-
tent with the CEs concentration distribution at source. A spill
of several CEs at source could have occurred, together with
the possible geochemical and biological processes influencing
the CEs in the NAPL, as demonstrated by the thermal anom-
alies at the hot-spot area. Furthermore, NAPL release could
have occurred at different times and in different modalities,
thus the hypothesis of continuous source could be restrictive.

Conclusions

The present study is aimed at analyzing the scenario of
groundwater contamination by CEs of the industrial area of
Bari (Italy) in a fractured, karstic limestone aquifer. Starting

from previous studies, the reliability of groundwater flow and
transport models has been improved by analyzing literature
data concerning experimental BTCs derived by point-dilution
and forced-gradient tests conducted in the study area.

A new random-walk particle-tracking algorithm, incorpo-
rating velocity-dependent mass transfer between mobile and
stagnant zones, linear adsorption processes and reductive de-
chlorination pathways, has been developed in order to simu-
late the quasi-steady-state scenario of contamination. The
model adequately reproduces the transport and fate of CEs
and their products. The uncertainty and limitation of the im-
plemented model can be attributed to the hypothesis of a con-
stant source in terms of mass loading rate and to the presence
of local anisotropy of the fractured medium in correspondence
of the hot-spot area, where a local discrepancy between the
observed and simulated concentrations is highlighted.

Except for the vinyl chloride, the estimated first-order de-
cay rate assumes a relatively low value, although consistent
with the literature values (Wilson et al. 1996). The first-order
decay rates found are consistent with the mildly reducing con-
ditions detected in the study area, as the result of NO3

− and
Fe3+ reduction. Furthermore, the presence of magnetite and
pyrite in the thin fracture coating (red soil) may have played a
role in abiotic degradation of the CEs.

Given the obtained scenario of dechlorination, the use of
monitored natural attenuation (MNA) as a cleanup strategy is
not recommended for the study area, as it will not lead to the
complete degradation of the CEs and there will be persistence
of the contaminant plume in the aquifer. In all, 43% of the total
particles associated with CEs lies in the stagnant zone. A pos-
sible alternative toMNA could be the implementation of ENA
together with reduction in size of the hot-spot area at the
source.

The developed site-specific particle-based reactive trans-
port model represents a valid tool to predict contaminant mi-
gration and attenuation over time. The model can be used to
estimate the mass of contaminant at source and the degrada-
tion rates, evaluating the convenience of the monitored natural
attenuation method as a cleanup strategy. Future scenarios
might consider the particle-based model in terms of both bi-
otic and abiotic reaction pathways and the possibility of im-
plementation of redox zones characterized by more complex
kinetics corresponding to higher contaminant concentrations.
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