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A B S T R A C T

A reliable estimation of gaseous elemental mercury (GEM) re-emissions from soils at mercury (Hg)-contaminated 
sites represents a key aspect for a proper health risk assessment for the local population, which may be poten-
tially exposed through inhalation. This study investigates GEM fluxes at the soil-air interface within an area 
impacted by past local industrial emissions of Hg (Portoscuso, Italy) through a non-steady-state flux chamber 
(accumulation chamber) coupled to a real-time GEM analyser. Several flux measurements (n = 163) distributed 
over 5 selected sub-areas were performed, providing good spatial representativeness. Calculated GEM emission 
rates were used to assess indoor and outdoor human exposure according to the specific use of each area (e.g. 
residential or agricultural) by comparing them with values corresponding to acceptable exposure. Substantial 
GEM emissions (3.54–3164 ng m−2 h−1) were observed for nearly all sampling points, with notable spatial 
heterogeneity partially related to meteorological factors and highest values mostly near the industrial complex. 
Comparable median fluxes were observed for urban settlements and arable areas (110 and 101 ng m−2 h−1, 
respectively), highlighting the impact of land-use on GEM volatilisation. Overall, GEM emissions were below the 
estimated acceptable GEM flux for the site (Hazard Index<1), with the exception of 8 points randomly 
distributed over the study area and not likely indicative of a real unacceptable risk related to legacy re-emissions 
from contaminated soils. These results indicate that the adopted approach can be useful for large-scale pre-
liminary investigations of GEM fluxes in Hg-contaminated sites, allowing point anomalies to be detected through 
direct field measurements.

1. Introduction

The occurrence of mercury (Hg) in the environment poses a serious 
threat to wildlife and human health due to the mobility, toxicity and 
bioaccumulation potential of its various chemical forms.

Although it is naturally present in all environmental media, since the 
industrial era several anthropogenic activities have greatly contributed 
to the increase of the amounts of Hg involved in natural exchanges be-
tween the atmosphere and terrestrial and aquatic ecosystems (Enrico 
et al., 2017; Selin, 2009). These activities include Hg mining and its 
use for the extraction of precious metals through amalgamation, fossil 

fuel combustion, the chlor-alkali industry, metal smelting, polymers and 
cement production, waste incineration (UNEP, 2019). It is estimated 
that more than 2/3 of historical Hg anthropogenic emissions affected 
local soils and waterbodies through direct discharges or fast atmospheric 
deposition of oxidised Hg (Hg2+), whereas the remaining part was 
released into the atmosphere (Streets et al., 2019).

Once deposited on land or waterbodies, Hg can be re-emitted back 
into the atmosphere in its elemental form (Hg0 or GEM, Gaseous 
Elemental Mercury). Thanks to its high volatility, GEM represents the 
main form of Hg in the atmosphere (>95% of the total; Mao et al., 2016) 
and can persist in this compartment for 0.8–1.7 years before being 
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removed through wet and dry depositions, allowing for a long-range 
redistribution (Ariya et al., 2015). As a result, the impact of anthropo-
genic Hg emissions can be detected even in remote pristine ecosystems 
(Fitzgerald and Clarkson, 1991; Sun et al., 2022).

Usually, most of the Hg derived from atmospheric depositions is 
present in the soil as Hg2+ bound to functional groups of soil organic 
matter or to mineral surfaces. However, desorption from these soil 
surfaces can increase the availability of Hg2+ for both vertical transport 
and reduction to volatile Hg0 through biotic or abiotic pathways, 
resulting in the re-emission of previously deposited Hg from soil surfaces 
(Beckers and Rinklebe, 2017; Pannu et al., 2014). Several factors control 
these processes and subsequently GEM volatilisation. These include Hg 
content in the substrate, incident solar radiation, soil and air tempera-
ture, soil moisture, abundance and composition of organic matter, 
presence of vegetation and litter, soil disturbance, and the composition 
of the microbial community (Carpi et al., 2014; Fritsche et al., 2008; 
Kocman and Horvat, 2010; Kondo et al., 2024; Nacht et al., 2004).

As a legacy of past anthropogenic activities, soils around former fa-
cilities where Hg was produced and/or used (e.g. abandoned mines or 
chemical production facilities) usually show notably high contents of 
this metal (Bavec et al., 2015; Eckley et al., 2015; Grangeon et al., 2012; 
Osterwalder et al., 2019). At these contaminated sites, the primary focus 
is often the estimation of Hg transport to waterbodies and of the po-
tential methylation and bioaccumulation in downstream environments 
(Eckley et al., 2020). However, due to the high Hg content, soils at these 
contaminated sites can emit considerable amounts of GEM to the at-
mosphere long after the contamination source has been phased out, 
potentially resulting in high atmospheric GEM concentrations (Fantozzi 
et al., 2013; Floreani et al., 2023a; Zhu et al., 2018). Consequently, the 
quantification of GEM re-emissions from soil surfaces is crucial for a 
proper health risk assessment for the local population. However, reliable 
quantifications of GEM emitted from these sites remain scarce, mostly 
due to the lack of a standard measurement protocol (Kocman et al., 
2013; Osterwalder et al., 2019).

Field techniques for GEM emission estimation include flux chambers 
or micrometeorological approaches (relaxed eddy accumulation, 
modified Bowen ratio or aerodynamic gradient). The latter cause a 
marginal disturbance of the environmental conditions and can provide 
flux measurements on an ecosystem-scale, but require complex instru-
mentation to achieve fast and synchronous responses in measuring the 
various parameters, high computing capacity and personnel expertise. 
Conversely, flux chambers are relatively low-cost, versatile, portable 
and easy to handle, but are characterised by a reduced footprint and can 
alter the microclimatic conditions during measurements. The most 
widely used technique for measuring soil-air GEM fluxes is represented 
by dynamic steady-state flux chambers (DFC), where emissions are 
calculated from the gas flow rate and the difference between the con-
centrations in air entering and leaving the chamber (Eckley et al., 2010; 
Sommar et al., 2020; Zhu et al., 2016). However, with this approach, 
relatively long times are usually required to achieve a steady-state of the 
GEM concentrations inside the chamber, thus increasing the change in 
environmental conditions at the point of measurement. An alternative to 
the direct measurement of gas fluxes from soils is represented by 
non-steady state (NSS) flux chambers (or "accumulation chamber"), 
further categorised as flow-through or non-flow-through according to 
the presence or absence of continuous air recirculation within them 
(Livingston and Hutchinson, 1995; SNPA, 2018). In this case, flux 
calculation is based on the gaseous analyte concentration increase inside 
the chamber during the time of monitoring (Heinemeyer and 
McNamara, 2011). Compared to DFCs, NSS chambers are less sensitive 
to pressure differences induced by gas flow and are usually characterised 
by simpler designs. Pressure gradients are often minimised through vent 
openings; however, poorly designed vents could cause the disruption of 
internal fluid dynamics due to the Venturi effect at the opening, mostly 
in windy conditions, altering the diffusive flux from soils (Bain et al., 
2005; During et al., 2009). Moreover, NSS chambers could be affected 

by perturbations induced by the extraction of the sample air volume and 
by gas recirculation, which could create a differential pressure and result 
in incomplete mixing of the vapours inside the chamber (Conen and 
Smith, 1998; Xu et al., 2006).

If coupled with real-time online analysers, NSS chambers require 
very short accumulation times, mostly in the case of high fluxes, mini-
mising the impact on local microclimatic conditions (e.g. temperature 
and humidity) induced by any flux chamber method (Oertel et al., 2016; 
Pumpanen et al., 2004). The rapidity of flux measurements with NSS 
chambers allows for high spatial coverage and, subsequently, an esti-
mation of diffuse gas releases from relatively large areas. Therefore, this 
approach could be useful for screening purposes at contaminated sites, 
with the aim of identifying high-emission areas. Despite this, NSS 
chambers have only rarely been employed for GEM flux measurement at 
contaminated sites (Di Francesco et al., 1998; Floreani et al., 2023a), 
whereas a more extensive application is reported for monitoring GEM 
degassing at volcanic areas (Cabassi et al., 2021; Sun et al., 2025, 2020; 
Tassi et al., 2016). The aim of this work was to test the application of an 
NSS continuous flow-through chamber to assess GEM fluxes at the 
soil-air interface within legacy industrially contaminated areas around 
the town of Portoscuso (SW Sardinia, Italy). The objective of the present 
study was not primarily centred on a mechanistic investigation of the 
environmental drivers regulating GEM emission kinetics. Rather, it 
maintains a strong operational focus, aimed at assessing site-specific risk 
through a Tier 2/Tier 3 approach. Specifically, this work provides a 
targeted investigation of areas previously identified as potentially crit-
ical during Tier 1 preliminary risk assessment, refining exposure sce-
narios through the direct measurement of soil-to-air GEM fluxes.

Results were used to assess the potential health risk for local in-
habitants specifically related to GEM re-emissions from contaminated 
soils under different exposure scenarios. Within the framework of 
contaminated site management, health risk assessment is commonly 
conducted through a stepwise, risk-based approach (e.g. ASTM-RBCA), 
where increasingly site-specific data are progressively introduced to 
reduce uncertainty and support decision-making. In this context, the 
present study aims to provide a conservative evaluation by integrating 
direct measurements of GEM fluxes into standard exposure models. As a 
precautionary approach, measurements were conducted under the 
worst-case conditions most favourable to observe high GEM fluxes at the 
soil-air interface, namely high radiation and temperature (Kocman and 
Horvat, 2010). The performed risk assessment, in accordance with 
regulatory guidelines, aims to identify localised anomalies in emissions 
from soils that can cause potential harm to the exposed population. As 
such, the results are primarily meant to support risk management on a 
long-term rather than provide a comprehensive characterisation of 
actual human exposure. Potential impacts were evaluated considering 
the local population distribution and prevailing land-use settings, 
through the definition of representative exposure scenarios. This 
approach allows for a consistent assessment of reasonable maximum 
inhalation exposure for the different receptors potentially present within 
the study area.

Finally, the development of relatively simple and innovative pro-
tocols for monitoring and assessing the fate of Hg in contaminated sites 
is crucial for the implementation of the Minamata Convention (Selin 
et al., 2018). From this point of view, the information gathered in this 
study may also be useful for assessing the feasibility of the proposed 
approach as a simple tool to support risk assessment and the choice of 
management strategy for Hg-contaminated sites.

2. Materials and methods

2.1. Study area

Field measurements were conducted in five selected “macro-areas” 

in the surroundings of the town of Portoscuso, South-Western Sardinia, 
Italy (Fig. 1). The area lies on a coastal plain consisting of Quaternary 
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deposits, with a thickness ranging from 80 to 100 m along the shoreline 
to a few metres or less in the inland sector, composed of yellowish- 
reddish, moderately compacted silty and sandy-silty deposits. This 
unit overlies an impermeable marly-clayey layer, Paleogene volcanic 
rocks (trachytes and ignimbrites), and a layer composed of tuffites and 
conglomeratic continental deposits characterised by an ash-pumice 
matrix (Cixerri Formation). According to the World Reference Base for 
Soil Resources (WRB), dominant soil types are Mollic Andosols and, to 
the south-east, Eutric Cambisols, with a prevalent loam or sandy-loam 
texture (Aru et al., 1991; FAO and IIASA, 2008). A 5–30 cm thick sur-
face aeolian sandy layer resulting from erosion and transport of coastal 
deposits covers the entire area (APAT, 2008).

The isobioclimate of the area is Mediterranean Pluviseasonal- 
Oceanic with lower dry to upper dry ombrotype (Canu et al., 2015). 
Mean annual precipitation ranges between 486.5 and 548.1 mm (data 
1981–2010; ARPAS, 2020), with winter peaks and a dry period during 
summer. Mean monthly temperatures range between 10.3 ◦C in 
February and 26.7 ◦C in July.

Natural vegetation biome consists of Mediterranean shrub, including 
Sardinian psammophilous geosigmetum of coastal dunes and thermo- 
Mediterranean series of wild olive (Asparago albi-Oleetum sylvestris), 
replaced inland by the Sardinian calcifuge series of cork oak (Galio 
scabri-Quercetum suberis) (Bacchetta et al., 2009). Anthropogenic activ-
ities have heavily modified the natural environment within the study 
area. Soils are frequently devoted to arable (mainly cereals and fodder) 
or perennial crops (vineyards or olive groves), whereas grasslands in 
low-lying areas are often used for grazing. The two main urban areas are 
the town of Portoscuso, and the small village of Paringianu, located in 
the southern part of the study area. These urban, agricultural, and 
semi-natural land-use settings are associated with different population 

presence and activity patterns, which were explicitly considered in the 
definition of exposure scenarios adopted in the risk assessment.

The main anthropogenic pressure is the Portovesme industrial dis-
trict (Fig. 1), which includes a lead-zinc smelter, coal- and oil-fired 
power plants, an aluminium smelter, and an alumina refinery with a 
large disposal site for red muds (Schintu et al., 2005; Vecchio et al., 
2012). Since 1975, the smelter has produced also Hg from sphalerite, 
with an annual production about 9–17 t (Schintu et al., 2005; Schintu 
and Degetto, 1999). Atmospheric emissions and subsequent de-
positions related to these industrial activities are considered the primary 
source of soil contamination in the surrounding areas, resulting in the 
widespread occurrence of various potentially toxic elements (e.g. As, Cd, 
Hg, Pb, Sn, Zn) (Vecchio et al., 2015). Consequently, the area of the 
municipality of Portoscuso is included in the Contaminated Site of Na-
tional Interest (SIN) “Sulcis-Iglesiente-Guspinese” following Italian 
Ministerial Decrees 468/2001 and 304/2016.

2.2. Soil-air GEM flux measurements

The selection of sampling sites was conducted according to a tar-
geted, risk-based approach, integrated with the findings of a recently 
performed, preliminary site-specific human health risk assessment. Five 
representative macro-areas (DV1, DV2, DV3, DV6, and DV8; Fig. 1) were 
defined by clustering several “critical polygons” (Fig. S1c). These poly-
gons were previously identified as hotspots where top-soil total Hg 
concentrations exceeded the Risk Threshold Concentrations for specific 
exposure pathways, namely direct soil contact and, crucially, indoor and 
outdoor inhalation of vapours. Accordingly, the present study was not 
aimed at an independent reassessment of the entire site, but to a tar-
geted, site-specific refinement of previously identified risk scenario with 

Fig. 1. Index map of the study area (in the right bottom corner) and distribution of sampling points within the selected sampling macro-areas.
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a risk based stepwise framework. Such an iterative approach is 
commonly adopted in the management of contaminated sites to reduce 
uncertainty and support operational decision-making. Two of the 
macro-areas (DV2 and DV6) comprise mainly urban environments, 
while the other two (DV1 and DV8) are prevalently used for agriculture 
or grazing. The fifth macro-area (DV3) includes both environmental 
settings and is located south-east of the industrial area.

Measurements to assess GEM fluxes at the soil-air interface were 
conducted at the beginning of June 2021 for five consecutive days, one 
for each of the macro-areas selected above. Measurements were per-
formed during daytime, approximately between 08:30 and 18:30 local 
time.

Within each macro-area, sampling points were placed as close as 
possible to the centroid of Thiessen polygons delineated to represent the 
areas identified as critical following the soil risk assessment for Hg 
contamination. Soil cover (e.g. urban soils, farmland, shrubland, etc.) 
was also taken into account when selecting sampling locations to mea-
sure fluxes in environmental conditions more representative of those 
prevailing for the soils of each polygon.

GEM fluxes were measured using a cylindrical (Ø = 40 cm, h = 10 
cm) NSS flux chamber (“accumulation chamber”, Fig. S2) made of 
Plexiglas (polymethylmethacrylate). This material was chosen due to its 
durability and good transmission (80-90%) of visible and UV-A radia-
tion (315-400 nm), essential to obtain a reliable estimation of GEM 
fluxes (Carpi et al., 2007; Wang et al., 2006), whereas UV-B radiation 
(280-315 nm) is partially filtered. Although this radiation is the most 
effective in promoting Hg photoreduction (Moore and Carpi, 2005), it 
represents only a small portion of total radiation reaching the soil. The 
flux chamber used in this study is similar to experimental designs found 
in the literature and frequently used for the determination of greenhouse 
gases and VOC emissions (e.g. Cardellini et al., 2003; Chiodini et al., 
1998; Gallego et al., 2014; Schroder et al., 2016).

The chamber was coupled with a real-time portable GEM analyser 
(Lumex RA915M; Lumex Instruments, St. Petersburg, Russia). This in-
strument allows for the determination of GEM concentrations over a 
wide dynamic range (2–30,000 ng m−3) through differential atomic 
absorption spectrometry with Zeeman background correction (Sholupov 
et al., 2004). Calibration is performed annually by the parent company 
and accuracy was checked in the field before starting measurements 
thanks to an internal reference cell containing a known amount of Hg. 
The obtained results were ≤ 5%, complying with the quality criterion 
indicated in the instrument manual (≤ 20%).

Flux measurements were taken by placing the chamber directly on 
the soil surface with the edges inserted 1-2 cm into the soil. Surface 
vegetation and litter, if present, were carefully removed before mea-
surements and surface roughness was gently flattened. A thin layer of 
soil was gently applied to the outer rims of the chamber to achieve 
optimal sealing and prevent the intrusion of external air, which could 
cause biases in flux estimation (Gillis and Miller, 2000). Two tubes 
attached to holes in the upper wall of the chamber provided the 
connection to the GEM analyser. The air was continuously recycled in-
side the chamber by means of the internal pump of the Lumex analyser 
at a constant rate of at least 10 L min−1. During deployment, GEM 
concentrations in the recycled air were continuously measured with a 
sampling interval of 1 s and displayed on the digital display of the 
Lumex. This allows for a preliminary in-field evaluation of the GEM 
emission rate from the surface based on the observed increase of con-
centrations in the headspace air. Inlet and outlet holes have a small 
curved portion of tubing inserted inside the chamber in order to obtain a 
homogeneous air flow and a proper mixing of the inside air (Pumpanen 
et al., 2004). A ventilation opening with a porous septum on the upper 
wall was used to minimise the inflow of outside air while still allowing 
pressure to be balanced (Hutchinson and Livingston, 2001). The moni-
toring duration at each point was set to 5 min, an interval commonly 
adopted for measurements with accumulation chambers coupled with 
real-time online analysers (Maier et al., 2022) and sufficient to observe a 

linear increase in GEM concentrations in the air in the chamber head-
space. GEM fluxes (F, in ng m−2 h−1) were calculated based on the in-
crease in GEM concentrations over time (dC/dt) according to Equation 
(1): 

F=
dC
dt ⋅

Vc
Ac

⋅
3600⋅Pa⋅100

106⋅R⋅(Ta + 273.15) (1) 

where Vc is the chamber internal volume (0.01256 m3), Ac is the basal 
area of the chamber (0.1256 m2), Pa is the atmospheric pressure (in Pa), 
Ta is the air temperature (in K) and R is the gas constant (8.314 m3 Pa 
K−1 mol−1). The increase in GEM concentrations was quantified as the 
slope of the GEM vs. time in the portion characterised by a good linear 
trend (R2 

> 0.80) over an at least 180-sec interval (Chiodini et al., 1998; 
Kyllönen et al., 2012). The regression was performed on the first 
representative portion of the curve, when the internal conditions are still 
comparable to the external environment. Automatic calculation algo-
rithms were applied to minimise analyst subjectivity in the selection of 
the curve integration intervals. Chamber blanks were performed on a 
clean plastic surface before and after each sampling period and the mean 
value (2.07 ± 2.28 ng m−2 h−1, n = 10) was subtracted to the calculated 
flux.

At the same time, a second smaller sampling line was connected to an 
infrared CO2 analyser (LI-820; LI-COR Environmental, Lincoln, USA) to 
measure CO2 fluxes at the soil-air interface with the same approach 
described above. This analyser aspires air at a lower flow rate (1 L 
min−1) and allows for the determination of air CO2 concentrations in the 
range 0.1-20,000 ppm with an accuracy of < 3%. Similar to GEM, CO2 
concentrations were recorded continuously during measurements. In 
this case, the variation of CO2 concentrations in the chamber headspace 
was displayed in real-time on a graph shown on a laptop. Since CO2 
efflux related to soil respiration always occurs in soils as a part of the 
terrestrial carbon cycle (Kuzyakov, 2006; Raich and Schlesinger, 1992), 
this measurement was used to verify the functioning of the sampling 
equipment: deviations from the linear increase of CO2 concentrations 
were considered indicative of an intrusion of external air due to a 
non-perfect chamber sealing with the soil. The real-time visualisation of 
these data allowed for the immediate identification of invalid mea-
surements, which were then repeated in the field.

Atmospheric temperature and pressure were monitored in the field 
through portable probes. Moreover, incident UV radiation between 250 
and 400 nm was continuously monitored during the entire sampling 
period through a specific sensor (SU-420; Apogee Instruments, Logan, 
USA) mounted at ~2 m height in a fixed location within the sampling 
macro-areas.

Statistical analysis of GEM fluxes and ancillary measured parameters 
were performed through R software ver. 4.5.2 (R Core Team, 2025). 
Data normality was checked through Shapiro-Wilk test. As GEM flux 
data showed a non-normal and highly skewed distribution, 
non-parametric Kruskal-Wallis coupled with Dunn's post-hoc tests were 
used to assess differences among fluxes observed in the various 
macro-areas or land use categories. For the same reason, Kendall cor-
relation coefficients were used to make a preliminary assessment of the 
relationships among the variables. Conversely, log-transformed data 
were used for multiple linear regression analysis coupled with domi-
nance analysis to evaluate the relative independent contributions of 
each factor on GEM fluxes. Dominanceanalysis (Bustos Navarrete and 
Coutinho Soares, 2025) and ggplot2 (Wickham, 2016) R packages were 
used for dominance analysis and data visualisation respectively.

2.3. Risk assessment

The human health risk assessment was performed according to the 
Italian technical guidelines for vapour monitoring at contaminated sites 
(SNPA, 2018), which are based on international standard guidelines on 
evaluation and clean-up of contaminated sites (ASTM, 2001; US EPA, 
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1996). According to a risk-based stepwise approach, the adopted 
methodology represents an intermediate-to-advanced assessment level, 
where site-specific measurements are used to reduce the uncertainty 
associated with purely analytical emission models, while still relying on 
conservative modelling assumptions to ensure protection of human 
health. If the investigated area also includes buildings, these guidelines 
provide for the assessment of exposure in both outdoor and indoor 
environments.

Potential exposure to Hg through inhalation and its associated risk 
are evaluated through estimated GEM concentrations in the air, which 
were calculated from the soil-air GEM fluxes measured in the field with 
the flux chamber. Calculation of atmospheric GEM concentrations (Cair) 
is based on different mixing models assuming fully mixed outdoor/in-
door environments. For the outdoor environment, the box model 
(Equation (2)) was applied: 

Cair−outdoor =
F⋅Lwind

vwind⋅δair
(2) 

where F is the measured GEM flux, Lwind is the source length along the 
prevailing wind direction, vwind is the mean wind speed (calculated from 
data recorded by the Portoscuso meteorological station) and δair is the 
height of the mixing layer (fixed at 2 m). Concentration of GEM in the air 
for the indoor environment was estimated taking into consideration the 
mixing in confined environments (Equation (3)) (Johnson and Ettinger, 
1991): 

Cair−indoor =
F⋅AB

VB⋅ERB
(3) 

where AB and VB are respectively the exchange surface and volume of 
the building and ERB is the air exchange rate. These parameters were 
estimated based on the types of buildings present in each area according 
to the municipal urban plan.

Four different exposure scenarios were considered: i) residential land 
use, ii) mixed residential-agricultural land use, iii) recreational, and iv) 
sporadic/pasture. The potentially exposed population was characterised 
through scenario-based representations reflecting land-use, building 
typology, and typical occupancy patterns of the investigated areas, as 
defined in the municipal urban plan. Sensitive receptors were consid-
ered following the standard regulatory practice and include children (0- 
6 yrs), teenagers (7-16 yrs), adults (17-65 yrs), and seniors (> 65 yrs), to 
account for differences in inhalation rates, exposure duration, and 
vulnerability. This population characterisation is consistent with the 
health-protective objectives of the adopted risk assessment framework. 
Acceptable GEM concentrations in the air (Cacc), defined as the 
maximum value corresponding to the acceptable health risk (Hazard 
Index = 1), were calculated for each scenario and sensitive receptor. The 
exposure parameters used for the estimation of the Cacc are listed in 
Table S1.

As a precautionary approach, the lowest Cacc obtained for the 
different age classes in each scenario was used to calculate the corre-
sponding acceptable GEM flux (Facc) at the soil-air interface. The values 
of Facc in the various scenarios were obtained by solving Equations (2) 
and (3) for the estimated Cacc and were then compared with the specific 
GEM emission rates for each area and each polygon to evaluate the 
potential health risk through inhalation in the various scenarios.

The relative contribution of each polygon to the overall GEM emis-
sions for each selected macro-area is represented by the product be-
tween the measured flux and the area of the corresponding polygon. 
Specific GEM emission rates were then obtained as the ratio between the 
sum of the relative contributions of each polygon and the total surface 
area of the investigated macro-area. All calculations were carried out 
using an Excel spreadsheet.

3. Results and discussion

3.1. Ancillary parameters

Overall, GEM fluxes were measured at 163 sampling points within 
the study area during the five days of field activity. Summary statistics of 
measured GEM and CO2 fluxes at the soil-air interface together with the 
mean incident UV radiation and air temperature are reported in Table 1. 
Mean UV radiation was calculated considering the data recorded exactly 
in parallel with each single flux measurement.

Field measurements were performed in mostly sunny conditions 
except for those conducted at DV3 in the morning and at DV2. In these 
cases, light intermittent cloud cover was encountered, resulting in a 
slightly lower mean values with regard to UV radiation and in a more 
irregular diel pattern than in other areas (Fig. 2). Nevertheless, at DV3 
the maximum value recorded in parallel with a single flux measurement 
(52.0 W m−2) was found, thus indicating a notable UV radiation despite 
cloud cover. No rain occurred during the entire sampling period. The 
lowest values of UV radiation were usually recorded during the few 
measurements conducted in the early morning (approximately before 
9:00) or late afternoon (after 17:30), with minimum values observed in 
the morning at DV2 (< 5 W m−2).

Air temperature recorded during field activities ranged between 20.2 
and 28.7 ◦C with no significant differences between the values measured 
on different days (Fig. 2). Generally, air temperature was constantly 
above 25 ◦C between 11:00 and 18:00 local time. Conversely, lower 
values were observed during the first measurements conducted in the 
morning, mostly at areas DV8 and DV2.

Carbon dioxide fluxes at the soil-air interface were measured 
simultaneously with GEM fluxes at each sampling point to monitor 
chamber sealing integrity to the soil through real-time visualisation of 
CO2 headspace concentrations. Positive CO2 fluxes were observed at 
almost all sampling points, with good linearity in the variation of 
headspace concentrations. This rules out significant leaks or the intru-
sion of external air which could have biased the determination of GEM 
fluxes. Overall, CO2 fluxes ranged between 0.71 and 573 mg m−2 h−1 

(Fig. S3), with the highest median value recorded for the DV2 macro- 
area and the lowest for DV3 (Table 1). No discernible spatial trends or 
clusters were observed in the distribution of CO2 fluxes at the soil-air 
interface. This may be related to the high heterogeneity of environ-
mental contexts in which the measurements were conducted, ranging 
from urban to farmland soils and natural unmanaged scrubland envi-
ronments even within the same macro-area. This heterogeneity of en-
vironments and management practices can effectively lead to high 
variability in the various factors (i.e. soil temperature and moisture, 
organic carbon content, bulk density, microbial biomass composition) 
involved in CO2 exchange with the atmosphere (Wagai et al., 1998; 
Weissert et al., 2016).

In the entire dataset only two negative values (−1093 mg m−2 h−1 at 
DV6-17 and −297 mg m−2 h−1 at DV8-7) were obtained, indicating a net 
sequestration of carbon in these soils. This could be related to abiotic 
processes (mineral weathering, CO2 dissolution) coupled with low soil 
biotic respiration, as frequently observed in arid sandy soils (Dietzen 
and Rosing, 2023; Xie et al., 2009). However, even in these cases, 
good linearity was achieved in the decrease of internal CO2 concentra-
tions, confirming the excellent sealing of the chamber and the reliability 
of the corresponding GEM flux measurements.

3.2. GEM fluxes

Considering the complete dataset (n = 163) across the entire study 
area, GEM fluxes at the soil-air interface showed considerable vari-
ability, ranging between −104 and 3164 ng m−2 h−1 (points DV2-26 and 
DV6-28, respectively). However, most of the observed GEM fluxes (85% 
of the total) were below 200 ng m−2 h−1 (Fig. 3a).

GEM fluxes were extremely variable even within each single macro- 
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area, as highlighted by the high values of standard deviations reported 
in Table 1. As regards CO2 fluxes, this variability is related to the wide 
range of environments investigated in each macro-area. The complex 
site-specific interactions among the various influencing factors can 
indeed strongly affect the soil-air GEM exchanges (Liu et al., 2014; 
Rinklebe et al., 2010) and will be discussed later in the text.

Negative GEM fluxes were observed for only 7 points randomly 
distributed within DV8 and mostly DV2 macro-areas, whereas in only 
one point (DV2-14) it was not possible to obtain a good linear regression 
in the GEM concentration vs. time curve and therefore GEM flux could 
not be calculated (Kyllönen et al., 2012). For further elaborations, GEM 
flux at this point was set to 1.03 ng m−2 h−1 (1/2 of the chamber blank). 
Statistical analysis revealed no significant differences in GEM fluxes at 
the DV1, DV2, DV6 and DV8 macro-areas (Fig. 3a), with the highest 
emissions found at DV8 and DV2 (median = 88.1 and 87.4 ng m−2 h−1, 
respectively). Conversely, slightly lower values were observed for DV3 
macro-area, with a median GEM flux of 35.9 ng m−2 h−1, significantly 
lower than those recorded at DV1, DV2, and DV8 (p < 0.01, p < 0.05 and 
p < 0.05 respectively, Dunn post-hoc test). These latter areas are those 

located closest to the industrial complex of Portovesme and thus were 
likely subject in the past to higher atmospheric Hg supplies due to 
anthropogenic releases, resulting in higher diffuse GEM re-emissions. 
This is further highlighted by the lower median values of GEM fluxes 
found at the DV6 and DV3 macro-areas (Table 1), located at increasing 
distances from the industrial complex. On the other hand, dispersion of 
GEM from the industrial area could still lead to the build-up of episodic 
high atmospheric levels even if Hg production and use have ceased, as 
observed elsewhere (Acquavita et al., 2017; Esbrí et al., 2018, 2020; 
Floreani et al., 2022). Depending on soil Hg concentration, elevated 
ambient GEM levels can suppress emission from the soil surface and lead 
to net deposition (Eckley et al., 2015). This could explain the negative 
fluxes observed only at some points in the DV2 and DV8 macro-areas. 
For example, brief 5-min measurements of GEM concentrations in the 
air taken at points DV2-26 and DV8-1, characterised by negative fluxes 
(−103 and −44.0 ng m−2 h−1, respectively), showed notably high mean 
values (245 ± 4 and 149 ± 7 ng m−3), supporting this hypothesis.

Overall, the GEM fluxes recorded in this study are clearly higher than 
those commonly observed in background areas not influenced by strong 

Table 1 
Summary statistics of GEM and CO2 fluxes at the soil-air interface, incident UV radiation, and air temperature measured in the five selected macro-areas.

GEM flux (ng m−2 h−1) CO2 flux (mg m−2 h−1) UV rad. (W m−2) Air Temp (◦C)
Area N Mean ± SD Min – Max (Median) Min – Max (Median) Mean ± SD Mean ± SD
DV1 21 172 ± 236 5.70 – 1032 (81.4) 37.7 – 445 (156) 33.9 ± 12.2 25.9 ± 1.6
DV2 39 192 ± 396 −104 – 2309 (87.4) 63.0 – 445 (195) 29.6 ± 15.9 25.1 ± 2.8
DV3 42 72.2 ± 92.1 3.54 – 441 (35.9) 0.71 – 347 (122) 26.1 ± 9.6 25.9 ± 0.9
DV6 41 160 ± 490 15.4 – 3164 (64.2) −1093 – 476 (160) 34.4 ± 10.4 26.4 ± 1.6
DV8 20 90.8 ± 68.3 −44.0 – 195 (88.1) −297 – 573 (137) 34.1 ± 8.0 25.9 ± 1.3

Fig. 2. Variation of GEM fluxes, UV radiation and air temperature during sampling periods in the five selected macro-areas.
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anthropogenic inputs of Hg, which are estimated to be 1.2 ± 2.2 ng m−2 

h−1 (mean ± SD) on a global level (Agnan et al., 2016). On the other 
hand, GEM fluxes in the same range as those found in this study are 
commonly observed at sites subject to Hg contamination due to past 
industrial activities. For example, GEM fluxes between 20 and 2114 ng 
m−2 h−1 were determined for the area around former chlor-alkali and 
polymers production facilities in Switzerland (Osterwalder et al., 2019), 
a metal smelter in Canada (up to 284 ng m−2 h−1, Eckley et al., 2015) 
and a coal power plant in China (2–318 ng m−2 h−1, Li et al., 2018). In 
these cases, the main contamination pathway is usually represented by 
atmospheric depositions, similarly to the soils from our study area 
(Schintu et al., 2005).

However, it must be stressed that the above-cited measurements 
were performed with the dynamic steady state flux chamber technique, 

the most widely used for monitoring GEM fluxes at the soil-air interface 
(Agnan et al., 2016; Sommar et al., 2020). Differences in chamber type 
(e.g. steady vs. non-steady state), shape, dimensions, material and air 
turnover rate may significantly influence the calculated flux value 
(Eckley et al., 2010). Therefore, comparisons between GEM fluxes re-
ported in different studies using different measuring techniques should 
always be made with caution. GEM emissions significantly higher than 
those observed in this study has been widely reported for active volcanic 
and geothermal areas when measured with NSS chambers. Due to nat-
ural degassing, GEM fluxes observed in these areas with both static 
(Cabassi et al., 2021; Tassi et al., 2016) and flow-through chambers 
(Bagnato et al., 2014; Sun et al., 2020) can reach values up to thousands 
or tens of thousands of ng m−2 h−1. In other areas impacted by human 
activities, an experimental approach similar to that adopted in this study 
was applied to evaluate GEM fluxes from soils to air at the Hg-mining 
impacted sites within the Isonzo River plain (Floreani et al., 2023b) 
and near modern and historic roasting sites at the Idrija mining district 
(Floreani et al., 2023a). Despite soil Hg concentrations being one to two 
orders of magnitude higher, GEM fluxes observed in these areas 
(37.6–1018.4 and 70.7–701.8 ng m−2 h−1) were only slightly higher 
than those recorded at Portoscuso. This may be attributed to the 
different Hg forms present in these areas.

Mercury can occur in soils under various chemical forms charac-
terised by different mobility and availability for reduction to Hg0 and 
subsequent volatilisation (Schlüter, 2000). Generally, substrates where 
Hg occurs as cinnabar (α-HgS) are characterised by the lowest GEM 
emission rates due to the stability of this Hg form, which requires higher 
energy supplies to induce the release to the atmosphere compared to 
other Hg forms (Gustin et al., 2002; Llanos et al., 2011; Zhao et al., 
2022). At sites subject to Hg supplies from atmospheric depositions 
such as the Portoscuso area, the prevalent Hg fraction is usually 
constituted by the so called “matrix-bound” Hg, potentially more 
available for reduction and subsequent volatilisation. Due to its high 
affinity for soil organic matter, mostly with sulphur-containing func-
tional groups, Hg from atmospheric depositions is indeed easily adsor-
bed by soil organic matter retained in upper organic soil layers (Jiskra 
et al., 2015; Xia et al., 1999).

Unfortunately, only a few surface soil samples, with total Hg con-
centrations ranging between 320 and 2841 ng g−1 (Table S2), were 
available in this study to investigate the element speciation. These 
concentrations agree with those previously reported for topsoils 
collected for the first phase of risk analysis by local authorities (< 100 – 

6900 ng g−1; Fig. S1a). Relatively high values of total Hg were also re-
ported for deeper soils (up to 1900 ng g−1) (Fig. S1b). Available samples 
were used for Hg thermo-speciation analyses (Petranich et al., 2022) 
coupled with an oxidising treatment to assess the fraction of Hg bound to 
organic matter (Biester et al., 2000) according to the procedure 
described in detail in Text S1. The results of these determinations, 
although not fully representative of the whole area, are consistent with 
the above-described process. Given the absence of other known Hg 
sources, this result may nevertheless provide an indication of the prev-
alent form of this metal most likely to be found in soils of the study area. 
As can be seen in Fig. 4, in untreated samples, Hg was released at 
temperatures around 230 ◦C, but after the oxidation test this peak was 
strongly reduced or even disappeared. The amount of Hg lost through 
oxidation can be considered organically-bound Hg (Biester et al., 2000) 
and represented a significant portion (46.6–100%) of the total amount of 
this metal in the analysed soils (Table S2). This result may support the 
hypothesis of an atmospheric source of Hg in soils and consequently of 
the presence of Hg forms potentially more available for volatilisation 
relative to mining-impacted sites.

Although the present-day Hg inputs into the analysed soils have 
likely decreased due to more efficient emission control measures, the 
relatively high fluxes observed in our study confirm that GEM re- 
emissions can persist for several years before background conditions 
are restored, as is frequently observed at other historically contaminated 

Fig. 3. Distribution of GEM fluxes at the soil-air interface in: a) the five 
investigated macro-areas; b) different soil use categories. Statistically signifi-
cant differences according to Dunn post-hoc test are indicated by asterisks (* =
p < 0.05; ** = p < 0.01).

F. Floreani et al.                                                                                                                                                                                                                                Environmental Pollution 403 (2026) 128400 

7 



sites (Huremović et al., 2017; Zhu et al., 2018). Moreover, the decrease 
in atmospheric GEM concentrations due to the gradual elimination of 
industrial emission sources may lead to an increase in GEM re-emissions 
from contaminated soils, no longer limited by high atmospheric GEM 
levels. In extreme situations, removing a strong contamination source 
lowers atmospheric concentrations, thereby reversing the air-soil 
gradient and shifting GEM fluxes from deposition to net emission 
(Eckley et al., 2015).

The high spatial variability of GEM fluxes is also evident within each 
studied area, with extreme emission values often recorded in adjacent 
polygons (Fig. 5). As a result, no clear spatial trends were identified, 
indicating the absence of spatial autocorrelation. Therefore, the 
measured data precluded the application of geostatistical methods (Elío 
et al., 2016).

High small-scale spatial heterogeneity of GEM fluxes has frequently 
been observed from various substrates (e.g. contaminated soils, urban 
soils, mining residues) as a result of complex and site-specific in-
teractions of several factors that can influence GEM volatilisation from 
soils, which is not only dependent on soil Hg concentration and speci-
ation (Fu et al., 2012). These factors include both environmental con-
ditions governing Hg reduction and translocation in soil, such as solar 
radiation, temperature, soil moisture, precipitation, and physical char-
acteristics of soils like abundance and size of pores, vegetation type 
cover, surface compaction and anthropogenic disturbance (Eckley et al., 
2011; Liu et al., 2014; Rinklebe et al., 2009). Among physical forcings, 
incident solar radiation has widely been recognised as one of the most 
relevant parameters in influencing the magnitude of GEM fluxes at the 
soil-air interface (Eckley et al., 2015; Kondo et al., 2024; Wang et al., 
2005). Solar radiation, mostly in the UV wavelengths, favours the 
photoreduction of Hg2+ in surface soil layers (Moore and Carpi, 2005), 

which usually represents the main pathway for the formation of GEM 
available for volatilisation (Cao et al., 2024; Eckley et al., 2021). 
Consequently, the increase in incident radiation results in a rapid in-
crease in GEM fluxes, as observed in several studies (Floreani et al., 
2023b; García-Sánchez et al., 2006; Li et al., 2018; Sizmur et al., 
2017). In this study, excluding a few measurements conducted in 
shaded conditions (n = 20), GEM fluxes showed a weak but statistically 
significant correlation with mean UV radiation measured during sam-
pling (τ = 0.37, p < 0.0001, n = 143; Fig. S4a). Moreover, considering 
temporal variation, higher peak GEM fluxes generally coincided with 
maximum UV intensity between 11:00 and 16:00 (Fig. 2).

Only 18 flux measurements (~11% of the total) were taken with UV 
incident radiation below 15 W m−2, < 70% of the daily maximum. These 
measurements were mostly taken in the early morning (approximately 
before 9:00) at the beginning of sampling activity and in the late af-
ternoon (after 18:00) only at the DV3 macro-area. Despite low incident 
UV radiation, relatively high GEM fluxes were still measured during 
these periods (Fig. 2), reaching values up to 63.1 (DV2-10), 74.4 (DV6- 
1), and 224 ng m−2 h−1 (DV1-1) in the early morning period and to 47.9 
ng m−2 h−1 (DV3-35) in the late afternoon. This evidence confirms a 
noticeable GEM emission even under these conditions.

In addition to promoting Hg2+ photo-reduction, incident solar radi-
ation contributes to soil heating, which in turn can enhance GEM 
emission to the atmosphere. This results in a synergic effect of radiation 
and temperature on GEM fluxes (Bahlmann et al., 2006; Eckley et al., 
2015). Temperature can affect GEM fluxes from soils both indirectly, 
providing energy to catalyse both Hg2+ desorption from organic and 
mineral soil surfaces and biotic and abiotic reduction reactions (Pannu 
et al., 2014; Sigler and Lee, 2006), and directly by favouring the diffu-
sion of GEM through the soil thanks to the expansion of gases in pores 

Fig. 4. Mercury thermo-desorption curves of selected soil samples before and after the oxidation test.
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(Schlüter, 2000; Shi et al., 2020). In our case, a weak but statistically 
significant correlation was observed between air temperature and GEM 
fluxes (τ = 0.24, p < 0.0001, n = 163; Fig. S4b) similar to that which has 
been previously observed in other studies (Edwards and Howard, 2013; 
Osterwalder et al., 2018; Wallschläger et al., 1999).

The relationship of GEM fluxes with air temperature is weaker than 
that found with UV radiation, suggesting that the effect of radiation on 
GEM releases is greater and partially independent compared to that of 
temperature, in agreement with the evidence found in previous studies 
(Agnan et al., 2016; Cao et al., 2024; Floreani et al., 2023b; Wang et al., 
2005). Due to highly skewed data, a multiple linear regression model 
was fitted on log-transformed data to assess the relative contribution of 
the available measured variables (UV radiation, air temperature, CO2 
fluxes) on observed GEM fluxes variability. The obtained model 
explained 23.1% of variance in GEM fluxes (R2 = 0.231, F3,159 = 18.0, p 
< 0.001). Assuming that a substantial fraction of the spatial variability 
of GEM fluxes in Hg-contaminated sites is typically attributed to soil Hg 
concentrations and soil physical characteristics rather than meteoro-
logical variables (Agnan et al., 2016; Rinklebe et al., 2010), this rela-
tively modest proportion of variance explained by the available 
parameters could be considered as a measure of the influence of only 
environmental conditions on the observed variability.

Given the significant correlation between UV radiation and air 
temperature (τ = 0.50, p < 0.0001, n = 163), dominance analysis was 
applied to quantify the relative contribution of each variable indepen-
dently of their intercorrelation. As expected, UV radiation was found to 

be the dominant predictor, accounting for 54.7% of the variance 
explained by the model, followed by air temperature (28.7%). However, 
due to the high collinearity between these two parameters, the inde-
pendent contribution of temperature could not be reliably estimated 
from the available data. Despite the low variability in air temperatures, 
higher GEM fluxes were generally observed in the afternoon compared 
to the morning at the same level of UV radiation (e.g. at the DV2 and 
DV6 macro-areas, Fig. 2), coupled with higher temperatures (Sizmur 
et al., 2017). A temperature-driven increase in GEM fluxes may be 
linked to processes occurring in deeper soil layers that are not directly 
influenced by solar radiation, which are particularly relevant in sandy 
soils (Mazur et al., 2015) like those in our study area. Soil temperature, 
which can be more indicative of the effect of heating on in-soil processes 
involved in GEM evasion (Edwards and Howard, 2013), was not 
measured in this study. However, assuming that CO2 fluxes can be 
considered indicative of biotic processes occurring within soil (e.g. 
respiration), the lack of correlation between GEM and CO2 fluxes sug-
gests that biotic processes play a limited role in Hg reduction and 
evasion in our study area. This is further confirmed by the low contri-
bution of CO2 fluxes to the explained variance of GEM fluxes obtained 
through dominance analysis (16.5%). The effect of temperature may 
therefore be more pronounced on abiotic physical processes that regu-
late GEM exchange, but this hypothesis should be further investigated 
through additional studies.

Other than meteorological parameters, GEM flux variability can be 
affected by site-specific conditions related to land-use, particularly in 

Fig. 5. Spatial distribution of measured GEM fluxes in the five selected macro-areas.
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terms of soil cover and disturbance. To evaluate this aspect, sampling 
points were divided into 3 different categories according to land-use: i) 
“Rural”: areas characterised by natural vegetation or perennial crops 
rarely disturbed by agricultural practices; ii) “Arable”: farmland subject 
to periodic ploughing and harvesting; iii) “Urban” within the town of 
Portoscuso. Moreover, shaded measuring points in rural and urban 
contexts were considered separately, whereas all measurement in arable 
areas were conducted under direct sunlight. The distribution of GEM 
fluxes recorded in these different contexts is represented in Fig. 3b.

The highest GEM fluxes (median = 110 ng m−2 h−1) were observed 
for urban environments, mostly located near the Portovesme industrial 
complex and thus likely subject to stronger past inputs of Hg through 
atmospheric depositions. Moreover, the two highest single GEM fluxes 
were recorded at points included in this category (DV6-28 and DV2-30, 
3164 and 2309 ng m−2 h−1 respectively) and identified as potential 
outliers (Fig. 3b). Both measurements were taken in areas recently 
disturbed by nearby construction work and characterised by a lack of 
vegetation. A similar effect can be caused by soil tilling, as confirmed by 
relatively high fluxes observed for arable areas in this study. Values 
calculated for this category were indeed comparable to those found in 
urban settlements, but significantly higher (p < 0.01, Dunn post-hoc 
test) than those of undisturbed rural soils. Soil physical disturbance 
can modify the physical structure of the surface layer, enhancing the 
total area of the soil-air interface and increasing soil porosity and surface 
roughness. As a result, the diffusion of GEM through the soil-air interface 
is in turn favoured (Fu et al., 2012). These findings highlight the po-
tential impact of soil management practices on GEM re-emissions at this 
contaminated site.

Overall, rural environments characterised by Mediterranean scrub-
land and perennial crops showed lower GEM fluxes (Table S3), likely 
due to lower Hg supplies compared to urban settlements. However, 
some single plots in this category showed relatively high GEM fluxes, up 
to 1032 and 530 ng m−2 h−1 (DV1-21 and DV1-14, respectively). These 
points, identified as outliers for the rural environments, were located in 
the macro-area closest to Portovesme and may therefore have been more 
susceptible to Hg supplies, mostly DV1-21 which was situated near a 
road.

Finally, both for rural and urban environments, fluxes measured 
from shaded plots were lower than those calculated for points under 
direct sunlight, further confirming the role of solar radiation in pro-
moting the evasion of GEM at the soil-air interface.

3.3. Risk assessment

In the outdoor scenarios, acceptable GEM emission rates (Facc) 
depend inversely on the size of the emitting area. Therefore, for the same 
receptors and exposure parameters, the Facc assessed at the scale of the 
entire macro-area is more precautionary than that calculated for each 
single polygon. Based on the selected exposure parameters (Table S1), 
the Facc calculated for the outdoor scenarios in the 5 macro-areas are 3 to 
5 orders of magnitude higher than those estimated for the indoor envi-
ronment (Table 2). For all areas, the Facc computed for the indoor sce-
nario (335 ng m−2 h−1) is the same, due to the fact that the modelling 
estimate in this case is not a function of the size of the emitting area but 

is influenced by other parameters (i.e. local building types and exposure 
standards).

The specific GEM emission rates calculated for each macro-area on 
the basis of field measurements varied between 85.8 and 210 ng m−2 h−1 

(Table 2): these values are 3 or more orders of magnitude lower than the 
Facc for all the outdoor scenarios and only slightly lower than the Facc 
estimated for the indoor scenarios. As the purpose of this calculation was 
to assess the contribution of only GEM re-emitted from the soil surface to 
potential exposure through inhalation, points showing negative fluxes 
were considered as 0 ng m−2 h−1 (no emission) in this stage. Excluding 
the negative values, fluxes measured for each individual polygon ranged 
between 3.54 and 3164 ng m−2 h−1, consistently lower than the esti-
mated Facc for all the outdoor exposure scenarios. Conversely, only 8 
points (4.9% of the total) randomly scattered across the study area 
showed GEM fluxes higher than the acceptable level for indoor scenarios 
(Fig. 6). These measurements can indicate localised anomalies related to 
indoor exposure in more sensitive scenarios (i.e. residential) but are 
generally not indicative of an actual diffuse unacceptable risk over the 
whole study area. It is also worth noting that the uncertainty associated 
with flux-derived exposure estimates should be interpreted within the 
broader context of human health risk assessment. Even when detailed 
site-specific data are available (e.g. measured air concentrations), esti-
mated risk levels cannot be directly validated unless real human expo-
sure and health outcomes are assessed, for instance through 
biomonitoring and epidemiological evidence. Risk assessment therefore 
inherently relies on conservative assumptions and on dose-response 
relationships derived from controlled experimental studies and extrap-
olated to humans.

Within this framework, uncertainties related to environmental 
modelling choices or field measurements represent only one component 
of a more complex uncertainty structure. Consequently, the conservative 
assumptions adopted in this study are consistent with standard risk- 
based decision frameworks commonly applied to contaminated sites.

Moreover, it must be stressed that as a precautionary approach, 
exposure in the indoor scenario was estimated considering an exposure 
time ≥ 18 h d−1 for several years (Table S1) to compensate for un-
certainties related to flux variability and simplified exposure modelling. 
This may have led to an overestimation of the real risk considering that 
calculations are based on GEM flux data measured in the worst-case 
conditions (high radiation and temperature) and that fluxes during 
nights and colder seasons are expected to be significantly lower than 
those observed in this study during daytime in late spring (Polyzou et al., 
2019; Shi et al., 2020; Wang et al., 2005). A rapid increase in GEM fluxes 
can be expected only after rain events due to the physical displacement 
of GEM present in soil gas by the infiltration of water (Briggs and Gustin, 
2013). Rainfall leads to a sudden significant increase in GEM fluxes 
mostly in dry soils, whereas this effect is less evident in soils with initial 
higher moisture content (Song and Van Heyst, 2005). After precipita-
tion, GEM fluxes are controlled by the upward movement of water 
vapour, which transports Hg to the soil surface where it is more avail-
able for volatilisation. As the soil dries and soil tension increases, GEM 
fluxes decline as the evaporation rate decreases. Consequently, in soils 
that dry out quickly, the return of fluxes to the baseline level is very 
rapid (Gustin and Stamenkovic, 2005). As this process is strongly 

Table 2 
Specific GEM emission rates (Fspec) and acceptable GEM fluxes (Facc) estimated for the five selected macro-areas under different scenarios. For the outdoor envi-
ronments, out_RES: residential; out_RES-AGR: mixed residential-agricultural; out_RIC: recreational; out_RIC-PAS: pasture.

Area Surface (m2) Fspec (ng m−2 h−1) Facc (ng m−2 h−1)
indoor out_RES out_RES-AGR out_RIC out_RIC-PAS

DV1 208,619 1.89 ⋅ 102 3.35 ⋅ 102 1.45 ⋅ 105 1.86 ⋅ 105 4.92 ⋅ 105 6.92 ⋅ 106

DV2 46,387 2.10 ⋅ 102 3.35 ⋅ 102 3.08 ⋅ 105 3.97 ⋅ 105 1.05 ⋅ 106 1.47 ⋅ 107

DV3 126,878 8.58 ⋅ 101 3.35 ⋅ 102 1.86 ⋅ 105 2.40 ⋅ 105 6.33 ⋅ 105 8.88 ⋅ 106

DV6 94,772 1.04 ⋅ 102 3.35 ⋅ 102 2.15 ⋅ 105 2.78 ⋅ 105 7.33 ⋅ 105 1.03 ⋅ 107

DV8 67,366 9.25 ⋅ 101 3.35 ⋅ 102 2.55 ⋅ 105 3.29 ⋅ 105 8.67 ⋅ 105 1.22 ⋅ 107
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dependent on soil texture (Briggs and Gustin, 2013), it can be assumed 
that in sandy soils of the studied area, the potential increase of GEM 
fluxes after precipitation will only occur for a limited time after rainfall.

Overall, these results indicate that GEM re-emissions at the soil-air 
interface in this area do not pose an immediate health risk for local in-
habitants through inhalation of GEM since, according to these simula-
tions, they are not expected to cause the occurrence of potentially 
harmful atmospheric GEM concentrations.

4. Conclusions

Overall, GEM fluxes measured at the soil-air interface within Por-
toscuso showed a remarkable spatial variability, with relatively high 
emissions observed only in some isolated measuring points. Measured 
values are comparable to those reported for other historically contam-
inated soils, supporting the evidence that these soils represent a long- 
term secondary source of GEM to the atmosphere. The observed 
strong spatial variability of GEM fluxes is related to the complexity of the 
investigated area, characterised by a wide range of environmental 
conditions from urban to natural contexts, and only partially to the 
distance from the contamination source. Despite this, a relationship 
between GEM fluxes and UV radiation and temperature has been 
observed, thus confirming the influence of these meteorological pa-
rameters on GEM emission.

A preliminary spatial characterisation of GEM fluxes in highly het-
erogeneous environmental contexts such that of our study area may 
indeed be helpful to properly select the more representative locations for 
the evaluation of the mechanisms regulating GEM exchanges in each 
environmental condition occurring in a contaminated site. Thanks to the 
brief duration of NSS chamber measurements (~5 min), it is indeed 
possible to increase the number of sampling locations. As a result, highly 
localised anomalies of high GEM emissions in the study areas could be 
identified, which are both worthy of long-term monitoring and poten-
tially more representative of the site-specific combined effect of the 
various factors influencing GEM fluxes.

Although this approach remains unsuitable for ecosystem-scale 
studies given its low temporal representativeness, these results indi-
cate that it may be useful for preliminary large-scale screening of GEM 
fluxes in contaminated areas aimed at identifying possibly more critical 
areas or land-use practices (e.g. recently ploughed fields in our case) in 
terms of potential health risk. This evidence can be helpful in supporting 
a more targeted selection of points worthy of prolonged monitoring and 
of the most appropriate contamination management practices or any 

necessary remediation measures.
Excluding the above-mentioned anomalies, GEM re-emissions from 

soils within our study area are lower than the estimated threshold for 
human health risk, calculated as the GEM flux capable of generating 
potentially harmful air concentrations according to the model estima-
tion. Consequently, adverse effects on human health related only to 
inhalation exposure to GEM re-emitted from soils can be excluded. This 
conclusion is further strengthened by the fact that measurements were 
conducted under the worst-case scenario corresponding to the condi-
tions promoting maximum GEM emission from soil (i.e. high radiation 
and temperature). Thus, the obtained values can be considered indica-
tive of the maximum emissions expected in this historically contami-
nated area. The conclusions of this study should be interpreted within 
the context of a risk-based stepwise assessment for contaminated sites. 
The absence of significant health risk refers to the lack of evidence for 
unacceptable inhalation risk under deliberately conservative assump-
tions, applied to the most contaminated areas and designed to prevent 
false-negative outcomes. In this framework, the results provide robust 
support for sustainable site management decisions.
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fluxes higher than acceptable threshold for the indoor scenario. Within the DV8 macro-area (not shown) all GEM fluxes were below Facc. (For interpretation of the 
references to colour in this figure legend, the reader is referred to the Web version of this article.)
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