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Abstract: Considerable amounts of gaseous elemental mercury (Hg0) can be released into the atmo-
sphere from Hg-enriched substrates, such as those from former mining areas, posing a potential
environmental threat. In this work, Hg0 fluxes at the soil–air interface under natural vegetation
covers were measured in various locations within the Idrija Hg mining area (Slovenia) and its sur-
roundings. Sites were selected in order to compare Hg0 fluxes from both forest soils heavily impacted
by historical ore roasting and urban soils characterised by a different degree of Hg enrichment
due to the natural occurrence of Hg in rocks or recent mining and roasting processes. Replicate
measurements at each site were conducted using a non-steady state flux chamber coupled with a
real-time Hg0 analyser (Lumex RA-915M). Moreover, topsoil samples (0–2 cm) were analysed for Hg
total concentration and speciation. Cinnabar was the predominant Hg form in almost all the sites. De-
spite Hg0 being undetectable in soils using thermo-desorption, substantial emissions were observed
(70.7–701.8 ng m−2 h−1). Urban soils in a naturally enriched area showed on average the highest Hg0

fluxes, whereas relatively low emissions were found at the historical roasting site, which is currently
forested, despite the significantly high total Hg content in soils (up to 219.0 and 10,400 mg kg−1,
respectively). Overall, our findings confirm that shading by trees or litter may effectively limit the
amount of Hg0 released into the atmosphere even from extremely enriched soils, thus acting as a
natural mitigation.

Keywords: legacy soil contamination; Hg mining; gaseous Hg fluxes; flux chamber; ore roasting;
Hg speciation

1. Introduction

Past mining and metallurgical activities have led to heavy and widespread mercury
(Hg) contamination of all environmental media (soil, water, and air) in the surrounding
areas [1–3]. The occurrence of Hg in the environment represents a serious concern due to
its potential bioaccumulation via trophic webs and its negative effects on the health of both
humans and ecosystems, particularly in its organic methylated form [4–6].

A peculiarity of this metal is the high volatility of its elemental form (Hg0), which is
easily released into the atmosphere from natural surfaces after the reduction in oxidised
forms (Hg2+) that are dominant in terrestrial and aquatic environments [7,8]. Due to
its stability in the atmosphere, Hg0 represents the most abundant form of Hg in this
compartment (where it is usually abbreviated as GEM, Gaseous Elemental Mercury [9])
and can persist for a considerable period of time (0.6–2 years) before being removed via wet
and dry depositions [10,11]. Consequently, Hg0 can be subjected to long-range atmospheric
transport even in remote ecosystems [12–14]. Moreover, deposed Hg can be re-emitted back
into the atmosphere after its reduction to Hg0, further increasing the spatial distribution of
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Hg and making it a pollutant of global concern, as recognised by the Minamata Convention
in 2013 [15,16].

A notable source of Hg0 into the atmosphere is represented by emissions from the natural
surfaces of substrates enriched in Hg due to natural geology or past mining and industrial
activities [15,17], where Hg0 fluxes can reach values of up to thousands of ng m−2 h−1 [18–21].
However, direct measurements of Hg0 fluxes from these substrates are still scarce [22,23].
A more profound understanding of the processes that lead to the release of high amounts
of Hg from these sites is of interest both on a local scale to prevent the occurrence of high
atmospheric Hg concentrations and on a global scale to better understand the dispersion of
this metal in the environment [18,24–26].

One of the most important drivers of Hg0 emissions at contaminated sites is repre-
sented by total Hg concentrations in the substrate [15]. However, many other factors can
influence the magnitude of Hg0 fluxes at the soil–air interface, including the intensity of
solar radiation [24], soil and air temperature [27,28], rainfall and soil moisture [29,30], and
soil cover by vegetation [18]. The relative importance of all these factors in influencing Hg0

fluxes is extremely site-specific [7].
Slovenia is known for its numerous mines and ore processing sites that were active in

the second half of the 19th century and in the first quarter of the 20th century [31]. Later,
most were closed and abandoned as the ore reserves were depleted. The oldest mining
town is Idrija, where Hg ore was mined for 500 years until 1994 when the rotary furnace
was in operation for the last time. During the long period of mining and ore processing, a
large geochemical halo of Hg was created. Several research projects conducted over the last
two decades confirmed the high levels of Hg in all environmental compartments. The soil
is highly contaminated (exceeding 10 mg kg−1) over an area of more than 20 km2 [32,33]
and detailed research on urban soil in Idrija showed that Hg concentrations were extremely
high, ranging from about 10 to 1550 mg kg−1 [34,35].

The spread of Hg in the environment varies with time. Before mining activities started,
the levels of Hg in the environment were only slightly heightened due to natural geogenic
conditions. This occurred mostly in the area of natural outcrop of rocks containing native Hg
and cinnabar (called “Pront” area) in the south-western part of the town of Idrija. However,
the contribution of Hg-rich soil parent material to present-day Hg contamination is likely
to be relatively limited, as this naturally enriched area is relatively small (approximately
4000 m2) [32,36–38]. Conversely, the most important factors influencing Hg spreading in
the environment are where and how the ore is processed. In the first decade of mining,
ore was roasted at the site of an open pit, which is now located in the town center of
Idrija, and the first roasting residue dumps with high Hg content were deposited on the
banks of the Nikova and Idrijca Rivers. Because of the high demand for wood, part of
the ore was transported to the surrounding forests from the early 16th century to the mid-
17th century and roasted there. Initially, the ore was roasted in piles and later in earthen
vessels. During both processes, about half of the Hg was lost, thus contaminating the
surrounding environment. Extensive geochemical research regarding historical small-scale
roasting sites in the Idrija surroundings determined extremely high Hg levels at these
sites [39–43]. It has been estimated that about 40 tons of Hg are still present at the historical
ore-roasting sites [39]. In the second half of the 17th century, the first roasting plant at Idrija
was built and since then ore roasting took place in Idrija, whereas waste residues, which
still contained significant Hg levels, were deposited nearby or dumped into the Idrijca
River, which carried the material downstream to the Soča River and finally to the Gulf of
Trieste [44–47]. In the last century of mining at Idrija, less and less rich ore was excavated,
thus necessitating considerable quantities of ore. As a consequence, big new dumps of
roasting residues were deposited on the riverbanks, and a large amount of waste material
was dumped into the Idrijca River. During intensive ore processing, Hg was spread into the
atmosphere via a rotary kiln chimney as gaseous and particulate emissions, which caused
widespread soil contamination.
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At present, the Hg0 release into the atmosphere from the Idrija mining district has been
estimated to be between 17 and 51 kg yr−1 [48,49], with high atmospheric Hg concentrations
restricted to the area of the former roasting plant [50,51]. However, Hg0 fluxes at the soil–air
interface within the Idrija mining district have been estimated at only a few locations using
direct measurements [49,50] or laboratory incubations [27], resulting in variable evasion
rates as a function of the Hg binding phase in the soil and environmental parameters,
mainly soil temperature. Therefore, the aim of this study was to broaden the spatial
coverage of direct measurements of Hg0 fluxes at the soil–air interface in the Idrija mining
district. Measurements were conducted in the summer during daylight hours to detect the
maximum potential Hg0 evasion at the selected sites. Three sites within the urban area
of Idrija were selected to measure the potential Hg0 evasion in areas subject to different
types and degrees of Hg contamination (low contamination, natural enrichment, and
heavy contamination from atmospheric deposition from modern furnaces). Moreover,
measurements were conducted at one of the historic roasting sites in the forest surrounding
Idrija, for which no information exists at present regarding Hg0 gaseous exchanges at the
soil-air interface. This site provides a unique opportunity to study the Hg0 fluxes in a
heavily contaminated area several centuries after the cessation of ore roasting.

2. Materials and Methods
2.1. Environmental Settings and Experimental Sites

The town of Idrija is located 334.5 m a.s.l. on an alluvial plain in the narrow valley at
the confluence of the Nikova and Idrijca Rivers, approximately 50 km west of Ljubljana.
Most of the plain consists of sedimentary carbonate rocks (limestone and dolomite) with the
occurrence of detrital sedimentary rocks (breccias, conglomerates, sandstones, mudstones,
claystones, and shales) [37,38]. The climate of the area is warm and humid, characterised
by notable precipitation (2000–3200 mm y−1) distributed throughout the year [51].

For this study, 5 sites distributed within the Idrija mining district and its surroundings
were selected based on existing information regarding the spatial distribution of Hg in
soils [33,34,52]. Three sites were selected in the urban area of Idrija (ID1, ID2, and ID3)
and two in its surroundings at the historic roasting site of Pšenk (PS1 and PS2) (Figure 1).
ID1 was located in the southeastern part of Idrija just outside the urban area. This site was
chosen as it is considered to be less impacted and only marginally affected by emissions
related to ore processing due to its distance from the roasting locations. Conversely, ID2
was situated in the southwestern part of the urbanised area, also known as the “Pront”
area, where the occurrence of Carboniferous schists containing cinnabar and native Hg has
been reported [36]. Moreover, a roasting site active in the earliest years of Hg extraction
(1490–1510) was located close to this area [53]. Finally, site ID3 was located in the northern
part of the town near the former furnaces used during the last centuries of mining activity.
These furnaces represented a significant source of atmospheric Hg, which can be transferred
to the surrounding soils via wet and dry depositions [33,34,54].

Measurements were conducted at Pšenk both in an open grassland located outside the
area where the roasting site is thought to have been located (PS1) and within the most con-
taminated area (PS2) where extremely high Hg concentrations (up to thousands of mg kg−1)
have been previously reported for both surface and deep soil layers. Many fragments of
earthen vessels broken due to the high temperatures reached during burning were pre-
viously found in this area, confirming the occurrence of ore roasting [43,52]. In contrast
to other sites, PS2 is located in a forested area dominated by Norway spruce (Picea abies),
with an occurrence of beech (Fagus sylvatica) and sycamore maple (Acer pseudoplatanus).
Consequently, a relevant amount of litter was present on the soil surface, together with
mosses. Measurements at all other sites were performed under direct solar irradiation in
grasslands characterised by well-developed herbaceous vegetation cover dominated by
Poaceae and Asteraceae at ID1 and ID3 and by lower-height herbaceous vegetation with a
more extended occurrence of Fabaceae at ID2.
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2.2. Field Activity 

Figure 1. Study area and location of sampling sites within the town of Idrija (ID1, ID2, and ID3)
and at the historic roasting site of Pšenk (PS1, PS2). The most Hg-contaminated area at Pšenk is
highlighted (dotted orange circle). Modified from [34,43,55].

2.2. Field Activity

Sampling activities for the determination of Hg0 fluxes at the soil–air interface were
performed in August 2022 over a period of two days. The first was dedicated to mea-
surements at the sites within the town of Idrija (ID1, ID2, ID3), and the second focused
on the historic roasting area of Pšenk (PS1, PS2). Field measurements of Hg0 fluxes were
performed using a Plexiglas non-steady state (NSS) rectangular flux chamber (l × w × h,
60 × 20 × 25 cm), as described in a previous study [56]. At each site, fluxes were measured
in at least three different plots, preserving the natural vegetation cover. In order to com-
pare the potential Hg0 emissions under different conditions, all measurements at various
locations were conducted between 12 p.m. and 3 p.m., corresponding to the period of the
day when the highest evasion rates are expected [50].

Prior to the measurements, a 5 cm tall stainless-steel frame was installed at a depth
of 2 cm in the soil on each plot. The chamber was then fitted onto the frame, and soil was
loosely packed around the external walls to achieve an optimal seal and avoid the intrusion
of external air inside the chamber [57]. During the measurements, the air was continuously
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recirculated through the chamber at a constant flow rate (10 L min−1) using an integrated
pump from a portable Hg0 analyser (Lumex RA-915M, Lumex, St. Petersburg, Russia)
connected to the chamber in a closed circuit using two Teflon tubes attached to either
end. The Lumex works via atomic absorption spectrometry with Zeeman background
correction [58] and facilitates the determination of Hg0 concentrations in the air at sampling
intervals selected by the operator over a wide dynamic range. Gaseous Hg0 concentrations
in the air measured by the instrument are indeed influenced by the chosen sampling
interval [59], ranging from a limit of detection of 0.3 ng m−3 (for an average measuring
time of 30 s) or 2 ng m−3 (for an average measuring time of 1 s) up to a maximum of
30,000 ng m−3.

In this study, the Hg0 concentrations were recorded at a sampling rate of 1 Hz. Real-
time data are visualised on the Lumex display and stored in the instrument’s internal
data logger.

The main advantage of the NSS chamber methodology coupled with real-time anal-
ysers is that it allows for the reliable determination of Hg0 fluxes at the soil–air interface
with short enclosure times [60,61]. Short deployment times allow one to minimise the
decrease in the concentration gradient between the soil and chamber headspace, which can
reduce the evasion rate [62]. This procedure also limits the alteration of the microclimatic
conditions of the soil–air boundary layer caused by the chamber placement (e.g., in terms of
temperature and water vapour build-up), which can affect the measured Hg0 flux [63–65].
In this study, the sampling time for each plot was set to 5 min, during which the increase
in Hg0 concentration in the chamber headspace demonstrated a good fit for the linear
regression (R2 ≥ 0.95). Thus, Hg0 fluxes (F) were estimated using a linear calculation
scheme according to the following equation (1) [66,67]:

F =
dC
dt

V
A

(1)

where dC/dt is the increase in Hg0 concentrations inside the chamber estimated as the slope
of the concentration versus time curve, V is the internal volume of the chamber (0.03 m3),
and A is the basal area (0.12 m2).

Before sampling, the chamber was cleaned with diluted HNO3 (5% v/v) and rinsed sev-
eral times with ultrapure water (Milli-Q® Direct Water Purification System, Merck KGaA,
Darmstadt, Germany). The experimental setup was checked in the laboratory using cham-
ber blank measurements performed before and after each sampling day by sealing the cham-
ber on a clean polycarbonate surface, resulting in low blank fluxes (1.6 ± 1.0 ng m−2 h−1).

Air temperature and humidity were measured in the field using a portable thermo-
hygrometer (HI9565—Hanna Instruments, Padova, Italy). Incident radiation between
250 and 400 nm was monitored during the Hg0 flux measurements using a specific sensor
(SU-420—Apogee Instruments, Logan, UT, USA) mounted near the sampling points under
the same solar irradiation conditions. The soil temperature was determined in each plot
during measurements at a depth of 2 cm using a thermal probe.

After the Hg0 flux measurement, a topsoil sample (≈0–2 cm) was collected manually
from each plot. This surficial soil layer is considered to be the most involved in the gaseous
exchange processes of Hg in the atmosphere [68,69]. The soil samples were sealed in
polyethylene bags and taken to the laboratory for subsequent determination of grain size,
pH, organic matter content, total Hg concentration and Hg speciation.

2.3. Analytical Determinations

Before analysis, soil samples were carefully separated from coarse plant residues of
both aboveground (stems and leaves) and belowground biomass (roots).

The grain size of the soil samples was determined using aliquots of approximately
20 g of fresh soil. After a 24 h treatment with H2O2 to remove most of the organic mat-
ter (OM), the samples were wet sieved at <2 mm to eliminate coarse organic residues.
Analytical determination was performed on the resulting fraction using a laser granulom-
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etry (Mastersizer 2000, Malvern Instruments Ltd., Worcestershire, UK) according to the
ISO 13320:2020 method.

For the other determinations, soil samples were air-dried at room temperature and
sieved at <2 mm. The loss on ignition (LOI) method was used at 550 ◦C for the deter-
mination of soil OM content [70]. Soil pH was measured using a glass electrode in a
1:2.5 soil/ultrapure water suspension after two hours of equilibration [71].

The total Hg content and Hg speciation in soils were evaluated by means of thermo-
desorption technique using the Lumex Hg analyser described above coupled with a pyrol-
ysis attachment (PYRO-915+) consisting of a double-chamber atomising system combined
with a heated analytical cell [72]. Briefly, a sample in an amount ranging from 1 to 30 mg,
depending on the expected Hg concentration, was weighed in a quartz boat with a built-in
type K thermocouple and inserted into the attachment. The samples were then thermally de-
composed via gradual heating from ambient temperature to 700 ◦C at a rate of ~0.5 ◦C s−1.
Depending on its chemical form, Hg is released at specific temperature intervals during
heating. The progressive Hg0 release during decomposition was visualised in real-time
by the software which controls the instrumentation (Rapid ver 1.00.585). The desorption
temperatures of pure Hg compounds mixed with carbonate powder obtained in a previous
study [73] were used for the identification of the occurring Hg species. Due to the overlap
of the desorption peaks of β-HgS and Hg bound to OM, characterised by different mobility
and availability in soil, an oxidation test was performed to identify the species respon-
sible for the Hg release in this temperature range according to the procedure described
by Biester et al. [44]. Briefly, an aliquot of approximately 0.5 g of sample was treated with
0.02 M HNO3 in centrifuge tubes and placed in a water bath at 85 ◦C for 2 h. Then, 4 mL
of H2O2 was added, and the samples were heated for an additional two hours. After this
period, the leached residues were washed with Milli-Q® water and dried at 55 ◦C for 24 h.
Finally, the treated samples were analysed again using thermo-desorption. This treatment
can dissolve Hg bound to OM but cannot mineralise β-HgS [54].

Total Hg concentrations in the soil samples were obtained via the integration of
the subtended area of thermo-desorption curves using Rapid software. The accuracy
of the method was checked via the analysis of certified reference materials (PACS-3,
Hg = 2.98 ± 0.36 mg kg−1, ERM-CC144, Hg = 5.90 ± 0.60 mg kg−1) obtaining acceptable
recoveries (89–103%).

The relative amounts of different Hg fractions were calculated by integrating the area
under every single peak according to the approach described by Biester and Scholz [74].

3. Results
3.1. Soil Characteristics

Excluding the samples collected at site PS2, the soil pH ranged from neutral to slightly
alkaline (6.88–7.97) showing the highest pH values at site ID2. Forest topsoil from PS2
under coniferous trees showed acidic pH values, particularly those collected in the “O”
horizon in plots A and B (Table 1). In terms of grain size, these soils can be defined as loamy
sand and sandy loam, respectively, according to the USDA textural classification [75], and
were characterised by an extremely high OM content, as evidenced by LOI values of up
to 54.6%. Conversely, the soils collected at the other location at Pšenk (PS1) and at all the
sites within the town of Idrija (ID1, ID2, and ID3) showed a greater abundance of the silty
fraction and were classified as silty loam. These soils presented a lower content of OM,
with LOI values slightly higher at site ID3 compared to ID1 and ID2 and ranging between
6.91 (ID2-C) and 14.44% (ID3-A) (Table 1).
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Table 1. Summary of the main physicochemical characteristics of soils from the investigated sites,
reported as the average value of all measuring plots.

Parameter ID1 ID2 ID3 PS1 PS2

pH 7.72 ± 0.09 7.89 ± 0.08 7.19 ± 0.50 7.75 ± 0.05 4.72 ± 1.10
LOI550 (%) 11.5 ± 1.0 8.88 ± 1.73 13.4 ± 1.2 11.1 ± 1.0 39.0 ± 24.8
Sand (%) 40.7 ± 3.4 34.8 ± 4.2 41.9 ± 0.7 40.3 ± 5.7 61.1 ± 18.8
Silt (%) 55.0 ± 2.9 60.9 ± 3.6 53.9 ± 0.9 54.4 ± 5.8 35.9 ± 15.8

Clay (%) 4.3 ± 0.5 4.3 ± 0.6 4.2 ± 0.3 5.3 ± 0.6 2.9 ± 3.0
THg (mg

kg−1) 9.76 ± 2.96 166 ± 47 180 ± 46 15.7 ± 6.3 6466 ± 4119

α-HgS (%) 51.2 ± 2.0 81.5 ± 5.1 31.4 ± 7.2 59.4 ± 6.1 53.6 ± 6.0

3.2. Topsoil Total Hg Concentration and Speciation

Mercury content and speciation in the topsoils investigated in this study showed
a high spatial heterogeneity due to the variable contribution of different Hg supplies
in the various investigated sites, such as atmospheric depositions, direct discharges of
roasting residues, losses during ore transport and processing, and natural occurrences [33].
Overall, the concentration of THg in the topsoils of all investigated sites spanned between
7.32 (ID1-B) and 10,400 mg kg−1 (PS2-A) (Figure 2).
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under the chamber.

The highest THg concentrations were found at site PS2 (2184–10,400 mg kg−1), cor-
responding to the area thought to be the historic roasting site of Pšenk, and was heav-
ily impacted by Hg losses that occurred while it was active from the 16th to 17th cen-
turies [39,52]. Mercury content in the topsoil sharply decreases moving away from the
roasting site, resulting in significantly lower values at site PS1 (11.1–22.8 mg kg−1) located
a few dozen metres away and at an elevation approximately two metres higher than PS2.
As expected, the lowest THg concentrations at Idrija were observed at the less impacted
site ID1 (7.32–13.1 mg kg−1). Conversely, the highest and comparable THg concentrations
were found at ID2 (128–219 mg kg−1) and ID3 (121–225 mg kg−1), which are subject to
more natural and/or anthropogenic supplies of this metal. Overall, these data are in good
agreement with the spatial distribution of Hg concentration in the topsoils of the investi-
gated areas reported in previous works [34,52]. Almost all samples exceeded the critical
value for Hg concentration in soils established by the Slovenian legislation (10 mg kg−1,
Official Gazette RS 68/96) and were significantly higher than the estimated average value
for European topsoils (0.055 ± 0.004 mg kg−1, [76]).
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The curves generated by the thermo-desorption analysis showed a double peak for all
the samples, with the first release occurring between 215.9 ◦C and 271.8 ◦C and the second
between 314 ◦C and 371.5 ◦C (Figure 3).
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Figure 3. Thermo-desorption curves obtained from pyrolysis of soil samples from each site.

This second peak is associated with the occurrence of α-HgS (cinnabar), as the tem-
peratures are comparable to those obtained for pure red α-HgS from Idrija [73]. Moreover,
these peaks present a characteristic shape with multiple narrow peaks attributable to the
sudden releases of Hg due to the breakdown of α-HgS microcrystals [44]. Conversely, in
the temperature range of the first peak, defined as the no-α-HgS fraction, the desorption of
various Hg forms is reported. These forms can include metacinnabar (β-HgS) or potentially
more mobile species such as Hg adsorbed by functional groups of OM or mineral surfaces
of iron oxyhydroxides or clay minerals [73,77–80]. The relative abundance of the two
fractions varied greatly between the investigated sites, with no-α-HgS forms prevailing
at site ID3 (>60%) and α-HgS dominating at site ID2 (>70%), whereas at the other sites, a
slight predominance of α-HgS was detected (Figure 4).

Considering the thermo-desorption curves obtained after the oxidation test (Figure 5),
the first peak was significantly reduced or even disappeared (ID1 and PS1), indicating that
most of the Hg occurring in the no-α-HgS fraction in our samples were bound to OM. The
residual amount of Hg desorbed at T < 300 ◦C can be attributed to other forms such as
β-HgS, which can be formed as a by-product during the ore roasting process [81] or in
contaminated soils from thiolate complexes [82], and has been previously detected in the
environment at Idrija [83,84]. Subtracting this residual fraction, the relative abundance of
organic-bound Hg was relatively low at ID2 (11.7–19.2%) and PS2 (17.2–28.6%), whereas
the highest values were found at ID3 (57.6–72.9%).



Atmosphere 2023, 14, 1036 9 of 20Atmosphere 2023, 14, x FOR PEER REVIEW 9 of 20 
 

 

 

Figure 4. (a) Average relative abundance of α-HgS, Hg bound to OM and residual no-α-HgS after 

oxidation; (b) average Hg concentrations in the various fractions. 

Considering the thermo-desorption curves obtained after the oxidation test (Figure 

5), the first peak was significantly reduced or even disappeared (ID1 and PS1), indicating 

that most of the Hg occurring in the no-α-HgS fraction in our samples were bound to OM. 

The residual amount of Hg desorbed at T < 300 °C can be attributed to other forms such 

as β-HgS, which can be formed as a by-product during the ore roasting process [81] or in 

contaminated soils from thiolate complexes [82], and has been previously detected in the 

environment at Idrija [83,84]. Subtracting this residual fraction, the relative abundance of 

organic-bound Hg was relatively low at ID2 (11.7–19.2%) and PS2 (17.2–28.6%), whereas 

the highest values were found at ID3 (57.6–72.9%). 

 

Figure 5. Comparison of Hg thermo-desorption curves before and after the oxidation test. The sam-

ple with the highest initial THg content for each site is shown. 

3.3. Elemental Mercury (Hg0) Fluxes at the Soil–Air Interface 

Figure 4. (a) Average relative abundance of α-HgS, Hg bound to OM and residual no-α-HgS after
oxidation; (b) average Hg concentrations in the various fractions.

Atmosphere 2023, 14, x FOR PEER REVIEW 9 of 20 
 

 

 

Figure 4. (a) Average relative abundance of α-HgS, Hg bound to OM and residual no-α-HgS after 

oxidation; (b) average Hg concentrations in the various fractions. 

Considering the thermo-desorption curves obtained after the oxidation test (Figure 

5), the first peak was significantly reduced or even disappeared (ID1 and PS1), indicating 

that most of the Hg occurring in the no-α-HgS fraction in our samples were bound to OM. 

The residual amount of Hg desorbed at T < 300 °C can be attributed to other forms such 

as β-HgS, which can be formed as a by-product during the ore roasting process [81] or in 

contaminated soils from thiolate complexes [82], and has been previously detected in the 

environment at Idrija [83,84]. Subtracting this residual fraction, the relative abundance of 

organic-bound Hg was relatively low at ID2 (11.7–19.2%) and PS2 (17.2–28.6%), whereas 

the highest values were found at ID3 (57.6–72.9%). 

 

Figure 5. Comparison of Hg thermo-desorption curves before and after the oxidation test. The sam-

ple with the highest initial THg content for each site is shown. 

3.3. Elemental Mercury (Hg0) Fluxes at the Soil–Air Interface 

Figure 5. Comparison of Hg thermo-desorption curves before and after the oxidation test. The
sample with the highest initial THg content for each site is shown.

3.3. Elemental Mercury (Hg0) Fluxes at the Soil–Air Interface

Flux measurements were performed under mostly sunny conditions and only partially
interrupted by a light cloud cover during measurements at ID1. The incident UV radiation
measured near the sampling points ranged between 18.2 (ID3-C) and 36.9 W m−2 (PS1-B)
for plots under direct solar irradiation, whereas lower values were obtained for plot
PS1-C (shaded by nearby trees) and especially for measures taken at PS2 in the shaded
forested area where UV radiation was relatively constant and always below 2 W m−2

(Table S1). Similarly, site PS2 showed the lowest air and soil temperatures (26.6 and
21.5 ◦C, respectively), whereas, at all other sites, air temperatures were above 30 ◦C and
soil temperatures ranged between 24 ◦C and 32 ◦C (Table S1).

Overall, Hg0 fluxes at the soil–air interface varied between 70.7 (ID1-B) and
2466 ng m−2 h−1 (PS2-C), with a relatively high variability even on a small spatial scale
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between the different measurement plots at each site (Table S1). Taking into consideration
only undisturbed plots with natural vegetation/litter cover (Figure 6), the highest emis-
sions were, on average, recorded at site ID2 (605.4 ± 154.8 ng m−2 h−1) in the naturally Hg
enriched “Pront” area, whereas the lowest fluxes were found at the less impacted site ID1
(75.8 ± 8.2 ng m−2 h−1).
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Relatively high fluxes were also observed at ID3 near the location of the now-disused
modern furnace, where the maximum value (538.2 ng m−2 h−1) was obtained for plot D
from a bare soil surface in the grassland area. In the area of the historic roasting site
of Pšenk, excluding the extremely high flux recorded at PS2-C from bare soil under an
uprooted tree, comparable Hg0 emissions were recorded for sites PS1 and PS2. Slightly
lower values were recorded in the first location, with the minimum corresponding to the
shaded plot C where the flux was less than half of that under direct sunlight (plots A and
B). Finally, at PS2, Hg0 fluxes slightly increased in the second measurements performed on
plots A and B after the removal of the litter but remained lower than those found at sites
ID2 and ID3 (Table S1).

4. Discussion

The Hg0 fluxes recorded in this study showed a relatively high spatial variability
both between the different sites and within the various plots from which emissions were
measured at each site. This may have been caused by the high natural heterogeneity
of surface soils, even on a small spatial scale, resulting in the high variability of several
characteristics (i.e., OM content, Hg concentration and speciation, pH, grain size and
porosity, pH, soil cover, and soil moisture), which can differently affect Hg0 emission
at the soil–air interface [85,86]. Moreover, the environmental parameters that strongly
affect Hg0 fluxes, such as UV radiation and temperature, differed between the various
investigated sites. Consequently, the magnitude of Hg0 fluxes recorded at different sites
may be influenced by complex site-specific interactions between various factors, which in
turn may likely mask the variation of fluxes caused by the variation of a single factor [7,15].
As a result, poor correlations between the fluxes and various environmental parameters
were found (Figure 7).
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Typically, in areas characterised by Hg-enriched substrates due to natural geology or
anthropogenic inputs, one of the most important factors controlling Hg0 fluxes at the soil–air
interface is represented by the concentration of THg in the surface soil [15,87,88]. Generally,
high substrate THg concentrations lead to greater availability of Hg2+ for reduction to
volatile Hg0 via both abiotic and biotic reactions enhanced by high temperature and
sunlight [21,89]. As a result, high Hg0 fluxes are expected from these areas due to an
increased pool of Hg0 available for volatilisation in the soil [68].

Overall, the Hg0 fluxes observed in this study are comparable with the data reported
by Agnan et al. [15] for sites contaminated by mining, although in a somewhat lower range.
Fluxes of Hg0 in the order of hundreds of ng m−2 h−1 during summer from contaminated
soil surfaces near the town of Idrija have been previously predicted [49], in agreement with
the results of our field measurements.

4.1. Elemental Mercury (Hg0) Fluxes and Soil Total Hg Concentrations

Excluding site PS2, which is characterised by extremely high THg concentrations but
located in a shaded forested area, an overall significant positive correlation was found
between Hg0 fluxes and soil THg concentrations (r = 0.89, p < 0.0001, n = 11) in all the other
sites located in open grasslands (Figure 7). This confirms the importance of Hg availability
in the substrate in influencing the amount of Hg0 released into the atmosphere. Accordingly,
in this study, the highest average Hg0 fluxes were recorded at sites ID2 and ID3 (Figure 8),
characterised by the highest THg concentrations (excluding PS2). These emissions are
significantly higher than those previously obtained with the same experimental setup
used in this study for grassland soil surfaces of the Isonzo River alluvial plain in summer
(range = 62.4–345 ng m−2 h−1, [56]), impacted by Hg transported by river sediments in the
same drainage basin downstream of the Idrija mining district. Mercury content in soils from
the Isonzo River plain investigated in the above-mentioned study was significantly lower
(range = 2.22–25.33 mg kg−1, [56]) than that of soils from sites ID2 and ID3. In contrast,
sites ID1 and PS1 were characterised by the lowest values of both THg concentrations
in topsoils and Hg0 fluxes, but comparable with those found in the downstream Isonzo
alluvial plain [56]. These findings further confirm the importance of Hg content in the
substrate to support its release into the atmosphere.
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4.2. Elemental Mercury (Hg0) Fluxes and Hg Speciation in Soil

Interestingly, Hg0 fluxes at ID3 are relatively lower than those recorded at ID2 despite
a slightly higher THg content in the topsoils and the different Hg speciation, which can
strongly affect the mobility of this element in the environment [90]. Compared to many
other metals, Hg tends to be relatively immobile in soils [91]. In mining and naturally
enriched areas, the most common Hg form is usually represented by α-HgS, which is
extremely insoluble and subsequently scarcely available for transformation compared to
other species [27,92]. Conversely, in areas affected by Hg supplies mainly via atmospheric
depositions, Hg2+ arriving in the soil can be readily adsorbed by OM due to its high affinity
for reduced sulphur groups or mineral soil surfaces, forming stable complexes [93,94]. The
thermo-speciation results obtained in this study are in agreement with this hypothesis,
showing a predominance of α-HgS at ID2 located in the naturally Hg-enriched “Pront”
area and the highest abundance of organic-bound Hg at ID3, likely heavily impacted by
atmospheric depositions of Hg emitted by the nearby roasting plant that is now disused.
Indeed, most of the Hg derived from atmospheric depositions is usually retained in the
upper soil horizons owing to adsorption by OM [54,93,95]. Some α-HgS is also present in
the topsoil at site ID3, likely as a result of the dispersion of dust from the roasting plant,
which can include small particles of this mineral [33].

Mercury adsorbed on mineral and organic soil surfaces needs to be desorbed in order
to be reduced to Hg0 available for volatilisation [68,96]. This process and its subsequent
reduction to volatile Hg0 are catalysed by solar irradiation and high temperatures [97].

Generally, soils enriched in α-HgS must absorb more energy to initiate Hg0 emission
compared to those dominated by other Hg forms, resulting in lower light-enhanced emis-
sion [98,99]. Our results seem to be in contrast with this rule, as higher Hg0 fluxes may
be expected at ID3 than at ID2, considering the greater abundance of no-α-HgS forms
(mostly OM-bound Hg, as shown in Figure 4). However, the soil at ID2 overlies rocks
containing both α-HgS and native Hg [34,36], and previous studies have reported the
occurrence of Hg0 in a tailing sample collected nearby [83]. Elemental Hg represents the
most easily volatilised form [27] but was not detected via the thermo-desorption technique.
However, its occurrence in quantities that are too low to be detectable at ID2 cannot be
excluded and may help explain the high fluxes recorded at this site. On the contrary, the
complexation of Hg derived from atmospheric deposition by OM can favour the migration
of the most available forms of the pollutant to deeper soil layers [43,77,91,100], making it
less available for re-emission into the atmosphere [95]. This may be in agreement with the
higher concentrations of water-soluble Hg detected in deeper soil layers in the area subject
to strong atmospheric supplies of Hg at Idrija [101].
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4.3. Elemental Mercury (Hg0) Fluxes and Meteorological Parameters

Solar radiation and soil temperatures can exert a synergic control on Hg0 fluxes as
incident radiation heats the soil, resulting in increased desorption and diffusion of Hg in the
soil solution and pore space air due to increased thermal motion [27,92,102]. Higher tem-
peratures can also catalyse the reaction rates of the abiotic and biotic reduction of Hg2+ [96].
In contrast, incident radiation, mostly at UV wavelengths, can also independently promote
the formation of Hg0 on soil surfaces via photoreduction [103].

The different UV irradiation may explain the lower Hg0 fluxes recorded at ID3 than at
ID2. The lower UV irradiation found at ID3 may have resulted in less Hg0 formation via
photoreduction. It has indeed been reported that rapid changes in UV radiation can strongly
affect the magnitude of Hg0 fluxes at the soil–air interface [24]. Previous measurements
conducted near sampling site ID3 over the entire 24 h period found an average emission
of 84.4 ng m−2 h−1 [50]. This value was lower than those found in our study and was
influenced by the low emissions recorded overnight, indicating that in the absence of
radiation and at lower temperatures, Hg0 fluxes into the atmosphere are suppressed. At
a second location about 40 km downstream from the town of Idrija, the fluxes measured
were even lower (34 ng m−2 h−1, [50]) due to the reduced influence of mining activities, as
evidenced by the lower Hg content in the soil.

The combined effect of UV radiation and soil temperature on Hg0 fluxes can also
be confirmed by the results obtained at ID1 and PS1. [56]. The low THg concentrations
found at these sites suggest that they were only marginally affected by direct Hg supplies
related to mining and ore roasting, whereas they were likely to be more influenced by
atmospheric depositions. This hypothesis is supported by the fact that almost all the no-
α-HgS fraction can be attributed to organic-bound Hg since, after the oxidation test, the
first Hg desorption peak disappeared (Figure 5) [54]. As stated above, organic-bound Hg is
usually the dominant form of this metal in atmospherically influenced areas [95], whereas
the occurrence of α-HgS can be attributed to the wind transport of HgS-bearing dust
particles [33,52]. However, despite the similar Hg concentrations and speciation at these
two sites, Hg0 fluxes were lower at ID1, likely due to the light cloud cover encountered
during sampling at this site, which caused lower UV radiation and soil temperatures than
at PS1.

4.4. Elemental Mercury (Hg0) Fluxes and Vegetation Cover

The formation and volatilisation of Hg0 are often limited in soils covered by a de-
veloped continuous herbaceous vegetation in comparison with bare soil surfaces due to
shading [56,64,104], even in heavily contaminated mining districts [18,21]. Considering
sites ID2 and ID3, the effect of decreased UV radiation on Hg0 fluxes at the latter site
may have been enhanced by the more developed grass vegetation cover, together with the
presence of a layer of dead biomass on the soil surface. The same situation was observed
when comparing sites PS1 and ID1, with less developed vegetation at the former site
coupled with higher fluxes. Moreover, at ID3, the highest emissions were observed in plot
D, characterised by the absence of vegetation cover and consequently subject to higher
direct irradiation and heating, which may have favoured the formation of Hg0.

The importance of soil cover by vegetation in limiting Hg0 fluxes is even more evident
considering the relatively low emissions recorded at site PS2 (plots A and B), coinciding
with the historic roasting site of Pšenk in a forested area. Despite a Hg concentration three
orders of magnitude higher at PS2 than that found at the margins of the roasting area
(PS1), the Hg0 fluxes at these two sites were comparable. Forest ecosystems, particularly
evergreen coniferous forests such as those present at PS2, are usually characterised by low
Hg0 emissions from soils due to intense canopy shading, which limits direct irradiation
and heating of the soil [105,106]. This was also confirmed in our study by the nearly null
UV radiation and the lowest soil temperatures recorded at this site. Under these conditions,
the contribution of α-HgS can also be considered scarce due to the high activation energy
required to initiate Hg0 volatilisation [27]. However, despite shading, incident radiation
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can still influence Hg0 fluxes at the soil–air interface [23], as confirmed by the increase
observed in measurements performed after the removal of the litter on plots PS2-A and
PS2-B (Figure 9). These findings suggest that shading by trees is effective in limiting Hg0

evasion at the soil–air interface, even in highly contaminated soils under investigation.
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Another aspect to be considered is the length of time that has passed since the strong
Hg inputs in the historic roasting area. Although it was assumed that other than atmo-
spheric emissions, large amounts of Hg0 were lost in the environment either via spillage
or in roasted residues directly discharged into the soil [52], it is possible that this species
escaped into the atmosphere or was oxidised and then bound to OM, a process that can
quickly occur in oxidised soil layers [107,108]. Moreover, oxidised Hg bound to the more
soluble fraction of the OM may have leached to deeper soil layers [43]. Considering that
this fraction of Hg is generally believed to be more available, it cannot be excluded that
Hg0 produced in-depth via dark reduction processes [23,93,109] is then re-adsorbed by the
abundant OM in the surface layer constantly provided by the renewal of forest vegetation,
limiting its diffusion into the atmosphere [68,110,111]. This process may have been fur-
ther favoured by the acidic soil pH characteristics of coniferous stands due to decreased
OM solubility, confirming that these ecosystems can retain high amounts of Hg in their
organic soil layers [112–114]. Moreover, Hg2+ reduction seems to decrease with decreasing
pH [92,115], limiting Hg0 fluxes at PS2. Finally, the long-term burial of wastes containing
Hg in organic-rich soils, such as those occurring at PS2, could favour the formation of
more stable and less mobile Hg forms, such as β-HgS [82,116]. The occurrence of other Hg
forms at PS2 can be confirmed by the lower decrease in the first desorption peak after the
oxidation test compared to the other samples (Figure 5).

The significant limitation of Hg0 fluxes caused by shading by trees was highlighted
by the extremely high Hg0 flux recorded from PS2-C (2466 ng m−2 h−1) under a recently
uprooted tree. The topsoil from this plot was characterised by a lower Hg and OM content
than other measuring points at PS2 and by the complete absence of litter on the soil surface,
resulting in conditions more conducive to Hg0 evasion. This result gives an indication
of the potential Hg0 emissions from this site in the absence of the forest, suggesting that
preserving the current ecosystem can effectively help naturally mitigate the re-emission of
Hg0 from these heavily contaminated soils and its further atmospheric dispersion. Previous
studies have indeed shown that removal of the forest results in a sudden increase in Hg0

fluxes [117,118], which, considering the extremely high Hg content of these soils, may lead
to the occurrence of high local levels of atmospheric Hg0.
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5. Conclusions

The results of field measurements of Hg0 fluxes at the soil–air interface presented in
this study provide new data on the mobility of Hg between terrestrial and atmospheric
compartments at contaminated sites within the Idrija Hg mining district. The main findings
of this study are summarised as follows:

• Measured Hg0 fluxes showed great spatial variability.
• The release of Hg0 into the atmosphere depends on complex site-specific interactions

between possible influencing factors.
• Considering measurements conducted on grasslands under direct solar irradiation,

the total topsoil Hg content can be considered the main driver of Hg0 evasion.
• Gaseous Hg0 fluxes increase under high UV radiation and soil temperature, which in

turn can increase the rate of Hg reduction reactions.
• Well-developed herbaceous vegetation can strongly limit Hg0 evasion from contam-

inated soil due to surface shading. This is confirmed by the increase in Hg0 fluxes
observed from bare soil plots compared with vegetated plots and by relatively low
Hg0 fluxes from shaded locations found at the extremely contaminated historic roast-
ing site.

• Forests can significantly reduce the impact of heavy soil contamination in the local
atmosphere. However, care should be taken in forest management practices, as clear-
cut forests may expose contaminated soils to direct solar radiation, potentially resulting
in high Hg0 emissions.

The results reported in this study highlight that the measurements conducted using the
non-steady state chamber approach are extremely sensitive to varying environmental condi-
tions. Due to the portability of the instrumentation used and the short time required for the
measurements, these preliminary indications suggest that future work should be devoted
to increasing the number of measurement sites sampled under relatively homogeneous
weather conditions.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/atmos14061036/s1, Table S1: Summary of Hg content in soils,
calculated Hg0 fluxes at the soil–air interface, and main meteorological parameters recorded during
sampling on all measuring plots.
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1. Gosar, M.; Teršič, T. Environmental Geochemistry Studies in the Area of Idrija Mercury Mine, Slovenia. Environ. Geochem. Health

2012, 34, 27–41. [CrossRef]
2. Martínez-Coronado, A.; Oyarzun, R.; Esbrí, J.M.; Llanos, W.; Higueras, P. Sampling High to Extremely High Hg Concentrations at

the Cerco de Almadenejos, Almadén Mining District (Spain): The Old Metallurgical Precinct (1794 to 1861AD) and Surrounding
Areas. J. Geochem. Explor. 2011, 109, 70–77. [CrossRef]

3. Rimondi, V.; Gray, J.E.; Costagliola, P.; Vaselli, O.; Lattanzi, P. Concentration, Distribution, and Translocation of Mercury and
Methylmercury in Mine-Waste, Sediment, Soil, Water, and Fish Collected near the Abbadia San Salvatore Mercury Mine, Monte
Amiata District, Italy. Sci. Total Environ. 2012, 414, 318–327. [CrossRef]

4. Clarkson, T.W.; Magos, L. The Toxicology of Mercury and Its Chemical Compounds. Crit. Rev. Toxicol. 2006, 36, 609–662.
[CrossRef]

5. Rice, K.M.; Walker, E.M.; Wu, M.; Gillette, C.; Blough, E.R. Environmental Mercury and Its Toxic Effects. J. Prev. Med. Public
Health 2014, 47, 74–83. [CrossRef]

6. Raj, D.; Maiti, S.K. Sources, Toxicity, and Remediation of Mercury: An Essence Review. Environ. Monit. Assess. 2019, 191, 566.
[CrossRef]

7. Beckers, F.; Rinklebe, J. Cycling of Mercury in the Environment: Sources, Fate, and Human Health Implications: A Review. Crit.
Rev. Environ. Sci. Technol. 2017, 47, 693–794. [CrossRef]

8. Yu, B.; Fu, X.; Yin, R.; Zhang, H.; Wang, X.; Lin, C.J.; Wu, C.; Zhang, Y.; He, N.; Fu, P.; et al. Isotopic Composition of Atmospheric
Mercury in China: New Evidence for Sources and Transformation Processes in Air and in Vegetation. Environ. Sci. Technol. 2016,
50, 9362–9369. [CrossRef]

9. Cheng, I.; Zhang, L.; Mao, H.; Blanchard, P.; Tordon, R.; Dalziel, J. Seasonal and Diurnal Patterns of Speciated Atmospheric
Mercury at a Coastal-Rural and a Coastal-Urban Site. Atmos. Environ. 2014, 82, 193–205. [CrossRef]

10. Schroeder, W.H.; Munthe, J. Atmospheric Mercury-An Overview. Atmos. Environ. 1998, 32, 809–822. [CrossRef]
11. Lindberg, S.; Bullock, R.; Ebinghaus, R.; Engstrom, D.; Feng, X.; Fitzgerald, W.; Pirrone, N.; Prestbo, E.; Seigneur, C. A Synthesis

of Progress and Uncertainties in Attributing the Sources of Mercury in Deposition. Ambio 2007, 36, 19–32. [CrossRef]
12. Fitzgerald, W.F.; Engstrom, D.R.; Mason, R.P.; Nater, E.A. The Case for Atmospheric Mercury Contamination in Remote Areas.

Environ. Sci. Technol. 1998, 32, 1–7. [CrossRef]
13. Kalinchuk, V.V.; Mishukov, V.F.; Astakhov, A.S. Arctic Source for Elevated Atmospheric Mercury (Hg0) in the Western Bering Sea

in the Summer of 2013. J. Environ. Sci. 2018, 68, 114–121. [CrossRef]
14. Rolison, J.M.; Landing, W.M.; Luke, W.; Cohen, M.; Salters, V.J.M. Isotopic Composition of Species-Specific Atmospheric Hg in a

Coastal Environment. Chem. Geol. 2013, 336, 37–49. [CrossRef]
15. Agnan, Y.; Le Dantec, T.; Moore, C.W.; Edwards, G.C.; Obrist, D. New Constraints on Terrestrial Surface-Atmosphere Fluxes of

Gaseous Elemental Mercury Using a Global Database. Environ. Sci. Technol. 2016, 50, 507–524. [CrossRef]
16. Selin, H.; Keane, S.E.; Wang, S.; Selin, N.E.; Davis, K.; Bally, D. Linking Science and Policy to Support the Implementation of the

Minamata Convention on Mercury. Ambio 2018, 47, 198–215. [CrossRef]
17. Gustin, M.S.; Coolbaugh, M.F.; Engle, M.A.; Fitzgerald, B.C.; Keislar, R.E.; Lindberg, S.E.; Nacht, D.M.; Quashnick, J.; Rytuba, J.J.;

Sladek, C.; et al. Atmospheric Mercury Emissions from Mine Wastes and Surrounding Geologically Enriched Terrains. Environ.
Geol. 2003, 43, 339–351. [CrossRef]

18. Fantozzi, L.; Ferrara, R.; Dini, F.; Tamburello, L.; Pirrone, N.; Sprovieri, F. Study on the Reduction of Atmospheric Mercury
Emissions from Mine Waste Enriched Soils through Native Grass Cover in the Mt. Amiata Region of Italy. Environ. Res. 2013,
125, 69–74. [CrossRef]

19. Ferrara, R.; Maserti, B.E.; Andersson, M.; Edner, H.; Ragnarson, P.; Svanberg, S.; Hernandez, A. Atmospheric Mercury Concentra-
tions and Fluxes in the Almaden District (Spain). Atmos. Environ. 1998, 32, 3897–3904. [CrossRef]
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40. Gosar, M.; Teršič, T. Contaminated Sediment Loads from Ancient Mercury Ore Roasting Sites, Idrija Area, Slovenia. J. Geochem.
Explor. 2015, 149, 97–105. [CrossRef]
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42. Teršič, T.; Gosar, M.; Biester, H. Distribution and Speciation of Mercury in Soil in the Area of an Ancient Mercury Ore Roasting
Site, Frbejžene Trate (Idrija Area, Slovenia). J. Geochem. Explor. 2011, 110, 136–145. [CrossRef]
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