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Plain Language Summary 

Thanks to its high volatility, mercury can easily be released from soils and waterbodies into 

the atmosphere in its gaseous form, particularly in areas characterised by high mercury 

concentration due to natural local geology or anthropogenic contamination. The aim of this 

research was to study the gaseous exchanges of mercury between both water and soil surfaces 

and the atmosphere in selected contaminated sites within the Friuli Venezia Giulia Region 

(Northeastern Italy). This area has been subject to notable past supplies of mercury due to the 

transport by the Isonzo River of contaminated material from the Idrija mercury mining district 

(Slovenia) and, secondarily, the past uncontrolled wastewater discharges of a chlor-alkali plant 

in Torviscosa (Italy). Monitoring sites in different environmental contexts were selected as 

follows: 

 Coastal marine environments: gaseous mercury fluxes were studied during the entire 

day-night cycle in a confined strongly contaminated fish farm of the Marano and Grado 

Lagoon (Val Noghera) and in a more dynamic and less contaminated open marine area, 

the Bay of Piran (Slovenia); 

 Freshwater environments: to evaluate the effect of the type of mercury source on 

present-day fluxes, measurements were conducted during the diurnal period at sites 

impacted by mining (Solkan Reservoir, Slovenia) and industrial activity (Torviscosa 

Dockyard, Italy) and at a third site with no known mercury sources (Cavazzo Lake, 

Italy) selected as the natural background of this region; 

 Terrestrial environments: gaseous mercury evasion during the diurnal period from soils 

with and without natural grass cover near the riverbanks of the Isonzo River were 

evaluated at six sites characterised by a different degree of soil contamination. 

Fluxes were measured in field in different seasons by means of transparent flux chambers 

coupled with a portable real-time gaseous mercury analyser. Water and soil samples were 

collected to evaluate the total amounts and the forms of mercury occurring in the selected sites. 

The relation between mercury fluxes and the main meteorological (UV radiation and 

temperature) and physico-chemical parameters was also assessed. 

Generally, gaseous mercury fluxes obtained in this study both in aquatic and in terrestrial 

environments were higher than those commonly reported for uncontaminated areas, confirming 

that mercury is still emitted in the atmosphere even decades after the closure of the main 

contamination source. Moreover, fluxes from soils were considerably higher than those from 

water surfaces likely due to the greater availability of mercury. The highest fluxes in all 
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contexts were observed in summer thanks to high insolation and temperatures, which may have 

favoured the reactions leading to the formation of the volatile form of mercury. However, 

gaseous mercury concentrations in the atmosphere recorded during sampling were relatively 

low thanks to atmospheric dilution. 

Considering the water surfaces, conditions of scarce water movement and mixing likely limited 

gaseous exchanges at Val Noghera and Torviscosa, resulting in fluxes comparable to those 

recorded in the uncontaminated dynamic environments of Piran and Cavazzo despite the 

significantly higher mercury concentrations.  

Gaseous mercury emissions from soils were strongly influenced by the concentration of this 

metal in the first centimeters of surface soil in summer and autumn, whereas fluxes resulted 

more homogeneous between sites in winter. This was likely due to low temperatures that may 

have limited the degradation of the predominant form of mercury in these soils (mercury 

sulphide: red cinnabar), which is particularly stable compared to the other forms of mercury, 

which were present in similar amounts in all analysed soils. Finally, living grass cover 

significantly limited mercury fluxes by reducing soil temperatures and light reaching the 

surface, acting as a natural mitigation mechanism for mercury emissions from contaminated 

soils. 
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Abstract 
Mercury (Hg) can be easily released into the atmosphere from natural water and soil surfaces 

thanks to the high volatility of its elemental form (Hg0). These emissions can be particularly 

high in areas characterised by notable Hg concentrations in the environment as a result of 

natural geological enrichment or anthropogenic releases of this metal related to mining or 

various industrial activities. As a result, these Hg-enriched or contaminated areas may represent 

a relevant secondary source of Hg0 for the atmosphere. The study of dynamics of gaseous 

exchanges of Hg0 in these contaminated sites is essential to fully understand the fate of this 

metal once released in the environment and to assess the potential risks for ecosystems and 

human health associated with its occurrence.  

The aim of this research was therefore to study the processes and environmental factors that 

affect Hg0 exchanges at water-air and soil-air interfaces in selected environments within the 

area between Friuli Venezia Giulia Region (Northeastern Italy) and Western Slovenia. The 

study area is characterised by a widespread Hg contamination related to the dispersion by the 

Isonzo River of Hg-enriched material generated by the historical cinnabar mining at Idrija 

(Slovenia) and, secondarily, by the past uncontrolled wastewater discharges of a chlor-alkali 

plant (CAP) in Torviscosa (Italy).  

Taking into consideration the Hg0 fluxes at the water-air interface, the research was divided 

into two parts. The first was devoted to study the dynamics of Hg0 fluxes during complete 24 

h cycles in coastal environments: in order to understand the influence of different degree of Hg 

contamination and hydrodynamic conditions, a strongly impacted confined fish farm (Val 

Noghera, Italy) and an open marine area (Bay of Piran, Slovenia) in a relatively pristine area 

of the Gulf of Trieste were selected. The second part of the research was focused on evaluating 

the effect of past Hg anthropogenic supplies from different types of sources on present-day Hg0 

fluxes during the diurnal period: measurements were conducted in freshwater environments 

impacted by mining (Solkan Reservoir, Slovenia) and industrial activity (Torviscosa Dockyard 

near the former CAP, Italy) and the results were compared with those obtained in a pristine site 

(Cavazzo Lake, Italy) with unknown Hg sources. Hg0 fluxes were evaluated in field by means 

of a transparent floating chamber taking measures at regular time intervals. Dissolved gaseous 

mercury (DGM) concentrations in surface water layers were also determined as the volatile 

fraction available for volatilisation together with main meteorological and physico-chemical 

water parameters. Generally, higher Hg0 fluxes were recorded in more impacted sites than in 

pristine areas for both coastal and freshwater environments. Fluxes were related to both UV 
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irradiation and water temperatures, which may have favoured Hg abiotic (photochemical) and 

possibly biotic reduction to DGM and its subsequent release to the atmosphere. However, 

particularly at the CAP (Torviscosa) and at the fish farm (Val Noghera), Hg0 fluxes were 

comparable to those observed at the relative pristine areas of Cavazzo Lake and Piran Bay 

despite the significantly higher Hg concentrations in water: this may have been due to water 

thermo-aline stratification and scarce water turbulence, which probably limited vertical Hg 

diffusion and gaseous exchanges with the atmosphere.  

Regarding the terrestrial environment, the Hg0 fluxes at the soil-air interface were measured at 

six selected sites along the Isonzo River alluvial plain characterised by variable total Hg 

concentration in surface soils. Several replicate measurements were performed by a non-steady 

state transparent flux chamber on both bare and grass-covered soil plots in different periods of 

the year (summer, autumn, winter) during diurnal hours, in order to evaluate the temporal 

variability of the evasion and a potential effect of the presence of vegetation. Total Hg 

concentration and Hg speciation in topsoils were also assessed and the main meteorological 

parameters and soil physico-chemical characteristics were determined. Fluxes of Hg0 recorded 

at the soil-air interface were higher than those found at the water-air interface and positively 

correlated with soil Hg content and both UV irradiation and temperature, similar to what was 

observed in aquatic environments. Only in winter, no correlation was found between soil Hg 

content and fluxes, likely due to scarce contribution of the predominant cinnabar fraction to 

Hg0 formation at low temperatures. Soil shading by active vegetation significantly reduced Hg0 

emissions from soil surfaces in summer and autumn, whereas this effect was not observable in 

winter due to the scarce vegetation development.  

The relatively high Hg0 fluxes recorded in this study for both aquatic and terrestrial 

environments suggest that the studied areas can represent a secondary atmospheric Hg source 

even decades after the phase out of the main anthropogenic contamination sources. However, 

atmospheric Hg concentrations recorded during sampling days were on average well below 

threshold values for inhalation exposure, likely due to atmospheric dilution of emitted Hg0. 
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1. Introduction 

 

1.1 Preface 

Mercury (Hg) is well recognised for its characteristics of mobility in the environment, toxicity, 

and bioaccumulation potential mostly of its organic form, methylmercury (MeHg). In addition 

to be the only liquid metal at room temperature, a peculiarity of this element is the relatively 

high volatility and vapour pressure (0.246 Pa at 25°C) of its elemental form (Hg0) (Mason and 

Sheu, 2002; Schroeder and Munthe, 1998). Consequently, Hg0 can easily be released into the 

atmosphere from both natural and anthropogenic sources and usually represents the most 

abundant fraction (>90%) of Hg in this compartment (Beckers and Rinklebe, 2017; Poissant et 

al., 2005) where it is usually indicated as GEM (Gaseous Elemental Mercury). Furthermore, 

thanks to its low reactivity and solubility, once emitted Hg0 can persist in the atmosphere for a 

relatively long time estimated between 6 months and 2 years (Saiz-Lopez et al., 2018). 

Therefore, it can be subject to a long-range atmospheric transport before being converted into 

more soluble oxidised form (Hg2+) more subject to adsorption on particulate matter and 

removal through dry and wet depositions (Amos et al., 2012). In this way, Hg can reach and 

impact also remote ecosystems far from the emission source (Hammerschmidt and Fitzgerald, 

2006; Travnikov, 2005).  

The spatial redistribution of Hg in the environment is further enhanced by the possible re-

emission into the atmosphere after reduction to Hg0 (Agnan et al., 2016). This prolongs its 

recycling in the environment before being sequestered through burial in deep-sea sediments, 

an extremely slow process (Selin, 2009). As a result, Hg has been recognised as a global 

contaminant, identified as one of the 10 chemicals of major public health concern by the World 

Health Organisation (WHO, 2020). Taking into consideration also the detrimental effects on 

ecosystems and biota and human health, mainly on the nervous system (Díez, 2009), the 

problem of Hg pollution has received a growing attention on a global scale which, especially 

in more recent years, has led to the emergence of several programs aimed at limiting its use 

and release into the environment (Pirrone et al., 2010). These efforts culminated in the 

Minamata Convention in October 2013, which was signed by 139 countries and entered into 

force in 2017 after the ratification by 50 nations. The main goal of this Convention is to protect 

human health and the environment from negative effects resulting from the use and dispersion 

of Hg through the adoption of policies to reduce its uses and emissions, while constantly 

monitoring the effectiveness of the approaches taken (Selin et al., 2018).  
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For the implementation of the Convention the parties must take actions to develop and improve 

methods for enforcing the knowledge and monitoring Hg emissions from all relevant sources 

and its dispersion in the environment, relating it to ecological and ecotoxicological effects 

(Bank et al., 2014; Cabassi et al., 2022; Selin et al., 2018). Due to the chemical inertness of 

Hg0 once released in the atmosphere, all potential sources represent a concern (Custodio et al., 

2020). According to recent model estimates, primary anthropogenic emissions of Hg related to 

several mining and industrial activities (UN Environment, 2019) currently accounts for roughly 

only one third of the global amount of Hg0 annually released to the atmosphere. The remaining 

fraction is attributable to secondary emissions from natural surfaces of soils and waterbodies 

of Hg previously mobilised from lithospheric reservoirs by human activities (Driscoll et al., 

2013).  

A source of Hg0 into the atmosphere frequently omitted by global inventories is represented by 

the releases from natural soil or water surfaces of contaminated sites. This is mainly related to 

a lack of direct measurements of this phenomenon in these sites, resulting in large uncertainties 

in the estimates of their contribution to global atmospheric Hg pool which is based on only a 

limited number of site-specific studies (Kocman et al., 2013; Osterwalder et al., 2019). 

However, this contribution is considered to account only for a small percentage of global Hg0 

emissions due to the limited spatial extension of these sites (Agnan et al., 2016; Kocman et al., 

2013).  

Risk assessment in Hg-contaminated sites is more frequently focused on the evaluation of 

methylation and bioaccumulation in situ or in downstream environments rather than on 

estimating the volatilisation of Hg0 to the atmosphere (Eckley et al., 2020). Gaseous exchanges 

at the surface-atmosphere interfaces should be carefully considered at these sites as they can 

represent a long-term source of Hg for the local atmosphere (Gustin et al., 2003) even years 

after the phase out of the main contamination source (Eckley et al., 2015; Nacht et al., 2004). 

In this way, Hg0 emissions can deeply influence the local atmospheric Hg concentrations 

(Eckley et al., 2013), sometimes resulting in values above the chronic inhalation criteria level 

(e.g. 300 ng m-3 established by the United States Environmental Protection Agency (U.S. EPA) 

or 1000 ng m-3 indicated by the WHO) (Acquavita et al., 2017; Fornasaro et al., 2022; Robins 

et al., 2012; Wang et al., 2019). These high atmospheric Hg levels are typically restricted to 

few hundred of meters around the emission area and are associated with the presence of former 

facilities or dumped Hg-contaminated materials (Esbri et al., 2020; Kocman et al., 2011; 

Vaselli et al., 2013). On the other hand, mostly in aquatic environments the evasion of Hg0 at 
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the water-air interface can contribute to reduce the amount of Hg2+ in the water column 

available for methylation (Cossa et al., 2022; Feng et al., 2008; Horvat et al., 2003).  

Generally, Hg0 emissions from natural surfaces are ≤ 1 ng m-2 h-1 and can be overcome by 

atmospheric depositions, mostly in forested areas (Eckley et al., 2021), whereas in 

contaminated sites these releases can reach values up to thousands of ng m-2 h-1 (Agnan et al., 

2016). These sites include, among others, areas near: 

 former Hg mines (Conaway et al., 2003; Fantozzi et al., 2013a; Gustin et al., 2003; 

Kotnik et al., 2005; Wang et al., 2005); 

 gold and silver mines were Hg was used for amalgamation or is present in the ore body 

(Dalziel and Tordon, 2014; García-Sánchez et al., 2006; Gustin et al., 2003; Miller et 

al., 2011); 

 industrial facilities where Hg was used as a catalyst in the industrial process such as 

chlor-alkali plants (Bagnato et al., 2013; Huremović et al., 2017; Olofsson et al., 2005) 

or polymers (e.g. acetaldehyde, vinyl acetate, vinyl chloride) production (Marumoto 

and Imai, 2015; Osterwalder et al., 2019; Zhu et al., 2018)  

 chemical factories for the production of Hg-containing products such as fungicides (Fu 

et al., 2012); 

 metal smelters (Eckley et al., 2015);  

 coal-fired power plants that emitted significant amounts of Hg in the atmosphere as a 

by-product and largely contaminated the surrounding areas (Eckley et al., 2013; Li et 

al., 2018).  

 

Mercury concentration in the substrate is widely recognised as the primary driver of Hg0 

emission from natural terrestrial and aquatic surfaces of contaminated areas (Agnan et al., 

2016; Conaway et al., 2003; Marumoto and Imai, 2015). This phenomenon can be influenced 

also by the Hg speciation in the substrate, which affects its availability for the conversion to 

Hg0 and subsequent evasion (Gustin et al., 2002; O’Driscoll et al., 2018). Moreover, similarly 

as in pristine areas, Hg0 fluxes depend on environmental parameters that naturally influence 

both the abiotic (photochemical) and biotic reduction of Hg2+ to Hg0 and the gaseous exchanges 

at the interface with the atmosphere (Miller et al., 2011; Poissant et al., 2000). These factors 

include incident solar radiation (Fantozzi et al., 2013b; García-Sánchez et al., 2006), 

temperature (Chen et al., 2020; Kyllönen et al., 2012), organic matter concentration and 

speciation (Soerensen et al., 2013; Yuan et al., 2019b), wind speeds (Feng et al., 2004; Polyzou 
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et al., 2019), precipitation (Feng et al., 2008; MacSween and Edwards, 2021), water turbulence 

and currents (Sharif et al., 2013), surface shading e.g. by vegetation (Cizdziel et al., 2019; Tao 

et al., 2017). 

The evaluation of Hg0 exchanges between the atmosphere and natural surfaces in contaminated 

sites is therefore a key aspect in fully understanding the fate of Hg released into the 

environment as a result of anthropogenic activities and its potential impact on target ecosystems 

and human health. The aim of this research was therefore to investigate through direct in situ 

measurements the magnitude, dynamics and main drivers of atmospheric release of Hg in 

gaseous form from various environmental compartments (soils and waterbodies) in the Friuli 

Venezia Giulia region (North-eastern Italy). Mostly in its south-eastern part, this region has 

been subject to a widespread Hg contamination due to past anthropogenic releases of this metal 

related to two main sources (Fig. 1): the historic cinnabar (α-HgS) mining at the Idrija Hg mine 

(Slovenia) active for ~500 years until its closure in 1995 (Acquavita et al., 2022; Covelli et al., 

2012) and, to a lesser extent, the wastewater discharges from a chlor-alkali plant (CAP) in 

Torviscosa (Italy) between 1949 and 1984 (Covelli et al., 2009; Piani et al., 2005). 

 

 

Figure 1: study area and location of selected sampling sites in coastal marine environments (VN: Val Noghera, 

PR: Bay of Piran), freshwater environments (SK: Solkan Reservoir, TR: Torviscosa Dockyard, CV: Cavazzo 

Lake), and terrestrial environments (SVI and SAV: Savogna d’Isonzo, SAG: Sagrado, TUR: Turriaco, SCZ: San 

Canzian d’Isonzo, FOS: Fossalon di Grado). 
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1.2 Study area and selection of sampling sites 

The Idrija mining district is located in western Slovenia, about 60 km from the capital 

Ljubljana, in the narrow valley of the Idrijca River and its confluent Nikova River. Idrija was 

one of the most important Hg mining centres worldwide, second only to that of Almadén 

(Spain). During the mining period, around 5 million tonnes of rock were excavated from which 

through the roasting process approximately 105,000 t of metallic Hg were obtained. However, 

an estimated total amount of ~37,000 t of this metal was dispersed into the local environment 

during mining operations (Gosar et al., 1997; Gosar and Teršič, 2012; Mlakar, 1974).  

The 1500 m long, 300-600 m wide and 450 m deep deposit formed in the Middle Triassic was 

exploited through more than 700 km of mining galleries, extending also below the town of 

Idrija. According to what reported by Kotnik et al. (2005), mining activity in the district began 

around 1490 with the excavation of carboniferous schists containing elemental Hg. This 

activity was replaced by smelting in simple earthen vessel at various locations after the 

discovery of α-HgS ore in 1508. The first “industrial” smelting plant was built in 1652 on the 

left bank of the Idrijca River and was characterised by a recovery of ~65%; it is estimated that 

during its activity around 13,000 t of Hg were lost into the environment, mostly to the 

atmosphere or through direct discharge of smelting residues into the river. Starting from 1868, 

with the construction of new smelting plants on the right bank of the river which remained 

active until the end of the Second World War, the recovery further improved (75%). This 

coincided with the most productive period of the mine, with a peak in 1913 (Mlakar, 1974). 

However, during this period ~20,000 tons of Hg were lost into the atmosphere and dispersed 

into surrounding soils (Dizdarevič, 2001), sank into the ground, or dumped as a by-product on 

riverbanks. After 1963, new modern rotatory furnaces were built and the recovery increased to 

92%: this coincided with the period when worldwide Hg consumption and price peaked. 

Ecological catastrophes related to Hg releases in Japan (Kudo and Miyahara, 1991) and in Iraq 

(Bakir et al., 1973) drew attention on the hazards related to Hg use and its price dropped 

dramatically, leading to a crisis of the mine which permanently ceased operations in 1995 

(Kotnik et al., 2005).  

Releases related to mining and smelting caused a relevant contamination of all environmental 

compartments in the surroundings of Idrija. Indeed, Hg concentration in soils and sediments of 

the mining district can reach values up to thousands of mg kg-1, progressively decreasing 

downstream the mining area (Gosar and Teršič, 2012 and reference therein). Contaminated 
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soils still represent a source of Hg0 for the atmosphere together with mine ventilation shafts, 

mineralised rock dump sites and outcrops of ore deposit (Grönlund et al., 2005; Kocman et al., 

2011; Kotnik et al., 2005). Moreover, particularly during heavy rain events, dumped residues 

and polluted soils and sediments represent a source of Hg for the Idrijca River due to erosion 

and leaching of Hg-enriched material. Mercury is then transported downstream by the current, 

mainly in particulate form, a process still active nowadays due to the high amount of this 

element still stored in local soils and sediments (Baptista-Salazar et al., 2017; Gosar and Teršič, 

2012; Žibret and Gosar, 2006).  

At Most na Soči, the Idrijca River flows into the Isonzo/Soča River, which runs for 

approximately 135 km from the Julian Alps in Slovenia to the Northern Adriatic Sea (near 

Monfalcone, Italy) and represents the main freshwater input for this marine area (Pavoni et al., 

2020). After the confluence with the Idrijca River, Hg-enriched material is so transported to 

the Isonzo/Soča River mouth, where relatively high Hg concentrations in water are usually 

observed mostly during river plumes (Covelli et al., 2007, 2006). Even 25 years after the mine 

closure, after rain events the Isonzo/Soča River still carries relevant amounts of Hg-enriched 

material to downstream environments (Baptista-Salazar et al., 2017; Pavoni et al., 2021).  

 

As a result of past and present high Hg loadings, bottom sediments of the most northern part 

of the Adriatic Sea, the Gulf of Trieste, are characterised by high Hg concentrations (up to ~30 

mg kg-1) particularly near the mouth of the Isonzo/Soča River (Covelli et al., 2001). As a result, 

this coastal marine area is considered one of the most impacted by Hg over the Mediterranean 

Sea (Kotnik et al., 2017) and worldwide (Fitzgerald et al., 2007).  

Moreover, historical flooding events caused the dispersion of Hg contaminated material in the 

soils forming the alluvial plain of the Isonzo/Soča River (Acquavita et al., 2022) This plain 

represents the easternmost edge of the Friulian plain and is formed by alluvial megafans of 

sediments transported by local rivers (Cellina, Meduna, Tagliamento, Corno, Cormor, Torre, 

Natisone, Isonzo) during the last glacial maximum (Fontana et al., 2008). It is divided into two 

main geomorphological sectors (High and Low plain) by an east-west oriented Resurgence Belt 

(Cucchi et al., 2008; Treu et al., 2017). The widespread Hg contamination of this plain is 

confirmed by relatively high total Hg concentrations (up to 76 mg kg-1) observed throughout 

the Isonzo River plain both in surface and deep soils, progressively decreasing as distance from 

the river increases (Acquavita et al., 2022; Piani et al., 2013).  

Due to the prevalently anticlockwise water circulation of the Gulf of Trieste, Hg arriving at the 

Isonzo/Soča River mouth is deviated in south-west direction (Covelli et al., 2007). In this way 
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it can reach the Marano and Grado Lagoon, a shallow semi-enclosed environment extending 

on an area of ~160 km2 between the mouths of Isonzo/Soča River and Tagliamento River and 

connected to the open sea by six tidal inlets (from west to east: Lignano, S. Andrea, Porto Buso, 

Morgo, Grado, Primero) (Ferrarin et al., 2010). Mercury enters the lagoon mainly through the 

eastern tidal inlets of Primero and Grado (Turritto et al., 2018) and is then removed through 

sedimentation, resulting in a decreasing trend of Hg concentration in surface sediments from 

east (14.4 mg kg-1) to west (0.7 mg kg-1) (Acquavita et al., 2012). The Hg contamination in this 

environment is particularly concerning given its high naturalistic value as transition habitat and 

nesting area for several bird species, evidenced by its designation as Special Protection Area 

(“Birds Directive”, 2009/147/EC) and as Site of Community Importance (SCI - IT3320037; 

“Habitat Directive”, 92/43/EEC) (Petranich et al., 2018b). Moreover, Hg contamination 

represents a concern also for the traditional economic activities still carried out within the 

Lagoon such as clam harvesting or aquaculture in confined fish farms (Acquavita et al., 2015; 

2018). 

 

The second main Hg source in the study area, the Torviscosa CAP, is located in the Low 

Friulian plain approximately 9 km north of the Marano and Grado Lagoon inside the industrial 

complex of Consorzio Industriale Aussa-Corno. In this plant, metallic Hg was used as the 

cathode in the electrolytic cells for the production of chlorine and caustic soda (NaOH) through 

the process first described by Castner and Kellner in 1892 (Lakshmanan and Murugesan, 2014). 

In this type of cell, Hg at the cathode forms an amalgam with sodium obtained from a brine 

saturated in NaCl. The amalgam then reacts with water in a “denuder” to form NaOH without 

consuming Hg. However, losses of this metal can occur during the process through emissions 

to air and water or its presence in products and wastes (Brinkmann et al., 2014). The annual 

production of the Torviscosa CAP initially stood at 4500 t (1950) but grew rapidly to 20,000 t 

in 1960. It was estimated that during this period about 20 kg day-1 of Hg were discharged in 

the local Banduzzi channel which connects the plant to the Aussa River, a resurgence river 

tributary of the Marano and Grado Lagoon in its inner central part. These releases decreased 

starting from 1970 (6-7 kg day-1) until the installation of a modern wastewater treatment system 

in 1984, which likely stopped the direct discharge of this metal to the river. However, an overall 

estimated amount of 186 t of Hg has been lost in the environment during plant operations 

(Mattassi et al., 1991). Besides, emissions to air continued until the dismission of Hg cells in 

2008: for example, between 2005 and 2007 Hg emissions to air were estimated between 50 and 

100 kg y-1 (Acquavita et al., 2017).  
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As a result of the releases related to industrial activity, extremely high Hg concentrations (up 

to 1000 mg kg-1) are reported for the sediments of the Banduzzi channel (Biasiol, 2015). Hg 

contamination due to the CAP can be detected also in water and sediments of downstream 

environments (Covelli et al., 2009) as far as the Marano and Grado Lagoon, although the 

influence of this contamination source is likely restricted to the area near the mouth of the 

Aussa River. This can be evidenced by the greater abundance of mobile forms of Hg in the 

sediments of this area compared to the predominance of non-mobile α-HgS of mining origin 

found in the easternmost part of the lagoon (Piani et al., 2005). Moreover, some areas of the 

dismissed CAP such as ex-cell house and distiller still represent a source of Hg0 for the local 

atmosphere in function of meteorological conditions, resulting in high Hg0 concentration in air 

(up to > 5000 ng m-3) and in lichens collected nearby the plant area (Acquavita et al., 2017).  

Considering the high concentrations of Hg and other contaminants (e.g. PTEs, dioxins, PAHs; 

Ramieri et al., 2011) found in the surroundings of the CAP in soils, sediments, and 

groundwaters, the area was defined as a contaminated Site of National Interest (SIN n. 25 

“Caffaro di Torviscosa”) following the Italian Ministerial Decree 468/2001. The SIN originally 

included also the Marano and Grado Lagoon, but was later re-perimeterised through the Italian 

Ministerial Decree 222/M of 12/12/2012 on an area of 201 ha within the Torviscosa industrial 

complex (Ministero dell’Ambiente e della Sicurezza Energetica, 2022). 

 

1.3 Study aims 

Even though Hg contamination of soils, sediments, and waters of the Friuli Venezia Giulia 

Region has been studied in depth, little is known about the secondary Hg0 emissions to the 

atmosphere from these contaminated surfaces. Existing data are mainly focused on atmospheric 

Hg0 concentrations around anthropogenic point sources such as the Torviscosa CAP 

(Acquavita et al., 2017) or a waste incinerator plant in the western part of the Region (Fortuna 

et al., 2019; Tretiach et al., 2011), whereas direct measures of Hg0 fluxes from natural water 

surfaces have been performed during only the diurnal period in some coastal marine 

environments of the Marano and Grado Lagoon and the Gulf of Trieste (Floreani et al., 2019).  

 

To deepen the knowledge on Hg0 evasion magnitude and dynamics in this highly contaminated 

coastal marine area, two sites monitored in the above cited study were selected for monitoring 

the Hg0 fluxes at water-air interface during the entire day-night period. The aim of this part of 

the research was to investigate the variability of the phenomenon under different solar 

irradiation condition and likely different photo-induced formation of volatile Hg. Research 
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activity was focused on two environments characterised by different Hg contamination degree 

and hydrodynamic conditions, a fish farm of the Marano and Grado Lagoon (Val Noghera, 

VN), and the Bay of Piran (PR), in Slovenia. These sites were selected in order to evaluate the 

possible effect of both these parameters on Hg0 fluxes. The Val Noghera fish farm is a confined 

area located in the south-eastern part of the lagoon. This ecosystem has limited water 

recirculation and exchanges with the open environment and can retain relatively high amounts 

of Hg in sediments. Moreover, this fish farm has been deeply studied previously for the 

evaluation of Hg and nutrient cycle at the sediment-water interface. Due to the surplus of 

organic matter (OM) and the frequent occurrence of hypoxic or anoxic conditions, some parts 

of the fish farm have been recognised as potential sites for Hg methylation (Petranich et al., 

2018a, b). Conversely, the PR site is located in an open dynamic marine coastal environment 

in the southern part of the Gulf of Trieste, less subject to Hg supplies from the Isonzo River.  

At both sites, measurements were conducted in summer, autumn, and spring in order to study 

the dynamics of Hg0 fluxes in different periods of the year. No measurements were conducted 

in winter as existing data indicate that Hg0 evasion in this season is relatively limited. Hg0 

fluxes were evaluated by means of a manually operated flux chamber coupled with a real-time 

Hg0 analyser (Lumex RA-915M) at regular time intervals of 2 h. In parallel, the concentrations 

of the volatile fraction of Hg in surface water layer, operationally defined as DGM (Dissolved 

Gaseous Mercury), were determined together with monitoring the main meteorological and 

water physico-chemical parameters, in order to identify the main factors influencing gaseous 

exchanges of Hg0 at the water-air interface.  

 

A second part of the research was focused on the investigation of the effect of different past 

Hg supplies on present day Hg0 evasion in freshwater environments subject to Hg 

contamination from different sources, namely Hg mining at Idrija and the chlor-alkali industry 

at Torviscosa.  

To study the effect of Hg contamination from mining, measurements were conducted at the 

Solkan Reservoir (SK) in Slovenia along the Isonzo River. This reservoir is delimitated by a 

hydroelectric dam built between 1981 and 1984, which actively regulates the water current 

along the reservoir and can favour the accumulation of Hg transported by the river mostly in 

particulate form in the sediments of the basin (Hines et al., 2006).  

The effect of past industrial Hg contamination on Hg0 fluxes at water-air interface was assessed 

at the dockyard inside the Torviscosa chemical industrial pool, connected to Banduzzi channel, 

where the past discharges of the CAP occurred, and to the Aussa River by a shippable channel. 
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Despite being characterised by a relatively low hydrodynamism, this waterbody is affected by 

the saltwater intrusion in bottom water layer due to the “saltwedge” occurring from the Marano 

and Grado Lagoon into the Aussa River (Covelli et al., 2009). Moreover, the dockyard receives 

the present discharges of surrounding irrigation ditches, industrial wastewaters, and cooling 

waters of the local thermoelectric power plant (Regione Autonoma Friuli Venezia Giulia, 

2012).  

Fluxes of Hg0 were measured also in a pristine environment with no known anthropogenic Hg 

sources, the Cavazzo Lake (CV, Italy), in order to evaluate Hg0 exchanges in an area not subject 

to Hg contamination and to understand if the phenomenon is influenced by the same 

environmental factors. The Cavazzo Lake is located about 40 km northwest of the city of Udine 

in the Carnian Alps at 195 m a.s.l. and was formed during the last glacial maximum in a 

paleochannel of Tagliamento River dammed by end-moraine deposits (Marinelli, 1894; 

Venturini and Discenza, 2010). Natural freshwater inputs to the lake are represented by several 

seasonally active streams. In the 1950s the construction of the Somplago hydroelectric power 

plant on its northern shore has led to the connection of the lake with the feed basins upstream 

of the power plant and a consequent considerable increase in sediment inputs to the lake 

(Polonia et al., 2021).  

Measurements of Hg0 fluxes at water-air interface in these freshwater environments were 

performed during the diurnal period at regular time intervals of ~1 h using the same 

experimental approach adopted for coastal marine sites in the same seasons (summer, autumn, 

spring) and monitoring the same environmental parameters. 

 

The last part of the research was focused on assessing Hg0 exchanges at the soil-air interface 

in selected sites along the alluvial plain of Isonzo River, for which no information exists about 

potential releases of Hg0 to the atmosphere from soil surfaces (Acquavita et al., 2022). Six sites 

characterised by a different degree of soil Hg contamination according to the recent 

characterisation performed by Acquavita et al. (2022) were selected in the municipalities of 

(from north to south) Savogna d’Isonzo (SAV and SVI), Sagrado (SAG), Turriaco (TUR), San 

Canzian d’Isonzo (SCZ) and Grado (FOS) both in the High (SAV, SVI, SAG) and Low plain 

(TUR, SCZ, FOS).  

Measurements of Hg0 fluxes were performed during diurnal period by means of a non-steady 

state flux chamber coupled with the same gaseous Hg analyser in order to take several 

replicated measures of fluxes from different soil plots in a short time interval and take into 

account the expected high variability of emissions even at small spatial scale (Rinklebe et al., 
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2009). At each site, Hg0 fluxes were evaluated in permanent meadows both from soil plots 

characterised by the native grass vegetation cover and plots where vegetation was previously 

removed. The aim of this distinction was to assess the influence of shading caused by the 

presence of vegetation on the Hg0 evasion with respect to bare soils. The latter situation 

frequently occurs along the contaminated plain due to agricultural activities present over a large 

part of the area.  

As no data were available about Hg0 secondary emissions from these contaminated soils, to 

verify the temporal variability of the phenomenon measurement were conducted in summer, 

autumn, and winter. No measurements were performed in spring as both vegetation 

development and weather conditions in this season are similar to those encountered in autumn 

and consequently no significant differences in terms of fluxes are expected between these two 

periods.  

In order to identify the main factors influencing Hg0 fluxes in these terrestrial environments, 

the main meteorological parameters (UV radiation, air temperature) and soil temperature were 

monitored in field during all sampling period. At the end of each day, topsoil samples from the 

surficial layer most involved in gaseous exchanges with atmosphere (0-2 cm; Sigler and Lee, 

2006) were collected for a simple soil characterisation (grain-size, pH, OM concentration) in 

order to assess the possible influence of soil physical characteristics on Hg0 fluxes. Moreover, 

total Hg concentrations were also determined together with Hg speciation through thermo-

desorption technique (Petranich et al., 2022) with the aim of assessing the influence of Hg 

contamination on the magnitude of Hg0 fluxes and the possible influence of the occurrence of 

different Hg forms in the substrate. 

More details about the environmental settings of all study areas are given in the Results section. 

  

The expected results of this research project would give further information about the fate of 

Hg in these contaminated environments and the potential influence of past Hg contamination 

on present day Hg0 fluxes and their effect on local atmosphere. Moreover, information obtained 

in this research would be useful to assess the importance of Hg0 evasion in reducing the burden 

of Hg available in the substrate for transformations such as methylation, particularly in aquatic 

environments.  

The identification of the most important factors influencing Hg0 exchanges with the 

atmosphere would also be useful to evaluate the best mitigation strategies for Hg contamination 

in the studied environments. Finally, experimental field activity will provide indications about 

the effectiveness of the adopted experimental approaches for the assessment of Hg0 evasion at 



18 
 

the substrate-atmosphere interface in Hg-contaminated sites. This aspect should be carefully 

evaluated in the risk assessment procedure at these sites in order to completely assess the 

potential exposure of local inhabitants or workers to Hg0 through inhalation after its 

volatilisation from the substrate. 

 

1.4 Mercury in the environment 
Mercury (Hg) occurs naturally in all environmental compartments in, at least, relatively low 

amounts, with an estimated average concentration in the Earth’s crust of 0.05 mg kg-1 (Canil 

et al., 2015; Rudnick and Gao, 2003). Three different oxidation states of Hg can be 

distinguished, 0, +2, and +1, the last of which is rather unstable and rarely detected under 

environmental conditions (Ullrich et al., 2001).  

Several inorganic and organic compounds can be formed by Hg cations in the environment 

(Kubáň et al., 2007). The principal ore of Hg is cinnabar (α-HgS, Anthony et al., 2016), with a 

characteristic red colour known and used by humankind for more than 2300 years. There are 

several areas of world naturally enriched in Hg where α-HgS was extensively mined, and most 

of these are located along the so-called “mercuriferous belts” (Schroeder and Munthe, 1998; 

Selin, 2009): among these, can be mentioned the Hg mines of Almaden in Spain, the biggest 

α-HgS deposit worldwide (Higueras et al., 2013), Idrija in Slovenia (Gosar et al., 1997), Monte 

Amiata in Italy (Rimondi et al., 2012), New Idria and New Almaden in United States (Gustin 

et al., 2003), and Wanshan in China (Feng and Qiu, 2008). Moreover, divalent Hg (Hg2+) can 

form inorganic complexes with various ligands, forming a wide range of inorganic compounds 

in water, soils, and sediments (e.g. HgCl2, Hg(OH)2, HgO, HgSO4, …) (Terzano et al., 2010).  

The organic compounds of Hg can be grouped in two categories: alkylmercurial compounds 

(including methylmercury, CH3Hg+ or MeHg, and ethylmercury, C2H5Hg+) and arylmercurial 

compounds (e.g. phenylmercury, C6H5Hg+). Among them, the most interesting from the 

environmental point of view is undoubtedly MeHg, easily bioaccumulated through the trophic 

webs due to its high liposolubility and slow excretion (Kidd et al., 2012) and which can cause 

significant toxic effects mostly on the nervous system of higher organisms (Fitzgerald and 

Clarkson, 1991).  

Generally, the oxidised form Hg2+ in different chemical compounds represents the dominant 

form of this metal in terrestrial and aquatic environments, whereas the elemental form (Hg0) is 

the dominant Hg specie in the atmosphere thanks to its high volatility and stability in gaseous 

form (Beckers and Rinklebe, 2017).  
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Anthropogenic activities have contributed to significantly increase the amounts of Hg 

mobilised to aquatic and terrestrial ecosystems (Driscoll et al., 2013).  It has been estimated 

that human activities have released a total of about 1540 Gg of Hg into the environment, 73% 

of which after 1850 which is considered as the beginning of the industrial era. Moreover, direct 

discharges into soils and waterbodies represented a relevant part of anthropogenic releases of 

Hg in the environment, equal to about 2.3 times the amount emitted into the atmosphere (Streets 

et al., 2017).  

Extending the attention over the last 500 years, Hg emissions in the environment have been 

dominated by those related to Hg mining and production, which however progressively 

declined during the last century, and to its use for the extraction of precious metals through the 

amalgamation technique (Outridge et al., 2018; Streets et al., 2019a). The intentional use of Hg 

in artisanal small-scale gold mining (ASGM) still nowadays represents the most relevant Hg 

emission source, estimated to account for the 37% of all Hg emitted in the atmosphere on a 

global level (Sundseth et al., 2017). Other than ASGM, today the main Hg emission source for 

the atmosphere is represented by the combustion of fossil fuels (especially coal) for heating 

and power generation due to its presence as an impurity in the fuel.  

Currently, the major part of Hg emissions occurs in Asia (49%) followed by South-America 

and Sub-Saharan Africa (UN Environment, 2019), showing an increasing trend in 

industrialising country mainly as a result of fossil fuels combustion for energy production and 

industrial metal extraction, whereas emissions from Europe and North America are declining 

due to the progressive phase out of commercial use of Hg (Streets et al., 2019b) (Fig. 2). 
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Figure 2:estimated global anthropogenic emissions and gaseous Hg atmospheric concentrations for 2010 and 

corresponding simulated trend between 2010 and 2015 estimates (Streets et al., 2019b). 

Other processes that can cause the release of Hg in the atmosphere as a by-product of industrial 

activity are the production of cement, steel, and non-ferrous metals, biomass burning, and oil 

refining (Pacyna et al., 2010). Moreover, in the past Hg was largely intentionally used as 

catalyst in industrial processes such as chlor-alkali industry or vinyl-chloride monomer 

production, potentially leading to the release of relevant amounts of this metal in the 

surrounding environments (Acquavita et al., 2017; Huremović et al., 2017). In less advanced 

countries, Hg is still used in dental applications (amalgams), with possible releases into the 

environment following the cremation, and within batteries, measuring instruments 

(thermometers, barometers, manometers), lamps, pesticides, fungicides, laboratory reagents, 

drugs, cosmetics, and paints. The uncontrolled use of these products and the disposal and 

incineration of wastes containing Hg represent other sources of this metal for the environment 

(Fortuna et al., 2019; Horowitz et al., 2014; Meng et al., 2020; Pacyna et al., 2010; UN 

Environment, 2019).  

 

1.4.1 Mercury toxicity 

Hg has no known biological functions and the exposure to this metal in its various form, 

prevalently to the organic ones, can induce toxic effects on all organisms and their ecosystem 

processes (Gochfeld, 2003; Raj and Maiti, 2019).  
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At cellular level, Hg can cause changes in membranes permeability interfering with the 

transport of ions, alteration in macromolecules structure, interferences with functions of 

enzymes or polynucleotides, mitochondrial dysfunction and induction of generation of reactive 

oxygen species leading to increased oxidative stress (Rice et al., 2014; Schumacher and Abbott, 

2017).  

High Hg concentrations reduce soil fertility (Alloway, 2012) and are toxic for plants, resulting 

in symptoms such as reduce growth, poor root development, alteration of chlorophyll 

production and reduction of photosynthesis and respiration yields and of seeds viability and 

germination (Patra and Sharma, 2000; Raj and Maiti, 2019). Mercury is taken up by plants 

mainly under bioavailable Hg2+ forms through roots uptake and is accumulated in this organ 

thanks to its low translocation to shoots, interfering with the uptake of other nutrients such as 

potassium ion (K+) (Chen and Yang, 2012; Raj and Maiti, 2019). In sites characterised by high 

Hg loadings through atmospheric depositions such as active mining sites, the uptake of Hg by 

plants is favoured by the higher bioavailability and mobility of recently deposed Hg together 

with direct uptake from the atmosphere in aboveground biomass (Ao et al., 2017; Paterson et 

al., 2006). This leads to higher bioaccumulation of this metal in plant tissues and to a potential 

exposure of population feeding on affected crops, as reported for some rice cultivations near 

mining sites in China (Ao et al., 2020, 2017; Qiu et al., 2013).  

In higher organisms, Hg (mostly MeHg) is taken up mainly through the diet (biomagnification) 

and tends to accumulate mainly in muscle tissue, with gradually increasing concentration along 

the levels of the trophic web reaching, in apex predators, concentrations several orders of 

magnitude higher than those found in the environment (Morel et al., 1998). Organisms of 

higher trophic levels such as human beings are consequently more subject to negative effects 

of MeHg (Priyadarshanee et al., 2022).  

The health of several wildlife species with key function in natural ecosystem can be 

significantly affected by MeHg exposure, representing a serious environmental concern 

(Driscoll et al., 2013). MeHg exposure of fish can compromise reproduction and embryonic 

development, interfere with biochemical processes and cause damage of cells and tissues, 

mostly in top predator species (Sandheinrich and Wiener, 2011). Moreover, high MeHg 

concentrations have been frequently reported also for piscivorous birds and mammals, resulting 

in hormonal changes, impairment of motor skills, decreases in reproduction and various 

neurotoxic and genotoxic outcomes (Driscoll et al., 2013; Wolfe et al., 1998).  

For humans, dietary intake of MeHg is also the main exposure pathway to Hg, particularly for 

those populations that eat predominantly fish (Rice et al., 2014). The high MeHg accumulation 
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in fish as a result of high anthropogenic industrial discharges is for example the cause of the 

Hg poisoning of people which ingested contaminated fish occurred at Minamata (Japan) in 

1956, which first highlighted the dangers of exposure to MeHg (Ekino et al., 2007; Harada, 

1995).  

Another exposure pathway is by inhalation, but it is generally restricted to workers employed 

in all those activities that involve the direct use of Hg or its release to the atmosphere as a by-

product of work processes (Rice et al., 2014): for example, workers employed in ASGM are 

particularly subject to relevant Hg exposure (Gyamfi et al., 2020). However, the risk related to 

Hg inhalation should be carefully evaluated also for populations living nearby former Hg 

mining sites or factories were Hg was used as catalyst due to persistent high Hg concentrations 

in the atmosphere even after the closure of contamination source, if appropriate remediation 

action has not been taken (Esbrí et al., 2015; Fantozzi et al., 2021; McLagan et al., 2019). In 

this case, highest atmospheric Hg levels are usually recorded within narrow distances from the 

emission sources and periods of higher risk are those associated with low atmospheric dilution 

of emitted Hg0, e.g. in absence of dilution due to scarce wind (Esbri et al., 2020). 

The adverse effects of Hg on human health vary depending on its speciation (Fig. 3), the extent 

of exposure (intensity, frequency, and duration) and the age at which it occurs. These effects 

can be summarised as follows (Kim et al., 2016 and references therein): 

 neurological effects: memory loss, mood changes, depression, irritation, and extremes 

of anger. These effects can occur at relatively low levels of exposure and have been 

recorded at urinary Hg2+ contents of less than 4 μg L-1 (Echeverria et al., 1998). 

Exposure to Hg could be linked to the occurrence of serious diseases such as 

Alzheimer’s disease, erectism, dementia, Parkinson’s disease, schizophrenia, and 

bipolar disorders. Finally, there is the suspicion that high MeHg levels in the fetus may 

damage the development of the nervous system, causing delays and difficulties in 

learning and thinking; 

 kidney and liver damage: Hg is not entirely retained by the body and is partly 

eliminated. The organs involved in the elimination process are different depending on 

the Hg specie responsible of the exposure: in case of intoxication with inorganic forms 

of Hg, the removal occurs through the kidneys and can be up to 80% of the total amount 

absorbed, whereas organic Hg forms are removed by the liver and hardly exceeds 10%. 

However, high levels of exposure are required to cause a damage of this organs 

(Bernhoft, 2012; Zahir et al., 2005); 
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 cardiovascular effects: exposure to Hg can cause accelerated heart rate, irregular pulse, 

chest pain and palpitations. Exposure to MeHg through frequent fish consumption is of 

particular interest because it has been shown to be associated with the development of 

atherosclerosis and increased risk of cardiovascular diseases (Yoshizawa et al., 2002); 

 effects on reproduction: Hg is capable of largely affecting reproductive functions in 

both men and women, causing reduced fertility and difficult in conception, 

miscarriages, reduction in the number and mobility of spermatozoa, mostly as a result 

of chronic exposure. Hg can also be transferred to the fetus through the placenta; 

 genetic and epigenetic effects: exposure to both MeHg and Hg2+ might be associated 

with altered DNA methylation, interfering with transcription and protein synthesis 

(Goodrich et al., 2013). 

 

 
Figure 3: summary of Hg species distribution and transformations in human body and effects on different 

organs (Priyadarshanee et al., 2022) 

 

In order to assess the possible risks for human health related to the presence of the various Hg 

forms in the environment and to identify the best remediation actions at global, regional, and 

local levels, it is necessary to better understand the phenomena of the biogeochemical cycle of 

this element, particularly those concerning emissions to the atmosphere from natural surfaces 

of legacy contaminated sites, which potentially represent relevant secondary sources of Hg0 
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available for long-range transport (Gustin et al., 2003; Kocman et al., 2017; Osterwalder et al., 

2019). 

 

1.4.2 Mercury biogeochemical cycle in the environment 

Mercury is subject to a complex natural biogeochemical cycle which involves every 

environmental compartment (Fig. 4). 

 

 

Figure 4: schematic representation of Hg biogeochemical cycle in the environment (Subir et al., 2011). 

This biogeochemical cycle “begins” with the mobilization of Hg stored in deep lithospheric 

reservoirs mostly through volcanic and geothermal activity or emissions from naturally 

enriched areas as Hg0 (Pirrone et al., 2010). Once emitted, Hg0 enters in the global atmospheric 

pool and thanks to its volatility and stability in this compartment can be transported globally 

before being oxidised to Hg2+, more soluble and subject to adsorption on particles or cloud and 

fog droplets and scavenging through dry and wet depositions (Amos et al., 2012; Ariya et al., 

2015; Gustin et al., 2020; Lyman et al., 2020). Consequently, the atmosphere represents the 

main re-distribution pathway for Hg on global scale. By far the most abundant fraction of Hg 

in the atmosphere (usually ≥90% of the total) is represented by Hg0, whereas the other fractions 

are represented by Hg2+ in several compounds and by Hg adsorbed on particulate matter (Hg-

p) (Ie et al., 2022; Poissant et al., 2005; Ren et al., 2016). Hg0 represents the form under which 

Hg is emitted in the atmosphere by natural sources, whereas the occurrence of Hg2+ and Hg-p 

forms is predominantly associated with anthropogenic activities (Liu et al., 2010; Schroeder 
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and Munthe, 1998; Selin, 2009) or can result from oxidation processes of Hg0, particularly in 

presence of photochemical smog oxidants (Gabay et al., 2020).  

The oxidation of Hg0 to Hg2+ in the atmosphere and subsequent scavenging through depositions 

represent a key aspect of Hg biogeochemical cycle, but large uncertainties still persist on the 

redox chemistry of Hg in this compartment, e.g. about the predominant Hg oxidant. Several 

oxidant agents have been proposed such as ozone, bromine, chloride, hydrogen peroxide, 

hydroxyl and nitrate radicals, with bromine being the prime candidate (Lyman et al., 2020 and 

references). The role of bromine (and in general of halogens) in atmospheric Hg0 oxidation 

may be confirmed by the high depositions of Hg observed corresponding with an increase in 

bromine concentrations, for example during the Atmospheric Mercury Depletion Events 

typically observed during Arctic spring (Brooks et al., 2006; Kamp et al., 2018; Skov et al., 

2004). Moreover, Hg0 oxidation seems to be favoured in marine boundary layer due to the 

higher concentration of halogens in marine aerosol (Griggs et al., 2020; Laurier et al., 2003). 

Due to their shorter residence time in the atmosphere, in the order of days or weeks, Hg2+ and 

Hg-p emitted by anthropogenic sources exert an impact more localised near the emission source 

(O’Connor et al., 2019; Schroeder and Munthe, 1998). 

 

Once deposited on soils or waterbodies, Hg2+ can be reduced back to Hg0 and re-emitted to 

atmosphere, becoming again available for long-range transport: these deposition-reemission 

cycles (or “hopping”) contribute to further increase the spatial spreading of Hg in the 

environment, which can thus reach even remote and pristine areas (Agnan et al., 2016; Ci et 

al., 2011; Kurz et al., 2019). This atmospheric redistribution represents the predominant supply 

of Hg for remote environments (Selin, 2009). Consequently, Hg can persist and circulate within 

the atmosphere-pedosphere-hydrosphere-biosphere system for thousands of years as the 

ultimate sink for Hg, represented by burial in deep-sea sediments, occurs very slowly (Selin et 

al., 2008). This natural biogeochemical cycle of Hg has been deeply altered by the releases 

related to anthropogenic activities, which significantly increased both the amounts stored in the 

various environmental compartments and the amounts exchanged among them (Fig. 5): it has 

been estimated that present-day atmospheric deposition to natural surfaces are 3- to 5-fold 

higher than the pre-industrial levels (Mason and Sheu, 2002), and that a large component of 

these depositions (~60%) is attributable to Hg re-emitted from natural surfaces (Engstrom et 

al., 2014). 
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Figure 5: estimation of global Hg budgets in different environmental media. Percentages indicate the estimated 

increase from pre-anthropogenic levels due to human activities (Outridge et al., 2018). 

Moreover, it is estimated that natural primary Hg emissions to atmosphere (volcanoes and 

geothermal activity) account for an overall amount of 80-600 Mg yr-1 and primary 

anthropogenic releases contribute for about 1900-2900 Mg yr-1, whereas secondary emission 

from natural surfaces of previously emitted Hg contributes approximately 4520-4700 Mg yr-1 

to the global atmospheric Hg pool (Driscoll et al., 2013). A large part of these re-emissions has 

been attributed to Hg previously mobilized by anthropogenic sources, but the discrimination 

from that deriving from natural primary emission is still difficult (Bishop et al., 2020).  

Even though anthropogenic emissions are expected to decrease in the near future thanks to the 

implementation of emission control measures and phase-out of Hg use, particularly in the 

Northern Hemisphere (Horowitz et al., 2014; Lyman et al., 2020; Zhang et al., 2016), legacy 

emissions of Hg from natural surfaces would continue to affect the global Hg cycle for several 

tens to hundreds of years (Obrist et al., 2018). Moreover, the current global climate change 

could further influence the amount of Hg0 re-emitted to the atmosphere, as confirmed by the 

modest decline of Hg0 atmospheric concentration observed in the Arctic. This is likely a result 

of the reduced amount of sea-ice, which allows for greater gaseous exchanges at sea-air 

interface (Chen et al., 2015; Cole et al., 2013; DiMento et al., 2019; Kalinchuk et al., 2021). 

Additionally, increased permafrost thawing caused by global warming may cause a 
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considerable increase in the amount of Hg0 released from soil surfaces in areas affected by this 

phenomenon (Ci et al., 2018; Dastoor et al., 2022).   

 

1.4.3 Mercury in aquatic environment and water-air gaseous exchanges 

As stated above, atmospheric depositions represent the most important and in many cases 

unique source of Hg for aquatic environments, particularly in open sea areas, oceans, and 

remote lakes (Fitzgerald et al., 1998; Mason and Sheu, 2002). Conversely, supplies related to 

direct discharges from anthropogenic activities or leaching and erosion of soils are usually 

restricted to rivers and coastal areas, particularly near relevant contamination sources (Amos 

et al., 2014; Feng et al., 2019; Xue et al., 2019). However, there is a growing body of evidence 

that for freshwater environments such as lakes supplies of Hg2+ associated with dissolved 

organic matter (DOM) of terrestrial origin as a result of catchment runoff may represent a 

largely underestimated source of potentially available Hg (Branfireun et al., 2020). Globally, 

estimated atmospheric depositions of Hg range between 4200 and 6800 Mg yr-1, and about 30-

70% of these goes to the oceans (Holmes et al., 2010; Lamborg et al., 2002; Strode et al., 2007).  

The ionic form Hg2+ has a pivotal role in the aquatic biogeochemical cycle of Hg (Fig. 6) as it 

is involved in several different processes leading to the production of Hg0 through abiotic 

(photochemical) or biotic reduction and of MeHg through methylation, mainly in anoxic 

environments (Branfireun et al., 2020; Fitzgerald et al., 2007). 

 

 

Figure 6: schematic representation of the main processes of Hg biogeochemical cycle in aquatic environments 

(Orem et al., 2019). 
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In the water column Hg2+ can interact with several inorganic and organic ligands, forming 

complexes with different stabilities. Among inorganic complexes, the Hg-hydroxides 

complexes are considered the most important in freshwater environments, whereas in marine 

environments Hg-chloride complexes become the dominant form due to the high 

concentrations of chlorides (Ravichandran, 2004). However, the highest stability constant 

between Hg inorganic complexes is attributable to Hg-sulphide complexes, which are predicted 

to be the most abundant Hg2+ inorganic form in marine sediments (Fitzgerald et al., 2007; 

Ravichandran, 2004). Similarly, among organic ligands those containing sulphur can bind Hg2+ 

more strongly than oxygen containing ligands: as a result, Hg2+ preferentially coordinates with 

functional groups of DOM containing reduced sulphur (e.g. thiols), forming stronger bounds 

than with oxygen- or nitrogen-containing functional groups (Ravichandran, 2004; Xia et al., 

1999).  

Depending on concentration and structure of DOM, the adsorption of Hg by DOM deeply 

influences the availability of this metal in the water column for the uptake by microorganisms 

(Graham et al., 2013) or for reduction to Hg0 (Gu et al., 2011; Jiang et al., 2015). The formation 

of complexes between Hg2+ and various ligands can facilitate the adsorption of Hg on the 

particulate matter and its subsequent removal from the water column together with settling 

particles. This process is particularly important in coastal and freshwater settings, where 

particulate Hg represents the most abundant fraction (Fitzgerald et al., 2007; Sharif et al., 2014; 

Soerensen et al., 2010), whereas in open oceans the removal through this pathway occurs 

slower due to lower particle concentrations (Bowman et al., 2020). Moreover, the removal 

through particle scavenging is also affected by possible desorption of Hg during settling 

(Lamborg et al., 2016). Under low-oxygen conditions, Hg2+ is also easily scavenged through 

co-precipitation with iron (Fe) and manganese (Mn) oxy-hydroxides (Daye et al., 2015).  

Under anoxic conditions, Hg2+ can be converted into its organic and more toxic and 

bioaccumulable form MeHg through the transfer of a methyl group from an organic compound 

to a metal ion (Morel et al., 1998). Methylation is believed to occur both in sediments and in 

water column (Eckley and Hintelmann, 2006) mainly as a biotic process initially associated 

with sulphate-reducing and iron(III)-reducing bacteria (Compeau and Bartha, 1985; Kerin et 

al., 2006) and more recently to all microorganisms (Bacteria and Archaea) that possesses the 

hgcA or hgcB genes (Parks et al., 2013), whereas the environmental significance of abiotic 

methylation in presence of methyl donors (e.g. methylcobalamin, humic material, methyltin) 

is still unclear (Beckers and Rinklebe, 2017). The genes responsible for Hg methylation have 

been detected in all anaerobic environments, including oxygenated layers of the open ocean 
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waters (Podar et al., 2015). Moreover, all anaerobic microenvironments in oxic water layers 

such as peryphyton, roots of macrophytes and settling particles may represent a source of 

MeHg for the water column through in situ production (Bouchet et al., 2018; Starr et al., 2022; 

Xiang et al., 2021), facilitating the bioaccumulation of produced MeHg through the trophic 

web (Pestana et al., 2019).  

MeHg can also be degraded in aquatic environment through demethylation processes occurring 

either by a reductive pathway producing Hg0 and CO2 or by an oxidative pathway leading to 

the generation of Hg2+ and CO2 (Barkay et al., 2003; Du et al., 2019). Demethylation can also 

be catalysed by incident solar radiation, especially at relatively low Hg concentrations in lake 

or lagoon waters (Klapstein and O’Driscoll, 2018; Seller et al., 1996), but there are still 

uncertainties as to whether photodemethylation leads to the production of Hg0 or Hg2+ (Luo et 

al., 2020). Methylation and demethylation occur at the same time and their balance influence 

the net yield of MeHg production and its concentrations in the environment (Du et al., 2019; 

Hines et al., 2012).  

The formation and evasion of Hg0 in water can represent an important pathway to reduce the 

burden of Hg2+ available for the conversion to the organic form, contributing to limit the 

amount of Hg taken up by organisms and bioaccumulated through the trophic web (Horvat et 

al., 2003). Hg0 generally represents only a fraction (~5-50%) of total Hg in water (Kotnik et 

al., 2017; O’Driscoll et al., 2003) but accounts for almost the total amount of the volatile 

fraction of Hg in water (operationally defined dissolved gaseous mercury, DGM; Rolfhus and 

Fitzgerald, 2001). The organic volatile form of this metal, dimethylmercury (DMeHg), due to 

its low stability in environmental conditions is detected only at extremely low concentrations 

and in deep oceans near the sediments where it is produced (Black et al., 2009; Horvat et al., 

2003; Kotnik et al., 2017).  

Hg0 is formed in the water column through both abiotic (photochemical) and biotic reduction 

processes, with photoreduction largely considered the most important reaction in surface 

waters, where proceeds at faster rates than reduction by microorganisms (Lanzillotta et al., 

2002; Soerensen et al., 2010). As a result, a typical pattern of Hg0 concentrations is 

characterised by peak values during summer months and at midday, when solar irradiation is 

higher (Dill et al., 2006; Fantozzi et al., 2013b; Lanzillotta and Ferrara, 2001; Oh et al., 2011; 

Wollenberg and Peters, 2009).   

Different pathways for Hg photoreduction have been proposed (Fig. 7). The interaction Hg-

DOM plays a key role in the photoreduction of Hg2+ since DOM can absorb the energy of 

incoming solar radiation generating free electrons available to reduce Hg2+, and this process is 
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favoured by the formation of weak complexes between the metal and functional groups of 

DOM (Costa and Liss, 1999; Luo et al., 2020; Zheng and Hintelmann, 2009). This effect is 

enhanced in presence of freshly produced DOM rich in chromophore groups, e.g. fulvic-like 

soil derived DOM (Fantozzi et al., 2007; Yang et al., 2020), or by the degradation of DOM, 

increasing the pool of photoreducible Hg2+ in water (Schartup et al., 2015). 

 

 

Figure 7: summary of possible Hg2+ photoreduction pathways in aquatic environments (Luo et al., 2020). 

Ultraviolet (UV) radiation wavelengths are widely considered the most effective in promoting 

Hg photoreduction both in marine and freshwater environments (Amyot et al., 1997a; Oh et al., 

2011) due to their high energy content and the higher absorption of this wavelength range by 

Hg complexes (Lee et al., 2019; Nriagu, 1994). However, Hg2+ can be reduced to Hg0 through 

the interaction with particular fractions of DOM, e.g. humic substances, even in absence of 

light (Allard and Arsenie, 1991; Vudamala et al., 2017), even though DOM could have been 

photoactivated previously (Luo et al., 2022). On the other hand, the complexation with DOM 

can also decrease the availability of Hg2+ for photoreduction through the formation of strong 

bounds between Hg and reduced sulphur groups (Amyot et al., 2004; Gu et al., 2011) due to 

the higher energy required to break the Hg-S bound (Jeremiason et al., 2015). In a recent study, 

Wang et al. (2020) observed that the reduction of Hg2+ is inhibited at Hg/dissolved organic 

carbon (DOC) ratios above 1134 ng mg-1, due to the dispersion of the incoming solar radiation 

on more Hg-DOM bounds. Moreover, an increase in DOM concentration could also limit the 

penetration of incident solar radiation through the water column, inhibiting the photochemical 

reactions (Castelle et al., 2009; Klapstein and O’Driscoll, 2018).  
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The formation of Hg0 through biotic reduction seems to be related to detoxification pathways 

of Hg resistant bacteria (Barkay et al., 2003) through Hg reductase enzyme, but this reduction 

capacity has been observed also for microorganisms that do not possess the necessary gene 

(merA) to generate this enzyme, such as cyanobacteria (Kuss et al., 2015). Both prokaryotic 

and eukaryotic microorganisms have been proven to catalysed Hg2+ reduction (Mason et al., 

1995), but in the latter case it is still not clear if the reduction occurs inside the cell or due to 

the excretion of reducing exudates (Liang et al., 2022). Moreover, biotic reduction may 

represent an important pathway for Hg0 production in deep water layers and sediments, where 

UV radiation cannot penetrate (Fantozzi et al., 2009; Lepak et al., 2021). 

The Hg0 produced in deep water layers can then be transferred to surface water thanks to 

diffusion or advection related to water column mixing and upwelling induced by wind (Kuss 

et al., 2018; Wollenberg and Peters, 2009). When surface water is supersaturated in DGM 

relative to the atmosphere the volatilisation of this fraction of Hg through water-air interface 

can occur (Amyot et al., 1997b; Southworth et al., 2007), whereas if surface water is 

undersaturated in DGM depositions of Hg can be observed (Fu et al., 2013). This last situation 

can be caused by the occurrence of high atmospheric Hg concentrations related to the 

movement of air masses enriched in Hg0 due to high emissions related to anthropogenic 

activities (Fu et al., 2010; Wang et al., 2016) or natural sources such as volcanic activity 

(Andersson et al., 2007).  

Moreover, Hg0 concentrations in surface water are the result of the net balance between Hg2+ 

reduction and Hg0 oxidation reactions, which coexist in the environment and occur at 

comparable rates (O’Driscoll et al., 2018; Qureshi et al., 2010). Similar to reduction, oxidation 

is catalysed by incident solar radiation thanks to the photogeneration of oxidant radicals (He et 

al., 2014; Lalonde et al., 2004) and can overcome reduction when solar radiation weakens at 

sunset and during nights (Garcia et al., 2005). Oxidation is further enhanced in saltwater 

compared to freshwater environments due to the higher concentrations of halides (e.g. chlorides 

and bromides), which can both act as oxidants and stabilise oxidation products by forming 

complexes with the produced monovalent Hg+ (Lalonde et al., 2001; Yamamoto, 1996). As a 

result, Hg0 losses through oxidation in surface salt waters can be particularly high under strong 

solar irradiation conditions during summer (Ferrara et al., 2003) and overcome those through 

volatilization (Ci et al., 2016b; Lalonde et al., 2001). This makes marine environments more 

sensitive to Hg pollution than freshwater environments due to an increased residence time of 

Hg in the water column (Ci et al., 2016b).  
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The overall mass transfer of highly volatile gaseous species such as DGM at water-air interface 

depends on the rate of delivery of the dissolved gas to the surface water layer, which is related 

to mixing conditions, and on the rate of diffusion of the solute in the water matrix. This 

diffusion is in turn influenced by the viscosity of water and the solubility of the chemical 

species (Southworth et al., 2007; Tomažič et al., 2018) and represents the limiting step for Hg0 

exchanges due to the much lower resistance of the air boundary layer to Hg0 diffusion (Zhu et 

al., 2016). As a result, parameters that influence the solubility of DGM such as temperature 

and salinity can deeply influence the rate of gaseous exchanges at the water-air interface (Kuss 

et al., 2009; Loux, 2004; Poissant et al., 2000). 

Conditions of high wind speeds and subsequent turbulent mixing of the water column, waves, 

and currents can ensure supplies of photoreducible Hg2+ or directly DGM to shallow water 

layers, making it available for the evasion, particularly in coastal areas and lakes (Sharif et al., 

2013; Wollenberg and Peters, 2009). Moreover, high wind speeds can also increase the 

exchange surface between water and air, promoting the gaseous exchanges (Fantozzi et al., 

2013b). 

 

1.4.4 Mercury in terrestrial environment and soil-air gaseous exchanges 

Mercury biogeochemical cycle in terrestrial environment is characterised by a complex 

network of reactions involving gaseous exchanges with the atmosphere at the soil-air and plant-

air interfaces, adsorption-desorption on mineral and organic soil surfaces, interconversion 

between different chemical forms and potential leaching and run-off to aquatic ecosystems 

(Fig. 8). 

Nevertheless, soils represent the largest terrestrial pool of Hg (Grigal, 2003; Obrist, 2012). The 

majority of Hg in surface soils on global scale derives from atmospheric dry and wet 

depositions occurring directly on soils or indirectly through litterfall and throughfall from 

plants (Demers et al., 2013; Enrico et al., 2016), but there is still debate as to whether soils 

serve as a sink or secondary source of Hg for the atmosphere (Agnan et al., 2016; Bishop et al., 

2020). It is estimated that due to anthropogenic activities the total amount of Hg stored in soils 

has doubled since pre-industrial period, reaching a global mass accumulated in soils assumed 

to be in the range of 250-1000 Gg (Amos et al., 2013; Obrist et al., 2018). 

Typically, total Hg (THg) concentrations in background soils are not expected to exceed 0.1 

mg kg-1 whereas in geologically enriched areas or near point sources this value can reach 

hundreds or thousands of mg kg-1 (Ballabio et al., 2021; Beckers and Rinklebe, 2017; Gosar et 

al., 2006; Higueras et al., 2006; Teršič et al., 2011). Naturally enriched areas are usually found 
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near the above cited “mercuriferous belts” and therefore the occurrence of high Hg 

concentrations outside these areas can quite reliably be identified as anthropogenic (Beckers 

and Rinklebe, 2017).  

 

 
Figure 8: schematic representation of main processes of Hg biogeochemical cycle in terrestrial environments 

(Jiskra et al., 2015). 

 

As for aquatic environments, Hg2+ represents the dominant form of Hg in soils, where can 

occur as 1) free ion dissolved in soil solution, 2) adsorbed non-specifically (weak electrostatic 

bond) or specifically (covalent bond), 3) chelated by different organic ligands or as mineral 

(Gabriel and Williamson, 2004; Schuster, 1991). Due to its high affinity for mineral surfaces 

and functional groups of organic matter, Hg2+ tends to be relatively immobile in soils compared 

to many other metals (O’Connor et al., 2019; Seo et al., 2008), forming many different 

inorganic and organic complexes. The formation of these complexes greatly influences Hg 

mobility and availability through the soil (Sysalová et al., 2017). Due to these differences in 

mobility and bioavailability of the various Hg species, the impact of Hg pollution cannot be 

properly assessed through the determination of total Hg concentrations only (Fernández-

Martínez et al., 2019).   

Generally, most of Hg supplied from atmospheric depositions is retained in organic upper soils 

thanks to the adsorption by OM (Baptista-Salazar et al., 2017; Grigal, 2003; Jiskra et al., 2015) 

mostly due to the high affinity of Hg for functional groups containing reduced sulphur such as 

thiols (Xia et al., 1999). When these groups become saturated, Hg2+ can be bound by soil OM 

through the formation of weaker complexes with oxygen or nitrogen containing functional 

groups such as alcohols, carboxylic acids or amines (Gismera et al., 2007). Organic Hg 
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complexes are usually characterised by a high degree of stability, only weakly affected by the 

pH, and low solubility in water (O’Connor et al., 2019). In addition, Hg2+ can be immobilized 

through sorption on soil matrix surfaces such as clay minerals, where Hg can form strong 

covalent bonds with oxygen atoms, and iron and manganese oxi-hydroxides (Coufalík et al., 

2012; Jiskra et al., 2014; Yin et al., 1996).  

Thanks to the high susceptibility of Hg2+ to be adsorbed through the formation of the above 

cited complexes with solid surfaces, only a small fraction of this metal typically occurs in the 

aqueous soil solution. As a result, Hg leaching rates are usually very low and influenced by Hg 

species found in soils (O’Connor et al., 2019; Palmieri et al., 2006). The speciation of Hg in 

soil solution is controlled by the physico-chemical characteristics of the soil such as pH, redox 

potential, and concentration of DOM, dissolved oxygen, and sulphides: under natural 

conditions, the most abundant forms of Hg occurring in soil solution are represented by HgCl2, 

HgClOH and Hg(OH)2 under acid, neutral and basic pH conditions respectively (Davis et al., 

1997). These species can further be subject to sorption-desorption processes which influence 

their mobility through the soil: for example, the adsorption of Hg2+ or its complexes on 

hydrophilic fraction of colloidal organic matter can increase the availability of Hg forms and 

their mobility through the soil profile (O’Connor et al., 2019; Schuster, 1991).  

Under anoxic conditions, sulphides represent the main inorganic ligand for Hg2+, forming 

highly stable and insoluble compounds (Gabriel and Williamson, 2004) such as cinnabar (α-

HgS) and metacinnabar (β-HgS), which are considered the less mobile and toxic Hg forms in 

soils (Gai et al., 2016; Sysalová et al., 2017). Cinnabar is usually the main form of this metal 

in naturally enriched substrates and in soils of former Hg mining sites due to both natural 

occurrence and anthropogenic discharge of mine tailings (Bavec and Gosar, 2016; Fernández-

Martínez et al., 2019; Gustin et al., 2003; Pelcová et al., 2021). Conversely, β-HgS can be 

formed as a by-product during ore roasting processes in presence of impurities and occur in 

soils due to dumping of tailing material, as previously observed in areas interested by past 

metallurgical activities (Biester et al., 2000; Esbrí et al., 2010). Metacinnabar can also be 

formed directly in soils as a result of precipitation in presence of high sulphide concentrations 

(Skyllberg and Drott, 2010) or directly from Hg-thiolate organic complexes (Enescu et al., 

2016).  

 

Under anaerobic conditions, for example in permanently or periodically flooded soils, Hg2+ 

may also be converted to MeHg through microbial methylation by anaerobic bacteria (e.g. 

sulphate-reducing and iron-reducing bacteria or methanogens, Liu et al., 2014) in function of 



35 
 

its bioavailability, with lower rates of conversion for Hg complexed by high molecular weight 

OM or insoluble Hg-sulphide compounds (Gray et al., 2015; Skyllberg et al., 2006). Moreover, 

recent findings indicate that Hg methylation in soils is not restricted to wetlands and 

impoundments but can occur also in anoxic microenvironments within oxic soil layers (Shanley 

et al., 2020). Even though MeHg usually represents less than 2% of total Hg in soils (Schlüter, 

2000), the mobilization of MeHg produced within soils can represent a relevant source of this 

bioaccumulable Hg form to aquatic environments through leaching and runoff (Bishop et al., 

2020; Bravo et al., 2017).  

Moreover, soils can also represent a significant source of Hg for the atmosphere through the 

emission of Hg0. Elemental Hg in soil can derive from direct dry depositions from the 

atmosphere (Montoya et al., 2019), formation in soil through abiotic and biotic reduction 

reactions (Pannu et al., 2014) or direct discharge due to anthropogenic activities (Davis et al., 

1997; Watson et al., 2015), e.g. after its use for amalgamation in ASGM (Dalziel and Tordon, 

2014; Gustin et al., 2003). In extreme cases, droplets of liquid Hg0 can be seen in highly 

contaminated sites (Davis et al., 1997; McLagan et al., 2019; Watson et al., 2015) but generally 

Hg0 in aerobic soils is relatively quickly lost through evasion to the atmosphere, oxidation to 

Hg2+ favoured by high amounts of OM or sorption on solid soil surfaces (Palmieri et al., 2006; 

Windmöller et al., 2015).  

Hg0 evasion at the soil-air interface is generally regulated by complex site-specific interactions 

of various environmental factors such as solar radiation, soil and air temperatures, precipitation 

and soil moisture, vegetation cover, soil porosity, soil disturbance by biotic or anthropogenic 

activity, Hg concentration in soil and air (Beckers and Rinklebe, 2017).  

The availability of Hg in the substrate usually represents the primary control on Hg0 evasion at 

soil-air interface (Agnan et al., 2016), with higher Hg0 emissions reported for surfaces 

characterised by higher Hg content in the substrate due geological enrichment or anthropogenic 

contamination (Coolbaugh et al., 2002; Gustin et al., 2003). However, the occurrence of 

extremely high atmospheric Hg concentration due to transport of air masses from areas 

characterised by strong Hg sources can suppress emissions also from high contaminated 

substrates and cause the occurrence of Hg deposition events (Eckley et al., 2015; Miller et al., 

2011).  

Incident solar radiation has a strong effect on Hg0 evasion from soils as it can promote 

photoreduction of Hg2+ on soil surface and in first millimetres, the layer most involved in 

gaseous exchange with atmosphere (Bahlmann et al., 2006; Carpi and Lindberg, 1998; Zhou et 
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al., 2021), generally resulting in higher Hg0 fluxes from irradiated than shaded soils, e.g. those 

in forested ecosystems (Wang et al., 2006).  

The presence of vegetation deeply impacts the microclimatic conditions and air mixing of the 

boundary layer near soil surface, limiting the Hg0 emissions mainly due to soil shading (Gustin 

et al., 2004): the limitation of soil Hg0 fluxes by the presence of vegetation is confirmed by the 

strong increase in emissions generally observed e.g. after deforestation and biomass harvesting 

(Carpi et al., 2014; Eckley et al., 2021; Mazur et al., 2014).  

The radiation in the UV wavelength range is considered the most effective in promoting the 

photoreduction of Hg2+ in soils (Choi and Holsen, 2009a; Moore and Carpi, 2005), but the 

formation of Hg0 in soils can occur also in absence of radiation by means of biotic reduction. 

This occurs mainly through specific detoxification pathways of Hg-resistant microorganisms 

with the mer operon in their genome or non-specific reduction linked to microbial 

detoxification of reactive oxygen species (Fritsche et al., 2008; Osterwalder et al., 2019; Pannu 

et al., 2014). Finally, also direct interaction with specific fraction of soil OM, e.g. fulvic or 

humic acids can lead to Hg reduction, particularly if OM is rich in quinones as electron source 

(Zheng et al., 2012).  

Moreover, solar irradiation can also promote soil heating, exerting a synergic control on Hg0 

fluxes with soil temperature (Lin et al., 2010). Higher soil temperatures can catalyse reaction 

rates of Hg0 formation and lead to a higher diffusion of gases, favouring the migration of Hg0 

to the surface soil layers and its subsequent release to the atmosphere (Schlüter, 2000). An 

increase in soil temperature can also promote the desorption of Hg from soil surfaces thanks to 

higher thermal motion and promoted microbial activity (Pannu et al., 2014; Sigler and Lee, 

2006).  

The effect of temperature on soil Hg0 fluxes can be understood through the calculation of the 

activation energy (Ea) associated with the gaseous releases (Kocman and Horvat, 2010). The 

Ea is defined as the energy that the system should absorb to initiate or increase the Hg0 release 

from soil to the gaseous phase (Gustin et al., 2003; Lindberg et al., 1995). Assuming that Hg0 

release from soil occurs with a pseudo first order kinetics, the relationship between temperature 

and Hg0 fluxes (F) can be quantitatively described through the Arrhenius equation (Ci et al., 

2016a; Llanos et al., 2011): 

 ln(𝐹) = ln(𝐴) − 𝐸𝑎𝑅𝑇 
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where Ea is the apparent activation energy, T is the absolute temperature, R is the gas constant 

and A is a pre-exponential factor and that can be visualised in a ln(F) vs 1/T plot. If the 

calculated Ea is higher than that needed for the evaporation of liquid Hg0 (59 kJ mol-1) emission 

of Hg from soil surface cannot be attributed solely to the direct physical evaporation of Hg0 

(Fu et al., 2008; Gustin et al., 2003; Kocman and Horvat, 2010). The lowest Ea values are 

commonly reported for soils characterised by the occurrence of Hg species more available for 

volatilisation such as Hg0 (Schlüter, 2000) whereas higher energies are usually required to 

initiate evasion from substrates containing less mobile and reactive Hg forms like HgS (Gustin 

et al., 2002; Kocman and Horvat, 2010).  

 

Sorption/desorption processes of Hg on soil organic and mineral surfaces play a key role in 

regulating the amount of this specie available for volatilisation (Gonzalez-Raymat et al., 2017) 

as desorbed Hg2+ in soil solution is generally more available for the reduction to Hg0 than that 

strongly bound to OM (Jiskra et al., 2014; Pannu et al., 2014). As a result, an increase in soil 

OM can lead to a reduction in Hg0 evasion to the atmosphere (Yang et al., 2007). Moreover, 

the vertical migration of Hg0 can also be limited in clay soils due to higher compaction of 

particles and increased contact time between Hg0 and mineral surfaces, resulting in higher 

sorption (Gonzalez-Raymat et al., 2017; Langston and Bebianno, 1998).  

In the soil saturated zone, instead, the adsorption of Hg2+ on mineral surfaces mostly of iron(II)-

bearing minerals can enhance the reduction of Hg2+ through electron transfer from Fe(II) and 

the subsequent transport of produced Hg0 by groundwater movement (Debure et al., 2020; Ha 

et al., 2017; O’Loughlin et al., 2020). On the other hand, sorption of Hg0 on mineral soil 

surfaces can contribute to limit its vertical diffusion through the pore space and consequently 

its evasion to the atmosphere (Yuan et al., 2019b; Zhou et al., 2021). This sorption can occur 

through van der Waals interactions with soil mineral surfaces, particularly effective in soils 

with high clay content due to the large surface area available for interactions (Xin et al., 2007), 

or through partitioning into the hydrophobic portion of soil OM as testified by its octanol-water 

partitioning coefficient (KOW=4.17) higher than that of other soluble forms of Hg (Gonzalez-

Raymat et al., 2017; Miller et al., 2007).  

Finally, also variations in soil moisture content can significantly impact the Hg0 evasion from 

soil into the atmosphere, with a general increase in Hg0 fluxes as soil moisture increases 

(MacSween and Edwards, 2021; Song and Van Heyst, 2005; Wallschläger et al., 1999) until 

soil become saturated, condition in which fluxes are suppressed (Ericksen et al., 2005). This 
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flux enhancement, e.g. after a precipitation event, is generally higher for soils with a relatively 

low initial water content (Kocman and Horvat, 2010; Song and Van Heyst, 2005).  

As summarised in Figure 9, this phenomenon has been linked to water infiltration through the 

soil column which can cause the displacement of Hg0 from soil pore space and the desorption 

of Hg from solid surfaces due to its replacement by more polar water molecules, resulting in 

an immediate pulse of Hg0 emission. The desorption continues as rainwater further infiltrates, 

but fluxes are suppressed due to soil saturation. After the rainfall cessation, the evasion can be 

increased by an increase of available energy (e.g. due to solar irradiation) for abiotic and biotic 

reduction of desorbed Hg2+ and, as soils dries, both Hg2+ and Hg0 can be transferred to soil 

surface by water evaporation process and become more available for volatilisation. Finally, 

when soil becomes effectively dry, the Hg0 emission is suppressed.  

Vertical movement of Hg through the soil can also be further influenced by plant transpiration 

(Briggs and Gustin, 2013) and contribute to Hg0 release to the atmosphere in function of plant 

seasonal activity (Cesário et al., 2021; Lindberg et al., 2002).  

 

 

Figure 9: conceptual model of Hg volatilisation in response to rainfall events (O’Connor et al., 2019). 

The presence of vegetation can strongly impact the gaseous exchanges of Hg between soils and 

the atmosphere mainly through soil shading, which limits the intensity of incident light on soil 

surface and the soil heating, resulting in reduced emissions of Hg0 (Gustin et al., 2004; 

Stamenkovic et al., 2008).  

Other than reducing emissions from soils, plants can contribute to reduce atmospheric Hg 

concentrations also through direct exchanges of Hg0 with the atmosphere through stomatal 

uptake or cuticular adsorption of dry deposited Hg on leaf surfaces (Eckley et al., 2016; 

Stamenkovic and Gustin, 2009). Part of this Hg is fixed inside the leaf tissue (Heaton et al., 

2005; Millhollen et al., 2006) and can reach the soil after tissue shed (litterfall) or biomass 

turnover (Rutter et al., 2011; Zhou and Obrist, 2021). This mechanism is particularly effective 
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in evergreen broadleaf ecosystems, characterised by high Hg deposition and low soil re-

emission rates and frequently considered as net sinks for atmospheric Hg (Agnan et al., 2016; 

Blackwell and Driscoll, 2015; Yuan et al., 2019b; Zhou and Obrist, 2021).  

Changes in vegetation cover caused by deforestation or simply by winter dormancy can switch 

ecosystem gaseous exchanges from net sinks to net sources of Hg0 to the atmosphere as a result 

of increasing solar radiation reaching the soil surface (Feinberg et al., 2022; Yuan et al., 2019b). 

Moreover, recent findings increasingly seem to confirm that Hg0 exchanges through stomata 

are bidirectional with a potential re-emission from leaf tissues to the atmosphere of adsorbed 

Hg0 (Cesário et al., 2021; Yuan et al., 2019a). These fluxes are function of plant activity (e.g. 

stomatal opening) and atmospheric Hg0 concentration, with emissions occurring over a certain 

compensation point (Naharro et al., 2020; Stamenkovic and Gustin, 2009). These gaseous 

exchanges are favoured by the low solubility and high vapour pressure of Hg0, allowing a quick 

diffusion through mesophyll and leaf intercellular air space (Bash et al., 2007).  

 

1.5 Methods for Hg0 fluxes estimation 

At present day, there are no standardised protocols or commercial flux systems available for 

the quantification of Hg0 flux between the atmosphere and soil or water surfaces, hindering a 

reliable comparison between the results reported in various studies using different methods for 

flux estimation (Agnan et al., 2016; Sommar et al., 2020). Multiple experimental approaches 

have been used for the estimation of Hg0 fluxes, which can be grouped in two main categories: 

enclosures with different type of flux chambers or various micrometeorological (MM) methods 

(Sommar et al., 2013; Zhu et al., 2015a). 

Flux chambers are frequently used for direct estimation of Hg0 releases from soils, water, and 

low-stand grass surfaces thanks to their relatively low cost, versatility, portability, and ease of 

use (Zhu et al., 2016). The simple operating principle of flux chambers is based on the isolation 

of a portion of atmosphere over the selected surfaces and the calculation of the flux based on 

the change of the concentration of the gaseous contaminant in the headspace. Based on 

operation principle, flux chamber can be classified as either steady-state (SS) or non-steady 

state (NSS) systems (Fig. 10) (Livingston and Hutchinson, 1995).  
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Figure 10: classification of different flux chamber types used for in field gas flux estimation (Livingston and 

Hutchinson, 1995). 

Flux calculation with NSS systems is based on the rate of concentration increase of the gaseous 

analyte in the isolated atmosphere (dC/dt) during a known time of deployment of the chamber 

(Sommar et al., 2020), measured through inside air sampling for subsequent analysis or 

constant monitoring by means of online analysers. These systems can be further divided into 

static or dynamic depending on whether or not there is a continuous air circulation within them 

(Heinemeyer and McNamara, 2011; Oertel et al., 2016). In the last case, the system can be 

defined as “dynamic flow-through chambers”, usually provided of venting systems to minimise 

the occurrence of pressure gradients between inside and outside the chamber (Livingston and 

Hutchinson, 1995). These systems are frequently used for the estimation of emissions from 

soils of greenhouse gases (e.g. CO2, CH4, N2O) or for the assessment of soil respiration (Maier 

et al., 2022; Rochette et al., 1992), but apart from a few exceptions are rarely adopted for 

measuring Hg0 fluxes at soil-air interface (Sommar et al., 2020).  

The NSS approach has been more frequently adopted for the estimation of Hg0 fluxes from 

soils in geothermal or volcanic areas, using both static non-flow-through chambers (Cabassi et 

al., 2021; Tassi et al., 2016) or dynamic flow-through chambers (Bagnato et al., 2014; Sun et 
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al., 2020), whereas other studies used dynamic closed chambers in contaminated (During et al., 

2009; Rinklebe et al., 2010) or pristine areas (Kyllönen et al., 2012). The rate of concentration 

increase inside the chamber can be approximated by a linear regression for short deployment 

times in the order of minutes (Davidson et al., 2002; Kandel et al., 2016) like those commonly 

used for dynamic closed chambers with online gas analysers (Maier et al., 2022). Conversely, 

for long deployment times non-linear models are needed to reduce biases in flux estimation 

related to the built up of concentrations inside the chamber, which can strongly impact the 

concentration gradient with the soil and consequently reduce the diffusion of gaseous species 

to the air, altering the pre-deployment natural flux (Hutchinson and Mosier, 1981; Kutzbach et 

al., 2007; Pedersen et al., 2010; Yue et al., 2022).  

The most widely chamber method for the estimation of Hg0 fluxes from natural surfaces to the 

atmosphere is conversely represented by open steady-state flow-through chambers (Sommar et 

al., 2020). In this configuration, the chamber is continuously flushed with ambient air or inert 

gas at an appropriate constant flow rate depending on the chamber internal volume. The flow 

rate should ensure sufficiently fast turnover times of internal air, typically less than 1 min, to 

avoid excessive Hg0 accumulation in the chamber headspace and the consequent increased 

boundary layer resistance to gaseous emission which can lead to a flux underestimation (Eckley 

et al., 2010; Sommar et al., 2020; Verginelli et al., 2018; Zhang et al., 2002). On the other hand, 

high flow rates through the chamber may increase the shear stress on the surface and the 

internal air mixing, resulting in greater concentration gradients which facilitate Hg0 emissions 

potentially leading to overestimations of the real flux as calculated Hg0 flux increases with 

increasing flow rate (Eckley et al., 2010; Wallschläger et al., 1999). Typically, high flushing 

rates and short turnover times are recommended for measuring fluxes from substrates 

characterised by high Hg concentration, whereas lower flow rates and higher turnover times 

can be used for low Hg substrates (Engle et al., 2006). Flux is then calculated considering the 

flow rate through the chamber and the difference between concentrations of target gas in the 

in-coming air and out-going air (Gao et al., 1997) alternatively measured at the inlet and at the 

outlet. This allows for a relatively high time resolution of flux measurements (typically 20 min; 

Sizmur et al., 2017) which makes chambers particularly suitable for the study of the processes 

underlying gas exchanges (Sommar et al., 2020).  

Other than the flow rate and turnover time, also the shape of the chamber and the positions of 

inlet and outlet ports can significantly impact the magnitude of measured flux as the occurrence 

of turbulent mixing inside the chamber can result in artificial concentration gradients and lead 

to under- or overestimations of natural flux (Carpi and Lindberg, 1998; Eckley et al., 2010; Lin 
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et al., 2012). Different chamber shapes are reported in literature ranging from cylindrical 

chambers (Choi and Holsen, 2009b; Cizdziel et al., 2019; Eckley et al., 2010; Tao et al., 2017) 

to rectangular (Carpi and Lindberg, 1998; Kalinchuk et al., 2021; Sizmur et al., 2017; Wang et 

al., 2006) or aerodynamic designs (Gao et al., 1997; Lin et al., 2012; Osterwalder et al., 2018; 

Shi et al., 2020).  

For the estimation of Hg0 fluxes from natural surfaces to the atmosphere, chamber materials 

characterised by high solar radiation transmission should be preferred in order to allow the 

natural photoreduction of Hg2+ (Carpi et al., 2007; Zhu et al., 2015b); however, the material in 

which chamber is constructed should also be inert with respect to Hg, limiting its adsorption 

on chamber walls and allowing to achieve low blank fluxes, avoiding “memory effects” 

(Eckley et al., 2010; Ferrara and Mazzolai, 1998). Materials used in literature for chamber 

construction include Teflon (Carpi and Lindberg, 1998; Eckley et al., 2021; Sizmur et al., 

2017), Plexiglas (Bagnato et al., 2013; Shi et al., 2020); quartz (Feng et al., 2008; Li et al., 

2018; Zhou et al., 2017), and polycarbonate (Coolbaugh et al., 2002; Engle et al., 2001).  

The approach of the open flux chamber (in this case also called “flux bag”) can also be used 

for the estimation of Hg0 exchanges between plants and atmosphere tightening the flux bag to 

the whole plant or to only part of it (Canário et al., 2017; Cesário et al., 2021; Graydon et al., 

2006; Luo et al., 2016). In this case, chamber material should allow the transmission of 

photosynthetic active radiation (e.g. Tedlar) in order to limit the impact of isolation on plant 

physiology (Poissant et al., 2008).  

The main limitations of flux chamber methods for the estimation of Hg0 fluxes are the reduced 

footprint of the systems (generally < 0.1 m2) and the modification of microclimatic conditions 

of the studied boundary layer caused by the deployment of the chamber, mostly in terms of 

temperature and exclusion of effects of wind and atmospheric turbulence, resulting in large 

uncertainties in scaling-up fluxes to ecosystem level (Zhu et al., 2016).  

To overcome these limitations and quantify Hg0 evasion on ecosystem scale, several MM 

methods have been developed based on measurements of Hg0 concentrations at larger spatial 

scales, which cause only a marginal disturbance of natural environmental conditions 

(Osterwalder et al., 2018). Moreover, MM methods can also account for the effect of 

atmospheric turbulence and wind speeds, particularly important in influencing the rate of 

gaseous exchanges between atmosphere and natural surfaces (Sharif et al., 2013). These 

techniques can be grouped in 1) direct methods based on measurements of Hg0 concentrations 

in air passing over a sampling point coupled with measurements of vertical wind speed and 

direction (eddy covariance or relaxed eddy accumulation) or 2) indirect methods in which Hg0 
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diffusion is quantified on the basis of vertical concentration gradients (aerodynamic gradient 

or modified Bowen ratio methods) (Sommar et al., 2020).  

In aquatic environments, MM models for the estimation of Hg0 release are frequently based on 

the measurement of DGM concentrations in surface water and Hg0 concentrations in the 

overlying air, with fluxes then calculated on the basis of Hg0 diffusivity through the boundary 

layer between water and air. Due to the lower diffusivity of Hg0 in water than in air, the 

diffusion within water boundary layer is considered the limiting step in this process, while the 

diffusion on the air side is frequently omitted in models (Andersson et al., 2007; Nerentorp 

Mastromonaco et al., 2017; Wängberg et al., 2001). The Hg0 transfer velocity on the water side 

of boundary layer is parameterised in function of its specific Schmidt number (Sc), which 

represents the ratio between kinematic viscosity and diffusion coefficient of Hg0 in water and 

is function of temperature and salinity (Kuss et al., 2009), and the wind speed usually measured 

at a height of 10 m (Tomažič et al., 2018).  

The wind speed is used to calculate the friction velocity on the water surfaces with different 

parameterisation depending on model, e.g. linear (Liss and Merlivat, 1986), quadratic 

(Wanninkhof, 1992) or polynomial regression (Nightingale et al., 2000). The choice of the 

model can impact the calculation of Hg0 transfer velocity and consequently strongly affects the 

obtained result (Nerentorp Mastromonaco et al., 2017). Moreover, for a precise flux 

quantification the application of these methods usually requires a fast response and 

synchronous measurement of several parameters in more locations (e.g. at different heights), 

which is difficult to achieve at the low concentrations usually observed for Hg0 in the 

atmosphere excluding contaminated sites or using single analysers (Sommar et al., 2020; Zhu 

et al., 2016, 2015b). However, the use passive samplers placed in different point on an area or 

at different heights can at least partially reduce the uncertainties related to non-contemporary 

measurements (Jeon and Cizdziel, 2019; McLagan et al., 2019). Finally, MM techniques often 

require a relatively high expertise of the personnel and moderate to high computing capacity 

(Sommar et al., 2020).  
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2. Sampling strategy 

 

A general summary of field activities and analysis performed for this research is reported in 

Figure 11. 

 
Figure 11: schematic description of sampling and laboratory activities performed during this research project 

both in aquatic and terrestrial environments. 

 

The research activity was focused on the direct evaluation of Hg0 releases into the atmosphere 

from various contaminated surfaces within the highly impacted area near the border between 

Italy and Slovenia and has been divided into two main topics. The first topic regards the 

evaluation of exchanges of Hg0 at the water-air interface performed by means of a Plexiglas 

steady-state floating flux chamber (50x50x80 cm, Fig. 12) coupled with a real-time portable 

Hg0 analyser (Lumex RA915M) through atomic absorption spectrophotometry with Zeeman 

background correction (ZAAS; Sholupov et al., 2004). This experimental setup is analogous to 

that used in a previous study conducted in a highly impacted coastal area, the Augusta Bay 

(Italy, Bagnato et al., 2013). Hg0 fluxes (F) were then calculated according to equation (1): 

 𝐹 = (𝐶𝑓−𝐶𝑖)𝑄𝐴         (1) 
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where (Cf-Ci) is the difference between Hg0 concentrations in air entering and exiting the 

chamber measured at the beginning and at the end of each experiment, Q is the air flow rate 

through the chamber (10 L min-1) and A is the basal area occupied by the chamber (0.25 m2).   

Hg0 fluxes at the water-air interface were evaluated in different seasons, namely summer, 

autumn, and spring, whereas no measurements were taken during winter; however, existing 

preliminary data obtained for some areas investigated in this work during a previous study 

(Floreani et al., 2019) suggest that Hg0 emissions during this period are relatively lower than 

those observable during the rest of the year.  

 

 
Figure 12: the floating flux chamber during a measurement at site VN. 

 

As detailed previously, Hg0 fluxes at the water-air interface were measured in coastal marine 

environments subject to different contamination degree and characterised by different 

hydrodynamic conditions (Val Noghera fishfarm, Bay of Piran) in order to study the processes 

related to gaseous exchanges of Hg during the entire day-night cycle in one of the coastal 

marine areas most impacted by Hg over the world, the Northern Adriatic Sea (Fitzgerald et al., 

2007; Kotnik et al., 2017). Measurements were performed also in three freshwater 

environments subject to different Hg supplies (from mining at Solkan Reservoir and from 

chlor-alkali industry at Torviscosa Dockyard, compared with the pristine environment of 

Cavazzo Lake) in order to study the influence of past different Hg sources on present day 

emissions to the atmosphere. In the first case, Hg0 fluxes were measured at regular time 

intervals of ~2 hours over the entire 24 h period for a total of 12/14 flux measurements for each 
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season, whereas in the latter case Hg0 evasion was monitored during only the diurnal period at 

~1 hour time intervals obtaining 6 distinct set of measurements for each selected season.  

At the end of each flux measurement, a sample of surface water was collected for the 

determination of DGM concentrations through the method described by O’Driscoll et al. 

(2019). This method is based on the determination of equilibrium Hg0 concentration in the 

headspace air of a close reactor where the water samples were bubbled through the Lumex 

analyser internal pump. Moreover, main physico-chemical parameters of the surface water and 

meteorological parameters were constantly monitored during field operations. Surface water 

samples were collected with the same time stamp of flux measurement for the determination 

of total dissolved Hg (THgD) and dissolved organic carbon (DOC) concentrations as 

summarised in Figure 11. 

 

The second research topic was focused on the study of processes that regulate Hg0 evasion at 

the soil-air interface in 6 selected sites along the Isonzo River alluvial plain. In this case, Hg0 

fluxes were evaluated by means of a Plexiglas non-steady state (NSS) flux chamber (60x20x25 

cm, Fig. 13) coupled with the same Lumex analyser in a closed circuit and with a design similar 

to the dynamic flux chambers (DFC) used in other studies reported in literature (Fantozzi et 

al., 2013a; García-Sánchez et al., 2006; Wang et al., 2006; Zhu et al., 2011). This approach 

allows for a more rapid (~5 min) estimation of Hg0 fluxes at the soil-air interface, reducing the 

impact of chamber placing on microclimatic conditions of the studied surfaces and making 

possible to monitor the phenomenon at several points in a small time interval.  

Hg0 fluxes were calculated based on Hg0 concentration linear increase inside the chamber 

during the time of the experiment (dC/dt) according to equation (2) 

 𝐹 = 𝑑𝐶𝑑𝑡 𝑉𝐴    (2) 

 
where V is the internal volume of the chamber (0.03 m3) and A is the basal area of the chamber 

(0.12 m2).  

 

In this study, Hg0 fluxes were evaluated in each site from both soils covered by native grass 

vegetation and from bare soil plots where vegetation was removed before sampling. Similar to 

what performed in aquatic environments, Hg0 fluxes were measured during the diurnal period 

at regular time intervals of ~1 hour taking 6/7 distinct set of measurements for every selected 
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site in three different seasons (summer, autumn, winter). Each set consisted of two replicate 

measurements of Hg0 fluxes conducted alternatively from bare and vegetated soil plots. No 

measurements were performed in spring as weather conditions and vegetation development 

that can be found in this season are not very much dissimilar from those found in autumn. 

Consequently, it can be assumed that also Hg0 fluxes do not significantly differ from those 

determined in this season. The main meteorological parameters were also constantly monitored 

during sampling periods in the terrestrial sites. At the end of each sampling day, a topsoil 

sample was collected from every studied plot for the determination of grain-size, pH, organic 

matter content, total Hg concentration and Hg speciation through thermo-desorption technique 

(Petranich et al., 2022). 

 

 
Figure 13: the NSS flux chamber during a measurement at site SAV. 

 
More in-depth details about sampling procedures and analytical determinations in the various 

contexts are reported in Chapter 3.  

 

The QA/QC protocol for measurements of Hg0 fluxes at the water-air interface involved 

performing field blanks at the beginning and at the end of each sampling day by sealing the 

chamber to a clean white polycarbonate surface. The Hg0 concentrations measured inside the 

chamber headspace were not significantly different from those determined for the open air just 

before the blank measurement and, excluding measurements at Torviscosa, close to the limit 

of detection of the Lumex analyser (2 ng m-3), resulting in negligible blank flux values 

(average±SD=0.76±0.73 ng m-2 h-1, N=36). The same procedure was adopted for 

measurements of soil-air Hg0 fluxes and also in this case relatively low blank flux values were 
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observed (average±SD=1.64±0.97 ng m-2 h-1, N=18). Average blank values were considered 

as the minimum measurable flux and were then subtracted to the flux values obtained during 

field measurements.  

In addition, as the NSS flux chamber used for the determination of soil-air Hg0 fluxes was not 

tested before, we performed a series of tests to compare the performance of this configuration 

with those obtained with a “classical” open dynamic steady-state (SS) configuration of the 

same chamber. In this last configuration, calculation of Hg0 fluxes is based on the difference 

between Hg0 concentrations in air entering and exiting the chamber. A constant flow rate 

through the chamber (10 L min-1) was maintained thanks to the Lumex analyser internal pump. 

Hg0 concentrations were measured for 5 min alternatively at the outlet and at the inlet of the 

chamber by manually switching the connection tubes. Only the concentrations recorded after 

the achievement of a steady-state inside the chamber (after ~2 min) were considered (Fantozzi 

et al., 2013a), whereas the inlet concentrations were calculated as the average of measurements 

performed before and after those at the outlet. 

After this procedure the chamber was removed from the soil surface and relocated on the same 

plot after 5 min for the determination of Hg0 flux through the NSS approach. These tests were 

performed in field on 6 bare soil plots characterised by different total Hg concentrations in the 

surface layer (Tab. 1). Overall, 5 distinct set of measurements were performed during May 

2021 on each plot under different UV irradiation conditions from morning to afternoon. The 

results showed a good agreement between the fluxes calculated with the two different 

configurations, without systematic over- or under-estimation of fluxes obtained with the NSS 

configuration with respect to the well-established SS technique (Fig. 14). 

 
Table 1: total Hg concentrations in topsoils used for testing the different flux chamber configurations. 

Plot THg concentration (mg kg-1) 

T1 0.28 ± 0.08 

T2 2.94 ± 0.16 

T3 6.17 ± 0.47 

T4 14.32 ± 0.24 

T5 18.59 ± 1.81 

T6 20.87 ± 1.04 
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Figure 14: correlation between Hg0 fluxes at soil-air interface measured with the open steady-state (SS) and 

closed non-steady-state (NSS) chamber configuration. 
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3. Results 

3.1 Preamble 

 

In this chapter the results and discussion related to the present research project are reported 

through three manuscripts and a brief appendix as follows: 

  

1. The first manuscript is entitled “Dissolved gaseous mercury production and sea-air 

exchange at impacted coastal environments of the Northern Adriatic Sea” has been 

submitted and is currently Under Review by the journal Environmental Pollution. This 

manuscript provides the first evidences about the processes and dynamics which affect 

the occurrence and production of dissolved gaseous mercury in the surface water layer 

and its gaseous exchanges at the water-air interface over the entire 24h diurnal cycle in 

two coastal environments of the highly impacted area of the Northern Adriatic Sea. For 

this part of the research, the activity was focused on the highly Hg-impacted confined 

environment of the Val Noghera fish farm in the Marano and Grado Lagoon (Italy) and 

on the open marine coastal area of the Bay of Piran (Slovenia), the latter chosen as a 

relative pristine area of the northernmost part of the Adriatic Sea. The main aim of the 

study was to investigate how the different degree of Hg contamination and the different 

hydrodynamic conditions found at the two selected sites affect the magnitude of 

gaseous exchanges of Hg between the water and the atmosphere in different seasons 

(summer, autumn, spring). Moreover, the results provide evidences about the ability of 

these gaseous exchanges to limit the burden of Hg in the water column and about the 

possibility to enhance this process through a higher hydrodynamims at the fish farm as 

a mitigation strategy for Hg contamination. 

 

2. The second manuscript, entitled “Gaseous mercury exchange from water-air interface 

in differently impacted freshwater environments” has been published by the journal 

International Journal of Environmental Research and Public Health. The manuscript is 

focused on the evaluation of the impact of legacy Hg contamination on present day Hg0 

fluxes at the water-air interface in impacted freshwater environments, also investigating 

the possible differences related to the different contamination source. For this purpose, 

two sites were selected: the Solkan Reservoir (Slovenia) along the Isonzo River for Hg 

contamination of mining origin and the Torviscosa Dockyard (Italy), near the former 
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local chlor-alkali plant, for contamination of industrial origin. Measurements were 

conducted over the diurnal period in different seasons (summer, autumn, spring) to 

elucidate the variability of the evasion under different conditions. A third site with no 

known Hg sources, the Cavazzo Lake (Italy), was selected as natural background of 

this area. Moreover, the influence of variable physico-chemical conditions of the water 

column at the various sites on Hg0 releases was also assessed. This study provides 

further data about the fate of Hg supplied to these aquatic environments decades after 

the phase out of the primary contamination sources. 

 

3. The third manuscript, entitled “Gaseous mercury evasion from bare and grass-covered 

soils contaminated by mining and ore roasting (Isonzo River alluvial plain, 

Northeastern Italy)” has been published by the journal Environmental Pollution. The 

manuscript provides the first direct evidences about secondary releases of Hg0 at the 

soil-air interface in 6 selected sites along the Isonzo River alluvial plain. These sites are 

characterised by a different degree of Hg contamination of the soil as a result of 

historical flooding events of the Isonzo River, which lead to a widespread dispersion of 

Hg-contaminated material coming from the upstream Idrija Hg mining district 

(Slovenia). Fluxes of Hg0 were measured in different seasons (summer, autumn, winter) 

to elucidate the temporal variability of the evasion. The influence of soil physico-

chemical characteristics and Hg total concentration and speciation was also evaluated. 

Finally, measurements were taken from both bare and grass-covered soil plots, 

providing information about the importance of the presence of vegetation and its 

growing stage on limiting Hg0 effluxes to the atmosphere and the possible use of 

vegetation as a cost-effective mitigation strategy for Hg contaminated terrestrial sites. 

 

4. In the last part of this chapter, the atmospheric concentrations of Hg0 (in this case 

operationally defined GEM: Gaseous Elemental Mercury) recorded during sampling 

activity performed at all sites investigated in the previous parts are briefly reported. The 

aim of these measurements was to assess the level of GEM in the atmosphere at these 

sites in order to understand if they can be influenced by the releases from the 

investigated contaminated surfaces.  

 

 



73 
 

3.2 Article I: Hg0 fluxes at water-air interface in coastal environments 
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Abstract 

Coastal aquatic environments are particularly vulnerable to mercury (Hg) pollution as they are 

potentially subject to relevant supplies from direct discharges and riverine transport. The 

formation of dissolved gaseous mercury (DGM) and its subsequent evasion into the atmosphere 

can reduce the amount of Hg in the water column. The northern Adriatic Sea is well known for 

Hg contamination largely due to historical Hg mining which took place in Idrija (Slovenia). In 

this work, the diurnal patterns of both DGM production and gaseous Hg fluxes at the water-air 

interface were seasonally evaluated in two selected environments within this area, a highly Hg-

impacted, confined fish farm (VN: Val Noghera, Italy) and an open coastal zone less impacted 

by Hg inputs (PR: Bay of Piran, Slovenia). Substantial DGM production was observed at VN 

(range=126.0-711.3 pg L-1) driven by both strong photoreduction and possibly dark biotic 

reduction, resulting in higher values in spring and summer and comparable concentrations 

throughout both day and night. Significantly lower DGM was observed at PR (range=21.8-

183.4 pg L-1). Surprisingly, comparable Hg fluxes were found at the two sites (range VN=7.43-

41.17 ng m-2 h-1, PR=0-81.49 ng m-2 h-1), likely due to enhanced gaseous exchanges at PR 

thanks to high water turbulence and to the strong limitation of evasion at VN by water 

stagnation and competition with high DGM oxidation in saltwater. Slight differences between 

the temporal variation of DGM and fluxes further confirmed that Hg evasion is more controlled 

by factors such as water temperature and mixing conditions than DGM concentrations alone. 

These results indicate that static water conditions should be avoided, as by limiting 

volatilisation they can increase the amount of Hg retained in water which may be available for 

methylation and trophic transfer, mostly in marine impacted coastal sites where oxidation to 

ionic Hg may be favoured.  

 

Keywords: Idrija mercury mine; mercury evasion; fish farm; flux chamber; water-air 

exchange 
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1. Introduction 

 

Mercury (Hg) is a toxic element which occurs naturally under different inorganic and organic 

forms in every environmental compartment, at least at relatively low concentrations (Beckers 

and Rinklebe, 2017). A peculiarity of this metal is the high vapour pressure and low solubility 

of its elemental form, often referred to as gaseous elemental mercury (Hg0 or GEM). This 

specie usually represents more than 90% of the Hg occurring in the atmosphere and can persist 

for more than 1 year in this compartment (Ariya et al., 2015; Ren et al., 2016; Saiz-Lopez et 

al., 2018). This long residence time allows Hg0 to be subject to long-range atmospheric 

transport before being removed through dry or wet depositions mostly after oxidation to the 

more soluble ionic form (Hg2+) (Ariya et al., 2015; Custodio et al., 2020; Zhang et al., 2012). 

Moreover, after deposition, Hg2+ can be reduced to Hg0 and re-emitted into the atmosphere, 

further enhancing its dispersion throughout the environment (Fitzgerald et al., 1998; Strode et 

al., 2007; Zheng and Hintelmann, 2009). Historical emissions related to various anthropogenic 

activities (e.g. mining, coal combustion, metal production, … (UNEP, 2019)) have contributed 

to significantly increase the amount of Hg involved in these exchanges compared to pre-

industrial levels (Enrico et al., 2017; Mason and Sheu, 2002). As a result, Hg pollution has 

been recognised as a global concern by the Minamata Convention in 2013 (Selin et al., 2018). 

 

Aquatic ecosystems are particularly sensitive to Hg pollution due to the possible conversion of 

inorganic Hg to the organic form methylmercury (MeHg), which can be easily bioaccumulated 

and biomagnified in food webs and can have notable toxic effects on biota and humans mainly 

on the nervous system (Díez, 2009; Morel et al., 1998). MeHg is mainly produced in anoxic 

sediments and water layers by several microorganisms (Fitzgerald et al., 2007; Parks et al., 

2013), although several pathways for Hg methylation, even in oxic water layers, have recently 

been identified (Wang et al., 2022). Moreover, coastal and marginal sea environments are 

considered more vulnerable to Hg pollution as they represent hot spots for Hg methylation due 

to both the high Hg loadings related to both atmospheric depositions and direct riverine inputs 

(Amos et al., 2014; Kotnik et al., 2015; Xue et al., 2019) and the high nutrient concentrations 

along with rates of microbial activity (Hammerschmidt and Fitzgerald, 2004).  

The formation of Hg0 and subsequent evasion at the water-air interface can represent a relevant 

pathway for reducing the amount of Hg2+ available for methylation into the aquatic 

environment (Horvat et al., 2003). Considering that Hg0 is the largely predominant constituent 

of the volatile Hg fraction in water, with volatile organic dimethylmercury (DMeHg) occurring 
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only at extremely low concentrations in deep water layers and rarely detected in surface waters 

(Black et al., 2009; Cossa et al., 2009; Kotnik et al., 2017), hereafter it will be referred to as 

DGM (Dissolved Gaseous Mercury), commonly used to indicate the operationally defined 

gaseous Hg fraction in water. In surface seawater, DGM is produced through abiotic 

(photochemical) and biotic reduction of Hg2+ (Amyot et al., 1997; Kuss et al., 2015; Qureshi 

et al., 2010), with photoreduction considered the dominant pathway due to its higher rates 

(Soerensen et al., 2010). An important control on photoreduction rates is exerted by dissolved 

organic matter (DOM), which, depending on its concentration and structure, can: i) promote 

reaction rates acting as a photosensitiser, particularly if it is rich in chromophores (Costa and 

Liss, 1999; Fantozzi et al., 2007), ii) form strong complexes with Hg2+ due to its high affinity 

for reduced sulphur groups (e.g. thiols), rendering it non-photoreducible (O’Driscoll et al., 

2018), iii) reduce light penetration through the water column and the efficacy of photochemical 

reactions (Castelle et al., 2009). Moreover, DGM can be produced even in the absence of light 

through “dark reduction” reactions mediated by microbial activity (Fantozzi et al., 2009) or by 

interaction with a particular fraction of organic matter (OM) e.g. humic substances (Allard and 

Arsenie, 1991). These processes are generally more important in deep water layers and 

sediments (Amyot et al., 1997; Lepak et al., 2021). However, DGM in water can be re-oxidised 

to non-volatile Hg2+ mainly through photochemical reactions occurring at the same time as 

photoreduction (Whalin et al., 2007) and enhanced in salt water by the presence of halides (e.g. 

Cl-, Br-) (Ci et al., 2016). When the balance between production through reduction and losses 

through oxidation leads to a super-saturation of DGM in surface water, evasion into the 

atmosphere can take place (Southworth et al., 2007) as a function of both DGM availability 

and physical forcing such as temperature, water turbulence, mixing or currents (Lindberg and 

Zhang, 2000; Sharif et al., 2013). 

 

The northernmost part of the Adriatic Sea (Gulf of Trieste, Italy) is one of the coastal marine 

areas most impacted by anthropogenic releases of Hg in the world (Fitzgerald et al., 2007). The 

main source of Hg in this area is the transport of Hg-enriched sedimentary material by the 

Isonzo River as a consequence of the dispersion into the environment of large amounts of this 

element (>35,000 t, Dizdarevič, 2001; Gosar et al., 1997)) due to historical cinnabar mining in 

Idrija (Slovenia) which lasted for approximately 500 years (Covelli et al., 2001). As a result of 

the erosion and leaching of contaminated surfaces, the Isonzo River still carries notable 

amounts of Hg into the Gulf of Trieste, even 25 years after the mine closure, mostly after 

intense rain events (Covelli et al., 2007; Baptista-Salazar et al., 2017). At the mouth of the 
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Isonzo River, the contaminated material is diverted westward by the prevalent anticlockwise 

water circulation of the Gulf and enters the Marano and Grado Lagoon, where Hg can 

accumulate in sediments mainly in the eastern section (Acquavita et al., 2012). A second 

anthropogenic source of Hg is related to past uncontrolled discharges from the 1940s to the 

1980s of processing and seepage wastewaters from a chlor-alkali plant (Torviscosa, Italy) into 

the Aussa River and consequently into the lagoon (Covelli et al., 2009). Mercury contamination 

of this lagoon is of particular concern considering that traditional aquaculture in the form of 

fish farms cover approximately 14% of its area (Acquavita et al., 2015). These fish farms are 

closed environments, isolated from the rest of the lagoon by man-made embankments, having 

only limited water exchanges with the external lagoon (Petranich et al., 2018a).  

 

At present, only limited information restricted to the daylight hours exists regarding Hg0 

exchanges at the water-air interface in this area (Floreani et al., 2019). Understanding the 

processes that control Hg speciation and gaseous exchanges at the water-air interface in coastal 

areas subject to notable Hg supplies related to anthropogenic activities is of particular interest 

in order to evaluate the ability of gaseous exchange to reduce the burden of Hg available to 

methylation and trophic transfer, mostly in environments characterised by limited water 

exchanges. In-depth knowledge of these processes may also be useful to better assess the 

impact of Hg pollution on ecosystems and human health, also helping define possible 

mitigation strategies (Bouchet et al., 2011; Clarke et al., 2023; Hsu-Kim et al., 2018). The 

purpose of this work is to further improve the understanding of Hg cycling in this contaminated 

area through the parallel evaluation of DGM dynamics and Hg0 fluxes over the entire diurnal 

cycle during different periods of the year. Both a highly impacted and confined area (the Val 

Noghera fish farm in the Marano and Grado Lagoon, Italy) and a quasi-pristine open coastal 

zone of the Gulf of Trieste (the Bay of Piran, Slovenia) less subjected to riverine Hg inputs 

(Fig.1) were selected in order to understand the impact of the degree of contamination and 

different hydrodynamic conditions on Hg0 production and evasion. The expected results will 

provide further information regarding DGM production in this area and its connection with Hg0 

exchange and on the main factor influencing the variability of these processes. 
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2. Materials and Methods 

 

2.1 Environmental settings 

The Val Noghera fish farm is located in the central part of the Marano and Grado Lagoon 

(Northern Adriatic Sea, Italy), one of the best preserved wetland transitional environments in 

the entire Mediterranean area, covering an area of approximately 160 km2 between the 

Tagliamento and Isonzo River deltas (Fig. 1).  

 

Figure 1: study area and sampling sites (satellite images from Bing). 

The Val Noghera fish farm extends over a total area of 2.7 km2, most of which is occupied by 

shallow waters and saltmarshes, having become a habitat for many bird species. The fish farm 

is divided into two main sectors: the eastern part (2.1 km2) was created in the 1960s and is still 

used for aquaculture, with active water recirculation through sluice gates, whereas the western 

part (0.6 km2), dating from the early 19th century, is no longer used for fishing and is 

characterised by extremely limited water recycling and recirculation. More details about the 
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hydrogeology and management of these environments have been reported in previous works 

(Petranich et al., 2018a, 2018b). Our sampling site (VN) is located in a channel of the older 

sector of the fish farm, characterised by a relatively shallow water column (~2 m) and Hg 

concentrations in sediments ranging between 2.15 and 5.10 mg kg-1 (Petranich et al., 2018b).  

The Bay of Piran is a semi-enclosed area located in the southern part of the Gulf of Trieste, 

close to the border between Slovenia and Croatia (Fig. 1), and covers an area of approximately 

19 km2. It is a typical marine area with a maximum depth of ~15 m, influenced by the irregular 

supply of freshwater  from the Dragonja River to its inner sector, with an average discharge of 

4 m3 s-1 (Cozzi et al., 2012; Ogorelec et al., 1991; Pavoni et al., 2020). Thanks to the limited 

Hg supplies from the northern part of the Gulf, the concentrations of this metal reported for 

sediments of the bay are relatively low (<0.5 mg kg-1, Covelli et al., 2001; Faganeli et al., 

1991). Measurements at this site (PR) were performed in the northern part of the bay near the 

local Marine Biology Station. 

The climate of the area can be defined as oceanic mesotemperate (Pesaresi et al., 2014) with 

relatively warm temperatures throughout the entire year with occasional droughts in summer. 

Sea breezes blowing from the north-east during the night and morning (2-3 m s-1) and from the 

sea in the afternoon (3-4 m s-1) strongly affect the temperature regime (ARPAFVG-OSMER, 

2014) together with the occurrence of a strong north-easterly Bora wind, mostly during winter 

(Boldrin et al., 2009). The highest water temperatures are observed in July, reaching values 

above 30°C inside the lagoon (Ferrarin et al., 2010).  

 

2.2 Sampling strategy 

Three distinct sampling campaigns to determine Hg0 fluxes at the water-air interface were 

performed for both sites during the period of the year characterised by higher UV irradiation 

and temperature, which may favour the gaseous exchanges of Hg between the aquatic and 

atmospheric compartment (Cizdziel et al., 2019; Ferrara et al., 2000; Nerentorp Mastromonaco 

et al., 2017). More specifically, measurements were performed during late spring (VN: May 

2022; PR: June 2021), summer (VN: August 2020; PR: August 2019) and autumn (VN: 

November 2020, PR: November 2021), whereas no measurements were carried out in winter 

due to logistical difficulties; however, previously published data report that Hg0 emission 

during the winter period in these sites might be relatively low compared to those observed in 

other seasons (Floreani et al., 2019). The variation of Hg0 fluxes during the entire 24h period 

was assessed by means of a floating flux chamber (FC), taking 11 to 14 distinct sets of 

measurements at regular time intervals of ~2 h during each sampling campaign. It was, 
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however, sometimes necessary to lengthen this time interval at the Piran site due to the 

relatively high wave motion observed in situ, a condition not suitable for the application of the 

adopted experimental approach (Bagnato et al., 2013; Fantozzi et al., 2007).  

Continuous measurements of incident UV radiation in the wavelength band between 250 and 

400 nm, recognised as the most effective in promoting Hg photoreduction (Amyot et al., 1997; 

Qureshi et al., 2010), were conducted using a specific sensor (SU-420, Apogee Instruments, 

Logan, UT, USA) installed at a height of ~2 m near sampling points in unshaded areas. The 

sensor has a resolution of 0.1 W m-2 and recorded 1 data per minute as an average of the value 

of the readings taken every 1 sec. Average UV intensity, corresponding exactly to the duration 

of every single flux measurement, was then calculated. Air temperature and relative humidity 

were monitored in the field through a portable thermohygrometer (HI9565, Hanna Instruments, 

Padova, Italy). 

The main physico-chemical parameters of the surface water layer (temperature, pH, oxidation-

reduction potential (ORP), conductivity, salinity, and dissolved oxygen (DO2)) were monitored 

in parallel with Hg0 flux measurements by means of a portable multiprobe meter (HI98194, 

Hanna Instruments, Padova, Italy). 

After each flux measurement, surface water samples were collected for the determination of 

DOC, total dissolved Hg (THgD), and DGM concentrations. Aliquots for the determination of 

DOC (V=5 mL) were filtered through pre-combusted (450°C) glass microfiber filters 

(Whatman GF/F, 0.8 μm pore size) and collected in glass containers, whereas mixed cellulose 

ester membrane filters (Millipore Millex HA, 0.45 μm pore size) were used to collect water 

samples for THgD analysis (V=100 mL) in pre-conditioned borosilicate bottles, immediately 

oxidised through the addition of 0.5 mL of bromine chloride (BrCl). All samples were stored 

in the dark and transported to the laboratory, where the aliquots for THgD were stored at 4°C, 

whereas aliquots for DOC determination were frozen until analysed. Finally, DGM 

concentrations were determined following incubation in the field of 1 L unfiltered water 

samples as reported hereafter.  

 

2.3 Analytical determinations 

Concentrations of DOC were determined by means of a Total Carbon Analyzer TOC-L 

(Shimadzu, Japan) using a high-temperature catalytic method (Sugimura and Suzuki, 1988). 

Instrument calibration was performed using potassium phthalate, whereas quality control was 

ensured by the analysis of certified surface seawater reference material (Consensus Reference 

Material, Hansell lab-University of Miami, Florida). The method is characterised by a precision 
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of < 3% expressed as %RSD. 

The determination of THgD was conducted by means of a specific detector (Mercur, Analytik 

Jena, Jena, Germany) after a pre-reduction of the sample with NH2OH-HCl (30%, 0.25 mL) 

followed by a reduction with SnCl2 2% in HCl 4% using the cold vapour atomic fluorescence 

spectrometry technique (CV-AFS), in accordance with EPA Method 1631e (United States 

Environmental Protection Agency, 2002). Instrument calibration was performed by generating 

a calibration curve from NIST 3133 certified reference solution at different dilution levels. The 

limit of detection (LOD) and the limit of quantification (LOQ) calculated on the basis of the 

standard deviations of ten reagent blanks were 0.69 ng L-1 and 2.31 ng L-1, respectively.  

The method employed for DGM determination has been extensively described elsewhere 

(O’Driscoll et al., 2019). Briefly, the 1 L aliquots were gently transferred to a borosilicate 

bubbler and continuously bubbled for 15 min in a closed loop circuit under low light conditions, 

creating an equilibrium between aqueous DGM and Hg0 in the headspace. This allows for the 

rapid extraction of DGM from the water (>90% of DGM with sparging time of 5 min 

(O’Driscoll et al., 2003)). The bubbler was connected with a real-time Hg0 analyser (Lumex 

RA915M, Lumex Instruments, St. Petersburg, Russia) which was used to maintain the air flow 

through the bubbler by means of the Lumex internal pump and to record Hg0 concentrations in 

the air in the headspace. The Lumex analyser is based on the atomic absorption 

spectrophotometry technique with Zeeman correction for background absorption and high 

frequency modulated light polarisation (ZAAS-HFM; Sholupov et al., 2004). The instrument 

allows for the determination of gaseous Hg in air in a wide range of concentrations (from 2 to 

30,000 ng m-3) with an accuracy of 20%. The instrument is calibrated annually by the parent 

company and calibration was controlled in the field by a self-checking program measuring 

gaseous Hg in an internal accessory cell containing a known quantity of Hg: the obtained 

relative deviations were always less than ±6%. DGM concentrations were calculated using the 

air Hg0 concentrations at equilibrium and the dimensionless Henry’s law constant in function 

of the temperature of the water sample (Andersson et al., 2008; O’Driscoll et al., 2019). The 

system was checked through blanks performed by bubbling MilliQ water, resulting in Hg0 

concentrations in air lower than the LOD of the Lumex Instrument (2 ng m-3).  
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2.4 Hg0 fluxes at the water-air interface 

For the assessment of Hg0 fluxes at the water-air interface, a Plexiglas floating FC coupled 

with the Lumex analyser was employed following the approach described by Bagnato et al. 

(2013). Briefly, the chamber is open at the bottom to allow the diffusion of Hg0 from the 

confined sea surface and has a square base of 50x50 cm and an overall height of 80 cm. For 

the determination of Hg0 fluxes, the FC was mounted on a floating board of sintered expanded 

polystyrene incorporated into an aluminium structure. The FC was manually lowered onto the  

surface of the water with the lower edges immersed 30 cm in the water in order to avoid the 

entry of air from outside the chamber by ensuring a tight seal with the surface of the sea 

(Bagnato et al., 2013). During measurements, the headspace of the chamber was constantly 

flushed through the Lumex internal pump at its specific constant rate of approximately 10 L 

min-1. This rate is high enough to avoid an excessive build-up of Hg0 concentrations in the 

enclosed air which can suppress the evasion from the water surface (Eckley et al., 2010; 

Floreani et al., 2022), and Hg0 concentrations inside the FC were continuously recorded (1 s 

interval). After FC deployment, internal Hg0 concentrations reached a steady-state within 

approximately 10 min, and FC was removed from the surface of the sea after each sampling. 

The relatively short sampling time allowed for a reduction in the influence of FC on the 

microenvironment near the sea surface, as long deployment times can modify ambient 

conditions near the surface enclosed by the chamber leading to biases in flux estimations 

(Eckley et al., 2010; Zhu et al., 2016). 

The achieved equilibrium concentrations (Co), corrected for the initial Hg0 amount in air 

entering the chamber (Ci), were used for the calculation of fluxes (F) according to Eq. (1) 

(Bagnato et al., 2013; Kalinchuk et al., 2021): 

 𝐹 = (𝐶𝑜−𝐶𝑖) 𝑄𝐴                                                                  (1) 

 

where Q is the air flow rate through the chamber (in m3 s-1) and A is the basal area of the 

chamber (0.25 m2). The QA/QC protocol involved the use of blanks performed in the field by 

placing the chamber on a clean white polycarbonate surface which showed negligible values 

and internal Hg0 concentrations close to the Lumex limit of detection (2 ng m-3). Before and 

after each sampling campaign the chamber was cleaned with a diluted laboratory detergent and 

carefully rinsed several times with MilliQ water. 
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2.5 Statistical analysis 

For statistical analysis, R Software 4.1.3 (R Foundation for Statistical Computing, Vienna, 

Austria) and the ggplot2 package (Wickham et al., 2016) were used. The normal distribution 

of data was assessed using the Shapiro-Wilk test. As sample data were found to be not normally 

distributed, the non-parametric Kendall rank correlation coefficient was used to evaluate the 

strength of the associations between variables. Furthermore, the non-parametric Kruskal-

Wallis test (K-W) was utilised to assess the occurrence of statistically significant differences 

between two or more groups of independent variables. If statistically significant differences 

were found, Dunn’s post-hoc test was performed to identify which groups of data differed. 

 

3. Results and Discussion 

 

A summary of data collected during the different sampling campaigns at both selected sites is 

depicted in Table 1. There were optimal weather conditions throughout sampling days, with 

only an intermittent light cloud cover during morning periods of summer sampling at VN, 

which did not significantly affect the incident UV radiation recorded during flux 

measurements, and a short rain event at 2:00 am during summer at PR.  

 

3.1 Total dissolved mercury (THgD) 

Dissolved Hg concentrations in the surface water at VN were significantly higher (K-W, 

p<0.0001) than those observed at PR in all seasons. Overall, THgD concentrations at VN ranged 

between 5.18 and 30.95 ng L-1 (average=13.38±6.64 ng L-1, n=40): these values are within the 

range previously reported for this area (3.39-71.46 ng L-1) (Floreani et al., 2019) and below the 

European Environmental Quality Standard (EQS) for Hg in surface water (70 ng L-1, Directive 

2008/105/CE). The highest THgD concentrations were recorded in summer and the lowest in 

autumn (Fig. S1a), likely as a result of diffusive effluxes of Hg species from contaminated 

sediments into the water column as a function of temperature or release from the degradation 

of organic matter (Cossa et al., 2009; Covelli et al., 2008; Schartup et al., 2015) previously 

observed at this site (Petranich et al., 2018b). These effluxes may have influenced THgD 

concentration in the entire water column due to shallow depth (~2 m), resulting in irregular 

fluctuations of THgD during sampling periods. Conversely, THgD concentrations at PR were 

less variable than those found at VN and usually < 5 ng L-1 (average=1.97±1.24 ng L-1, n=35), 

with only one sample exceeding this amount (spring t0: THgD=6.45 ng L-1). At this site, no 

significant differences were observed between values found in the various seasons (Fig. S1b).  
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Table 1: Summary of data collected during the sampling campaigns at the selected sites. Data are reported as mean±SD (min-max); n.a.=not available. Wind data provided 

as hourly averages by Weather Forecast Regional Observatory of Friuli Venezia Giulia region (OSMER-ARPA FVG) and Slovenian Environmental Agency (ARSO) through 

database OMNIA (http://www.meteo.fvg.it/). 

 Val Noghera (VN) Bay of Piran (PR) 

 Summer (n=13) Autumn (n=14) Spring (n=13) Summer (n=11) Autumn (n=13) Spring (n=12) 

Air temp. (°C) 25.2±4.2 
(19.7-32.5) 

13.8±5.7 
(8.3-21.9) 

21.4±4.3 
(15.5-27.8) 

21.0±3.7 
(16.0-25.2) 

11.5±3.6 
(7.5-17.3) 

22.1±3.6 
(17.6-28.5) 

UV radiation (W m-2) 
15.3±18.0 
(0.0-49.3) 

6.4±8.2 
(0.0-19.8) 

20.7±20.5 
(0.0-50.4) 

15.7±16.6 
(0.0-47.7) 

3.8±5.0 
(0.0-12.6) 

16.6±19.8 
(0.0-48.8) 

Wind speed (m s-1) 
2.6±1.6 
(0.4-5.4) 

1.6±1.0 
(0.1-3.6) 

1.7±1.2 
(0.2-4.0) 

2.3±0.7 
(1.1-3.4) 

3.3±1.1 
(1.5-5.2) 

2.6±1.1 
(0.6-4.2) 

Water temp. (°C) 
25.31±0.78 

(24.31-26.55) 

13.16±0.78 
(11.97-14.42) 

23.68±1.44 
(21.35-26.11) 

24.45±0.62 
(23.50-25.80) 

15.38±0.44 
(14.87-16.14) 

22.42±0.47 
(21.93-23.28) 

Salinity (PSU) 
38.48±0.23 

(37.85-38.74) 

24.13±0.25 
(23.37-24.40) 

35.19±0.09 
(34.98-35.32) 

34.73±0.60 
(34.00-35.50) 

35.74±0.22 
(35.26-36.03) 

37.90±0.37 
(37.31-38.51) 

Dissolved O2 

(mg L-1) 
5.88±1.37 
(4.15-8.32) 

7.97±0.44 
(6.93-8.41) 

6.55±1.35 
(4.01-8.38) 

5.45±0.80 
(5.08-5.90) 

8.52±0.35 
(7.55-8.93) 

6.28±0.36 
(5.72-6.92) 

DOC (mg L-1) 
10.7±0.7 

(10.1-12.0) 

5.7±0.4 
(5.1-6.5) 

n.a. n.a. 
1.4±0.2 
(1.2-1.9) 

1.8±0.3 
(1.5-2.5) 

THgD (ng L-1)  
21.07±4.38 

(15.38-30.95) 

7.26±2.39 
(5.18-14.92) 

12.27±2.99 
(7.69-19.08) 

1.36±0.43 
(0.80-2.10) 

2.29±1.34 
(< 0.69- 4.31) 

2.00±1.50 
(0.91-6.45) 

DGM (pg L-1) 
253.4±45.7 

(176.9-367.3) 
179.1±27.7 

(126.0-224.2) 
430.2±134.0 
(243.5-711.3) 

42.0±12.9 
(28.6-68.7) 

29.7±8.0 
(21.8-52.6) 

107.5±37.1 
(65.5-183.4) 

DGM/TDHg (%) 
1.14±0.22 
(0.81-1.59) 

2.61±0.63 
(1.12-3.42) 

3.57±0.93 
(1.66-5.43) 

2.90±1.18 
(0.53-4.89) 

1.91±1.46 
(0.55-6.07) 

6.70±3.19 
(2.35-12.08) 

Hg0 flux 
(ng m-2 h-1) 

21.35±6.81 
(9.42-34.38) 

12.25±4.32 
(8.04-24.72) 

23.60±10.85 
(7.43-41.17) 

36.58±25.15 
(2.25-81.49) 

11.32±9.85 
(0.0-38.42) 

18.37±22.01 
(2.38-79.96) 
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Moreover, a THgD concentration of 10.40 ng L-1 was detected in summer in the sample 

collected at 07:30 am, which can be considered an outlier (p<0.05, Dixon Q test) and was not 

used for further elaboration. These concentrations are higher than the average THgD estimated 

for the surface water of the Mediterranean Sea (0.17±0.05 ng L-1) (Cossa et al., 2022) and are 

comparable to the values reported for the Gulf of Trieste (0.12-4.90 ng L-1) (Faganeli et al., 

2003), but are generally lower than those observable in the northern part of the Gulf near the 

mouth of the Isonzo River (0.46-15.4 ng L-1) (Covelli et al., 2006), more affected by the riverine 

Hg inputs from drainage from the area around Idrija (Faganeli et al., 2003). 

 

3.2 Dissolved gaseous mercury (DGM) 

The concentrations of DGM at the fish farm site varied between 126.0 and 711.3 pg L-1 

(average=278.5±135.1 pg L-1, n=40) and were comparable to those previously reported for this 

site (200.3-321.5 pg L-1) (O’Driscoll et al., 2019) and for the open Marano and Grado Lagoon 

(17.3-795.0 pg L-1) (Emili et al., 2012). As expected, DGM concentrations encountered at Piran 

were significantly lower than those obtained at VN in every season (K-W, p<0.0001) and 

ranged between 21.8 and 183.4 pg L-1 (average=59.4±41.4 pg L-1, n=36), in good agreement 

with values previously recorded in another study conducted near our sampling station (33.2-

168.0 pg L-1) (Kotnik et al., 2022) and within the range reported in the literature for the Gulf 

of Trieste (40-860 pg L-1) (Andersson et al., 2007; Bratkič et al., 2013; Covelli et al., 2006; 

Kotnik et al., 2015).  

The higher DGM concentrations found at VN are undoubtedly related to the higher degree of 

Hg contamination at this site, resulting in higher THgD concentrations and the subsequent 

greater abundance of Hg forms available for the conversion to DGM. The weak but positive 

correlation observed between THgD and DGM concentration at VN (τ=0.30, p<0.01, n=40) 

may confirm a common source of these two species or that THgD is the substrate for DGM 

formation (Marumoto and Imai, 2015). Conversely, no relationship between these two 

parameters was detected at PR likely due to the relatively constant THgD concentrations 

recorded at this site. However, DGM accounted for only a relatively small portion of THgD 

(0.81-5.43% at VN and 0.53-12.08% at PR) in agreement with percentages reported in other 

studies (Cheng et al., 2019; Conaway et al., 2003; Kotnik et al., 2015; Soerensen et al., 2013; 

C. Wang et al., 2020) and consequently even the relatively low THgD concentrations recorded 

at PR did not likely represent a limiting factor for DGM production (Castelle et al., 2009). 

DGM concentrations found in this work are generally higher than those reported in the 

literature for other coastal areas subject to lower Hg supplies than the Gulf of Trieste, such as 
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the Tagus Estuary (13.4-40.0 pg L-1) (Cesário et al., 2017a), Arcachon Bay (5-193 pg L-1) 

(Bouchet et al., 2011), the Gironde Estuary (2-150 pg L-1) (Castelle et al., 2009), and the Thau 

Lagoon (15.1-63.1 pg L-1) (Sharif et al., 2013).  

At both sites, significant differences were observed between DGM concentrations determined 

during the various seasons, with maximum and minimum values recorded during spring and 

autumn sampling, respectively (Fig. 2a, S2).  

 

Figure 2: overall average values over the various seasons of (a) DGM concentrations and (b) Hg0 fluxes in the 

two selected sampling sites, Val Noghera fish farm (VN) and the Bay of Piran (PR). 

It must be emphasised that spring measurements were performed late in the season and thus 

characterised by relatively high values of both UV radiation and water temperature, comparable 

to those recorded in summer (Table 1), which likely promoted higher DGM production. This 

hypothesis may be supported by the overall weak positive relationships found between DGM 

concentrations and incident UV radiation at both sites (VN: τ=0.24, p<0.05, n=40; PR: τ=0.40, 

p<0.001, n=36 Fig. S3). Taking into consideration data recorded during daylight hours, slightly 

better relationships were observed (VN: τ=0.42, p<0.01, n=23; PR: τ=0.42, p<0.01, n=20) 

further confirming the role of UV irradiation on DGM production. Many studies observed the 

occurrence of highest seasonal DGM concentration during period of high insolation and 

temperatures, promoting both photochemical and biotic reduction (Baeyens and Leermakers, 

1998; Ci et al., 2011; Rolfhus and Fitzgerald, 2001; Wang et al., 2016; C. Wang et al., 2020). 

It is widely accepted that photoreduction is a key process in the formation of DGM in surface 

waters (Ci et al., 2016; Costa and Liss, 1999; Lanzillotta et al., 2002; Soerensen et al., 2013) 

and that UV radiation wavelengths are the most effective in promoting this reaction (Amyot et 

al., 1997; Lee et al., 2019). Various mechanisms have been proposed for the photochemical 
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reduction of Hg2+, including direct photolysis and secondary photochemical processes 

mediated by photo-produced reducing agents (e.g. oxygen radical species) or by ligand-metal 

charge transfer in Hg-DOM complexes (Luo et al., 2020).  

The interaction between Hg and DOM plays a key role in the activation of photochemical Hg2+ 

reduction, as a relevant fraction of the photoreducible Hg2+ present in the water column could 

be associated with functional groups of DOM in weakly bound complexes (O’Driscoll et al., 

2018; Zheng and Hintelmann, 2009): if it is rich in chromophoric groups, DOM can absorb 

incident radiation and transfer its energy to adsorbed Hg2+, favouring its reduction (Costa and 

Liss, 1999; Fantozzi et al., 2013, 2007). As a result, an increase in DOM concentration can 

promote the photo-induced formation of DGM, especially at low THgD/DOC ratios (Z. Wang 

et al., 2020) such as those observed in this study and confirmed by the positive relationships 

found between DOC and DGM concentrations both at VN and PR (VN: τ=0.44, p<0.01, n=27, 

n=; PR: τ=0.37, p<0.05, n=25, Fig. S3). However, modification of DOM related to 

photobleaching might reduce this effect over time as a result of a progressive increase in the 

relative abundance of thiol functional groups and of the proportion of Hg2+ strongly bound to 

these sites, less available to photoreduction (Luo et al., 2020). This may help explain the 

seasonal trend in DGM concentration progressively decreasing from late spring to late autumn 

particularly at site VN, characterised by higher DOC concentrations in the water (Tab. 1) likely 

because of OM degradation, efflux from sediments and the excretion of photosynthetases 

(Petranich et al., 2018a). This is in agreement with a progressive decrease in Hg2+ 

photoreduction rates due to a progressive DOM photobleaching, as observed in other studies 

(Amyot et al., 2004; Costa and Liss, 1999; O’Driscoll et al., 2022). Moreover, the strong 

mineralisation of organic matter occurring at this site (Petranich et al., 2018a) may also have 

contributed to enhance the reducible pool of Hg2+ in water (Schartup et al., 2015; Živković et 

al., 2022). The occurrence of strong OM mineralisation in the fish farm (VN) was likely 

confirmed by trends of DO2 concentrations, characterised by a progressive decrease during the 

afternoon and night until reaching moderate hypoxic conditions (DO2 < 5 mg L-1) in the early 

morning likely as a result of high oxygen consumption coupled with the low hydrodynamics 

typical of this site (De Vittor et al., 2012; Petranich et al., 2018a). This diurnal pattern was 

more evident during summer and spring measurements, whereas in autumn higher and less 

variable DO2 concentrations were observed coupled with relatively lower DOC concentrations. 

Considering the PR site, a recent study (Bratkič et al., 2018) found a peak in photochemical 

reduction during spring in the nearby waters of the Gulf of Trieste, which may explain the high 

spring DGM concentrations recorded in our work. A second peak in Hg2+ reduction was 
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identified in autumn and related to phytoplankton (diatomaceous) bloom and associated 

bacterial taxa which contain known Hg reducers such as Rhodobacteraceaea and 

Gammaproteobacteria; this autumn Hg2+ reduction peak may potentially explain the relatively 

high DGM observed in our study in November, only slightly lower than those found in summer 

(Fig. S2b). The overall positive relationship found in this study between DGM concentrations 

and water temperature can further support a link between DGM production and biological 

activity, whose rates are strongly related to temperature (Ahn et al., 2010; Chen et al., 2020). 

Microorganisms can contribute to DGM formation through both direct Hg2+ reduction and the 

excretion of exudates able to reduce Hg2+, sometimes after light activation (Lanzillotta et al., 

2004; Liang et al., 2022; Mason et al., 1995; Wu and Wang, 2014). Even though the relative 

importance of these two pathways is still poorly understood (Grégoire and Poulain, 2014; Liang 

et al., 2022), recent findings indicate that biotic mediated Hg2+ reduction with or without light 

account for a relevant fraction of DGM production in water (Kuss et al., 2015). Direct biotic 

Hg2+ reduction can occur even in the absence of light throughout the whole day and water 

column, consequently representing an important pathway for DGM production in bottom water 

layers and sediments (Fantozzi et al., 2009; Lepak et al., 2021; Poulain et al., 2004). This 

process is mainly catalysed by mercury reductase enzyme present in the cytoplasm of Hg-

resistant bacteria as a result of the expression of mer operon (Barkay et al., 2003). Considering 

the high Hg concentrations found at VN, the possible presence of Hg-resistant bacteria able to 

reduce Hg2+, previously documented for the nearby sediments of the Marano and Grado 

Lagoon (Baldi et al., 2012), could potentially explain the diurnal trend observed for DGM at 

this site, characterised in all seasons by DGM values during the night which were comparable 

to those observed during day (Fig. 3, S4a).  
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Figure 3: diurnal patterns of Hg0 fluxes, UV radiation, water and air temperatures, THgD, DGM, and dissolved 

oxygen (DO2) concentrations in the different seasons at Val Noghera fish farm (VN). 

The positive relationship between DGM concentration and water temperature found at this site 

(Fig. S3) may further confirm this hypothesis since temperature represents the primary control 

on Hg2+ dark reduction (Lamborg et al., 2021). However, it cannot be excluded that these 

relatively high nocturnal DGM concentrations are related to other processes, such as dark 

abiotic reduction mediated by organic matter (e.g. humic substances) or demethylation. Humic 

substances can directly reduce Hg2+ in the absence of light thanks to the interaction with 

reducing intermediates such as quinones (Allard and Arsenie, 1991; O’Driscoll et al., 2004; 

Vudamala et al., 2017), and this effect may have been favoured by the relative high DOC 

concentration observed at VN (Tab. 1). Moreover, previous studies have indicated that both 

reductive and oxidative demethylation could occur in VN sediments (Petranich et al., 2018b) 

producing either Hg0 or Hg2+ available for reduction. Finally, effluxes from anoxic sediments 

due to the dissolution of Hg adsorbent compounds such as iron or manganese hydroxides are 

also possible (Bouffard and Amyot, 2009), considering the shallow depth (~2 m) of the water 
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column at this site. Sediment benthic fluxes may have influenced also the amount of Hg2+ in 

the water column available for reduction as Hg can be released from sediments both in Hg2+ or 

Hg0 form (Acquavita et al., 2021). However, it should be noted that during the day DGM 

concentrations at VN roughly followed the pattern of UV radiation with a slight delay, 

confirming the previous observations made at this site (O’Driscoll et al., 2019) and indicating 

that under light conditions, the formation of DGM in the water column may be largely related 

to photo-induced processes. A better agreement between UV radiation and DGM variation was 

observed at the Bay of Piran (PR), with peak DGM concentrations observed in the central part 

of the day in all seasons and lower and relatively constant concentrations during the night (Fig. 

4, S4b), with minimum values recorded between 4 and 6 am.  

 

 

Figure 4: diurnal patterns of Hg0 fluxes, UV radiation, water and air temperatures, THgD, DGM, and dissolved 

oxygen (DO2) concentrations in the different seasons at the Bay of Piran (PR). Note differences in scale on the 

y-axis compared to the VN sampling station in Fig. 3. 
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These results further confirm the relevance of photochemical processes at this site. However, 

considering the higher hydrodynamics observed at PR compared to VN, it cannot be excluded 

that the irregular variability of DGM concentrations observed during the sampling periods 

could also be related to supplies from outside the bay (Kotnik et al., 2022), which can recharge 

or deplete the pool of volatile Hg available for evasion into the atmosphere. 

 

3.3 Hg0 fluxes at the water-air interface 

The Hg0 fluxes recorded at the Val Noghera (VN) fish farm during this study varied between 

7.43 and 41.17 ng m-2 h-1, with an overall average of 18.90±9.05 ng m-2 h-1 (n=40), whereas at 

Piran (PR) Hg0 emission showed a greater variability, ranging between 0 and 81.49 ng m-2 h-1 

with an overall average of 21.39±21.90 ng m-2 h-1 (n=36). Considering the significantly higher 

DGM concentrations observed at VN than at PR, the comparable and in some cases slightly 

higher fluxes calculated for this latter site were unexpected. This discrepancy may be explained 

by the different hydrodynamism of the selected sites. The PR site was located in an open coastal 

area subject to marked water turbulence due to waves and tides which could have favoured the 

release of Hg0 at the water-air interface extending the surface boundary layer (Ferrara et al., 

2000; Zappa et al., 2003). This enhancement is effective mostly when surface water is super-

saturated in DGM with respect to the atmosphere (Castelle et al., 2009) which is likely what 

occurred in this study taking into consideration both the measured DGM concentrations and 

the low atmospheric Hg concentrations usually occurring at this site (Floreani et al., 2019). 

Under these circumstances, gaseous exchanges can be more regulated by turbulent mixing 

conditions rather than the concentration gradient between the water and air (Lindberg and 

Meyers, 1995; Poissant et al., 2000). Moreover, spikes of high Hg0 emission at PR (81.49 ng 

m-2 h-1 at 6:30 pm in summer and 79.96 ng m-2 h-1 at 7:00 pm in spring) were recorded in 

parallel with increased wave motion observed in the field despite the low UV irradiation with 

the subsequent photo-production of DGM and the alteration of micro-environmental conditions 

caused by placing the FC, which should diminish the influence of turbulence (Bagnato et al., 

2013). This hypothesis could be confirmed by the relative good agreement between temporal 

patterns of Hg0 fluxes and surface current speeds recorded by oceanographic buoy Vida, 

located offshore near our sampling site (Bratkič et al., 2018) particularly in summer (Fig. 5). 

However, high current speeds not always resulted in increases in Hg0 fluxes, as observed e.g. 

for the last measure in summer. This could be explained by a different current direction which 

could have favoured a lower supply of Hg to our sampling site, as confirmed by the observed 

contemporary decrease in DGM concentration. Moreover, in spring the peak of Hg0 emission 
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corresponded with an increase in wave height, but the same effect was not observable in 

summer likely due to a lower availability of DGM. Unfortunately, oceanographic data are not 

available for the autumn campaign.  

 

 

Figure 5: diurnal patterns of Hg0 fluxes recorded at Bay of Piran in summer and spring and of surface current 

speeds and wave heights recorded at nearby oceanographic buoy Vida of Marine Biology Station of Piran. 

Conversely, VN site in the confined environment of the fish farm was characterised by 

extremely scarce water movement and the occurrence of stable surface layer conditions may 

have strongly limited Hg0 emissions (Osterwalder et al., 2021).  

The calculated fluxes are in good agreement with the estimated Hg0 emission rate for the 

Northern Adriatic Sea (28.4±4.7 ng m-2 h-1) (Andersson et al., 2007) and by far  exceed the 

estimated annual atmospheric depositions of Hg in this area (1.98-3.25 ng m-2 h-1) (Tomažič et 

al., 2018) or in nearby inland area of Iskrba (SLO) (wet deposition=0.34-1.14 ng m-2 h-1) 

(Sprovieri et al., 2017), confirming that these environments may represent a source of Hg for 

nearby coastal environments under favourable wind conditions (Barago et al., 2020; Wängberg 

et al., 2008). For example, Hg concentrations detected in lichens collected over the entire 

Marano and Grado Lagoon (Floreani et al., 2020) roughly followed the same spatial pattern of 

Hg contamination in sediments, further confirming that Hg0 evasion from the substrate can 

heavily impact the atmospheric level of this metal over our study area. Generally, Hg0 fluxes 

recorded in our study were comparable to those estimated for other coastal environments and 

marginal seas surrounded by notable anthropogenic sources of Hg (e.g. Augusta Bay, Italy; 

San Francisco Bay, USA; Minamata Bay, Japan; Yellow Sea, China; Tab. 2), highlighting the 

importance of the discharges of this metal from past human activities in promoting the 
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occurrence of high DGM concentrations in surface water and its subsequent release into the 

atmosphere. Moreover, fluxes calculated in this study are higher than those commonly reported 

for offshore areas (Tab. 2), where Hg amounts involved in exchanges between environmental 

compartments are generally lower than coastal areas due to lower supplies of this metal from 

river transport and/or direct anthropogenic discharges (Amos et al., 2014; Fitzgerald et al., 

2007; Marumoto and Imai, 2015). However, it must be stressed that comparison among Hg 

fluxes reported in different studies should be interpreted with great caution as a standard 

protocol for measurements does not yet exist (Eckley et al., 2010; Sommar et al., 2020). Hg0 

fluxes at the water-air interface can be directly evaluated through the use of FCs or computed 

through several gas-exchange models. In the first case, differences in size, shape, and turnover 

time of air inside the chamber could significantly affect the calculated flux value (Eckley et al., 

2010; Zhu et al., 2015) whereas the choice of gas-exchange model could lead to different Hg0 

flux estimations due to different parametrisation of Hg transfer velocities from water 

(Nerentorp Mastromonaco et al., 2017; Osterwalder et al., 2021; Sharif et al., 2013).  

The same experimental approach used in the present study was previously adopted in a 

preliminary investigation of Hg0 fluxes at the water-air interface in different coastal areas of 

the northern Adriatic Sea (Floreani et al., 2019). Two of the sites investigated in the cited study 

correspond to those selected in this work and generally showed higher emissions likely due to 

the fact that measurements were performed only during the diurnal period when a greater DGM 

formation is expected, as partially confirmed by our results. Even though DGM was not 

measured in the cited study, the higher THgD concentrations recorded in particular at VN also 

suggest a greater abundance of substrate available for the reduction of Hg2+ to DGM and its 

subsequent release to the atmosphere. Moreover, our results are comparable to fluxes 

previously measured with the same experimental approach in freshwater environments 

upstream from our study area, the Solkan Reservoir along the Isonzo River (21.88±11.55 ng 

m-2 h-1) and the dockyard of the Torviscosa chlor-alkali plant (19.01±12.65 ng m-2 h-1) (Floreani 

et al., 2022), impacted by the same contamination sources responsible for Hg inputs into the 

Gulf of Trieste and the Marano and Grado Lagoon.  
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Table 2: Comparison of Hg0 fluxes obtained in this study and over various other coastal and open sea 

environments. n.a. = not available, FC = flux chamber, MM = micrometeorological model. 

Site Hg0 flux (ng m-2 h-1) Method Reference 

 av±std Min-Max   

Coastal sites     

Val Noghera 18.90±9.05 7.43-41.17 FC This study 

Piran Bay 21.39±21.90 0-81.49 FC This study 

Val Noghera 35.6±12.6 16.4-64.0 FC (Floreani et al., 2019) 

Piran Bay 32.2±16.6 6.0 - 68.0 FC (Floreani et al., 2019) 

Gulf of Trieste 5.13±n.a. n.a. MM (Kotnik et al., 2022) 

N Adriatic 28.4±4.7 23.7-33.2 MM (Andersson et al., 2007) 

Augusta Bay 23.1±24 3.2-72.1 FC (Bagnato et al., 2013) 

Tyrrhenian Sea (near CAP) n.a. 8.2-44 FC (Ferrara and Mazzolai, 1998) 

Sardinia coast 3.61±0.98 2.36-4.75 FC (Gårdfeldt et al., 2003) 

Arcachon Bay 4.3±n.a. 0.4-14.5 MM (Bouchet et al., 2011) 

Minamata Bay 5.4±6.3 0.1-33 MM (Marumoto and Imai, 2015) 

Tokyo Bay 5.8±5.0 0.1-22.1 MM (Narukawa et al., 2006) 

Jiaozhou bay 0.67±n.a. -0.15-2.21 FC (Xu et al., 2012) 

Bohai Sea 0.8±1.5 -6.1-12.8 MM (C. Wang et al., 2020) 

Swedish coastal area 0.61±n.a. -0.61-8.8 FC (Gårdfeldt et al., 2001) 

Long Island Sound 0.7±0.5 0.1-10.3 MM (Rolfhus and Fitzgerald, 2001) 

San Francisco Bay n.a. 2.5-46.0 MM (Conaway et al., 2003) 

Offshore marginal seas     

Western Mediterranean Sea 4.5±5.1 -5.6-33.8 MM 
(Nerentorp Mastromonaco et 
al., 2017) 

Eastern Mediterranean Sea 2.2±1.5 0.2-4.9 MM (Fantozzi et al., 2013) 

Baltic Sea 1.3±1.6 -0.13-1.87 MM (Kuss et al., 2018) 

North Sea 6.2±5.3 0.5-19.9 MM 
(Baeyens and Leermakers, 
1998) 

South China Sea 4.5±3.4 0.2-15.3 MM (Fu et al., 2010) 

East China Sea 4.1±3.2 0.2-14.8 MM (Wang et al., 2016) 

Yellow Sea 18.3±11.8 3.2-44.0 MM (Ci et al., 2011) 

Western Pacific marginal 
seas 

1.7±0.6 0.6-2.5 FC (Kalinchuk, 2023) 

Eastern Arctic Seas 0.67±0.13 0.28-1.35 FC (Kalinchuk et al., 2021) 

Open ocean     

Arctic Ocean 0.65±0.19 0.33-0.82 FC (Kalinchuk et al., 2021) 

Atlantic Ocean n.a. 2.1-6.8 MM (Soerensen et al., 2013) 

Eastern North Atlantic 
Ocean 

0.6±0.7 n.a. MM (Mason et al., 2017) 

Western North Atlantic 
Ocean 

1.2±1.6 n.a. MM (Mason et al., 2017) 

Pacific Ocean n.a. 0.7-8.7 MM (Soerensen et al., 2014) 

South Pacific Ocean 0.7±0.6 n.a. MM (Mason et al., 2017) 
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Considering the seasonal variation, no significant difference between Hg0 fluxes at the two 

selected sites was detected in any season (Fig. 2b, S5). At VN, the highest Hg0 fluxes were 

observed in spring and the lowest in autumn following the same pattern of DGM concentrations 

(Fig. 2). The positive relationship observed between DGM concentration and Hg0 fluxes at this 

site (τ=0.43, p<0.001, n=40, Fig. 6) further confirms the importance of the availability of the 

volatile Hg0 to support relevant emissions into the atmosphere (Baeyens and Leermakers, 1998; 

Kalinchuk et al., 2021; Osterwalder et al., 2021).  

 

 

Figure 6: overall correlation between DGM concentrations and Hg0 fluxes at the selected sampling sites, Val 

Noghera fish farm (VN) and the Bay of Piran (PR). Kendall’s rank correlation coefficient (τ) and 95% 

confidence intervals are reported. 

However, Hg0 fluxes calculated for the spring were comparable to those observed in summer 

despite the significantly lower DGM concentrations found in this last period (Fig. S3a, S5a). 

A potential explanation for this trend lies in the lower water temperatures recorded during 

spring compared to summer, which may have limited gaseous evasion due to lower diffusivity 

and  the higher solubility of DGM under these conditions (Andersson et al., 2008; Kuss et al., 

2009; Sanemasa, 1975). Indeed, an overall positive relationship between fluxes and water 

temperature at VN (τ=0.39, p<0.001, n=40, Fig. S6) was observed, confirming that this 

parameter plays a key role in controlling the magnitude of Hg0 evasion into the atmosphere, as 

observed in numerous studies (Bouchet et al., 2011; Chen et al., 2020; Kalinchuk, 2023; 

Kalinchuk et al., 2021; Poissant et al., 2000; Soerensen et al., 2013; C. Wang et al., 2020). An 

overall weak positive relationship between Hg0 fluxes and surface water temperatures was also 

found at PR (τ=0.29, p<0.01, n=36, Fig. S6). In this case, as also seen at VN, higher water 
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temperatures in summer could help explain the different seasonal variation between DGM 

concentration and Hg0 fluxes. Indeed, the lowest average emission was observed in autumn 

and the highest in summer despite DGM concentrations lower than those observed in spring 

(Fig. 2), even though, as stated above, fluxes at this site may have been deeply influenced by 

water turbulence. 

At the fish farm, Hg0 fluxes could also have been limited by the competition of the evasion 

process with the re-oxidation of DGM to non-volatile Hg2+, which can occur at the same time 

as the reduction under sunlight, mainly due to photochemical reactions leading to the 

production of oxidants such as single oxygen or hydroxyl or carbonate radicals (Garcia et al., 

2005; He et al., 2014; Luo et al., 2020). Moreover, oxidation rates can be significantly enhanced 

with increasing salinity, even in the absence of light (Ci et al., 2016; Lalonde et al., 2001) 

thanks to the presence of halides (e.g. Cl-, Br-) which can react with hydroxyl radical to form 

additional oxidants (Whalin et al., 2007) or stabilise Hg oxidation products through the 

formation of non-photoreducible complexes (Qureshi et al., 2010; Yamamoto, 1996). Previous 

studies have indicated that losses of DGM through photo-oxidation in saltwater can be 

dominant compared to volatilisation (Ci et al., 2016; Lalonde et al., 2004). An increase in DGM 

oxidation rates and decrease in volatilisation can increase the amount of Hg retained in the 

water column, mostly in static water environments such as the fish farm (VN), whereas in more 

dynamic conditions, such as those encountered at PR, most of the produced DGM can be 

readily lost to the atmosphere (Clarke et al., 2023; Zhang et al., 2021). In addition, considering 

the high DOC concentrations observed in this site, a potential contribution of direct adsorption 

of DGM on functional groups of OM in reducing the amounts available for volatilisation cannot 

be ruled out, as previous studies indicate that a relevant fraction of elemental Hg can occur in 

this phase in natural waters (Wang et al., 2015). Finally, during spring sampling at VN, a 

notable macrophyte bloom was observed in the field, coupled with the formation of a 

transparent biological film on the surface of the water, which may have further limited the 

diffusion of Hg0 into the atmosphere (Osterwalder et al., 2021). All these aspects could lead to 

a longer residence time of Hg in the water column, potentially resulting in its greater 

availability for methylation after oxidation, even in microenvironments in oxic water layers 

such as periphyton, roots of macrophytes, and settling particles, and in a favoured incorporation 

into the trophic web (Branfireun et al., 2020; Colombo et al., 2013; Cossa et al., 2009; Jung et 

al., 2022; Zhang et al., 2021). This aspect may be a great concern in this environment due to 

the frequent occurrence of environmental conditions favourable for Hg methylation such as 

reduced DO2 levels (Petranich et al., 2018b). Moreover, Hg0 may also be directly subject to 
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biotic or abiotic methylation (Gonzalez-Raymat et al., 2017; Yin et al., 2014) mostly in the 

presence of halogens and under conditions of strong solar irradiation (Castro et al., 2011) like 

those which occurred in this study in spring, coupled with relatively low volatilisation, but it is 

still unclear if these reactions occur under environmental conditions (Gonzalez-Raymat et al., 

2017). This may be cause for concern for the health of aquatic ecosystem and should be further 

investigated in future also taking into consideration potential demethylation processes favoured 

by incident UV radiation (Klapstein and O’Driscoll, 2018). 

Considering the diurnal variability of Hg0 fluxes (Fig. 3-4), positive values were calculated for 

all measurements at both sites except for PR at 7:30 am in autumn with night-time fluxes 

generally slightly lower than those observed during the day (Fig. 7), indicating a constant 

super-saturation in DGM in the surface waters (Nerentorp Mastromonaco et al., 2017; Wang 

et al., 2016) supported by the efficient above-described DGM production or transport processes 

even in the absence of light. This applies especially to the fish farm site (VN), whereas at PR 

slightly higher differences between day and night Hg0 fluxes were generally observed likely 

confirming a greater importance of photochemical processes as already observed for DGM. 

Interestingly, the peak Hg0 fluxes at VN were always recorded at sunset, corresponding to the 

inversion of the temperature gradient between the air and water, which may have influenced 

the transfer velocity of DGM between these two compartments (Poissant et al., 2000; Vette et 

al., 2002). Generally, at both sites, fluxes gradually decreased during the night, reaching the 

minimum before sunrise followed by a relatively sharp increase in the morning, roughly 

following a temporal pattern similar to that observed for DGM concentrations, confirming that 

factors influencing DGM formation also impact gaseous evasion at the water-air interface 

(Cesário et al., 2017b).  

However, some differences between temporal patterns of DGM and fluxes were observed: 

fluxes at VN generally showed a decrease from late morning to afternoon coupled with 

increasing DGM concentration, whereas at PR, the progressive reduction of fluxes during the 

night was accompanied by relatively constant DGM values. These findings suggest that evasion 

is more regulated by physical parameters influencing air-sea gaseous exchanges rather than 

DGM concentrations alone (Lindberg and Zhang, 2000), as confirmed by the weak relationship 

between these two parameters at PR (Fig. 6), and that DGM supplies in these sites can easily 

overcome losses through volatilisation. 



98 
 

 

Figure 7: distribution of Hg0 fluxes recorded during day and night at the two sites, Val Noghera fish farm (VN) 

and the Bay of Piran (PR). Note the difference in Y-axis scale. 

 

4. Conclusions 

A significant production of DGM was observed in this study at the Val Noghera (VN) fish 

farm, likely as a result of the combination of photoreduction of Hg2+ during the day and abiotic 

and biotic reduction reactions during night and day, which can occur both in shallow water and 

in contaminated sediments. The comparable DGM concentrations observed during night and 

day may confirm the importance of processes leading to DGM production in the absence of 

solar radiation at this site. Moreover, strong mineralisation of abundant OM present at this site 

could have further contributed to increase the amount of Hg2+ available for reduction reactions. 

Lower THgD and DGM concentrations were observed at PR, confirming the lower degree of 

contamination of this part of the Gulf of Trieste. The highest average DGM concentrations at 

both sites were observed during spring and the lowest in autumn following the same temporal 

pattern of UV radiation: this suggests that photoreduction likely represented the dominant 

DGM production pathway.  

Relatively high Hg0 fluxes were recorded at both sites, highlighting that the contaminated 

coastal area of the northern Adriatic Sea can potentially represent a secondary source of Hg 

into the atmosphere. Generally, higher Hg0 fluxes were observed in summer likely due to 

higher water temperatures which decrease DGM solubility. Moreover, positive fluxes were 

observed during all sampling periods, thus suggesting a continuous supply of DGM even 

during the night, which would be able to replace DGM lost through volatilisation. Temporal 

patterns of Hg0 fluxes only partially corresponded to those of DGM concentrations, confirming 

that gaseous exchanges are the result of a complex site-specific interaction between many 
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physico-chemical factors. However, despite the significantly high DGM concentration 

observed at the fish farm, Hg0 fluxes were comparable to those calculated for the Bay of Piran. 

This unexpected result may be explained by the different hydrodynamism of the water column 

at the selected sites: the high water turbulence observed at PR likely promoted a higher rate of 

Hg0 emission, whereas water stagnation at VN may have strongly limited gaseous exchanges 

at this site together with expected high Hg oxidation rates in static saltwater environments, 

likely favouring the higher retention of Hg in the water column. Therefore, these results suggest 

that enhancing water turbulence in confined coastal marine environments could represent a 

simple mitigation action to increase the amount of Hg lost by the system through volatilisation, 

thereby reducing the burden available for methylation and incorporation into food webs. 

Therefore, Hg0 fluxes should be accurately monitored in this kind of environment which is 

particularly vulnerable to Hg contamination, as understanding the entity and dynamics of this 

phenomenon under various conditions could be helpful to assess the ability of these ecosystems 

to recover from historical and/or contemporary supplies of this metal related to anthropogenic 

activities.  

Further research is needed to verify this hypothesis, e.g. coupling Hg0 fluxes and MeHg 

concentration measurements at the fish farm under different hydrodynamic conditions. On the 

other hand, considering the shallow water depth and the methylation potential observed at VN 

(Petranich et al., 2018b), evasion of gaseous DMeHg cannot be excluded and should be 

evaluated as it can represent a source of organic Hg for coastal terrestrial environments (Coale 

et al., 2018).  
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Supplementary material 

 

 

Figure S1: variation of THgD concentrations in the various seasons at the two selected sites, Val 

Noghera fishfarm (VN) and Bay of Piran (PR). The p-values of pairwise Dunn’s post-hoc test are 

reported. (Note the difference in Y-axis scales). 

 
 
 

 

Figure S2: variation of DGM concentrations in the various seasons at the two selected sites, Val 

Noghera fishfarm (VN) and Bay of Piran (PR). The p-values of pairwise Dunn’s post-hoc test are 

reported. (Note the difference in Y-axis scales). 
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Figure S3: overall correlation between DGM concentrations and UV radiation, water temperature, 

DOC concentrations at the two selected sites, Val Noghera fishfarm (VN) and Bay of Piran (PR). 
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Figure S4: distribution of DGM concentrations determined during day and night periods at the two 

sites, Val Noghera fishfarm (VN) and Bay of Piran (PR). Asterisks indicate statistically significant 

differences according to Kruskal-Wallis test (*p <0.05). (Note the difference in Y-axis scales). 

 

 

 

 

Figure S5: variation of Hg0 fluxes in the various seasons at the two selected sites, Val Noghera 

fishfarm (VN) and Bay of Piran (PR). The p-values of pairwise Dunn’s post-hoc test are reported. 

(Note the difference in Y-axis scales). 
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Figure S6: overall correlation between water temperatures and Hg0 fluxes at the selected sampling 

sites, Val Noghera fishfarm (VN) and Bay of Piran (PR). Kendall’s rank correlation coefficient (τ) 

and 95% confidence intervals are reported.
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Abstract: Gaseous exchanges of mercury (Hg) at the water–air interface in contaminated sites
strongly influence its fate in the environment. In this study, diurnal gaseous Hg exchanges were
seasonally evaluated by means of a floating flux chamber in two freshwater environments impacted
by anthropogenic sources of Hg, specifically historical mining activity (Solkan Reservoir, Slovenia)
and the chlor-alkali industry (Torviscosa dockyard, Italy), and in a pristine site, Cavazzo Lake (Italy).
The highest fluxes (21.88 ± 11.55 ng m−2 h−1) were observed at Solkan, coupled with high dissolved
gaseous mercury (DGM) and dissolved Hg (THgD) concentrations. Conversely, low vertical mixing
and saltwater intrusion at Torviscosa limited Hg mobility through the water column, with higher Hg
concentrations in the deep layer near the contaminated sediments. Consequently, both DGM and
THgD in surface water were generally lower at Torviscosa than at Solkan, resulting in lower fluxes
(19.01 ± 12.65 ng m−2 h−1). However, at this site, evasion may also be limited by high atmospheric Hg
levels related to dispersion of emissions from the nearby chlor-alkali plant. Surprisingly, comparable
fluxes (15.56 ± 12.78 ng m−2 h−1) and Hg levels in water were observed at Cavazzo, suggesting a
previously unidentified Hg input (atmospheric depositions or local geology). Overall, at all sites the
fluxes were higher in the summer and correlated to incident UV radiation and water temperature due
to enhanced photo production and diffusivity of DGM, the concentrations of which roughly followed
the same seasonal trend.

Keywords: Idrija mercury mine; chlor-alkali plant; mercury evasion; dissolved gaseous mercury; flux
chamber; water-air exchange

1. Introduction

A key aspect of the Hg biogeochemical cycle is represented by gaseous exchanges
between the atmosphere and natural surfaces. In the atmosphere, Hg can persist for more
than 1 year due to the high volatility and low solubility of its elemental form (Hg0 or
GEM, Gaseous Elemental Mercury) [1], which undergoes long-range transport before being
converted to the oxidised, more soluble and easily removable form (Hg2+) [2,3]. In this
way, Hg can reach and impact remote ecosystems far from the points of emission [4]. Direct
atmospheric depositions and local supplies deriving from industrial discharge, surface
run-off, soil erosion, and leaching are frequently considered the predominant forms of
Hg input to freshwater ecosystems [5–8]. In aquatic environments, both inorganic and
organic complexes of Hg2+ prevail, depending on pH and redox conditions [9], and their
fate is deeply influenced by reactions and transformations involving the Hg2+ pool [10].
For example, deposited Hg can be promptly re-emitted to the atmosphere when reduced
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to Hg0 [11,12]. This recycling prolongs the lifespan of Hg in surface reservoirs, enhances
its global distribution [13], and, particularly in aquatic ecosystems, contributes to limiting
the amount of Hg available for the production/bioaccumulation/biomagnification of
the neurotoxic species methylmercury (MeHg) [5,14–16]. In natural waters the volatile
fraction of Hg, usually referred to as dissolved gaseous mercury (DGM), can account
for 1–50% of the total Hg [17–19] and is mainly constituted by Hg0 produced through
abiotic (photochemical) or biotic reduction of Hg2+. Photoreduction is considered the
dominant process in surface waters [20] where it proceeds at higher rates than biotic
reduction mediated by heterotrophic bacteria or algae [21,22]. The high energetic UV
radiation (UV-A = 315–400 nm, UV-B = 280–315 nm) is highly effective in promoting DGM
production [23–25], especially in waterbodies with low levels of dissolved organic carbon
(DOC), where a high level of UV penetration through the water column is possible [26,27].
The direct photolysis of Hg2+ or the reduction mediated by dissolved organic matter
(DOM) are the proposed mechanisms for Hg photoreduction [28], but the role of the latter
is still unclear: Mercury complexation by DOM can indeed increase photoreduction by
favouring the transfer of solar energy [29], but the formation of strong complexes between
Hg2+ and reduced sulphur groups [30] can lower the amount of this metal available for
photoreactions [31]. In the water column, DGM can be re-oxidised to Hg2+ with slower
rates than photoreduction [32] mainly through photochemical pathways enhanced by the
formation of oxidant radical species [24,33].

When the balance between reduction and oxidation in surface water leads to DGM
supersaturation, evasion to the atmosphere can take place [34]. Even though emissions
are strongly influenced by the concentration of DGM [35], gaseous Hg evasion to the
atmosphere also depends on temperature and turbulent mixing induced by wind [36–38].

The estimate of gaseous Hg exchange from the surface of the water is of paramount
importance to assess the fate of Hg in contaminated sites, as legacy emissions will continue
to affect its cycling among ecosystems even for centuries [39]. Consequently, the Minamata
Convention on Mercury highlighted the need to monitor Hg levels and processes in the
environment, with particular focus on contaminated sites [40]. In this framework, the aim
of this study was to evaluate gaseous Hg exchanges at the water–air interface (WAI) by
means of a floating flux chamber (FC) coupled with a real-time GEM analyser in parallel
with total dissolved Hg (THgD) and DGM concentrations in two freshwater sites impacted
by past anthropogenic activities (mining vs. chlor-alkali industry). In addition, a third site
with no known Hg sources was selected as a pristine environment (Figure 1). Sampling
was performed during the diurnal period in different seasons to elucidate the variability
of the phenomenon in connection with the physico-chemical parameters of water and the
meteorological conditions.
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Figure 1. Study area and selected study sites.

2. Materials and Methods

2.1. Environmental Settings

The Torviscosa dockyard (site TR) is located inside the industrial complex in the
low alluvial Friulian plain (NE Italy), the characteristics of which are described else-
where [41,42]. Industrial activity started in 1937 with the production of cellulose from cane
(Arundo donax sp.) coupled with a chlor-alkali plant (CAP) using Hg-cells in 1949 [43]. The
dockyard extends 380 m N-S and 120 m E-W, with a variable water depth of between 0.3
and 6 m. Freshwater supplies come from numerous irrigation ditches which empty into
a main drainage channel, where in the past CAP discharges converged and connected
to the northern part of the dockyard. The site is also subject to the influence of the tide
from the nearby Marano and Grado lagoon through the Aussa River, with the formation
of a “saltwedge” [43]. Moreover, the current sewer drain of the industrial complex and
the discharge of cooling waters from the local thermoelectric power plant are located in
the southern part of the dockyard [44] and probably influence local water circulation, as
a weak surface water current coming from this area was observed in field under ebb tide
conditions, whereas a substantial stagnation was encountered during flood tide. The entire
area of the complex was subject to the notable input of several contaminants (e.g., PTEs,
dioxins, PAHs; [45]) and is currently classified as a contaminated site of national interest
following Italian Ministerial Decrees 468/2001 and 222/2012. Mercury contamination is
mainly attributable to the past uncontrolled discharges of the CAP: it was estimated that
~186 tons of Hg were discharged into the Aussa River between 1949 and 1984, when a
modern wastewater system treatment was installed [43,46]. As a result, extremely high



Int. J. Environ. Res. Public Health 2022, 19, 8149 4 of 19

concentrations of this metal are reported for sediments, waters, and air within the industrial
complex [47], as well as for the fluvial waters and sediments of the Aussa River [43].

The Isonzo/Soča is a 138 km long alpine river with a catchment area of 3452 km2 and
represents the main freshwater input for the Gulf of Trieste, northern Adriatic Sea [48].
The hydrological regime is torrential and characterised by maximum flows in April and
October/November, and minimum flows in February and August [49]. The course of
the river is highly influenced by the presence of hydropower generating dams, which
also strongly impacted sediment transport and aquatic ecosystems [50,51]. One of these
dams delimits the Solkan artificial reservoir (SK, Figure 1), located about 40 km from the
river mouth. The Solkan reservoir was dammed in 1984, has a maximum depth of 20 m,
and a length of ~8 km [52]. The mean annual river discharge detected downstream from
the reservoir is 80.4 m3 s−1 [49]. The Isonzo/Soča River represents the main source of
Hg into the Gulf of Trieste [53] due to the contaminated material supplied by one of its
tributaries, the Idrijca River, which flows through the heavily contaminated historical
Idrija Hg mining district [54]. Even though mining ceased in 1996, significant amounts
of Hg are still delivered to the Adriatic Sea, mainly in particulate form due to the erosion
of contaminated soils, riverbanks, and sediments [55,56], particularly during extreme
rain events [57,58]. Covelli et al. [55,57] reported Hg concentrations at the Isonzo/Soča
River mouth of 0.46–17.01 ng L−1 and of 0.83–112 ng L−1 in the dissolved phase and
particulate phase, respectively, whereas higher values were found in the Idrijca River
waters, particularly during intense rain events (dissolved Hg = 0.57–359 ng L−1 [59];
particulate Hg = 0.43–702 ng L−1 [56]). As a result of enhanced sedimentation caused by
damming, sediments in artificial reservoirs can trap a significant amount of the pollutants
transported by rivers [60]; for the Solkan reservoir, Hg concentrations found in sediments
range between 5 and 20 mg kg−1 [50].

Cavazzo Lake (CV, Figure 1) is a natural freshwater basin located 195 m a.s.l. in
the Carnian Alps (NE Italy). It occupies an area of approximately 1.3 km2 and has a
maximum depth of 38 m in its central part [61,62]. The lake was formed after the Last
Glacial Maximum along the palaeochannel of the Tagliamento River in a secondary fluvio-
glacial valley carved by glaciers and dammed by end moraine deposits [63,64]. Current
natural freshwater supplies are constituted by several seasonally active streams. The lake
was subject to notable anthropogenic impacts in the last decades that modified its catchment
area: the building of the Somplago hydroelectric power plant, the concurrent digging of an
outflow channel (1953–1958), and the construction of a highway viaduct (1973–1979) [62].
The Somplago power plant is fed by an artificial channel that receives water from two
upstream artificial basins, Sauris Lake (977 m a.s.l.) and Verzegnis Lake (473 m a.s.l.), and
drives cold water through a tunnel into Cavazzo Lake in its northern part [65]. Moreover,
this channel strongly increased the sedimentary load to the lake, and sediments deposed
after the 1950s show enrichments in Al, Ti, Fe, Sr, S, Zr, Zn, and Pb relative to pristine
conditions; this is likely due to the different lithological characteristic of the catchments
of the artificial lakes and direct anthropogenic discharges and emissions related to motor
vehicle traffic and nearby industrial activities, since two industrial complexes (including
plants for wood processing and metal, paper, cement, and steel production) are located
within 10 km of the lake [62].

2.2. Sampling and Analyses

Gaseous Hg fluxes at the WAI were evaluated during summer (July 2020), autumn
(October 2020), and spring (May 2021), while it was not possible to take measurements
during winter due to restrictions related to the SARS-CoV2 outbreak. A plexiglass open-
bottom floating flux chamber (FC) consisting of one section 50 × 50 × 50 cm, which sits on
the surface, and another section 50 × 50 × 30 cm, which is submerged in the water [66–68],
coupled with a real-time gaseous Hg analyser (Lumex RA915M, Lumex, St. Petersburg,
Russia) was used [69]. The instrument facilitates the determination of GEM in the air over
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a wide range of concentration (from 2 to 30,000 ng m−3). Calibration is annually performed
by the parent company and checked in the field using an internal reference cell.

Six distinct sets of measurements were taken per day at each study site (from T0 to
T5) at regular intervals of 60–90 min. Operatively, the FC was placed on a floating foam
board and then manually lowered to the water surface. During sampling, air was drawn
through the FC by means of the Lumex internal pump at a constant rate (10 L min−1),
and GEM concentrations in the headspace were continuously recorded (1 s interval). The
adopted flow rate is in the range of those previously used with a similarly shaped flux
chamber, ranging between 5 and 20 L min−1 in ocean [68] and coastal contaminated
environments [66,67], respectively. In this study, the flow rate is lower than those adopted
in contaminated settings, since lower Hg concentrations were expected at Cavazzo and
reduced flow rates are recommended in this case [70]; however, since a constant flow rate
should be used when comparing different locations [71], the value adopted was kept high
enough to avoid a potential excessive buildup of gaseous Hg inside the chamber at the
sites of Solkan and Torviscosa, which could suppress the emissions. After deployment,
the steady state of internal GEM was rapidly achieved (~10 min). At the end of each
measure, the chamber was removed from the water, thus limiting its disturbance on the
environmental parameters of the surface layer. Moreover, the immersion of the edges of
the chamber for 30 cm in water ensures a tight seal, preventing the entry of outside air.
Together with the relatively large size of the chamber, this also reduces the influence of
other parameters, such as turbulent mixing and waves. However, all measurements were
taken under relatively calm conditions, which were optimal for this technique [66]. Gaseous
Hg fluxes (F, in ng m−2 h−1) were then calculated according to the following equation [72]:

F =
(Co − Ci)× Q

A
(1)

where Q is the air flow rate through the chamber, A is the surface area of the chamber
(0.25 m2), and Co − Ci is the difference between GEM concentrations in air exiting and
entering the chamber (in ng m−3). Chamber blanks were checked in the field at the
beginning of each sampling day by sealing the FC bottom to a clean polycarbonate surface
and they showed negligible values. After each sampling day, the FC was extensively
cleaned with diluted laboratory detergent and rinsed several times with MilliQ water.

Atmospheric GEM levels were monitored at the beginning and the end of each sam-
pling day for 20 min using the same sampling interval (1 s) by means of the same analyser;
values below the limit of detection (LOD) were set to 1 ng m−3 (1/2 LOD) according to the
medium bound approach [73].

The intensity of incoming UV radiation in the wavelength range between 250 and
400 nm was monitored in the field by means of a specific sensor (SU-420, Apogee Instru-
ments, Logan, UT, USA) with a resolution of 0.1 W m−2. The sensor was installed at ~2 m
above ground in unshaded areas close to the sampling points and controlled by means
of a laptop computer using Apogee Connect V1.05.003 software (Apogee Instruments,
Logan, UT, USA). Data logging was programmed to record data at 1 min intervals as
average values of readings were taken continuously every 1 s. Air temperature and relative
humidity were also measured in the field using a portable thermohygrometer (HI9565,
Hanna Instruments, Padova, Italy).

Temperature, pH, ORP, conductivity, salinity, and dissolved oxygen of surface water
were measured in parallel with gaseous Hg fluxes by means of a portable multiprobe meter
(HI98194, Hanna Instruments, Padova, Italy). Water samples were collected to determine
dissolved organic carbon and gaseous mercury (DOC and DGM), and total dissolved Hg
(THgD). During summer and spring at site TR, additional water samples taken from the
bottom water layer (~2.5 m) were collected using a Niskin bottle.

Water samples for DOC were filtered through pre-combusted (450 ◦C) Whatman GF/F
filters (0.8 µm pore size), collected in glass containers, and frozen until analysis. Analytical
determination was performed following a high-temperature catalytic method [74] using a
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TOC-L Shimadzu analyser calibrated with potassium phthalate and checked via an analysis
of certified reference material (Consensus Reference Material, University of Miami, Florida).

DGM was measured following the method described by O’Driscoll et al. [75] on a 1 L
fixed volume of water bubbled in a glass container under low light conditions connected
with the Lumex analyser in a closed loop circuit. The calculation of DGM (2) was performed
on the basis of the equilibrium GEM concentration (GEMeq) and the dimensionless Henry’s
law constant for Hg (H′) calculated in function of the water temperature [76]:

DGM =
GEMeq

H′
(2)

Samples for THgD were filtered through Millipore Millex HA membrane filters
(0.45 µm pore size) into pre-conditioned borosilicate bottles, immediately oxidised by
the addition of BrCl (0.5 mL/100 mL sample), and preserved at +4 ◦C until analysis. Final
determinations were conducted according to EPA Method 1631e using the cold vapour
atomic fluorescence spectrometry technique (CV-AFS) with a specifically designed detector
(Mercur, Analytik Jena, Jena, Germany). The instrument was calibrated using NIST 3133
certificated solution at different dilution levels and characterised by a LOD of 0.63 ng L−1

and a limit of quantification (LOQ) of 2.11 ng L−1 calculated on the basis of the standard
deviations of ten reagent blanks.

Statistical analyses were performed using R Software 4.1.3 (R Foundation for Statistical
Computing, Vienna, Austria [77,78]). The Shapiro–Wilk test [79] was used to test the normal
distribution of data and the non-parametric Kruskal-Wallis H test (K-W) to determine
whether there were statistically significant differences between two or more groups of
an independent variable after testing the normality [80]. As the occurrence of significant
differences between data from different seasons was ascertained, Dunn’s post hoc test [81]
was performed using the “FSA” R package [82] to identify which groups differ. Finally, the
non-parametric Kendall rank correlation coefficient was used to evaluate the associations
among variables.

3. Results

A summary of data collected from all seasons at the selected sites is reported in
Tables S1–S3. The variation in gaseous Hg fluxes at the WAI, together with DGM concen-
trations and incident UV radiation during the sampling periods, are depicted in Figure 2.
All sampling campaigns were conducted under conditions of low wind speed and low
water turbulence, optimal for the deployment of the flux chamber: hourly data recorded
at selected monitoring stations near the sampling points showed that 52% of mean wind
speeds during sampling periods were lower than 2 m s−1, whereas only one average value
was above 5.5 m s−1 (“moderate breeze” according to the Beaufort scale, Tables S1–S3).
Wind data were provided by the Weather Forecast Regional Observatory of the Friuli
Venezia Giulia region (OSMER-ARPA FVG) and the Slovenian Environmental Agency
(ARSO) through the database “OMNIA” [83].

3.1. Summer

Measurements were performed on days characterised by sunny weather conditions
and the absence of clouds, as evidenced by the UV incident radiation patterns (Figure 2a–c).
The UV irradiation reached peaks at noon above 50 W m−2 at each site. As expected, the
highest water temperatures were also observed during this season, slightly higher at TR
(range = 19.37–22.90 ◦C) than the other two sites, where values ranged between 15.96 and
18.68 ◦C. DOC levels were comparable among all sites, with the highest value recorded at
TR (average = 1.5 ± 0.7 mg L−1) and the lowest at CV (average = 1.0 ± 0.2 mg L−1).
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Figure 2. Variation in UV radiation, DGM concentration, and gaseous Hg flux during sampling
periods in the different selected sites.

Overall, the highest THgD concentrations in water (Figure S1) were observed at site SK
(range = 13.27–32.22 ng L−1), which also displayed a strong variability during the sampling
period. Both TR and CV showed a diurnal variability characterised by minimum values
in the central part of the day and a peak at T5 (TR = 10.66 ng L−1, CV = 16.46 ng L−1),
and the concentrations were, on average, lower than those found at SK. Similarly, DGM
concentrations were also higher at SK where an increasing trend was observed during the
whole sampling period, from 197.5 to 696.1 pg L−1. At TR and CV, the levels of DGM
were comparable, although with different trends: in the first case the peaks were found in
the morning (T0 and T1) followed by a sharp decrease to relatively constant values in the
afternoon; in the second case DGM followed the incoming UV radiation pattern, reaching a
peak of 194.0 pg L−1 at T2 and then decreasing in the afternoon.

As was the case for THgD and DGM, gaseous Hg evasion fluxes at the WAI were also
the highest in summer, ranging on average from 36.65 ± 6.15 ng m−2 h−1 found at SK to
32.45 ± 3.17 ng m−2 h−1 at CV, and with the maximum generally recorded at T2, shortly
before the peak of radiation, followed by a decrease during the afternoon. At CV, gaseous
Hg fluxes showed a smaller variability during the sampling period; in this case, values
found in the afternoon were also lower, whereas the maximum was found at T1 in the
middle of the morning (10 a.m. local solar time).

Overall, atmospheric GEM showed average values below 3 ng m−3, higher at SK
(2.77 ± 0.98 ng m−3) than TR (1.92 ± 0.95 ng m−3) and CV (1.30 ± 0.61 ng m−3). Due to a
technical issue, at the TR site only the afternoon measurement is available.

3.2. Autumn

Optimal weather conditions occurred during autumn sampling at SK and almost
all day at CV, where increasing clouds were observed at the end of the sampling period
(Figure 2d–f). In both cases, it is notable that the last measures were taken under conditions
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of reduced irradiation. At TR, there was irregular cloud cover during the day, but it did not
significantly affect the absolute value of incident UV radiation; the peaks were comparable
at all sites and slightly below 30 W m−2, obviously lower than those recorded in summer.
As expected, water temperatures were lower than those found in summer at all sites and
showed a low diurnal variability (<1 ◦C). Similar to summer, temperatures were about 2 ◦C
higher at TR than at other sites (range = 13.86–14.87 ◦C). On average, DOC was higher
than that observed in summer at both SK and CV (1.2 ± 0.2 mg L−1 and 1.5 ± 0.7 mg L−1,
respectively), whereas at TR a decrease was observed (average = 1.0 ± 0.3 mg L−1).

THgD levels were generally lower than those obtained for summer, especially at TR,
where all values were below 2.65 ng L−1 (T2) (Figure S1). The highest concentrations
were found at SK (maximum of 7.37 ng L−1). DGM concentration was also lower than
in summer, especially at SK, which is the site where the highest value of this season was
recorded (range = 95.9–142.2 pg L−1), whereas the lowest concentrations were found at
CV (range = 55.8–66.4 pg L−1). Here, the diurnal trend was comparable to that found in
summer, although with less pronounced variability; the same is true for TR, where after a
peak of 122.6 pg L−1 at T0, DGM dropped to values comparable to those observed in the
lake. Conversely, at SK the diurnal variability was characterised by lower values of DGM
after the peak recorded at T2.

Generally, gaseous Hg fluxes at the WAI in autumn were lower than in summer at SK
and, in particular, at CV, as confirmed by the average diurnal values of 14.07 ± 3.19 ng m−2 h−1

and 7.46 ± 2.63 ng m−2 h−1, respectively. It is notable that no gaseous Hg emission was
detected at T0 in CV. In both cases, the diurnal trends of the gaseous Hg fluxes, especially
at SK, were characterised by an upward increase to a peak around noon followed by an
irregular decrease in the afternoon. Finally, gaseous Hg fluxes calculated for TR showed an
irregular variability around values intermediate between SK and CV.

TR was also characterised by a high variability of atmospheric GEM, ranging from
<2 ng m−3 to 543.61 ng m−3, with the maximum detected in the morning. Atmospheric
GEM concentrations found at other sites were significantly lower (<3 ng m−3 on average)
and less variable.

3.3. Spring

During May 2021, weather conditions were mostly sunny at TR and variable at
SK, but the absolute values of peak UV radiation were comparable to those observed in
summer. Unfortunately, sampling at CV was conducted under more extended cloud cover
(Figure 2g–i). Water temperatures at SK and CV were comparable to those found in autumn,
ranging between 9.35 ◦C (CV at T5) and 10.48 ◦C (SK at T3), whereas values measured at
TR were higher than the previous season (range = 16.11–16.80 ◦C). DOC concentration at
CV was, on average, close to that observed in autumn (1.5 ± 0.5 mg L−1), whereas both SK
(average = 0.9 ± 0.3 mg L−1) and TR (average = 0.8 ± 0.3 mg L−1) were the lowest of all
sampling campaigns.

THgD showed a clear variability during the diurnal period (Figure S1), with higher
concentrations generally found in the afternoon. Absolute values ranged from <0.63 ng L−1

(CV at T1) to 9.96 ng L−1 (SK at T4), and only at TR showed an increase compared to
autumn. Conversely, DGM concentrations were generally higher than those found in
autumn, although they did not reach the levels found during summer, except for the
maximum value recorded at TR (259.7 pg L−1), which was also the maximum recorded in
this season. At SK and CV, DGM followed the UV radiation pattern despite the cloud cover
at the latter site, whereas at TR, the trend was the same as other seasons with higher values
in the morning.

Generally, the average diurnal gaseous Hg fluxes were of the same order of magnitude
as those found in autumn: the lowest fluxes were calculated for CV (8.02 ± 3.96 ng m−2 h−1),
whereas the impacted sites SK and TR were comparable (14.91 ± 3.51 ng m−2 h−1 and
12.68 ± 6.08 ng m−2 h−1, respectively). These latter sites also showed a similar variability
over the sampling period, with the gaseous Hg evasion peak reached at T2 (between 10:30
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and 11:00 local solar time). At site CV, gaseous Hg fluxes followed an opposite diurnal trend,
with an initial decrease in the morning followed by an increasing trend in the afternoon.

Atmospheric GEM levels were the highest of all sampling campaigns, with average
values of 4.61 ± 4.09 ng m−3 at SK and 3.61 ± 2.67 ng m−3 at CV. Extremely high values
were again obtained at TR in the morning (up to 344.08 ng m−3).

4. Discussion

Gaseous Hg evasion fluxes at the WAI displayed the highest average value at the
Solkan Reservoir (SK, 21.88 ± 11.55 ng m−2 h−1), which was impacted by historical Hg min-
ing activity. This site was also characterised by both the highest THgD (10.35 ± 8.29 ng L−1,
range = 2.27–32.22 ng L−1) and DGM concentrations (232.6 ± 167.4 pg L−1,
range = 95.9–696.1 pg L−1), which were comparable to those previously reported at
the mouth of the Isonzo/Soča River [55,84], but generally lower than those of the Idrijca
River [56], which flows through the Idrija mining district. Gaseous Hg evasion was slightly
lower at the Torviscosa industrial site (TR, 19.01 ± 12.65 ng m−2 h−1), where lower DGM levels
(125.4 ± 52.9 pg L−1, range = 58.1–259.7 pg L−1) were found, likely as a result of the reduced
availability of THgD in the surface water layer (5.69 ± 3.51 ng L−1, range = 1.61–13.68 ng L−1),
particularly if compared to values previously found downstream in the Aussa River
(4.1–52.4 ng L−1, [43]). Surprisingly, the gaseous Hg fluxes at Cavazzo Lake (i.e., the pris-
tine area) (CV, 15.56 ± 12.78 ng m−2 h−1) were similar to those obtained at the other sites,
and both DGM (97.7 ± 44.7 pg L−1; range = 55.8–194 pg L−1) and THgD (5.46 ± 4.51 ng L−1,
range ≤ 0.63–18.16 ng L−1) were comparable to those observed at TR. To our knowledge,
Hg supplies to Cavazzo Lake are unknown, thus it can be hypothesised that they may be re-
lated to emissions from the industrial complexes located about 10 km and downwind from
the lake [85–87], but at present no data are available to confirm this hypothesis. In addition,
DGM concentrations at CV were also comparable to those found in environments subjected
to various anthropogenic sources (e.g., Juam Reservoir = 20–109 pg L−1, [85]; Hongfeng
Reservoir = 18–109 pg L−1, [88]; and Big Dam West Lake = 32.4–182.6 pg L−1, [17]), but
higher than those commonly reported for background lakes in North America
(≤60 pg L−1; [22,34,89–91]). It should be noted that a geological origin of Hg from the
catchment area of the hydroelectrical power plant cannot be excluded: the area is charac-
terised by the presence of Triassic dolostones and limestones with bituminous levels rich in
organic matter and carbon intervals [92]. These levels were exploited in the past for coal
mining [93,94] and could potentially contain variable amounts of Hg, as reported for other
bituminous coal from other areas in the world [95,96]. The increased sediment load to the
lake generated by the discharge of the power plant potentially caused the subsequent rise
in Hg inputs, as also observed for sulphur and organic carbon [62].

Overall, gaseous Hg fluxes are comparable to or slightly higher than those reported
for other freshwater environments (Table 1) subject to Hg supplies from different sources
(i.e., domestic and industrial wastewater discharge, atmospheric deposition on the local or
long range scale [88,97,98]), but higher than those observed over various natural freshwater
systems in North America (e.g., [34,37,99]).

Unfortunately, no measurements were conducted during the night and this could have
led to an overestimation of the calculated daily gaseous Hg fluxes [91,97]. In addition, the
methods employed for flux measurements add a certain degree of variability. In detail,
micrometeorological models generally tend to underestimate the fluxes with respect to flux
chamber deployments [17,19,100], but also differences in size, shape, and air turnover time
within the chambers used can lead to different results [71]. Thus, our results are directly
comparable with those reported using the same experimental approach for the Marano and
Grado Lagoon [67], which is downstream from the sites selected in this work and is subject
to the same Hg contamination sources (CAP and Hg mining at Idrija). The fluxes found in
the lagoon environment were generally higher (range = 11.38–97.38 ng m−2 h−1), likely due
to the more elevated contamination of THgD present in the water column and available for
photoreduction to DGM. In our study, weak but statistically significant positive correlations
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between THgD and DGM concentrations were found both at SK (τ = 0.40, p < 0.05) and TR
(τ = 0.41, p < 0.05), whereas this relationship was not significant at CV (τ = 0.13, p = 0.45).
Cavazzo Lake was the only site where a negative relationship between THgD and DOC
concentrations was observed (τ = −0.43, p < 0.05). A possible explanation for these results
could be related to an enhanced adsorption of Hg by organic matter and a subsequent
reduced availability for photoreduction [28,31]; considering that DOC concentrations were
comparable in all investigated sites, this effect may be caused by a different structure of
the organic matter, e.g., a reduced content of chromophoric groups or a higher abundance
of thiols [24], able to strongly bind Hg [30]. The enrichment of sulphur observed in the
lake [62] may support this hypothesis, but further study is needed to better clarify the role
of organic matter in Hg photochemistry in this environment.

Table 1. Comparison of gaseous Hg fluxes obtained in this study and over various freshwater systems.
n.a. = not available, n.s. = not specified.

Measurement Site Main Hg Source
Gaseous Hg Flux

(ng m−2 h−1)
Method References

Mean ± SD Min–Max

Solkan Reservoir (SLO) Hg mining 21.88 ± 11.55 9.96–46.77 DFC This study
Torviscosa dockyard (ITA) CAP discharge 19.01 ± 12.65 6.21–52.71 DFC This study

Lake of Cavazzo (ITA) Unknown 15.56 ± 12.78 0–37.59 DFC This study
Baihua Reservoir (CHI) Organic chemical plant 7.6 ± 2.1 0–50.5 DFC [98]

Hongfeng Reservoir (CHI) Atmospheric depositions 5.4 ± 2.3 0.002–36.1 DFC [88]
Wujiangdu Reservoir (CHI) Wastewater discharge - −11.2–67.2 DFC [101]

Suofengying Reservoir (CHI) Wastewater discharge - −6.7–23.9 DFC [101]
Big Dam West (CAN) Atmospheric depositions 5.4 ± n.a. 0.8–43.8 DFC [97]

North Cranberry (CAN) Atmospheric depositions 1.1 ± n.a. −2.0–13.5 DFC [97]
Lake Lacawac (USA) Atmospheric depositions - 0.14–20.95 DFC [102]
Puzzle Lake (CAN) Atmospheric depositions 3.8 ± 2.6 −4.55–9.00 DFC [17]
Lake Velenje (SLO) Atmospheric depositions 5.9 ± n.a. 5.3–6.6 DFC [100]

Lake Ontario (CAN-USA) n.s. - 0–9.07 MM [37]
Lake Michigan (USA) n.s. - 0.6–1.6 MM [34]

Cane Creek Lake (USA) n.s. - 0.6–1.2 DFC [99]
Arbutus Lake (USA) n.s. 1.6 ± 0.7 - MM [91]
Swedish River (SWE) (Remote area) 11 ± n.a. −2.5–88.9 DFC [103]
Lake Gardsjon (SWE) n.s. 8.5 ± 6.5 - DFC [36]

Florida Everglades (USA) n.s. 1.2 ± 4.9 - DFC [104]

Generally, the gaseous Hg fluxes at the WAI were significantly higher in summer
(p < 0.05, Dunn’s test) than autumn and spring at all sites (Figure 3).

 

τ τ

τ

Figure 3. Average diurnal values over the various seasons and selected sampling sites of (a) gaseous
Hg fluxes, (b) DGM concentrations.
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The highest values of gaseous Hg fluxes found in summer are related to the intensity
of the incident solar radiation, as observed in several studies conducted in both marine
(e.g., [67,68,105]) and freshwater environments (e.g., [19,98,99]); in fact, solar radiation
is a key factor in promoting a faster rate of DGM production in warmer periods via
the photoreduction of Hg2+ in surface waters and the subsequent evasion to the atmo-
sphere [26,106–108]. This was also confirmed in this study, as high DGM concentrations
were detected in summer and the lowest in autumn in parallel with UV radiation intensity,
which is most effective in systems with low DOC content that in turn allow for higher light
penetration [24,26]. In this work, UV radiation and DGM contents were significantly corre-
lated at both SK (τ = 0.62, p < 0.001) and CV (τ = 0.62, p < 0.001), but not at TR (Figure S2b)
likely due to other atmospheric Hg inputs as discussed below. Similarly, gaseous Hg fluxes
at SK and CV were significantly correlated with DGM concentrations (Figure 4), confirming
the importance of this latter volatile form in Hg release at the WAI [19], even though it
always accounted for less than 10% of THgD. This value is in agreement with those usually
reported for lake water ([35] and references therein).

τ τ

 

τ

Figure 4. Correlation between DGM concentrations and gaseous Hg fluxes for the selected sampling
sites. Kendall’s rank correlation coefficients (τ) and 95% confidence intervals are reported.

As previously mentioned, at site TR no significant correlation between gaseous Hg
fluxes and DGM was found, thus suggesting that Hg evasion in this site could be subject to
different controls than the amount of DGM [99]. In this site, the strong UV irradiation in
spring, with levels similar to summer conditions, potentially enhanced DGM production in
addition to low DOC concentration, which could have favoured a higher penetration of
radiation [31]. However, the reduced gaseous Hg evasion in spring lies in lower water tem-
peratures compared to summer, as this parameter can significantly affect the equilibrium
between water and air, enhancing the solubility of DGM at lower temperatures [98,109].
The positive influence of temperatures on gaseous Hg evasion has been observed in several
studies (e.g., [101,103,110]), as was also found in this work (Figure 5).

In addition, gaseous Hg evasion at TR could also be limited by the presence of high
atmospheric GEM and by the low dynamicity of the system. During each sampling
campaign in this site, the highest DGM concentrations were observed in conjunction with
relatively low gaseous Hg evasion and high GEM levels in the atmosphere (>500 ng m−3),
these latter likely due to the wind driven dispersion of the emissions from the old buildings
of the dismissed CAP [47]. High atmospheric GEM can hinder evasion from water surfaces,
decreasing the degree of saturation in DGM [34,101], and can also represent a source of
Hg for surface water through direct dry depositions [111]. This experimental evidence is
supported by the relatively high Hg concentrations found in lichens collected downwind
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from the CAP [112]. In addition, the water column at site TR suffers from low mixing and
thermoaline stratification with the occurrence of a “saltwedge”, as previously observed
in the connected Aussa River [43]. The stratification could limit the diffusion of DGM
produced at the bottom of the dockyard as the result of dark abiotic and biotic reduction in
the bottom water layer and contaminated sediments.

 

τ

−

Figure 5. Correlation between water temperature and gaseous Hg fluxes for the selected sampling
sites. Kendall’s rank correlation coefficients (τ) and 95% confidence intervals are reported.

Dark abiotic reduction is mainly a consequence of Hg2+ interactions with DOM in
the absence of light, particularly with humic substances [113]. The Mer-mediated bacterial
reduction is catalyzed by Hg2+ reductase (Mer A) present in the Hg-resistant bacteria,
and is mostly active in oxic environments [114]; the presence of these bacteria was pre-
viously reported for the contaminated sediments of the Aussa River [115], nearby our
study area. Dark biotic reduction is linked to microbially mediated processes occurring
in the dark, including the production and excretion of reducing compounds [116,117],
cellular response to oxidative stress [118], DOM mineralisation [119], and unspecific re-
duction processes [120]. A further contribution to the DGM pool from demethylation
reactions could not be excluded; mostly oxidative MeHg demethylation, mediated by
sulphate-reducing bacteria producing Hg2+, actively occurs in surface sediments of the
Marano and Grado Lagoon, along with some reductive demethylation in oxic conditions
producing Hg0 [121]. Moreover, a pronounced Hg reduction potential in the water column
of the nearby Gulf of Trieste, subject to relevant past Hg inputs [53], was demonstrated
and assigned most likely to photochemical processes in summer and to phytoplankton
(diatoms) and phytoplankton-associated bacterial taxa in autumn [122]. Among them,
Rhodobacteraceaea and Gammaproteobacteria contain known Hg reducers. A recent study by
Liang et al. demonstrated that Hg reduction mediated by phytoplankton and algal cell
exudates can occur either under sunlit or dark conditions [123].

These processes, together with lower DGM diffusivity in saltwater than in freshwa-
ter [38], could explain the higher concentrations detected at the bottom water than in the
surface water at the same time during summer at TR; in spring, the salt wedge did not occur,
and this phenomenon was less evident (Table S4). In addition, DGM vertical diffusion
could also be limited by losses through oxidation under low light conditions [124,125],
complexation by chlorides [126], and enhanced flocculation at the salt and freshwater mix
zone [55]. The progressive depletion of surface DGM during the sampling periods coupled
with increasing evasion fluxes (Figure 2b,e,h) could further suggest limited supplies from
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deep layers, as observed in other stratified lakes [102]. Further experimental studies are
needed to confirm these hypotheses.

Differently from TR, the mining-impacted site of SK, located about 60 km downstream
the Hg source, was characterised by lower atmospheric GEM concentrations, which were
slightly higher than that of the natural background reported for the Northern Hemisphere
(1.5–1.8 ng m−3, [127]); this likely caused the surface water to be supersaturated in DGM
with respect to the atmosphere over the study period, supporting the observed higher
emissions [34]. In conditions of DGM supersaturation, indeed, the rate of gas exchange
depends more on the transfer velocity through the interface rather than the occurring
gradient concentration [37,38], thus the fluxes can also be influenced by wind speed,
water current, turbulence, and turbidity [128]. In conditions of relatively high turbulence,
the measures conducted with flux chambers can also be significantly affected [98]. The
chamber design adopted in this study limits the influence of these parameters on the flux
measured [66] and, in addition, all measures in this study were conducted under relatively
calm conditions. However, a possible influence of water movement was detected at site
SK, which, differently from TR, was located in a reservoir where the current is actively
regulated by an artificial dam. Here, relatively higher DGM concentrations and gaseous
Hg evasion occurred when an increase in water flow in the reservoir was observed. Water
turbulence could promote both gaseous exchange at the WAI [129] and the DGM supply
to the surface layer [67,102]. However, a possible contribution to DGM concentrations
at SK related to transport of Hg forms from upstream, a process still ongoing along the
Isonzo River both in dissolved form or bound to particulate or organic matter [84], cannot
be ignored.

Cavazzo Lake is the only site where DGM concentration and gaseous Hg evasion
always follow the incoming UV irradiation relatively well during the sampling period.
This could support the hypothesis that Hg present in the area originates from the atmo-
sphere, and it can be readily re-emitted to the atmosphere after deposition. Such recently
deposed Hg2+ is more available for photoreactions [130] and quickly subject to reduction
processes [5,131].

5. Conclusions

The formation of DGM and its subsequent volatilisation to the atmosphere are a
notable pathway of the Hg biogeochemical cycle, promoting its removal from aquatic
environments and thus reducing the pool available for methylation and bioaccumulation.
In this context, the estimate of gaseous Hg exchange at the WAI provides useful information
on the potential impact of Hg in the environment. In this work, relevant gaseous Hg
evasion fluxes were measured in freshwater environments suffering from chlor-alkali
industry (TR) and mining (SK) Hg contamination. This was particularly evident in summer
when the fluxes were higher than those commonly observed in pristine environments,
especially at SK, and suggests that these processes, enhanced by photo-reduction and
water temperature, affect the environment even decades after the input of “fresh” Hg. The
presence of comparable gaseous Hg fluxes at the pristine site CV suggests that this area
should be further investigated for different aspects (i.e., atmospheric depositions, long-term
atmospheric measurements, and sediment quality). Other questionable evidence arises at
TR, where in spite of the significant contamination, evasion seems to be more affected by
atmosphere and water column physico-chemical characteristics. At this site, measurements
of benthic fluxes could elucidate the role of sediments as a sink or secondary source of
Hg for the water column. In conclusion, the evaluation of gaseous Hg evasion during the
nocturnal period would be helpful in reaching a better estimate of Hg budget in these
environments, whereas more repeated measurements in each season would likely improve
the definition of the pattern of gaseous Hg release during the day.
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River, Slovenia. Hydrol. Sci. J. 2014, 59, 1032–1045. [CrossRef]
52. Siché, I.; Arnaud-Fassetta, G. Anthropogenic Activities since the End of the Little Ice Age: A Critical Factor Driving Fuvial

Changes on the Isonzo River (Italy, Slovenia). Mediterranee 2014, 122, 183–199. [CrossRef]
53. Covelli, S.; Faganeli, J.; Horvat, M.; Brambati, A. Mercury Contamination of Coastal Sediments as the Result of Long-Term

Cinnabar Mining Activity (Gulf of Trieste, Northern Adriatic Sea). Appl. Geochem. 2001, 16, 541–558. [CrossRef]
54. Gosar, M.; Pirc, S.; Bidovec, M. Mercury in the Idrijca River Sediments as a Reflection of Mining and Smelting Activities of the

Idrija Mercury Mine. J. Geochem. Explor. 1997, 58, 125–131. [CrossRef]
55. Covelli, S.; Piani, R.; Kotnik, J.; Horvat, M.; Faganeli, J.; Brambati, A. Behaviour of Hg Species in a Microtidal Deltaic System: The

Isonzo River Mouth (Northern Adriatic Sea). Sci. Total Environ. 2006, 368, 210–223. [CrossRef] [PubMed]
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Supplementary material 

 

Table S1: values of meteorological parameters, DOC, total dissolved and dissolved gaseous Hg concentration, gaseous Hg fluxes, and atmospheric GEM levels in the different 

seasonal samplings at the Solkan reservoir (SK). Wind data provided as hourly averages by Slovenian Environmental Agency (ARSO) through database OMNIA 

(http://www.meteo.fvg.it/). 

 Summer Autumn Spring 

 Mean ± SD Min - Max Mean ± SD Min - Max Mean ± SD Min - Max 

Air temperature (°C) 30.3 ± 2.6 27.2 - 34.5 18.8 ± 3.6 12.8 - 22.4 22.5 ± 3.2 16.5 - 24.8 

UV radiation (W m-2) 41.8 ± 6.4 27.6 - 49.9 22.6 ± 7.0 5.6 - 29.8 34.3 ± 12.1 13.8 - 53.5 

Wind speed (m s-1) 2.0 ± 0.8 0.9 – 3.3 2.0 ± 1.1 0.4 – 3.7 1.9 ± 1.1 0.6 – 3.1 

Water temperature (°C) 17.42 ± 1.13 16.11 - 18.68 10.49 ± 0.06 10.46 - 10.57 10.41 ± 0.06 10.33 - 10.48 

DOC (mg L-1) 1.1 ± 0.3 0.8 - 1.4 1.2 ± 0.2 1.1 - 1.4 0.9 ± 0.3 0.7 - 1.5 

THg (ng L-1) 19.98 ± 7.53 14.31 - 32.22 6.39 ± 0.67 5.51 - 7.37 4.69 ± 2.86 2.27 - 9.96 

DGM (pg L-1) 421.2 ± 167.0 197.5 - 696.1 112.6 ± 18.0 95.9 - 142.2 163.8 ± 36.8 121.0 - 218.1 

% DGM/THgD 2.4 ± 1.4 0.8 - 4.9 1.8 ± 0.4 1.4 - 2.4 4.2 ± 1.6 1.8 - 6.5 

Gaseous Hg flux (ng m-2 h-1) 36.65 ± 6.15 34.96 - 46.77 14.07 ± 3.19 9.96 - 18.74 14.91 ± 3.51 10.24 - 19.31 

Atmospheric GEM (ng m-3) 2.77 ± 0.98 < 2 - 5.28 2.19 ± 2.13 < 2 - 6.48 4.61 ± 4.09 < 2 - 10.62 
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Table S2: values of meteorological parameters, DOC, total dissolved and dissolved gaseous Hg concentration, gaseous Hg fluxes, and atmospheric GEM levels in the different 

seasonal samplings at the Torviscosa dockyard (TR). Wind data provided as hourly averages by Weather Forecast Regional Observatory of Friuli Venezia Giulia region 

(OSMER-ARPA FVG) through database OMNIA (http://www.meteo.fvg.it/). 

 Summer Autumn Spring 

 Mean ± SD Min - Max Mean ± SD Min - Max Mean ± SD Min - Max 

Air temperature (°C) 31.8 ± 1.5 29.7 - 33.6 16.8 ± 2.1 13.3 - 18.5 23.3 ± 1.2 21.7 - 24.5 

UV radiation (W m-2) 43.3 ± 7.2 23.0 - 51.7 19.1 ± 5.1 10.3 - 28.6 44.1 ± 6.8 27.2 - 55.2 

Wind speed (m s-1) 1.7 ± 0.7 0.4 – 2.7 1.0 ± 0.7 0.6 – 2.5 2.9 ± 0.4 1.7 – 3.8 

Water temperature (°C) 21.15 ± 1.26 19.37 - 22.90 14.33 ± 0.40 13.86 - 14.87 16.53 ± 0.23 16.11 - 16.80 

DOC (mg L-1) 1.5 ± 0.7 0.8 - 2.5 1.0 ± 0.3 0.6 - 1.3 0.8 ± 0.3 0.5 - 1.2 

THg (ng L-1) 9.43 ± 1.22 7.96 - 10.80 1.93 ± 0.37 1.61 -2.65 5.72 ± 2.57 1.89 - 9.12 

DGM (pg L-1) 143.9 ± 38.5 109.8 - 195.6 79.1 ± 25.5 58.1 - 122.6 153.2 ± 58.9 103.6 - 259.7 

% DGM/THgD 1.6 ± 0.4 1.1 - 2.0 4.3 ± 1.7 2.2 - 6.7 3.3 ± 1.9 1.5 - 5.5 

Gaseous Hg flux (ng m-2 h-1) 32.68 ± 10.78 23.27 - 52.71 11.07 ± 5.16 6.91 - 15.47 12.68 ± 6.08 9.55 - 35.24 

Atmospheric GEM (ng m-3) 1.92 ± 2.10 < 2 - 4.61 71.09 ± 98.43 < 2 - 543.61 48.73 ± 77.91 3.38 - 344.08 
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Table S3: values of meteorological parameters, DOC, total dissolved and dissolved gaseous Hg concentration, gaseous Hg fluxes, and atmospheric GEM levels in the different 

seasonal samplings at Cavazzo Lake (CV). Wind data provided as hourly averages by Weather Forecast Regional Observatory of Friuli Venezia Giulia region (OSMER-

ARPA FVG) through database OMNIA (http://www.meteo.fvg.it/). 

 Summer Autumn Spring 

 Mean ± SD Min - Max Mean ± SD Min - Max Mean ± SD Min - Max 

Air temperature (°C) 30.4 ± 2.5 25.9 - 32.9 15.7 ± 2.6 12.5 -19.7 17.9 ± 1.7 15.8 - 20.8 

UV radiation (W m-2) 42.4 ± 7.7 19.3 - 52.2 20.7 ± 7.4 5.3 - 28.2 19.7 ± 9.0 4.9 - 44.5 

Wind speed (m s-1) 1.9 ± 1.2 0.1 – 3.5 2.1 ± 1.1 1.0 – 3.5 4.6 ± 1.5 2.5 – 6.9 

Water temperature (°C) 16.00 ± 0.65 14.88 - 16.80 11.08 ± 0.31 10.55 - 11.36 10.05 ± 1.03 9.35 - 10.18 

DOC (mg L-1) 1.0 ± 0.2 0.7 - 1.3 1.5 ± 0.7 1.0 - 2.8 1.5 ± 0.5 1.0 - 2.5 

THg (ng L-1) 9.62 ± 5.34 3.93 - 16.46 3.88 ± 0.57 3.44 - 4.90 2.69 ± 3.03 < 0.63 - 8.49 

DGM (pg L-1) 152.7 ± 28.9 114.1 - 194.0 59.6 ± 4.0 55.8 - 66.4 80.7 ± 14.5 62.7 - 93.5 

% DGM/THgD 2.3 ± 1.5 0.8 - 4.4 1.6 ± 0.3 1.1 - 1.9 3.2 ± 1.9 0.7 - 5.1 

Gaseous Hg flux (ng m-2 h-1) 32.45 ± 3.17 29.48 - 37.59 6.22 ± 3.84 0 - 9.79 8.02 ± 3.96 3.41 - 14.63 

Atmospheric GEM (ng m-3) 1.30 ± 1.00 < 2 - 3.85 1.25 ± 0.62 < 2 - 4.81 3.61 ± 2.67 < 2 - 16.07 
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Figure S1: diurnal variation of THgD concentrations in the different seasons at the various selected sites. 
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Figure S2: DGM concentrations versus incident UV radiation during samplings at the three selected 

sites (a): Solkan Reservoir, (b): Torviscosa dockyard, (c): Lake of Cavazzo. Kendall’s rank correlation 

coefficients (τ) and 95% confidence intervals are reported. 
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Table S4: parameters in surface and bottom water at TR site in summer and spring 

 Surface water Bottom water 

28/07/2020-T5 (15:00)   

Temperature (°C) 22.90 21.23 

Salinity (PSU) 0.34 12.26 

DOC (mg L-1) 1.0 7.9 

THg (ng L-1) 10.66 8.26 

DGM (pg L-1) 111.9 190.1 

   

10/05/2021-T2 (10:43)   

Temperature (°C) 16.48 17.92 

Salinity (PSU) 0.32 0.34 

DOC (mg L-1) 7.9 1.7 

THg (ng L-1) 7.20 1.65 

DGM (pg L-1) 113.9 123.4 
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3.4 Article III: Hg0 fluxes at soil-air interface in terrestrial environments 

 

Gaseous mercury evasion from bare and grass-covered soils contaminated by mining 
and ore roasting (Isonzo River alluvial plain, Northeastern Italy) 
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Graphical abstract 

 

 

 
 

 

 

 

Highlights 

 Field study of mercury evasion from soils contaminated by historic cinnabar mining. 

 Highest mercury releases in summer driven by UV radiation and temperatures. 

 Fluxes variability function of soil mercury and organic matter content. 

 Slow activation of mercury evasion from cinnabar in winter under low temperatures. 

 Living native grass vegetation cover significantly limits mercury volatilisation. 
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Gaseous mercury evasion from bare and grass-covered soils contaminated 
by mining and ore roasting (Isonzo River alluvial plain, 
Northeastern Italy)☆ 
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A R T I C L E  I N F O   
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A B S T R A C T   

High amounts of mercury (Hg) can be released into the atmosphere from soil surfaces of legacy contaminated 
areas as gaseous elemental mercury (Hg0). The alluvial plain of the Isonzo River (NE Italy) suffered widespread 
Hg contamination due to the re-distribution of Hg-enriched material discharged by historical cinnabar mining at 
the Idrija mine (Slovenia), but an assessment of Hg0 releases from the soils of this area is still lacking. In this 
work, Hg0 fluxes at the soil-air interface were evaluated using a non-steady state flux chamber coupled with a 
real-time Hg0 analyser at 6 sites within the Isonzo River plain. Measurements were performed in summer, 
autumn, and winter both on bare and grass-covered soil plots at regular time intervals during the diurnal period. 
Moreover, topsoils were analysed for organic matter content and Hg total concentration and speciation. Overall, 
Hg0 fluxes tracked the incident UV radiation during the sampling periods with daily averages significantly higher 
in summer (62.4 ± 14.5–800.2 ± 178.8 ng m−2 h−1) than autumn (15.2 ± 4.7–280.8 ± 75.6 ng m−2 h−1) and 
winter (16.9 ± 7.9–187.8 ± 62.7 ng m−2 h−1) due to higher irradiation and temperature, which favoured Hg 
reduction reactions. In summer and autumn significant correlations were observed between Hg0 fluxes and soil 
Hg content (78–95% cinnabar), whereas this relationship was not observed in winter likely due to relatively low 
emissions found in morning measurements in all sites coupled with low temperatures. Finally, vegetation cover 
effectively reduced Hg0 releases in summer (~9–68%) and autumn (~41–78%), whereas the difference between 
fluxes from vegetated and bare soils was not evident during winter dormancy due to scarce soil shading. These 
results suggest the opportunity of more extended spatial monitoring of Hg0 fluxes particularly in the croplands 
covering most of the Isonzo River alluvial plain and where bare soils are frequently disturbed by agricultural 
practices and directly exposed to radiation.   

1. Introduction 

Mercury (Hg) is a widespread pollutant of global concern that poses 
serious threats to ecosystems and human health, mostly due to the 
neurotoxic effects of its methylated form (Boening, 2000; Clarkson and 
Magos, 2006). A peculiarity of this metal is the high volatility of its 
elemental form, often referred to as “gaseous elemental mercury” 

(hereafter Hg0), which can be emitted to the atmosphere from both 
natural and anthropogenic sources (Pirrone et al., 2010). Once emitted, 
Hg0 can persist in the atmosphere for more than 1 year (Saiz-Lopez et al., 
2018) and thus be subject to long-range atmospheric transport before 

being removed through dry and wet depositions (Berg et al., 2008; 
Horowitz et al., 2017), even reaching remote areas (Kurz et al., 2019). 
Moreover, deposited Hg can be re-emitted back into the atmosphere 
from natural terrestrial and aquatic surfaces, thus the multiple 
surface-atmosphere exchanges can further expand its spread and resi-
dence time in the environment, a phenomenon previously referred to as 
“hopping effect” (Agnan et al., 2016; Jiskra et al., 2015; Lei et al., 2021). 

Hg0 exchanges at the soil-air interface represent a key aspect of the 
biogeochemical cycle of this element, with relevant Hg0 emissions often 
reported for areas characterised by Hg-enriched substrates due to local 
geology and/or anthropogenic activities. These sites may constitute a 
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relevant secondary source of atmospheric Hg (Gustin et al., 2003; Koc-
man et al., 2013) where the magnitude of Hg0 fluxes is primarily 
influenced by the total Hg (THg) concentrations in the substrate (Agnan 
et al., 2016). Generally, most Hg found in soil is present in oxidised 
forms (Hg2+) (Anderson, 1979; Palmieri et al., 2006; Terzano et al., 
2010; Beckers and Rinklebe, 2017) that must be reduced to the volatile 
form Hg0 before being emitted (Carpi and Lindberg, 1998). The reduc-
tion of Hg2+ in soils can occur through abiotic pathways such as 
photoreduction, mostly mediated by UV radiation (Moore and Carpi, 
2005), or reduction facilitated by interaction with functional groups of 
OM (Gabriel and Williamson, 2004) or iron-bearing minerals (Debure 
et al., 2020), but also Hg2+ reduction mediated by microbial activity can 
contribute to Hg0 formation (Fritsche et al., 2008) as a detoxification 
pathway of mostly microorganisms containing the mer operon in their 
genome, activated by exposure to Hg (Mathema et al., 2011). On the 
other hand, Hg0 adsorption on soil surfaces, favoured by its high affinity 
for reduced sulphur groups of organic matter (OM) as well as for iron 
and manganese minerals, can limit its vertical mobility through the soil 
(Schuster, 1991; Skyllberg and Drott, 2010; Yuan et al., 2019). As a 
result, Hg0 volatilisation depends both on the rate of reduction reactions 
and on the sorption-desorption equilibrium between the soil matrix and 
pore space air (Carmona et al., 2013; Pannu et al., 2014), which in turn 
are influenced by several factors, e.g. incident solar radiation (Wang 
et al., 2005), soil and air temperature (Shi et al., 2020), precipitation and 
soil moisture (MacSween and Edwards, 2021), soil cover by vegetation 
and litter (Ma et al., 2018), soil disturbance (Sommar et al., 2016). These 
factors act in both contaminated and background areas (Miller et al., 
2011), but their relative importance seems to be extremely site-specific 
(Agnan et al., 2016). Additionally, Hg speciation in soils deeply impacts 
its availability for reduction and subsequent volatilisation, as emissions 
are generally more rapid and intense where mobile and soluble forms of 
Hg are prevalent compared to sites dominated by insoluble forms such as 
cinnabar (α-HgS) (García-Sánchez et al., 2006; Kocman and Horvat, 
2010; Llanos et al., 2011). 

Anthropogenic inputs related to mining, coal combustion, and 
various industrial processes significantly affected the biogeochemical 
cycle of Hg and the amounts of the element circulating in the environ-
ment (Streets et al., 2019). The implementation of the Minamata 
Convention, aimed at phasing-out primary Hg mining and its use in 
precious metal extraction and industrial processes (Selin et al., 2018), is 
expected to reduce Hg emissions related to human activities. However, 
sites subject to past severe Hg pollution are able to emit high amounts of 
Hg0 into the atmosphere even years after the primary source of 
contamination is no longer active, as evidenced by high Hg0 fluxes 
recorded in areas contaminated by past mining (Dalziel and Tordon, 
2014; Fantozzi et al., 2013; Kotnik et al., 2005) or industrial activities 
(Eckley et al., 2015; Osterwalder et al., 2019; Zhu et al., 2018). Un-
derstanding the fate of Hg in these areas is crucial to assess the potential 
exposure of the local population and wildlife to this metal and to eval-
uate possible mitigation and remediation strategies (Selin et al., 2018; 
Zhu et al., 2018). 

The alluvial plain of the Isonzo River (NE Italy) is characterised by 
widespread Hg contamination as a consequence of historical Hg mining 
which took place at Idrija (Slovenia) from the 16th century until 1995 
(Kotnik et al., 2005). Throughout ~500 years of exploitation, approxi-
mately 35,000 tons of Hg were lost in the surrounding environment 
(Dizdarevič, 2001) through atmospheric leaks and direct dumping of 
roasting residues on banks and riverbed sediments of the local Idrijca 
River, a tributary of the Isonzo River (Gosar et al., 1997; Žibret and 
Gosar, 2006), resulting in extended contamination of all environmental 
compartments (Bavec and Gosar, 2016 and references therein). Leach-
ing and erosion of contaminated soils and sediments, mostly during rain 
events, favour the mobilization and transport of Hg to the Isonzo River 
and then finally to the northern Adriatic Sea (Baptista-Salazar et al., 
2017; Pavoni et al., 2021). Due to flooding events, Hg has been 
re-distributed over the entire alluvial plain of the Isonzo River, resulting 

in high concentrations in soils (up to 76 mg kg−1) which progressively 
decrease as the distance from the river increases (Acquavita et al., 2022; 
Cerovac et al., 2018; Piani et al., 2013). Few studies have highlighted 
the occurrence of Hg0 atmospheric concentrations which are slightly 
higher than the natural background, mostly in the coastal sector of the 
southernmost part of the plain (Barago et al., 2020; Floreani et al., 
2020), but a direct evaluation of potential Hg0 releases at the soil-air 
interface is still lacking. The main aims of this study were to evaluate 
the Hg0 emissions in selected sites along the plain characterised by a 
different degree of substrate contamination and to relate the results to 
soil Hg concentration and speciation and OM content in order to un-
derstand how differences in these parameters may influence the 
mobility of Hg at the soil-air interface. Hg0 fluxes were measured in field 
by means of a manually operated non-steady state flux chamber coupled 
with a real-time portable Hg0 analyser. This technique allows for a 
simple, rapid, and relatively cost-effective evaluation of Hg0 evasion 
from the soil surface. Measurements were performed during the diurnal 
period in different seasons in order to verify the existence of any vari-
ability related to environmental parameters such as UV radiation and 
temperature. In addition, at each site Hg0 emissions were measured over 
plots of bare and grass-covered soils in order to examine the potential 
influence of native vegetation cover. 

2. Materials and methods 

2.1. Study area 

At the extreme eastern edge of the Friulian plain (Friuli Venezia 
Giulia Region, NE Italy), the Isonzo River alluvial plain is formed by 
quaternary sediments deposited during the Last Glacial Maximum by the 
Isonzo and Torre Rivers (Fontana et al., 2008) and is divided into two 
different geomorphological sectors (High and Low plain) by an 
East-West oriented Resurgence Belt (Cucchi et al., 2008; Treu et al., 
2017). The southernmost coastal area of the plain adjacent to the mouth 
of the Isonzo River derives from hydraulic reclamation works carried out 
in past centuries to obtain cultivable areas from former lagoon and 
wetlands (Da Lio and Tosi, 2018; Marocco, 1989). Intense agriculture of 
prevalently maize and soybean occurs throughout the plain with the 
scarce presence of permanent meadows and a general increase in ur-
banisation and industrial settlements moving southwards (Acquavita 
et al., 2022; Contin et al., 2012; Salata et al., 2019). According to 
Rivas-Martínez et al. (2011), the bioclimate of the study area is classi-
fiable as temperate oceanic, with relatively mild temperatures 
throughout the year and frequent precipitation. The annual mean rain-
fall in the area ranges between ~1000 and ~1400 mm moving from the 
coastal area to the High plain and the mean annual temperature is 
around 14 ◦C, with lowest values in January (~4.3 ◦C) and highest in 
July (~23.8 ◦C) (reference period: 1991–2021, data from ARPA 
FVG-Regional Agency for Environmental Protection of Friuli Venezia 
Giulia, through OSMER and GRN-Regional Meteorological Observatory 
and Natural Risk Management, respectively, https://www.meteo.fvg. 
it/). Local anemometry is determined by the breeze regime and synop-
tic winds from north-eastern direction, with episodic gusts of strong 
Bora winds (Giaiotti et al., 2003). 

For this study, we focused on 6 sites along the plain (Fig. 1) near the 
present course of the Isonzo River located between 40 and 70 km 
downstream the confluence with the Idrijca River. The sites were 
selected on the basis of existing information about Hg concentrations in 
soils (Acquavita et al., 2022): 3 were located in the High plain, in the 
municipalities of Savogna d’Isonzo (SVI and SAV) and Sagrado (SAG), 
and the remaining in the Low plain near the villages of Turriaco (TUR), 
San Canzian d’Isonzo (SCZ) and Fossalon di Grado (FOS). The soils of the 
latter two sites are classifiable as Gleyic Fluvic Cambisols according to 
the World Reference Base for Soil Resources (WRB, https://www.isric. 
org/explore/wrb), whereas those of the other 4 sites belong to the 
group of Calcaric Fluvic Cambisols. Measurements of Hg0 fluxes were 
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taken in meadows consisting of low lying non-woody vegetation. The 
sites referred to as SCZ and FOS were located near farmland soils with 
the occurrence of species such as Setaria pumila, Cynodon dactylon, 
Artemisia vulgaris, Amaranthus retroflexus. Conversely, sampling points at 
SVI, SAV, SAG, and TUR were located in permanent meadows along the 
course of the Isonzo River, which represent preserved natural environ-
ments with an important connectivity function in the ecological network 
in the context of regional landscape planning of the Friuli Venezia Giulia 
region (Sigura et al., 2017) and consequently protected as areas of 
relevant environmental interest (A.R.I.A.; Regional Law n. 42/1996). 
Common wild vegetation is dominated by Poaceae, including species as 
Arrhenatherum elatius, Festuca arundinacea, Poa pratensis, Dactylis 
glomerata. 

2.2. Soil sampling and analysis 

After Hg0 flux measurements, topsoil samples (~0–2 cm) from each 
plot directly under the chamber were collected, sieved in the field at <2 
cm to remove coarser particles, stored in clean polyethylene bags and 
taken to the laboratory, where an aliquot was immediately weighed for 
gravimetric determination of the moisture percentage. Plant residues of 
both aboveground (stems and leaves) and belowground biomass (roots) 
were carefully separated from the soil samples in the laboratory before 
analysis. Grain-size was determined only on samples collected in sum-
mer according to ISO 13320:2020 using a laser granulometer (Master-
sizer 2000; Malvern Instruments Ltd., Worcestershire, UK). An aliquot 
(20 g) of fresh soil was used after a 24 h H2O2 (10%) treatment to reduce 
the bonding effect of the OM to the particles, followed by wet sieving at 
<2 mm and analytical determination on 2-mL aliquots. 

For other determinations, a second aliquot of all soil samples was air- 
dried, gently disaggregated into a ceramic mortar, and sieved to 2 mm. 
Soil pH was measured with a glass electrode after equilibrating 5 g of soil 
with 12.5 mL of ultrapure water for 2 h according to Italian Decree 13/ 
09/99. Organic matter content was determined as loss on ignition (LOI) 
at 550 ◦C (Heiri et al., 2001). Total Hg (THg) concentrations in soils 
were determined using a DMA-80 Direct Mercury Analyser (Milestone, 
Sorisole, Italy) atomic absorption spectrophotometer according to 
US-EPA Method 7374 (U.S. EPA, 1998). The limit of detection (LOD) 
was approximately 0.005 ng of Hg. A certified material (PACS-3 Marine 
Sediment Certified Reference Material, NRCC, Canada; Hg = 2.98 ±
0.36 mg kg−1) was regularly analysed to verify the accuracy of the 

method and the obtained results showed acceptable recoveries 
(95–106%). The speciation of Hg in soil was evaluated following the 
thermo-desorption procedure described by Petranich et al. (2022). 
Briefly, approximately 80 mg of sample were progressively heated (0.5 
◦C s−1) in a quartz boat from ambient temperature to ~700 ◦C in a 
furnace (Pyro-915+) coupled with a portable real-time gaseous Hg 
analyser (Lumex RA-915 M, Lumex Instruments, St. Petersburg, Russia) 
based on the atomic adsorption spectrophotometry technique with 
Zeeman background correction (Sholupov et al., 2004). A complete 
description of the thermoscanning unit was reported by Mashyanov 
et al. (2017). Temperature was continuously monitored through a type K 
thermocouple and the occurring Hg forms were identified by comparing 
their desorption temperatures with those of standard Hg compounds. 
The relative amounts of the different “thermospecies” were then deter-
mined by integrating the area under each desorption peak (Biester and 
Scholz, 1997) using the RAPID software (ver. 1.00.585) which controls 
the Lumex instrumentation. 

2.3. Soil-air Hg0 flux measurements 

Hg0 fluxes at the soil-air interface were evaluated during one diurnal 
period for each selected site in summer (July–September 2021), autumn 
(October–November 2021), and winter (January 2022). Hg0 fluxes were 
not measured during spring, but considering that weather conditions 
and vegetation development in our study area in this season are not very 
much dissimilar to those encountered in autumn, it may be assumed that 
fluxes during these two periods are comparable. At each location, fluxes 
were measured in two adjacent sampling points, i.e. from soils charac-
terised by the presence of native herbaceous vegetation cover and bare 
soil plots where grass was manually removed before sampling. Sampling 
points were chosen as close as possible to those previously used for the 
characterisation of Hg contamination of the Isonzo River plain 
(Acquavita et al., 2022). Flux measurements were performed by means 
of a Plexiglas non-steady state (NSS) flux chamber (60 × 20 × 25 cm) 
coupled with the Lumex analyser, which allows for the direct determi-
nation of Hg concentrations in the air in a wide dynamic range (2–30, 
000 ng m−3). Operatively, the chamber was placed on the ground with 
edges inserted 1 cm into the soil fitting on a pre-installed stainless-steel 
frame. In order to achieve an optimal seal and minimise the intrusion of 
external air, soil was gently packed around the outer walls (Gillis and 
Miller, 2000). The Hg analyser was connected to the chamber in a closed 

Fig. 1. Study area and location of sampling sites.  
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circuit through two Teflon tubes attached to 2 cm holes on the opposite 
short sides of the chamber. During the chamber deployment, air was 
recirculated through the system thanks to the Lumex internal pump at a 
constant flow rate of at least 10 L min−1, creating a continuous gas 
movement over the soil surface (During et al., 2009). Due to the rela-
tively high dimensions of the chamber, the use of a high air flow rate is 
required to provide a good level of mixing inside the chamber, necessary 
to obtain measurements of Hg0 concentrations representative of the air 
in the chamber headspace (Maier et al., 2022). However, a high flow 
rate can potentially lead to bias in flux estimation due to pressure gra-
dients between the outside and the inside of the chamber, particularly in 
highly permeable soils (Camarda et al., 2009; Davidson et al., 2002). To 
minimise the occurrence of pressure gradients between the outside and 
inside of the chamber and the disturbance on natural gas exchange 
processes at the soil-air interface related to the occurrence of advective 
fluxes between soil and air, two vents were placed on the upper wall of 
the chamber (Hutchinson and Livingston, 2001). However, these arte-
facts related to high flow rate are generally greater for open dynamic 
flux chambers (DFC) than for closed recirculation chambers due to the 
higher connection with ambient air (Camarda et al., 2009; Cotel et al., 
2015). Concentrations of Hg0 were continuously (every 1s) recorded for 
5 min, as recommended for NSS chamber measurements using online 
real-time analysers (Maier et al., 2022), before removing the chamber. 
This short sampling time allowed for a reduction of the influence of the 
chamber on environmental parameters near the soil surface, such as 
temperature (Fantozzi et al., 2013; Rochette and Hutchinson, 2005), 
compared to DFC technique, more frequently adopted for Hg0 soil 
emission measurement (Sommar et al., 2020). Thus, it was possible to 
take more distinct measurements from the selected points in a short time 
interval using the same Hg0 analyser. Our chamber has a design similar 
to the DFCs used in other studies (e.g. Carpi and Lindberg, 1998; Sizmur 
et al., 2017) and coupled with a Lumex analyser (Fantozzi et al., 2013; 
García-Sánchez et al., 2006; Wang et al., 2006; Zhu et al., 2011) and our 
unpublished tests performed using both configurations (NSS and DFC) 
and the same air flow rate, comparable to those adopted in the cited 
studies, revealed a good agreement between fluxes measured with the 
two techniques (r = 0.97, p < 0.001, n = 30), with no systematic over- or 
underestimation of the flux calculated for the NSS technique compared 
to the well-established DFC configuration. 

During each sampling day, Hg0 fluxes were measured at regular time 
intervals of 1 h through 6/7 distinct set of measurements, each con-
sisting of two consecutive replicate flux measurements conducted 
alternatively from bare and vegetated soil plots. The Hg0 flux from soil 
(F) was then calculated from the increase of concentration inside the 
chamber during the enclosure (dC/dt) according to equation (1) (Bag-
nato et al., 2014; Kyllönen et al., 2012): 

F =
V

A

dC

dt
(1)  

where V is the internal volume of the chamber and A is the soil surface 
area covered by the chamber. As the increase of Hg0 concentration in-
side the chamber can be assumed to be approximately linear for short 
chamber deployment times (Di Francesco et al., 1998; Kandel et al., 

2016), the time derivative of Eq. (1) was quantified through the slope of 
Hg0 concentration vs. time curve (Bagnato et al., 2014; Chiodini et al., 
1998; Cotel et al., 2015; Davidson et al., 2002) and results were rejected 
if a good linear regression (r2 

> 0.8) could not be achieved (Kyllönen 
et al., 2012). Chamber blanks were determined daily by placing the 
chamber on a clean polycarbonate surface and the average value (1.6 ±
1.0 ng m−2 h−1, n = 18) was subtracted to fluxes calculated from field 
measurements. 

In parallel with soil-air Hg0 fluxes, incident UV radiation between 
250 and 400 nm were monitored in the field using a SU-420 sensor 
(Apogee Instruments, Logan, USA) mounted 2 m above ground near the 
sampling points. Data were logged every 1 min as the average value of 
readings taken every 1s. In addition, air temperature and relative hu-
midity were measured using a portable thermohygrometer (HI9565, 
Hanna Instruments, Padova, Italy) which was also used to monitor the 
variation of these parameters inside the chamber headspace during the 
entire period of measurement (5 min) by inserting the probe in the 
chamber through a hole in the upper wall. Soil temperature was deter-
mined at a depth of 2 cm near sampling points using a thermal probe. 

2.4. Statistical analyses 

Statistical analyses were performed using R software ver. 4.1.3 (R 
Foundation, Vienna, Austria) and package ggplot2 for data visualisation 
(Wickham et al., 2016). After checking data normality and homogeneity 
of variances with the Shapiro-Wilk and Bartlett tests, respectively, the 
statistical significance of differences between data groups was tested by 
means of Kruskal-Wallis (K–W) coupled with Dunn’s post-hoc test. 
Pearson and Kendall correlation coefficients were used to assess the 
relationships between variables in the case of normal and non-normal 
data distribution. 

3. Results and discussion 

3.1. Physico-chemical characteristics of soils 

General physico-chemical characteristics of investigated soils are 
summarised in Table 1. Overall, all the topsoils were characterised by a 
moderate alkaline pH (average = 8.09 ± 0.10), with no significant dif-
ferences between samples collected at the same site in different seasons. 
In terms of grain size, silt was the predominant fraction at SAG (50.7 ±
0.9%) followed by sand (45.8 ± 1.1%) and clay (3.5 ± 0.2%), whereas 
the soils from all other sites showed a greater abundance of the sandy 
component (55.8 ± 4.5%) than the silty (40.9 ± 4.3%) and clayey (3.3 
± 0.9%) ones: according to United States Department of Agriculture 
(USDA) textural classification (USDA, 1987), these soils can be defined 
as Sandy loam, whereas samples from SAG fall in the class of Silty loam 
(Fig. S1). 

The organic matter content was quite variable between sites, with 
the highest average value found at SCZ (17.51 ± 3.26%) and the lowest 
obtained for soils of FOS (2.92 ± 0.33%) in the reclaimed coastal area. 
The soils of the other sites were characterised by similar OM contents 
ranging on average between 8.30 ± 1.69% (SAG) and 10.76 ± 1.31% 

Table 1 
Overview of the main physico-chemical parameters of soil of the investigated study sites. Except for grain-size, data reported are the average (±std) values of all 
collected samples in the three different seasons.   

SVI SAV SAG TUR SCZ FOS 
pH 8.12 ± 0.06 8.17 ± 0.08 8.15 ± 0.08 8.14 ± 0.06 8.01 ± 0.05 7.96 ± 0.08 
Sand (%) 53.8 ± 3.5 57.6 ± 6.2 45.8 ± 1.1 53.7 ± 2.8 55.0 ± 3.4 58.7 ± 5.4 
Silt (%) 43.0 ± 3.0 40.0 ± 5.6 50.7 ± 0.9 43.6 ± 2.6 41.2 ± 2.7 36.9 ± 4.7 
Clay (%) 3.1 ± 0.5 2.5 ± 0.6 3.5 ± 0.2 2.7 ± 0.2 3.8 ± 0.7 4.4 ± 0.8 
LOI (%) 10.32 ± 1.00 10.76 ± 1.31 8.30 ± 1.69 8.93 ± 0.92 17.51 ± 3.26 2.92 ± 0.33 
THg (mg kg−1) 16.58 ± 2.07 2.22 ± 0.50 17.22 ± 1.91 25.33 ± 4.12 8.01 ± 0.52 16.30 ± 3.66 
α-HgS (%) 85 ± 2 94 ± 2 91 ± 2 94 ± 2 78 ± 1 90 ± 3 
No-α-HgS (%) 15 ± 2 6 ± 2 9 ± 2 6 ± 2 22 ± 1 10 ± 3  
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(SAV), with little variability between samples collected in different 
seasons (Fig. S2+Table 1). Moreover, no significant differences were 
found between OM contents in topsoils from bare and vegetated plots for 
flux measurement. 

3.2. Meteorological parameters 

Field measurements for the determination of Hg0 fluxes at the soil-air 
interface were performed under sunny weather conditions at almost all 
sites, except for sampling conducted at FOS in summer and autumn 
characterised by a more extended cloud cover and an irregular pattern of 
UV radiation during field operations. The highest UV irradiation was 
recorded during summer, with daily averages ranging from 29.7 (FOS) 
to 40.8 W m−2 (TUR), while minimum values were encountered in 
winter, when all single radiation measures were below 20 W m−2 (see 
Tables S1–S3). Air temperatures showed the same seasonal trend, 
ranging from 22.7 to 33.6 ◦C in summer, from 11.7 to 20.1 ◦C in autumn, 
and from −2.0 to 11.6 ◦C in winter with higher values typically recorded 
in the central part of the day and the minimum in the morning. Soil 
temperatures were similar and slightly higher than air in summer 
(27–34.5 ◦C) and on average colder in winter (−1.5-7 ◦C). In autumn 
relatively high values were recorded at TUR and SCZ, sampled in 
October (14–26 ◦C), whereas at other sites, sampled in November, soil 
temperatures were always below 15 ◦C (see Tables S1–S3). Generally, 
lower soil temperatures were found for vegetated than bare soil plots, 
particularly in summer due to the greater vegetation height and density 
which caused increased shading of vegetated soil and resulted in 
generally higher values of soil moisture (Fig. S3). 

3.3. Total Hg concentration and Hg speciation in soils 

The THg concentrations in the topsoils were quite variable. The 
average values considering all soil samples collected in the different 
seasons ranged from a minimum of 2.22 ± 0.50 mg kg−1 at SAV to a 
maximum of 25.33 ± 4.12 mg kg−1 at TUR. Intermediate and similar 
THg concentrations were found at SAG (17.21 ± 1.91 mg kg−1), SVI 
(16.58 ± 2.07 mg kg−1) and FOS (16.30 ± 3.66 mg kg−1), whereas a 
slightly lower value was determined for SCZ (8.01 ± 0.52 mg kg−1) 
(Table 1). These concentrations fall in the range previously reported for 
the entire area of the plain (<0.06–41.0 mg kg−1 from Acquavita et al., 
2022), all exceeding the threshold level of 1 mg kg−1 established by 
Italian Decree 152/2006 for soils intended for public, private and resi-
dential use. Total Hg concentrations found in this study are one order of 
magnitude lower than those observed for soils of the Idrija Hg mining 
district (Bavec and Gosar, 2016; Teršič et al., 2011), undoubtedly due to 
the relevant distance from the source of contamination (Ottesen et al., 
2013). However, no regular spatial pattern was found considering the 
selected sampling points along the Isonzo plain, suggesting that the 
observed concentrations could be dependent on irregular re-distribution 
of Hg-contaminated material by flooding events (Acquavita et al., 2022; 
Colica et al., 2019). In each site, no significant variations in terms of soil 
THg content were observed between bare and vegetated plots where Hg0 

flux measurements were performed (Fig. S4), and also the variability 
between samples collected from the same plot in different seasons was 
relatively limited and attributable to soil heterogeneity and to the un-
even distribution of contaminated material even on a small spatial scale 
(Gilli et al., 2018; Rinklebe et al., 2009). 

Fig. 2. a) termoscanning curves obtained from soil samples b) average percentage abundance of α-HgS and no-α-HgS fraction calculated from peak integration c) 
average concentrations of Hg extracted in the α-HgS and no-α-HgS fraction. 
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The thermal desorption profiles of all topsoil samples showed curves 
characterised by the presence of a double peak, with a first release be-
tween 200 ◦C and 230 ◦C and a second, more pronounced peak at 
temperatures ranging between ~300 ◦C and 365 ◦C (Fig. 2). According 
to the curves of standard materials reported by Petranich et al. (2022), 
the desorption temperature range of this second peak fits well with that 
of red cinnabar (α-HgS) from Idrija. This Hg form is considered the less 
mobile and bioavailable in soils (Gai et al., 2016; Pelcová et al., 2021) 
and its occurrence in our study area is likely the result of erosion and 
transport of α-HgS containing material from bottom sediments and 
riverbanks of the Idrijca River, where mining residues were directly 
discharged (Žibret and Gosar, 2006). Due to the incomplete decompo-
sition during roasting process, these residues can still contain a certain 
amount of α-HgS (Esbrí et al., 2010; Yin et al., 2013). On the other hand, 
the first peak (200–230 ◦C) can be representative of the release of Hg 
from various non-cinnabar (no-α-HgS) forms which are potentially more 
mobile: similar desorption temperatures are indeed reported in the 
literature, e.g. for Hg bound to OM or to iron oxyhydroxides, and HgCl2, 
but also for metacinnabar (β-HgS) (Biester et al., 2000; Coufalík et al., 
2012; Petranich et al., 2022; Reis et al., 2015a; Rumayor et al., 2017). 
The occurrence of β-HgS as a by-product of ore roasting processes has 
been previously reported in mining residues discharged at Idrija (Biester 
et al., 2000; Teršič et al., 2011), whereas Hg bound to OM is present in 
notable amounts in the fine fraction of Idrija soils as a result of atmo-
spheric depositions and is available for leaching and erosion during rain 
events (Baptista-Salazar et al., 2017). Based on the integration of peak 
areas, the contribution of this no-α-HgS fraction ranged from 5 to 22% of 
THg and is significantly correlated (r = 0.67, p < 0.05) to OM content, 
thus suggesting a contribution of the OM-bound Hg fraction, whereas Hg 
adsorption by iron oxyhydroxides can be considered less relevant in 
presence of relatively high concentrations of OM (Beckers and Rinklebe, 
2017). The relative abundances of the α-HgS fraction (78–95%) are in 
good agreement with those of the non-mobile fraction determined by 
Acquavita et al. (2022) for the soils of the Isonzo River alluvial plain 
using a chemical sequential extraction procedure. 

3.4. Hg0 fluxes at the soil-air interface 

Significantly (p < 0.05, K–W) higher Hg0 fluxes were found for both 
bare and vegetated soils during the summer season compared to autumn 
and winter (Fig. 3). The greatest average fluxes for bare and vegetated 
soils were found at site TUR (800.2 ± 178.8 ng m−2 h−1) and FOS (344.6 
± 36.2 ng m−2 h−1) respectively, whereas the minimum values for both 
soil cover types in this season corresponded to site SAV (68.8 ± 21.6 and 
62.4 ± 14.5 ng m−2 h−1, respectively). This last site also provided the 
lowest average fluxes during autumn, respectively equal to 32.8 ± 10.1 
and 15.2 ± 4.5 ng m−2 h−1 for bare and vegetated soils, whereas the 
highest values were found at FOS (280.9 ± 75.6 ng m−2 h−1 for bare 

soils and 102.6 ± 17.6 ng m−2 h−1 for vegetated soils). Finally, Hg0 

fluxes observed in winter varied from 187.8 ± 62.7 ng m−2 h−1 (FOS) to 
40.0 ± 18.6 ng m−2 h−1 (SCZ) for bare soils and from 164.5 ± 36.1 ng 
m−2 h−1 (FOS) to 16.9 ± 7.9 ng m−2 h−1 (SAV) for vegetated soils. These 
values were the lowest of all the sampling campaigns for all bare soils 
with the exception of SAV, whereas they were slightly higher than the 
autumn averages from vegetated soils at SVI, SAV, SCZ, and FOS. 
However, differences between the average fluxes in autumn and winter 
were generally not significant (p > 0.05, K-M) except for emissions from 
bare soils at SVI, TUR and SCZ and from vegetated soil at FOS. 

During some winter measurements, a peculiar trend for Hg0 con-
centrations inside the chamber characterised by an abrupt change in the 
slope of the increasing curve after ~2 min of sampling was observed. 
This evidence concerned measurements taken in the morning hours over 
vegetated plots at SVI, SAV, TUR, and SCZ, when temperatures near or 
below 0 ◦C were observed coupled with a notable presence of frost on 
surfaces which can retain oxidised forms of Hg (Sherman et al., 2012), 
contributing to wet depositions (Converse et al., 2014). However, the 
majority of adsorbed Hg can be readily subject to photoreduction to Hg0 

and re-volatilisation (Ferrari et al., 2008), particularly when frost/ice is 
melting (Douglas and Blum, 2019). In our case, the chamber positioning 
may have caused a heating of the inside space due to high insolation, and 
a subsequent increase in frost melting and evaporation that may have 
led to the higher release of Hg0 (Marsik et al., 2005), possibly influ-
encing the build-up of the internal concentration. Consequently, for the 
calculation of Hg0 emission from soil, only the first ~120 s after the 
initial period of ~20–30s (when the signal was affected by the distur-
bance caused by placing the chamber on the ground (Davidson et al., 
2002)) were considered (Fig. S5). 

The magnitude of Hg0 releases observed in our study area impacted 
by the dispersion of Hg-enriched material derived from the Idrija Hg 
mine is in the range recently reported by Agnan et al. (2016) in a global 
database of Hg fluxes for mining sites, further confirming the impor-
tance of this activity in promoting high soil emissions. Moreover, values 
in the same order of magnitude of those presented in this study were 
previously reported for soils from Idrija (Kocman and Horvat, 2010; 
Kotnik et al., 2005) and for other sites impacted by various anthropo-
genic activities such as chlor-alkali plants, PVC production (Osterwalder 
et al., 2019; Zhu et al., 2018), metal smelters (Eckley et al., 2015), or 
coal combustion (Li et al., 2018). However, comparison with the liter-
ature should be interpreted with caution due to the different experi-
mental setup adopted. Considering studies based on non-steady state 
systems, very low values have been reported for a boreal background 
forest in Finland (-1–3.5 ng m−2 h−1, Kyllönen et al., 2012), whereas 
values similar to our study have been found for contaminated flood-
plains of the Elbe River in Germany (8.6–850 ng m−2 h−1, Rinklebe 
et al., 2010; During et al., 2009). The NSS chamber approach is more 
frequently adopted in volcanic and geothermal areas using both 

Fig. 3. Comparison among Hg0 fluxes at soil-air interface from bare and vegetated soil plots in the various seasons; red asterisks indicate the statistically significant 
differences according to Kruskal-Wallis test (*p < 0.05; **p < 0.01; ***p < 0.001; ****p < 0.0001). (For interpretation of the references to colour in this figure legend, the 
reader is referred to the Web version of this article.) 
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dynamic systems with air recirculation inside the chamber (Bagnato 
et al., 2014; Sun et al., 2020a) and static systems without air movement 
in the inside space and periodic collection of gaseous samples for Hg0 

concentration analysis (Cabassi et al., 2021; Tassi et al., 2016). 
Regardless of the experimental setup adopted, Hg0 emissions in these 
environments can reach values up to thousands or tens of thousands of 
ng m−2 h−1. 

3.4.1. Effects of UV radiation and soil and air temperatures 
The above described seasonal variation of Hg0 emissions from soils, 

with the highest values found during the warm season and the lowest in 
winter, has frequently been reported in various field studies (Eckley 
et al., 2015; Lei et al., 2021; Ma et al., 2018; Rinklebe et al., 2010; Shi 
et al., 2020; Wang et al., 2006). This seasonal pattern is usually related 
to temporal variations of parameters such as incident solar radiation and 
soil and air temperatures, which can synergistically regulate the release 
of Hg0 at the soil-air interface (Ci et al., 2016; Ma et al., 2018). Solar 
radiation, particularly in the UV wavelength range, is effective in pro-
moting the formation of Hg0 through the photoreduction of Hg2+ in 
surface soils (Choi and Holsen, 2009a; Moore and Carpi, 2005), whereas 
high temperatures facilitate the desorption of bound Hg from organic 
and mineral surfaces due to increased vapour pressure and thermal 
motion (Carmona et al., 2013; Sigler and Lee, 2006) and lead to the 
expansion of gases, favouring the evaporation processes (Schlüter, 
2000). Furthermore, increasing temperature can enhance reaction rates 
and microbial activity, resulting in a greater abiotic and biotic formation 
of Hg0 (Pannu et al., 2014; Schlüter, 2000). Considering all the data 
collected in this study, Hg0 fluxes from both bare and vegetated soils 
were significantly (p < 0.001) correlated with both average UV radia-
tion calculated during the time of the single flux measurements and air 
and soil temperature measurements (Table 2), confirming the key role of 
these parameters in controlling the gaseous exchange of Hg at the 
soil-air interface (Beckers and Rinklebe, 2017). Negative relationships 
were generally found between Hg0 fluxes and the relative humidity of 
the air (RH), likely due to the correlations existing between this variable 
and both incident radiation and air temperature, similar to that observed 
in other studies (Tao et al., 2017; Wang et al., 2006). 

The relationship between Hg0 fluxes and UV radiation was often 
stronger than those found between fluxes and both soil and air tem-
peratures and may have been more relevant in controlling Hg0 releases 
during our field measurements than thermal effects. This is consistent 

with results previously reported in other studies (Agnan et al., 2016; 
García-Sánchez et al., 2006; Liu et al., 2014; Wallschläger et al., 1999; 
Wang et al., 2005) and likely confirms that radiation, despite contrib-
uting to soil heating and subsequently to the thermal enhancement of 
Hg0 fluxes, can also have an effect on Hg0 evasion independent from that 
related to soil temperature (Bahlmann et al., 2006). Further research is 
needed to evaluate the possible contributions of Hg0 formation and 
volatilisation related to biotic reduction mediated by Hg-resistant mi-
croorganisms, frequently isolated from Hg-contaminated soils (Mahbub 
et al., 2016) and also present in the Idrija Hg mine area (Bourdineaud 
et al., 2020; Campos-Guillén et al., 2014; Hines et al., 2000). The rela-
tively scarce bioavailability of the α-HgS fraction predominant in our 
soils could have limited this contribution, but recent studies suggested 
that under particular conditions (i.e. after complexation) this form can 
also be taken up and transformed by microorganisms (O’Connor et al., 
2019; Zhang et al., 2012). 

The strong dependence of Hg0 fluxes on UV radiation is also 
confirmed considering the variation of both parameters during the 
measurement periods over each individual day (Fig. 4 and Figs. S6–S10). 
Hg0 fluxes generally increase in the morning up to a peak in the central 
part of the day and then decline in the afternoon, following the pattern 
of incident UV radiation, as already observed in several studies in 
various environments (Kyllönen et al., 2012; Shi et al., 2020; Zhu et al., 
2018). The Hg0 emission drop in the afternoon was particularly rapid at 
TUR (Fig. S9), where sampling points were shaded by surrounding trees. 
Conversely, soil temperatures showed a smaller fluctuation during the 
monitoring period, remaining almost constant during afternoon mea-
surements in summer and showing slight decreases in autumn and 
winter. Moreover, during summer sampling at FOS the sun was inter-
mittently hidden by clouds, resulting in an irregular variation of UV 
radiation and a corresponding trend of Hg0 fluxes, whereas soil tem-
peratures did not show notable variations (Fig. 4). These rapid changes 
of fluxes in response to changes in the UV radiation could reinforce the 
hypothesis that Hg0 emissions at our study sites are more influenced by 
irradiation than soil temperatures (García-Sánchez et al., 2006; Zhu 
et al., 2011) and that the soil portion more involved in gaseous ex-
changes is restricted to a shallow surface layer more affected by incident 
radiation variations (Eckley et al., 2015; Sigler and Lee, 2006; Zhou 
et al., 2021). However, higher temperatures could explain the generally 
higher Hg0 fluxes recorded in the afternoon than in the morning 
(excluding TUR) despite the comparable incident UV radiation levels. 

Table 2 
Kendall rank correlation coefficients (τ) among Hg0 fluxes and environmental parameters values recorded in all 
seasons at the different sampling sites. The significance level is also reported (***p < 0.001; **p < 0.01; *p < 0.05). 
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This effect was more evident for bare soils and could also be related to 
progressive soil drying observed in the field, as water evaporation can 
enhance Hg transport to the surface and its subsequent release (Briggs 
and Gustin, 2013). A better agreement between patterns of Hg0 fluxes 
and soil temperatures was generally observed in autumn and winter 
than in summer coupled with relatively higher soil moisture, possibly 
confirming that thermal effects on Hg emissions are more relevant in wet 
rather than dry soils (Park et al., 2014; Zhou et al., 2017). This is likely 
related to an increase desorption of bound Hg at a relatively high soil 
water contents due to the competition of more polar water molecules for 
binding sites and decreasing binding energy (Briggs and Gustin, 2013; 
Park et al., 2014). Moreover, increasing water content could also stim-
ulate microbial processes leading to Hg desorption from surfaces (Pannu 
et al., 2014). Desorbed Hg2+ is more available for reduction to Hg0, a 
reaction further enhanced at a relatively high soil moisture through the 
decreasing of soil redox potential (Schlüter, 2000), but this effect has 
been observed only for relatively high soil water contents (>30% Zhou 

et al., 2017; MacSween and Edwards, 2021) as most of those observed in 
our study in autumn and winter (Fig. S3). Temperature increase under 
such conditions can further enhance the rate of these reactions and 
favour the transport of both Hg2+ and Hg0 to the soil surface together 
with water evaporation and the subsequent release of Hg0 to the at-
mosphere (Briggs and Gustin, 2013; O’Connor et al., 2019). 

Despite low temperatures, Hg0 fluxes recorded in winter were 
generally comparable to those found in autumn, particularly in the case 
of vegetated soil plots likely due to changes in vegetation cover (see 
Section 3.4.2). During winter, the soil was generally covered by frost in 
the morning and then gradually thawed. In the first measurements 
conducted under conditions of low irradiation and temperatures, Hg0 

emissions were generally low, close to the chamber blank, and then 
sharply increased during the rest of the day. While soil thaws during the 
day, the contraction of the frozen liquid fraction of the soil matrix can 
connect the interstitial pore spaces, favouring the movement of Hg0 

potentially stored in soil pore air to the surface (Ci et al., 2018) 

Fig. 4. Example of diurnal variation of Hg0 fluxes from bare and vegetated soil at site FOS in the various seasons (results from other sites are reported in sup-
plementary material). 
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particularly at relatively high soil water content (Corbett-Hains et al., 
2012) such as those observed in this study in winter, explaining the 
observed patterns of Hg0 fluxes. Furthermore, in a recent laboratory 
study, Walters et al. (2016) observed increasing Hg0 emission from soils 
thawing at a constant temperature of around 0 ◦C and related this in-
crease to the energy transfer to the system rather than changes in tem-
perature. The results of our study appear to be in agreement with this 
hypothesis, as winter measurements were characterised by relatively 
high insolation and small changes in soil temperatures during the 
morning. This effect could explain the occurrence of positive fluxes in 
winter with soil temperatures near 0 ◦C, but these low values still limited 
absolute Hg0 emission, considering that Hg0 winter fluxes at SCZ, SVI, 
and TUR from bare soil plots were significantly (p < 0.05, K–W) lower 
than those recorded in autumn. 

3.4.2. Effects of grass-vegetation cover 
In general, Hg0 fluxes from grass-vegetated soils were lower than 

those calculated for bare soils at the same site: considering the daily 
averages, the vegetation cover caused a reduction of Hg0 releases 
compared to bare soil plots of 9.3–68.2% in summer, 41.4–78.0% in 
autumn, and 12.4–60.0% in winter (Fig. 5). The presence of vegetation 
influences the environmental variables at the soil-air interface through 
affecting air mixing, reducing solar radiation that reaches the surface 
and consequently influencing soil temperature and moisture (Gustin 
et al., 2004). Through these effects, the presence of vegetation often 
limits the formation and volatilisation of Hg0 from soils compared to 
non-vegetated areas (Agnan et al., 2016; Choi and Holsen, 2009b; Zhang 
et al., 2021). Lower Hg0 fluxes from grass-covered as compared to bare 
soils have been previously reported for areas directly impacted by Hg 
mining activity (Fantozzi et al., 2013) or waste disposal (Tao et al., 
2017), confirming the role of vegetation in reducing the impact of 
substrate pollution on the local atmosphere (Yan et al., 2019), but also 
for background zones (Fu et al., 2008; Sun et al., 2020b). However, it 
should be stressed that Hg0 fluxes from soils characterised by the pres-
ence of vegetation are still regulated by the combined influence of ra-
diation and temperature (Ma et al., 2018; Osterwalder et al., 2019), as 
also confirmed by the similar trends of emission, UV radiation, and soil 
temperatures recorded in this study (Fig. 4 and Figs. S6–S10). 

Another important aspect that should be considered is the vegetation 
growth stage, which can seriously control the Hg0 releases at the soil-air 
interface (Gao et al., 2020), as typically the reduction of Hg0 fluxes is 
higher during active growth and peak vegetation periods and decreases 
during senescence (Eckley et al., 2021; Sun et al., 2020b). The results 
obtained in this study are in good agreement with this hypothesis. 
During summer, Hg0 fluxes from vegetated soils were significantly (p <
0.05, K–W, Fig. 3) lower than from bare soils at sites SVI, SAG, TUR, and 
FOS, where vegetation was well developed ensuring effective shading 
and limiting photoreduction and energy reaching the soil surface (Gao 
et al., 2019). Conversely, measurements at SAV and SCZ were conducted 

after mowing and removing grass and consequently the shading effect 
was limited, as confirmed by values of soil temperatures comparable to 
those found for bare soils. Hence, Hg0 fluxes, enhanced by higher radi-
ation reaching the surface, were lower but comparable to those found for 
bare soils, as commonly observed after harvest in agricultural soils 
(Sommar et al., 2016; Zhu et al., 2011). In autumn, despite a lower 
vegetation growth, Hg0 emissions from vegetated plots were found to be 
significantly lower than those from bare soils at all sites (Fig. 3), sug-
gesting that the physical structure of plants may still have limited the 
gaseous exchange through reducing light penetration, in agreement with 
the results of a previous study conducted in pristine meadows (Converse 
et al., 2010). Finally, in winter Hg0 fluxes from vegetated soils were 
comparable and in some cases (SVI, SAV, SCZ, FOS) slightly higher than 
those found in autumn despite the lower temperatures, likely due to the 
presence of dry plant stubble which allowed for an increase in light that 
could reach the soil surface and consequently the formation of Hg0, as 
already noted in other studies (Converse et al., 2010; Sun et al., 2020b). 
Interestingly, Hg0 fluxes recorded from vegetated soils at site FOS in 
winter were significantly (p < 0.05, K–W) higher than those observed in 
autumn at the same site, likely due to the combination of scarce vege-
tation cover during winter and relatively high UV irradiation, as mea-
surements in autumn were conducted under partial cloud cover. Winter 
conditions with dormant vegetation likely represent soil fluxes with 
minimal vegetation effects, with emissions that can be comparable to 
those from bare soils (Stamenkovic et al., 2008), as generally occurred in 
this study (Fig. 3). Moreover, in some morning measurements during 
winter slightly higher Hg0 fluxes from vegetated than bare soils were 
detected (Fig. 4, S6-S8, S10), pointing to the extremely high uncertainty 
of the estimation of average Hg0 flux reduction from vegetated soil plots 
in winter (Fig. 5): consequently, despite average daily Hg0 fluxes from 
vegetated soils in winter being lower than those from bare soils, it is 
possible to assume that these differences are only marginally related to 
the presence of vegetation during this season (During et al., 2009). These 
results confirm that favouring the growth of vegetation on contaminated 
substrates could represent a simple and inexpensive remediation strat-
egy to reduce Hg0 releases into the atmosphere, mostly at sites where the 
local climate allows for the presence of dense natural vegetation during 
the hottest months of the year, when the highest emissions are expected. 
However, the efficacy of this strategy should be evaluated considering 
the local characteristics of each site, as the occurrence of periods with 
low vegetation development corresponding to high irradiation and 
temperature could significantly affect the reduction of Hg0 emissions 
from soils by vegetation due to lack of soil cover, as observed at SAV and 
SCZ during summer in this study. For example, this situation could be 
caused by droughts events, the frequency of which is expected to in-
crease due to global warming: this aspect should be considered when 
assessing the possible use of this mitigation strategy for 
Hg-contaminated sites (Zhao and Running, 2010; Jiskra et al., 2018). 

On ecosystem level, living plants could also limit the amount of Hg 

Fig. 5. Estimation of daily average Hg0 fluxes reduction from grass-vegetated soil plots compared to bare soil plots in the different sites and seasons.  
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released to the atmosphere through stomatal uptake of Hg0 emitted by 
the soil (Eckley et al., 2016) or cuticolar adsorption (Stamenkovic and 
Gustin, 2009). These processes are thought to be more effective at high 
atmospheric Hg concentrations and, more importantly, are reversible, as 
Hg present in the leaf interior or on the surface can be re-emitted to the 
atmosphere when ambient conditions change (Fu et al., 2008; Naharro 
et al., 2020). The experimental setup adopted in this study does not 
allow for the discrimination of the relative contribution of these pro-
cesses to Hg0 releases, but the impact of foliar Hg uptake may be 
considered negligible compared to shading effects, particularly in 
grassland ecosystems characterised by low leaf areas (Converse et al., 
2010; Gao et al., 2020; Sun et al., 2020b). 

As fluxes from bare and vegetated soils were measured on contiguous 
but different plots, it cannot be excluded that the differences in Hg0 

fluxes may be also related to upper soil horizon characteristics (e.g. 
porosity, THg concentration), which could be highly variable even over 
short distances (During et al., 2009; Rinklebe et al., 2009). Considering, 
however, that vegetated plots showed consistently lower fluxes than 
bare soils, even when characterised by slightly higher THg contents, it 
can be assumed that the influence of vegetation (in summer and autumn 
seasons) is greater than that of soil characteristics. Conversely, the 
variable Hg content in soils heavily influenced the variability of Hg0 

fluxes between the different sites, as discussed in the next section. 

3.4.3. Effects of soil Hg and organic matter content 
The availability of Hg in surface soils represents one of the most 

important parameters controlling the magnitude of Hg0 fluxes into the 
atmosphere, particularly in Hg-enriched areas (Agnan et al., 2016; 
Osterwalder et al., 2019), and the results of this study are in good 
agreement with this evidence. The average Hg0 fluxes from bare soils 
were indeed significantly correlated with THg concentrations in topsoils 
both in summer (r = 0.95, p < 0.01) and autumn (r = 0.77, p < 0.05), 
whereas no relation was found in winter (Fig. 6) likely due to the low 
emissions recorded at all sites during the mornings. Generally, the dif-
ferences between average Hg0 fluxes at different sites in summer and 
autumn may be explained by the different THg concentrations in soils, 
whereas in winter the Hg0 releases were more homogenous. For 
example, Hg0 fluxes from both bare and vegetated soils at the most 
impacted site (TUR) in winter, limited by both low temperatures and 
tree shading in the afternoon, were not statistically different from those 
of SAV and SCZ, characterised by the lowest Hg content in the substrate. 

Moreover, average Hg0 fluxes in summer and autumn were also 
significantly correlated with the concentration of α-HgS (Fig. 6), rep-
resenting the largely predominant Hg fraction in the selected soils. These 

Fig. 6. Correlation between average Hg0 fluxes from bare and vegetated soils at the experimental sites with a) average soil total Hg concentration b) average soil 
α-HgS concentration c) average soil OM content (as LOI). 

F. Floreani et al.                                                                                                                                                                                                                                



Environmental Pollution 318 (2023) 120921

11

results confirm that despite the low mobility of α-HgS in the environ-
ment (Gai et al., 2016), this form can significantly contribute to the 
releases of Hg0 from soils likely thanks to the energy provided by 
irradiation. 

The relatively high activation energy required to initiate volatilisa-
tion from α-HgS compared to other Hg forms (Gustin et al., 2002; 
Schlüter, 2000) may also explain the low Hg0 fluxes recorded during 
morning measurements in winter coupled with low temperatures. 
Emissions recorded in these conditions are likely attributable to the 
no-α-HgS fraction, present in comparable amounts at all the sites. 
Indeed, Hg forms occurring in this fraction are generally more mobile 
than α-HgS and could generate a more rapid increase in Hg0 volatilisa-
tion in response to light or thermal excitation (Gustin et al., 2002; 
Kocman and Horvat, 2010; Llanos et al., 2011). Moreover, a greater 
contribution of α-HgS to Hg0 formation and volatilisation could also 
represent the reason why the highest average fluxes during the winter 
season corresponded to measurements at SAG and FOS sites, charac-
terised by the highest values of both UV radiation and temperatures 
(Table S3). 

Considering the average Hg0 fluxes from vegetated soil plots, weaker 
relationships between soil Hg content and Hg0 releases were observed 
especially in summer (Fig. 6), confirming the importance of vegetation 
for Hg0 emission abatement. A striking example is represented by 
comparable emissions recorded from vegetated soil at SVI and SCZ in 
summer despite the difference in THg (17.63 and 7.65 mg kg−1, 
respectively): as aforementioned, emissions at SCZ may have been 
enhanced by vegetation cutting, whereas a thriving grass cover limited 
the emission at SVI (Zhang et al., 2021). 

Additionally, Hg0 fluxes at FOS were generally higher than expected 
in all seasons and greater than those recorded, for example, at TUR and 
SAG despite the lower average Hg content in soil and the cloud cover 
during field sampling in summer. A possible explanation may be found 
in the different OM content in soils, lower at FOS than at all other sites. 
Organic matter has a strong affinity for Hg0 and can therefore effectively 
adsorb it in the soil pore space, limiting its vertical diffusion and sub-
sequent release into the atmosphere (Fu et al., 2012; Obrist et al., 2014; 
Yuan et al., 2019). Moreover, the formation of strong covalent bonds 
between Hg2+ and functional groups of OM, particularly those con-
taining reduced sulphur (Reis et al., 2015b), could also influence the 
amount of Hg available for reduction to Hg0 and consequently limit 
gaseous releases (Gao et al., 2020; Yang et al., 2007). The results ob-
tained in this study are in agreement with this hypothesis, as confirmed 
by the negative relationships generally observed between average 
values of LOI and Hg0 fluxes (Fig. 6), confirming that a low content of 
OM in soil may be conducive for Hg evasion (Llanos et al., 2011). 
However, further research is needed to assess if this effect could be at 
least partially ascribed to changes in the type of OM in the soil (not 
determined in this study), which can also significantly affect Hg mobility 
(Sysalová et al., 2017). 

4. Conclusions 

The results of the field measurements presented in this work repre-
sent the first direct evidence of Hg0 releases from the contaminated soils 
of the Isonzo River alluvial plain, impacted by Hg due to historical 
extraction activity from the Idrija mining district. Despite the distance 
from the contamination source, the obtained values were comparable to 
those reported worldwide for sites impacted by mining, confirming that 
past supplies of Hg-enriched material still enhance gaseous releases even 
more than 25 years after the closure of the mine. Overall, Hg0 emissions 
were significantly higher during the summer than autumn and winter, 
which conversely showed comparable values, due to higher incident UV 
radiation and temperatures that likely promoted the formation of vol-
atile Hg0. 

Mercury content in the soil, mostly occurring as α-HgS, played an 
important role in influencing the magnitude of Hg0 fluxes in the 

different sites, particularly during summer and autumn, whereas emis-
sions in winter were more homogeneous, likely due to a low contribu-
tion of α-HgS to volatilisation under low temperature conditions. 
Moreover, soil organic matter content likely influenced the evasion of 
Hg0 to the atmosphere through the adsorption of Hg, too. 

Actively growing native grass-vegetation significantly limited Hg0 

emissions during summer and autumn compared to that from bare soils 
due to soil shading, whereas in winter this effect was not observed due to 
the presence of only dormant vegetation, ineffectively covering the soil 
surface. Considering that a remediation of the plain is unlikely due to the 
spread of contamination over many kilometres, the preservation of the 
“natural” situation with grass vegetation cover represents a valuable 
option to limit the amount of Hg0 releases and thus the impact of sub-
strate Hg-contamination on the local atmosphere and further spatial 
spreading through atmospheric transport. However, further research is 
needed to examine the contribution of plants to Hg0 exchanges in this 
area. 

Having ascertained the existence of relevant diurnal Hg0 emissions 
from the selected contaminated soils, further long-term continuous 
monitoring is needed to better define the diurnal trend of Hg0 emissions, 
also taking into consideration the processes occurring during the 
nocturnal period and evaluating the possible contribution related to dry 
and wet atmospheric deposition. Furthermore, considering the good 
response of the accumulation chamber technique to changes in envi-
ronmental conditions, particularly of incident radiation, and the 
rapidity of measures (5 min each), this approach could allow for a high 
number of distinct measures over a short time in different points. 
Increasing the number of sampling points per area may then allow for a 
better evaluation of the variability of Hg0 fluxes on a small spatial scale, 
and to accurately assess the diffuse emissions of Hg0 from a selected 
area. This approach needs also to be tested with regard to risk assess-
ment procedures in contaminated sites, in order to evaluate the potential 
exposure of local inhabitants to Hg through inhalation after evaporation 
from soil surfaces. Moreover, it would be desirable to measure Hg0 

fluxes at the soil-air interface in other environments e.g. the croplands 
that cover a large part of the Isonzo River alluvial plain, where agri-
cultural activities such as ploughing and harvesting cause a marked 
disturbance of soils and the exposure of bare soil surfaces to direct 
incident radiation, potentially leading to strong Hg emissions into the 
atmosphere. 
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River alluvial plain downstream from the Idrija mining area. Chemosphere 195, 
749–761. https://doi.org/10.1016/j.chemosphere.2017.12.105. 

Chiodini, G., Cioni, R., Guidi, M., Raco, B., Marini, L., 1998. Soil CO2 flux measurements 
in volcanic and geothermal areas. Appl. Geochem. 13, 543–552. https://doi.org/ 
10.1016/S0883-2927(97)00076-0. 

Choi, H.D., Holsen, T.M., 2009a. Gaseous mercury emissions from unsterilized and 
sterilized soils: the effect of temperature and UV radiation. Environ. Pollut. 157, 
1673–1678. https://doi.org/10.1016/j.envpol.2008.12.014. 

Choi, H.D., Holsen, T.M., 2009b. Gaseous mercury fluxes from the forest floor of the 
Adirondacks. Environ. Pollut. 157, 592–600. https://doi.org/10.1016/j. 
envpol.2008.08.020. 

Ci, Z., Peng, F., Xue, X., Zhang, X., 2018. Temperature sensitivity of gaseous elemental 
mercury in the active layer of the Qinghai-Tibet Plateau permafrost. Environ. Pollut. 
238, 508–515. https://doi.org/10.1016/j.envpol.2018.02.085. 

Ci, Z., Peng, F., Xue, X., Zhang, X., 2016. Air-surface exchange of gaseous mercury over 
permafrost soil: an investigation at a high-altitude (4700 m.a.s.l.) and remote site in 
the central Qinghai-Tibet Plateau. Atmos. Chem. Phys. 16, 14741–14754. https:// 
doi.org/10.5194/acp-16-14741-2016. 

Clarkson, T.W., Magos, L., 2006. The toxicology of mercury and its chemical compounds. 
Crit. Rev. Toxicol. 36, 609–662. https://doi.org/10.1080/10408440600845619. 

Colica, A., Benvenuti, M., Chiarantini, L., Costagliola, P., Lattanzi, P., Rimondi, V., 
Rinaldi, M., 2019. From point source to diffuse source of contaminants: the example 
of mercury dispersion in the Paglia River (Central Italy). Catena 172, 488–500. 
https://doi.org/10.1016/j.catena.2018.08.043. 

Contin, M., Rizzardini, C.B., Catalano, L., De Nobili, M., 2012. Contamination by 
mercury affects methane oxidation capacity of aerobic arable soils. Geoderma 189– 

190, 250–256. https://doi.org/10.1016/j.geoderma.2012.06.031. 
Converse, A.D., Riscassi, A.L., Scanlon, T.M., 2014. Seasonal contribution of dewfall to 

mercury deposition determined using a micrometeorological technique and dew 
chemistry. J. Geophys. Res. 119, 284–292. https://doi.org/10.1002/2013JD020491. 

Converse, A.D., Riscassi, A.L., Scanlon, T.M., 2010. Seasonal variability in gaseous 
mercury fluxes measured in a high-elevation meadow. Atmos. Environ. 44, 
2176–2185. https://doi.org/10.1016/j.atmosenv.2010.03.024. 

Corbett-Hains, H., Walters, N.E., Van Heyst, B.J., 2012. Evaluating the effects of sub-zero 
temperature cycling on mercury flux from soils. Atmos. Environ. 63, 102–108. 
https://doi.org/10.1016/j.atmosenv.2012.09.047. 
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Mathema, V.B., Thakuri, B.C., Sillanpää, M., 2011. Bacterial mer operon-mediated 
detoxification of mercurial compounds: a short review. Arch. Microbiol. 193, 
837–844. https://doi.org/10.1007/s00203-011-0751-4. 

Miller, M.B., Gustin, M.S., Eckley, C.S., 2011. Measurement and scaling of air-surface 
mercury exchange from substrates in the vicinity of two Nevada gold mines. Sci. 
Total Environ. 409, 3879–3886. https://doi.org/10.1016/j.scitotenv.2011.05.040. 

Moore, C., Carpi, A., 2005. Mechanisms of the emission of mercury from soil: role of UV 
radiation. J. Geophys. Res. Atmos. 110, D24302 https://doi.org/10.1029/ 
2004JD005567. 

Naharro, R., Esbrí, J.M., Amorós, J.A., Higueras, P.L., 2020. Experimental assessment of 
the daily exchange of atmospheric mercury in Epipremnum aureum. Environ. 
Geochem. Health 42, 3185–3198. https://doi.org/10.1007/s10653-020-00557-8. 

O’Connor, D., Hou, D., Ok, Y.S., Mulder, J., Duan, L., Wu, Q., Wang, S., Tack, F.M.G., 
Rinklebe, J., 2019. Mercury speciation, transformation, and transportation in soils, 
atmospheric flux, and implications for risk management: a critical review. Environ. 
Int. 126, 747–761. https://doi.org/10.1016/j.envint.2019.03.019. 

Obrist, D., Pokharel, A.K., Moore, C., 2014. Vertical profile measurements of soil air 
suggest immobilization of gaseous elemental mercury in mineral soil. Environ. Sci. 
Technol. 48, 2242–2252. https://doi.org/10.1021/es4048297. 

Osterwalder, S., Huang, J.H., Shetaya, W.H., Agnan, Y., Frossard, A., Frey, B., Alewell, C., 
Kretzschmar, R., Biester, H., Obrist, D., 2019. Mercury emission from industrially 
contaminated soils in relation to chemical, microbial, and meteorological factors. 
Environ. Pollut. 250, 944–952. https://doi.org/10.1016/j.envpol.2019.03.093. 

Ottesen, R.T., Birke, M., Finne, T.E., Gosar, M., Locutura, J., Reimann, C., Tarvainen, T., 
Albanese, S., Andersson, M., Arnoldussen, A., Batista, M.J., Bel-lan, A., Cicchella, D., 
Demetriades, A., Dinelli, E., De Vivo, B., De Vos, W., Duris, M., Dusza, A., Eggen, O. 
A., Eklund, M., Ernstsen, V., Filzmoser, P., Flight, D., Fuchs, M., Fugedi, U., 
Gilucis, A., Gregorauskiene, V., Gulan, A., Halamić, J., Haslinger, E., Hayoz, P., 
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Mercury in European agricultural and grazing land soils. Appl. Geochem. 33, 1–12. 
https://doi.org/10.1016/j.apgeochem.2012.12.013. 

Palmieri, H.E.L., Nalini, H.A., Leonel, L.V., Windmöller, C.C., Santos, R.C., de Brito, W., 
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Urbancd, J., Zuecco, G., Cucchi, F., 2017. Intrinsic vulnerability of the Isonzo/Soča 
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Supplementary material 

 

 

Fig. S1: Grain-Size classification of selected soils according to USDA classification. 
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Fig. S2: Organic matter content (expressed as LOI) of soil samples collected at the various 

sites in the different seasons. 

 

 

 
Fig. S3: Soil moisture content determined gravimetrically of samples collected at the various 

sites in the different seasons. 

 

 

 
Fig. S4: total Hg concentration (THg) of soil samples collected at the various sites in the 

different seasons. 
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Table S1: Overview of average THg content and α-HgS relative abundance in bare and vegetated soil plots at each measurement site, statistical 

summary of Hg0 fluxes, overview of average soil physico-chemical properties and daily averages of meteorological parameters for summer 

season. 

 

Site Soil cover 

Soil THg 

(mg kg-1) 

α-HgS 

(%) 

Hg0 flux  

(ng m-2 h-1) 

Soil temp. 

(°C) 

UV rad 

(W m-2)a 

Air temp. 

(°C)a 

LOI 

(%) 

Soil moist. 

(%) 

Mean ± SD Mean ± SD Mean ± SD Range Mean ± SD Mean ± SD Mean ± SD Mean ± SD Mean ± SD 

SVI Bare soil 14.36±1.19 83±3 382.2±115.9 195.2-544.0 25.8±3.5 35.3±5.6 28.0±2.0 10.13±0.64 7.45±0.62 

SVI Grassland 17.63±0.45 84±3 133.7±18.7 75.1-156.3 24.7±3.3 35.7±5.3 28.0±2.0 11.14±0.56 11.61±2.20 

SAV Bare soil 1.98±0.11 93±1 68.8±21.6 37.1-101.5 27.6±3.6 33.8±8.5 25.7±1.8 9.77±0.17 7.04±1.05 

SAV Grassland 2.69±0.58 93±1 62.4±14.5 37.6-81.7 26.3±3.0 33.8±7.7 25.5±1.3 10.36±0.10 14.23±1.43 

SAG Bare soil 17.22±0.17 89±2 584.1±138.25 405.6-866.2 28.6±3.6 40.0±6.0 28.2±1.5 10.35±3.81 9.79±0.35 

SAG Grassland 16.69±0.24 93±2 326.8±74.8 211.5-471.2 26.2±2.2 40.8±5.0 28.1±1.3 8.15±0.65 18.45±1.12 

TUR Bare soil 28.40±2.78 95±2 800.2±178.8 387.5-952.4 33.0±2.7 39.9±10.3 31.6±0.7 9.80±1.04 16.76±2.27 

TUR Grassland 22.75±0.73 94±4 254.2±51.1 149.7-335.5 31.6±2.2 40.1±11.0 31.1±0.9 8.49±0.26 23.07±3.51 

SCZ Bare soil 7.53±0.20 78±1 144.8±42.5 85.7-197.8 32.2±2.2 40.1±5.7 32.8±0.9 16.25±1.31 7.06±0.40 

SCZ Grassland 7.66±0.77 77±2 121.3±42.6 63.2-192.3 32.9±1.6 40.7±5.3 33.0±0.3 20.56±2.09 17.75±1.59 

FOS Bare soil 19.45±3.04 92±3 769.7±160.6 505.5-1018.4 30.8±3.0 29.3±4.5 25.0±0.2 2.73±0.18 4.27±0.92 

FOS Grassland 17.41±0.47 90±2 344.6±36.2 276.9-405.3 28.0±1.2 27.6±4.1 25.2±0.3 2.99±0.33 9.38±1.31 

a average values of UV radiation and air temperature recorded during measurements on respectively bare and vegetated soil plots. 
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Table S2: Overview of average THg content and α-HgS relative abundance in bare and vegetated soil plots at each measurement site, statistical 

summary of Hg0 fluxes, overview of average soil physico-chemical properties and daily averages of meteorological parameters for autumn 

season. 

 

Site Soil cover 

Soil THg 

(mg kg-1) 

α-HgS 

(%) 

Hg0 flux  

(ng m-2 h-1) 

Soil temp. 

(°C) 

UV rad 

(W m-2)a 

Air temp. 

(°C)a 

LOI 

(%) 

Soil moist. 

(%) 

Mean ± SD Mean ± SD Mean ± SD Range Mean ± SD Mean ± SD Mean ± SD Mean ± SD Mean ± SD 

SVI Bare soil 15.28±0.51 86±1 131.3±38.4 72.6-193.3 12.1±2.3 11.7±4.1 17.3±2.6 10.00±0.05 33.29±2.04 

SVI Grassland 18.23±2.06 86±2 28.8±8.2 14.0-41.6 12.0±1.8 11.2±4.3 17.6±2.3 11.55±0.43 37.41±0.03 

SAV Bare soil 1.62±0.02 95±1 32.8±10.1 12.2-44.7 13.2±2.5 17.1±4.0 17.1±2.3 10.93±0.02 15.64±3.21 

SAV Grassland 1.96±0.06 97±2 15.2±4.7 8.1-23.7 12.8±1.5 17.1±4.5 17.3±1.9 13.32±0.32 24.57±3.83 

SAG Bare soil 17.36±4.57 91±1 151.2±59.2 64.6-233.0 12.1±2.4 14.9±5.5 15.7±2.2 7.91±0.19 19.43±3.90 

SAG Grassland 18.81±2.88 90±1 88.5±30.6 48.0-144.0 11.5±1.9 14.7±6.0 15.8±2.1 7.08±0.07 18.38±0.95 

TUR Bare soil 22.70±1.56 94±2 196.2±103.4 69.1-355.9 21.5±3.7 19.5±8.6 15.8±1.5 9.05±1.61 38.20±2.65 

TUR Grassland 19.87±1.35 93±1 73.1±28.4 38.7-106.0 20.0±4.3 19.3±8.8 15.8±1.8 8.50±0.64 27.67±3.57 

SCZ Bare soil 8.16±0.53 78±2 91.9±28.7 51.2-140.7 20.2±2.3 23.3±4.9 18.0±0.7 18.72±7.13 39.55±1.90 

SCZ Grassland 7.70±0.18 78±2 31.9±7.1 21.6-42.3 21.0±1.7 22.9±5.6 17.9±0.9 17.61±2.09 44.41±4.75 

FOS Bare soil 16.27±0.30 92±3 280.8±75.6 153.1-362.3 12.4±1.6 13.9±4.6 14.7±0.6 3.21±0.12 3.98±0.75 

FOS Grassland 20.38±1.78 91±3 102.6±17.6 73.0-136.0 11.2±1.2 12.8±4.3 14.3±0.5 3.26±0.16 12.25±0.91 

a average values of UV radiation and air temperature recorded during measurements on respectively bare and vegetated soil plots. 
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Table S3: Overview of average THg content and α-HgS relative abundance in bare and vegetated soil plots at each measurement site, statistical 

summary of Hg0 fluxes, overview of average soil physico-chemical properties and daily averages of meteorological parameters for winter 

season. 

 

Site Soil cover 

Soil THg 

(mg kg-1) 

α-HgS 

(%) 

Hg0 flux  

(ng m-2 h-1) 

Soil temp. 

(°C) 

UV rad 

(W m-2)a 

Air temp. 

(°C)a 

LOI 

(%) 

Soil moist. 

(%) 

Mean ± SD Mean ± SD Mean ± SD Range Mean ± SD Mean ± SD Mean ± SD Mean ± SD Mean ± SD 

SVI Bare soil 16.07±0.30 85±4 70.6±35.2 9.3-123.6 0.7±1.0 9.9±3.3 7.4±4.8 9.19±0.31 55.62±0.51 

SVI Grassland 17.92±3.98 88±1 39.5±28.8 < 1.6-99.6 0.6±1.0 10.0±3.4 7.9±4.3 9.90±1.55 46.41±8.60 

SAV Bare soil 2.78±0.08 94±1 42.2±26.9 4.0-81.3 2.3±1.4 11.0±4.0 7.7±1.3 9.47±0.20 27.97±3.35 

SAV Grassland 2.29±0.57 95±1 16.9±7.9 3.4-28.8 2.4±1.0 11.1±4.0 7.8±1.1 10.73±0.13 40.04±1.86 

SAG Bare soil 17.47±0.90 90±3 149.3±80.7 33.8-244.3 3.1±1.8 11.6±3.7 7.2±2.7 7.21±0.51 30.06±1.37 

SAG Grassland 15.80±0.30 93±2 86.2±45.7 17.3-156.9 2.2±1.4 11.8±3.9 7.4±2.5 9.12±0.89 41.33±4.06 

TUR Bare soil 30.36±1.96 93±2 64.3±43.5 12.9-147.5 0.2±0.7 10.4±3.5 7.3±2.1 9.56±0.85 55.07±3.34 

TUR Grassland 27.93±0.69 94±2 33.9±25.8 < 1.6-106.0 0.6±1.0 10.6±3.7 7.7±2.0 8.16±0.28 45.16±5.86 

SCZ Bare soil 8.48±0.18 78±1 40.0±18.6 9.8-71.8 1.5±1.7 9.9±3.6 7.8±1.6 16.29±1.43 31.18±0.96 

SCZ Grassland 8.52±0.26 79±1 32.5±12.1 2.2-46.3 2.1±1.4 10.1±4.0 8.1±1.4 15.65±4.33 29.31±6.42 

FOS Bare soil 12.77±2.43 92±1 187.8±62.7 60.6-262.4 5.1±2.0 12.4±4.7 8.0±0.6 2.51±0.23 10.57±1.33 

FOS Grassland 11.51±1.62 86±2 164.5±42.3 86.8-206.9 4.8±1.1 12.4±4.7 8.1±0.6 2.81±0.30 13.18±0.70 

a average values of UV radiation and air temperature recorded during measurements on respectively bare and vegetated soil plots. 
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Fig S5: Hg0 concentration increase inside the chamber during a flux measurement in winter with the 

abrupt change of slope likely due to frost melting. For flux calculation only the first part of the curve 

(in blue) was considered. 
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Fig. S6: diurnal variation of Hg0 fluxes from bare and vegetated soil at site SVI in the various seasons. 
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Fig. S7: diurnal variation of Hg0 fluxes from bare and vegetated soil at site SAV in the various 

seasons. 
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Fig. S8: diurnal variation of Hg0 fluxes from bare and vegetated soil at site SAG in the various 

seasons. 
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Fig. S9: diurnal variation of Hg0 fluxes from bare and vegetated soil at site TUR in the various 

seasons. 
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Fig. S10: diurnal variation of Hg0 fluxes from bare and vegetated soil at site SCZ in the various 

seasons. 
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3.5 Atmospheric Hg concentrations 

3.5.1 Introduction 

As a complement to the flux measurements at water-air and soil-air interfaces described in the 

previous chapters, the values of Hg0 concentrations in the atmosphere measured during the 

sampling days are briefly reported here. Considering that this chapter focuses only on Hg0 

concentrations in the gaseous phase in the atmosphere, hereafter this form will be referred to 

by the acronym commonly used to indicate its presence in this compartment: GEM (Gaseous 

Elemental Mercury).  

Even though the collected data are too little to study the dynamics of GEM dispersion in the 

atmosphere, the main aims of these data acquisitions were 1) to roughly examine the amount 

of this chemical specie in the air during the flux measurements and 2) to understand if the 

releases from the studied contaminated surfaces can influence the GEM concentrations in the 

local atmosphere and lead to the attainment or exceeding of values potentially dangerous to 

health as a result of exposure through inhalation.  

According to the World Health Organisation (WHO), the Lowest Observed Adverse Effect 

Level (LOAEL) for total Hg vapour is around 15,000-30,000 ng m-3, but applying an 

uncertainty factor of 20 due to the variable sensitive of higher risk population and to the 

extrapolation from LOAEL to NOAEL (No Observed Adverse Effect Level) the estimated 

guideline for total Hg concentration in air to avoid negative outcomes is estimated at 1000 ng 

m-3 (WHO, 2000). Moreover, as reported in Oyarzun et al. (2007), minimum risk levels for 

chronic exposure are set to 200 ng m-3 by US Occupational Safety and Health Administration 

(OSHA) and to 300 ng m-3 by US Environmental Protection Agency (EPA). In Italy, only the 

Tuscany regional authorities established a guideline value for Hg concentrations in outdoor air 

above contaminated sites, which should not exceed 300 ng m-3 after remediation procedure 

(Vaselli et al., 2013).  

In addition, mostly at background sites where Hg content in the substrate is relatively low, the 

occurrence of high atmospheric GEM concentrations as a result of atmospheric transport from 

source areas can limit the evasion of this metal to the atmosphere through diffusion (Agnan et 

al., 2016; Yu et al., 2018). This potentially results in net Hg deposition both in aquatic (Castelle 

et al., 2009; Fu et al., 2013; Wang et al., 2020) and terrestrial ecosystems (Eckley et al., 2021; 

Ericksen et al., 2005), particularly when environmental conditions are not favourable to Hg 

evasion, e.g. under conditions of low solar radiation or temperatures (Ci et al., 2016). Also in 

contaminated areas, the occurrence of extremely high atmospheric GEM concentrations can 
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limit the evasion from contaminated surfaces, mostly in environments downwind strong point 

sources of GEM (Eckley et al., 2015; Miller et al., 2011): depending on Hg content in the 

substrate, if GEM level is above a so-called “compensation point”, net depositions can be 

observed (Agnan et al., 2016). 

 

3.5.2 Methods 

Measurements of atmospheric GEM concentrations were performed using the same portable 

Hg0 analyser Lumex RA915-M described in the previous chapters. This instrument meets the 

requirements of UE standard method EN 15852:2010 for the determination of total gaseous 

mercury in ambient air (Higueras et al., 2014). In order to assess the potential exposure to GEM 

of local inhabitants through inhalation, air was sampled through a Teflon tube connected to the 

inlet port of the Lumex at ~1.5 m height directly over the point where flux measurements with 

the chambers were performed. Measurements lasted for 10-20 minutes and GEM 

concentrations were continuously (every 1 sec) recorded. For data processing, all values below 

the limit of detection (LOD) of the Lumex (2 ng m-3) were set to 1/2 of the LOD according to 

the medium bound approach (US EPA, 2000). 

During the monitoring of Hg0 fluxes over the entire 24h period in the coastal environments of 

Val Noghera fish farm (VN) and Bay of Piran (PR), measurements were carried out in different 

periods of the day: namely, at the beginning of the sampling period in the first day of 

measurement (around midday), in the evening after the sunset, before sunrise and in the middle 

of the morning of the second sampling day as indicated in table 1.  

Conversely, during diurnal sampling at freshwater and terrestrial environments only two 

continuous measurements were performed at each monitored site at the beginning and at the 

end of sampling days because during the rest of the time the only analyser available had to be 

used for flux measurements with the chamber or for the determination of DGM concentration 

in surface water.  
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Table 1: temporal distribution of GEM measurements taken during 24h sampling periods at the selected coastal 

sites and corresponding meteorological conditions. 

Site-Season Measure 
Time 

(UTC+01:00) 

UV 

(W m-2) 

Wind 

speed 

(m s-1) 

Temperature 

(°C) 

Air 

humidity 

(%) 

Val 

Noghera 

      

Summer A 12:00 50.7 3.7 30.3 39.6 

 B 20:00 0 2.8 22.1 66.6 

 C 04:45 0.2 1.6 19.5 83.2 

 D 10:00 19.3 4.5 27.9 52.3 

Autumn A 12:00 20.5 1.1 21.5 54.2 

 B 18:15 0 0.3 11.0 90.3 

 C 06:30 0 1.3 8.4 82.0 

 D 10:00 13.7 3.1 20.7 44.7 

Spring A 11:40 50.1 2.3 24.4 54.8 

 B 19:30 0.1 1.2 19.8 77.4 

 C 04:45 0 0.8 15.5 89.1 

 D 10:00 43.9 1.4 23.6 61.5 

Piran       

Summer A 11:45 46.5 2.7 22.9 46.2 

 B 20:00 0 2.5 20.6 67.5 

 C 05:00 0.3 2.9 15.8 94.0 

 D 10:30 39.7 2.0 24.1 62.1 

Autumn A 11:45 12.5 1.6 16.7 51.2 

 B 18:45 0 3.5 10.5 68.7 

 C 05:45 0 3.7 7.7 86.6 

 D 10:15 9.9 1.5 15.5 61.3 

Spring A 12:00 52.0 2.7 27.9 49.9 

 B 20:00 0 2.5 17.6 88.8 

 C 04:45 0 3.4 18.3 84.5 

 D 10:00 38.5 1.4 23.4 57.9 
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3.5.3 Results: GEM concentrations during 24h monitoring at coastal sites 

Generally, higher GEM concentrations were observed at the fish farm site (VN), located inside 

the impacted environment of the Marano and Grado Lagoon, than at the more pristine site of 

the Bay of Piran (PR), whereas no relevant variations were detected among the different 

seasons. The summary statistics of the GEM concentrations recorded during continuous 24h 

sampling activity is reported in table 2. 

 

Table 2: summary statistics of GEM concentrations observed during 24h sampling at coastal sites. 

Site - Season 
Mean±sd 

(ng m-3) 

Median 

(ng m-3) 

Min-Max 

(ng m-3) 
N data 

Val Noghera     
Summer 4.34 ± 3.20 3.35 < 2 – 15.68 2388 

Autumn 2.40 ± 1.35 2.40 < 2 – 7.47 1944 

Spring 4.25 ± 2.03 3.99 < 2 – 14.35 2248 

Total 3.77 ± 2.58 3.22 < 2 – 15.68 6580 

     

Bay of Piran     
Summer 1.57 ± 0.90 < 2 < 2 – 5.64 2309 

Autumn 2.01 ± 1.15 < 2 < 2 – 6.64 2268 

Spring 1.99 ± 1.14 2.01 < 2 – 6.62 2401 

Total 1.83 ± 1.07 < 2 < 2 – 6.64 6978 

 

Overall, these values are comparable or, especially at VN, slightly higher than the average 

GEM concentrations previously reported for the Marano and Grado Lagoon (2.53±0.73 ng m-

3, Floreani et al., 2020) and for the coastal area of the Gulf of Trieste (2.70±1.50 ng m-3, Barago 

et al., 2020). Moreover, average GEM concentrations recorded at PR are also of the same order 

of magnitude of the natural atmospheric background of 1.7-1.8 ng m-3 estimated for the whole 

Mediterranean area (Wängberg et al., 2008).  

Considering the comparable Hg0 fluxes at the water-air interface recorded in these two sites 

(Chapter 3.2), the relatively higher concentrations observed at VN can suggest that atmospheric 

levels of GEM strongly depends not only on the evasion from the local substrate but also on 

mixing processes that can occur in the atmosphere in function of local meteorological 

conditions (Esbrí et al., 2020). The transport of air masses from upwind areas characterised by 

strong point Hg sources (e.g. mining facilities or industrial areas) can constitute an additional 

supply of GEM, whereas air masses coming from uncontaminated areas can favour a dilution 

of emissions from local contaminated surfaces and limit the increase of atmospheric 

concentrations of this element (Ci et al., 2011; Kalinchuk et al., 2022). This effect can be 

particularly important in coastal areas like those investigated in this study and where air 
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circulation is deeply impacted by the sea/land breeze regime caused by the differential heating 

of water and terrestrial surfaces. The resulting varying wind directions and speeds during the 

day may consequently strongly affect the atmospheric transport and dispersion of GEM as 

observed in several studies (Lan et al., 2014; Malcolm et al., 2003; Nie et al., 2020).  

The atmospheric dilution with clean air can potentially explain the relatively low GEM 

concentrations found at PR, whereas GEM levels observed at VN may potentially have been 

influenced also by the transport of this contaminant emitted from surrounding contaminated 

areas. Indeed, a recent study (Floreani et al., 2020) based on both direct measurements of GEM 

in air and determination of Hg bioaccumulated in lichens following atmospheric depositions 

found that the distribution of GEM over the Marano and Grado Lagoon can be significantly 

affected by supplies from both the Isonzo River plain and the Torviscosa chlor-alkali plant 

(CAP) other than local emissions from water and sediment surfaces. Moreover, a potential 

contribution of enhanced GEM oxidation in the marine boundary layer thanks to the presence 

of oxidant species such as halogens (Griggs et al., 2020; Holmes et al., 2009; Malcolm et al., 

2003; Mao et al., 2008) in limiting the increase of this chemical species in air cannot be 

excluded. However, still large uncertainties exists on Hg redox dynamics and pathways in the 

atmosphere and on the importance of the associated oxidation and reduction processes (Gabay 

et al., 2020; Si and Ariya, 2018). 

 

Considering the single measurements performed in different times of the day, generally, no 

relevant differences in terms of GEM concentrations were recorded between night and day 

periods (Fig. 1). A particular situation was encountered during measurements conducted in 

summer at VN, where the highest GEM values were recorded before sunrise (mean±sd = 

8.84±1.89 ng m-3) while the next measurement taken in the morning provided the lowest value 

for this site (mean±sd = 1.24±0.57 ng m-3). Although the data collected in this study are too 

sparse to establish a robust diurnal trend of atmospheric GEM concentrations, the occurrence 

of higher values during nights can be explained by the lower wind speeds resulting in a thinner 

mixing layer. Under these conditions there is a reduced dilution of GEM emitted from local 

contaminated surfaces, which can therefore lead to an increase in its concentrations in the 

atmosphere as observed in several studies (Esbrí et al., 2020; Han et al., 2014; Hong et al., 

2016; Liu et al., 2007). The built-up of GEM concentrations in air during night in summer at 

the fish farm may have been supported by the relatively high and constant evasion fluxes at the 

water-air interface even in absence of solar radiation described above (Chapter 3.2). A similar 

situation has been previously observed in a coastal area of the southern part of the Isonzo River 
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alluvial plain, a few kilometres east of the Marano and Grado Lagoon during continuous 

atmospheric GEM measurements (Barago et al., 2020): in this study, peaks of GEM 

concentrations up to 48.46 ng m-3 were observed at sunset and during night, corresponding to 

temperature decrease and breeze drops which resulted in temporary atmospheric stable 

conditions that limited air mixing. After the sunrise, the thickness of the mixing layer can 

increase in parallel with the rise of wind and temperatures thus favouring, particularly during 

summer, the dilution of GEM in the atmosphere and resulting in lower values (Esbrí et al., 

2020; Griggs et al., 2020; Lan et al., 2014) as observed in this study.  

 

 

Figure 1: distribution of GEM concentrations recorded during 24h sampling activity at coastal sites of Val 

Noghera fish farm and Bay of Piran. Measures were taken A: around midday, B: after sunset, C: before sunrise, 

D: during morning. 

This situation was not so evident in the other sites, probably because our measurements were 

not performed exactly when static atmospheric conditions occurred and might not have 

intercept the possible occurrence of peaks of GEM. However, it must be specified that wind 

speeds were not measured direct in field during this study but obtained from the nearest weather 

monitoring stations (Fossalon of OSMER-ARPA FVG for VN and Portoroz of ARSO Slovenia 

for PR) and thus may not be representative of exact wind conditions at the sampling points.  
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3.5.4 Results: GEM concentrations during diurnal sampling at freshwater sites 

The data about GEM concentrations measured at the beginning and at the end of sampling 

periods for Hg0 fluxes at the water-air interface at the Solkan Reservoir (SK), Torviscosa 

Dockyard (TR), and Cavazzo Lake (CV) were briefly discussed above (Chapter 3.3) and 

summarised hereafter. The basic univariate statistics of all GEM data collected during these 

sampling days is reported in table 3. Unfortunately, due to a technical issue with the 

instrumentation GEM data for morning measurements at TR were not recorded. 

 

Table 3: summary statistics of GEM concentrations observed during diurnal sampling at freshwater sites. For 

summer measurements at TR, the morning measure is missing due to a technical issue. 

Site - Season 
Mean±sd 

(ng m-3) 

Median 

(ng m-3) 

Min-Max 

(ng m-3) 
N data 

Solkan     
Summer 2.77±0.98 2.60 < 2 – 5.28 1340 

Autumn 2.19±2.13 2.18 < 2 – 6.48 1700 

Spring 4.61±4.09 4.31 < 2 – 10.62 1384 

Total 3.24±1.89 3.06 < 2 - 10.62  4424 

     

Torviscosa     
Summer* 1.92±0.95 2.10 < 2 – 4.61 849 

Autumn 71.46±110.90 10.83 < 2 – 543.61 1424 

Spring 68.72±88.96 12.64 3.57 – 344.08 1383 

Total 54.28±92.80 7.94 < 2 – 543.61 3656 

     

Cavazzo     
Summer 1.30±0.61 < 2 < 2 – 3.85 1654 

Autumn 1.25±0.62 < 2 < 2 – 4.81 1413 

Spring 3.41±2.67 2.89 < 2 – 16.07 1413 

Total 2.01±1.92 < 2 < 2 – 16.07 4480 

 

Similarly to what was observed at coastal environments, GEM concentrations detected at CV 

and SK were relatively low with average values in the same order of magnitude or slightly 

higher than the natural atmospheric background of the Northern Hemisphere (1.5-1.7 ng m-3, 

Sprovieri et al., 2010). Considering the relatively high Hg0 fluxes at the water-air interface 

recorded at these environments particularly during summer, higher than those commonly 

reported for pristine freshwater ecosystems (Chapter 3.3), these findings may further confirm 

the importance of atmospheric dilution of GEM. In these sites, the highest GEM concentrations 

were observed during spring sampling campaign, in accordance with a common reported 

seasonal trend of atmospheric GEM in continental areas characterised by late winter to spring 

maximum values and late summer to autumn minimum values. This seasonal variation can be 
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related to a reduced height of boundary mixing layer during winter and spring periods or 

enhanced GEM oxidation during summer (Mao et al., 2016).  

In addition, potential supplies of GEM derived from anthropogenic emissions cannot be ruled 

out as two industrial complexes are located within 10 km of the Cavazzo Lake (Polonia et al., 

2021) whereas near Solkan Reservoir at about the same distance there is a cement plant that a 

recent study identified as a point source for GEM dispersion in the atmosphere (Vijayakumaran 

Nair et al., 2022). However, to confirm this hypothesis more continuous monitoring of 

atmospheric GEM levels during different times of the year is needed.  

 

Conversely, measurements performed at Torviscosa (TR) showed the occurrence of high 

atmospheric GEM concentrations during autumn and spring which, as stated above, probably 

strongly affected Hg0 evasion at the water-air interface. As can be seen through the boxplot 

representation reported in figure 2, these elevated values occurred mainly during measures 

taken in the morning. Data collected during these measurements were also characterised by a 

high variability, ranging between < 2 and 543.61 ng m-3 and 6.61 and 344.08 ng m-3 in autumn 

and spring, respectively. Conversely, relatively lower GEM concentrations were observed 

during monitoring performed in the afternoon, ranging between < 2 and 278.51 ng m-3 in 

autumn, 3.57 and 27.08 ng m-3 in spring and < 2 and 4.61 ng m-3 in summer, respectively. 

 

 
Figure 2: distribution of GEM concentrations recorded during diurnal sampling activity at freshwater sites (SK: 

Solkan Reservoir, TR: Torviscosa Dockyard, CV: Cavazzo Lake). Measures were taken at the beginning and at 

the end of sampling period for Hg0 fluxes determination. 
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The occurrence of these high GEM concentrations may be related to the dispersion from the 

area of the former local CAP, where levels up to over 5000 ng m-3 have been observed 

previously near the old plant’s buildings (Acquavita et al., 2017). Our sampling site was located 

less than 500 m from this area. During morning measures, wind came from the direction of the 

plant, favouring the transport of emitted GEM to our monitoring site. This is in agreement with 

the observations reported in various studies conducted in the surroundings of closed CAPs, 

thus confirming that due to the strong contamination of former industrial facilities related to 

Hg releases occurring in the Hg cell process of chlor-alkali production, these plants can still 

represent a relevant point source of GEM for downwind environments (Esbrí et al., 2018; 

Fantozzi et al., 2021; Huremović et al., 2017; Zhu et al., 2018).  

GEM concentrations observed during our short measurements were, however, significantly 

lower than those observed in close proximity of former plant buildings (Acquavita et al., 2017): 

this can be related to the strong atmospheric dilution of GEM levels moving away from point 

sources, usually occurring in few hundreds of meters (Esbrí et al., 2020; Higueras et al., 2014). 

Moreover, average and median GEM concentrations observed at Torviscosa (Tab. 3) were 

below the above cited reference levels for exposure to Hg vapours. Yet, a more continuous and 

wider monitoring of GEM levels is needed for a comprehensive assess the potential exposure 

of workers of local industrial complex. 

 

3.5.4 Results: GEM concentrations during diurnal sampling at terrestrial sites 

Atmospheric GEM concentrations at the selected sites for the determination of Hg0 fluxes at 

the soil-air interface along the Isonzo River plain were checked by means of 10-minutes 

continuous measurements at the beginning and at the end of each sampling day in every season. 

The summary statistic of GEM levels recorded during these measurements is reported in table 

4. 

On average, the observed GEM concentrations are in the range previously reported for the 

Isonzo River alluvial plain (1.12-21.4 ng m-3, Acquavita et al., 2022) and far below the 

threshold values for inhalation exposure. However, these concentrations are slightly higher 

than the natural atmospheric background of the Northern Hemisphere, likely due to the 

contribution of the relatively high emissions at the soil-air interface recorded in this study. 

Indeed, the lowest GEM concentrations were recorded at site SAV (2.46±1.47 ng m-3), 

characterised by both the lowest THg content in the topsoil (2.22±0.50 mg kg-1) and Hg0 fluxes 

(from 15.2±4.5 ng m-2 h-1 in autumn to 68.8±21.6 ng m-2 h-1 in summer), whereas the highest 
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GEM level was observed at FOS (6.75±4.30 ng m-3) where, generally, also the highest fluxes 

at soil-air interface were observed for both vegetated and bare soils.  

 

Table 4: summary statistic of GEM concentrations observed during diurnal sampling at terrestrial sites. 

Site - Season 
Mean±sd 

(ng m-3) 

Median 

(ng m-3) 

Min-Max 

(ng m-3) 
N data 

SVI     
Summer 3.10±1.30 3.09 < 2 – 7.32 1093 

Autumn 3.20±1.55 3.20 < 2 – 8.67 1377 

Winter 3.98±2.27 3.83 < 2 – 20.37 1150 

Total 3.43±1.81 3.33 < 2 – 20.37 3394 

     

SAV     
Summer 2.58±1.53 2.52 < 2 – 7.22 1151 

Autumn 2.20±1.21 2.23 < 2 – 6.77 1152 

Winter 2.57±1.58 2.43 < 2 – 7.71 1150 

Total 2.46±1.47 2.38 < 2 – 7.71 3679 

     

SAG     
Summer 6.36±3.09 5.89 < 2 – 19.90 1150 

Autumn 5.06±2.30 4.91 < 2 – 12.13 1152 

Winter 4.21±2.48 3.91 < 2 – 12.61 1150 

Total 5.21±2.79 4.93 < 2 – 19.90 3452 

     

TUR     
Summer 7.29±3.13 6.64 < 2 – 16.73 863 

Autumn 3.56±2.06 3.33 < 2 – 10.50 1095 

Winter 6.56±2.92 6.16 < 2 – 16.74 1150 

Total 5.71±3.16 5.26 < 2 – 16.74 3108 

     

SCZ     
Summer 5.90±2.04 5.43 < 2 – 14.34 1150 

Autumn 3.58±1.74 3.46 < 2 – 10.40 1099 

Winter 5.98±2.71 5.84 < 2 – 15.37 1151 

Total 5.18±2.47 4.89 < 2 – 15.37 3400 

     

FOS     
Summer 8.61±4.63 7.52 < 2 – 27.21 1093 

Autumn 2.90±1.42 2.97 < 2 – 7.64 1092 

Winter 8.72±3.14 8.25 < 2 – 19.77 1095 

Total 6.75±4.30 5.88 < 2 – 27.21 3280 
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The observed GEM levels are significantly lower than those commonly reported in literature 

for Hg mining areas where concentrations of hundreds to thousands of ng m-3 can be reached 

(Ao et al., 2017; Higueras et al., 2013; Kocman et al., 2011; Li et al., 2012; Vaselli et al., 2013). 

However, these high peaks of GEM concentrations are usually restricted to a distance of a few 

hundred meters from point sources such as ventilation shafts of Hg mines, former metallurgical 

facilities where Hg ore was processed or areas where waste materials still containing a certain 

amount of cinnabar were dumped (Esbrí et al., 2020). The absence of this anomalous peaks 

during our measurements can further support the hypothesis that GEM in this area derives from 

diffuse emissions from contaminated soils rather than from dispersion from a strong point 

source. 

 

Generally, comparable GEM concentrations were recorded during measurements taken in the 

morning and in the afternoon in all seasons and sites (Fig. 3). Only in winter, concentrations 

observed in the afternoon measurements were generally slightly higher than those recorded in 

the morning, likely due to the fact that measures were performed in the late afternoon when 

atmospheric mixing could be reduced but soils are still able to emit a certain amount of Hg0 as 

observed at other polluted or urban sites (Esbrí et al., 2016; Liu et al., 2007; Mao et al., 2016; 

Zhang et al., 2013). This is also in agreement with the diurnal trend of GEM previously 

observed in the coastal area of the Isonzo River alluvial plain described above (Barago et al., 

2020).  

High and comparable GEM concentrations were observed in summer and winter sampling, 

whereas measurements conducted in autumn showed the lowest values at all sites. The 

relatively low GEM observed in autumn could be related to the reduced emissions from 

contaminated soil surfaces coupled with an expected good atmospheric mixing favoured by 

solar radiation and temperatures still relatively high. On the contrary, in winter, although 

emissions from soils were lower but comparable to those occurred in autumn, the lower air 

temperatures can have caused a reduction in vertical mixing in the atmosphere, resulting in 

lower dilution of emitted GEM. A reduced GEM scavenging through oxidation can also have 

contributed to high winter GEM levels (Mao et al., 2016, 2008). However, a further 

contribution to high GEM levels in winter related to emissions derived from the combustion of 

biomass for energy production or domestic heating, generally higher during this season, cannot 

be ruled out (Cheng et al., 2014; Ci et al., 2011; Civerolo et al., 2014; Kim et al., 2005; Weigelt 

et al., 2015). Finally, in summer, high GEM concentrations were generally observed in sites 

characterised by higher Hg0 release from soil surfaces (TUR, FOS, and SAG), likely 
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confirming that these contaminated soils can represent a secondary source of Hg for the local 

atmosphere (Agnan et al., 2016; Wang et al., 2005).  

Relatively high GEM levels were observed also at SCZ, located in the southern part of the 

plain, despite the low emissions recorded with the flux chamber: considering the widespread 

Hg contamination of this area (Acquavita et al., 2022), it is not possible to exclude that this 

relatively high levels are related to emissions from surrounding farmlands heavily disturbed by 

agricultural practices (Sommar et al., 2016), but further research is needed to confirm this 

hypothesis. Moreover, the relatively low GEM concentrations generally observed at SVI, 

located within a more pristine area characterised by permanent meadows and scarce 

anthropogenic disturbance, can further support this observation.  

The general increasing trend in GEM concentrations observed moving southwards, from site 

SVI to site FOS (Fig. 3), can also be related to the increased urbanization and industrialization 

present in the southern part of the Isonzo River alluvial plain (Acquavita et al., 2022; Mistaro 

et al., 2018), potentially leading to an higher contribution of anthropogenic sources located in 

the surrounding area of our sampling sites to the observed GEM concentrations.  

 

 
Figure 3: distribution of GEM concentrations recorded during diurnal sampling activity at selected terrestrial 

sites. Measures were taken at the beginning and at the end of sampling period for gaseous Hg flux 

determinations. 
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4 Conclusions 

 

In this work, the Hg0 exchanges at the interface between natural surfaces (soil and water) and 

the atmosphere were evaluated in field by means of the flux chamber technique coupled with 

a real-time Hg0 analyser. This approach was applied in different environmental contexts 

strongly impacted by past anthropogenic activities, namely the historical cinnabar (α-HgS) 

mining at the Idrija mine (Slovenia) and the discharges of the chlor-alkali plant located in 

Torviscosa (Italy) where Hg was used as catalyst in the electrolytic cells. 

  

Measurements of Hg0 fluxes at the water-air interface were conducted in both coastal marine 

and freshwater environments subject to different Hg supplies and hydrodynamic conditions. In 

the first case, the research activity was focused on two sites of the Northern Adriatic Sea area, 

a fish farm of the Marano and Grado Lagoon (Val Noghera, VN) as a confined heavily 

impacted environment and the Bay of Piran (Slovenia, PR) selected as an open marine 

environment less subject to Hg contamination from the Isonzo River, the main source of Hg in 

this area. Fluxes of Hg0 were monitored over the entire day-night cycle in different seasons to 

deepen the knowledge on the dynamics of this process under different UV irradiation 

conditions. In the second case, the study was focused on freshwater sites subject to Hg supplies 

from different sources: the Solkan Reservoir (Slovenia, SK) along the Isonzo River for Hg 

contamination related to mining, the Torviscosa Dockyard (TR) inside the local chemical 

complex for contamination from industrial activity, and the Cavazzo Lake (Italy, CV) as a 

pristine site with unknown Hg sources. Measurements were performed during the diurnal 

period in different seasons to understand the influence of different contamination sources on 

magnitude and temporal variability of Hg0 fluxes.  

In addition, Hg0 fluxes at the soil-air interface were evaluated in 6 selected sites (from north to 

south: SVI, SAV, SAG, TUR, SCZ, FOS) along the highly impacted alluvial plain of the Isonzo 

River and characterised, based on existing data, by a different total Hg concentration in soil. In 

this case, measurements were performed during the diurnal period in permanent meadows both 

on soils covered by native grass vegetation and bare soil plots previously prepared. 

 

Generally, Hg0 fluxes observed in the terrestrial environment were significantly higher than 

those recorded for the aquatic compartments. This is likely due to a greater availability of Hg 

in the surface layer involved in gaseous exchanges with the atmosphere, in the order of ppt and 

ppm in aquatic and terrestrial contexts respectively. Average daily Hg0 fluxes at the water-air 
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interface ranged between 6.22±3.84 ng m-2 h-1 (site CV, in autumn) and 36.65±6.15 ng m-2 h-1 

(site SK, in summer) in freshwater environments and between 11.32±9.85 and 36.58±25.15 ng 

m-2 h-1 (site PR in autumn and summer, respectively) in coastal marine environments.  

Conversely, average daily Hg0 fluxes at the soil-air interface from bare soil plots ranged 

between 32.8±10.1 ng m-2 h-1 (site SAV, in autumn) and 800.2±178.8 ng m-2 h-1 (site TUR, in 

summer), whereas emissions from vegetated plots ranged between 15.2±4.5 ng m-2 h-1 (site 

SAV, in autumn) and 344.6±36.2 ng m-2 h-1 (site FOS, in summer).  

In both contexts, observed Hg0 fluxes resulted higher than those commonly reported in 

literature for pristine aquatic and terrestrial environments and comparable to those recorded in 

other areas strongly impacted by mining or industrial activities. These findings confirm that 

even decades after the closure of the main contamination sources (the Idrija Hg mine in 1996 

and the installation of appropriate filtration systems at the Torviscosa CAP in 1984) the studied 

environments can still represent a secondary source of Hg for the atmosphere.  

 

Interestingly, during the 24 hours experiments in coastal marine environments, Hg0 evasion 

into the atmosphere was observed also during night, indicating a constant super-saturation of 

the surface water. This situation may be explained by continuous supplies of Hg0 during night 

likely related to dark reduction processes at VN or to transport from other zones thanks to sea 

currents at PR. These findings confirm that gaseous exchanges represent an important aspect 

of biogeochemical cycle of Hg in these contaminated environments and suggest that Hg0 fluxes 

during the complete day-night cycle should be evaluated in the future also in freshwater sites 

in order to reach a more comprehensive estimate of the Hg budget in these environments.  

Both in aquatic and terrestrial environments, the highest releases of Hg0 were observed during 

the summer season because of high UV irradiation and temperatures, which can catalyse both 

the abiotic (photochemical) reduction of Hg2+ and biotic reduction reactions related to 

microbial activity, leading to the formation of volatile Hg0. Moreover, higher temperatures can 

increase the desorption of Hg from soil surfaces and its movement through the soil pores due 

to increased thermal motion. In aquatic environments, Hg0 solubility decreases with increasing 

temperature, thus favouring its release into the atmosphere. However, it must be stressed that 

the highest DGM concentrations (the volatile Hg fraction in water, which is almost totally 

formed by Hg0 near the water-air interface) were generally observed in spring due to the 

relative high UV irradiation and photoreduction rates. In contrast, Hg0 fluxes in spring were 

lower than those observed in summer likely due to lower temperatures and consequently a 

lower transfer velocity of produced volatile Hg0 to the atmosphere.  
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The limitation of Hg0 fluxes due to low temperatures was evident also in terrestrial 

environments. In this case, emissions recorded at the various sites were significantly positively 

correlated to Hg concentrations in the substrate in summer and autumn but not in winter, likely 

due to extremely low fluxes recorded in all sites in this season in the morning, independently 

from Hg concentration. This effect could be explained by a low contribution of the predominant 

α-HgS fraction in soil to gaseous releases, as this form of Hg is characterised by a relatively 

high activation energy for volatilisation and low winter temperatures limited the energy 

available for this reaction. No correlation was found between Hg0 fluxes and the amount of Hg 

occurring in the no-α-HgS fraction in soils, which however can include several Hg forms not 

easily discriminated by pyrolysis due to overlapping of desorption peaks and likely 

characterised by different mobility and availability for reduction. 

 

Focusing on aquatic environments, the results obtained in this study indicated that 

hydrodynamic conditions have a strong influence on the magnitude of Hg0 releases at the 

water-air interface. Particularly in the coastal marine environment, at PR site, the relatively 

high peaks of emission were recorded in parallel with an increase in wave motion observed in 

field which likely favoured the gaseous exchanges; moreover, the water movement may have 

contributed to the replenishment of Hg in surface water layer. A similar situation probably 

occurred also at the reservoir (SK site), due to supplies of Hg from upstream related to the 

current flow, actively regulated by the artificial dam downstream. In fact, at this site, increases 

in Hg0 evasion were observed in parallel with increases in water movement observed in field. 

Unfortunately, water current was not measured and no public data are available to support this 

observation. Conversely, static water column conditions may have strongly limited Hg0 

evasion, as confirmed by relatively low fluxes calculated for the confined fish farm 

environment (VN) and the Torviscosa Dockyard (TR), where only limited water exchanges 

with nearby open aquatic environments occurred. In the first case, this limitation was 

particularly evident in spring, when to extremely high DGM concentrations did not correspond 

high Hg0 evasion. The high DGM concentrations observed at VN could also be related to the 

relative high DOM amounts observed in this site, which can have both favoured the photo-

induced formation of Hg0 acting as photosensitiser but also have limited gaseous exchanges 

through Hg0 adsorption. However, these assumptions should be tested by means of specific 

analysis of DOM quality at this and other investigated sites.  

In the industrially impacted site, characterised by a greater water depth (~2.5 m), the 

thermoaline stratification observed in field due to the occurrence of a “saltwedge” through the 
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nearby Aussa River likely limited the vertical diffusion of Hg from contaminated sediments to 

the surface water layer. This consideration was confirmed by higher DGM concentrations 

observed in deep water column than at the surface. As a consequence, the evasion to the 

atmosphere was also limited. Moreover, the abundance of oxidants (e.g. chlorides, bromides) 

in saltwater of these two sites could have favoured a higher loss of Hg0 through oxidation to 

Hg2+ rather than volatilisation to the atmosphere.  

These restrictions to volatilisation may reduce the potential of gaseous exchanges in limiting 

Hg burden in aquatic environments despite the observed emissions. Indeed, considering the 

DGM concentrations recorded, significantly higher Hg0 emissions can be expected under more 

dynamic conditions, especially at VN. This hypothesis can be reinforced by the relatively high 

fluxes observed at PR site under more dynamic conditions despite the low DGM 

concentrations. As a result, static water conditions may increase the residence time of Hg in 

the water column and, consequently, its availability for methylation and accumulation in the 

food webs.  Future research should be devoted to assessing this aspect by monitoring Hg0 fluxes 

under different hydrodynamic conditions, particularly at the fish farm environment where a 

greater water exchange can be artificially induced through an active control of sluice gates 

which ensure the connection with the open lagoon environment. This activity would help in 

accurately estimating the impact of past Hg supplies on local ecosystems and how fast they can 

recover from this historic anthropogenic contamination.  

Moreover, considering the shallow water depth at the fish farm, it cannot be excluded that 

benthic releases of Hg from contaminated sediments deeply impact also the magnitude of Hg0 

fluxes by influencing the amount of Hg in the water column available for reduction and 

volatilisation. An interesting extension of the research might be represented by the evaluation 

of the direct volatilisation of Hg0 from the highly contaminated sediments of the Marano and 

Grado Lagoon, e.g. tidal flats and saltmarshes, assessing the possible effect of submersion-

emersion cycles on the magnitude of Hg0 fluxes to the atmosphere. In addition, measurements 

of benthic fluxes at the sediment-water interface at TR would be helpful to elucidate if these 

sediments represent a sink or a secondary source of Hg for the water column and to completely 

assess the fate of this metal in this environment. 

 

The evasion of Hg0 at TR could have been also limited by the high GEM concentrations (up to 

over 500 ng m-3) in the local atmosphere related to emissions from the nearby former CAP 

buildings, still extremely contaminated. This was evident particularly during morning periods 

as a result of favourable wind direction. The occurrence of high atmospheric levels of Hg may 



187 

 

have represented an additional source of Hg for surface water thanks to dry atmospheric 

depositions. This aspect should be monitored in the future through long-term continuous 

monitoring of Hg0 fluxes combined with a parallel assessment of atmospheric deposition. 

Moreover, extending this combined monitoring over the entire area considered in this work 

could also be useful to fully understand the dynamics of Hg0 exchanges and to calculate a more 

accurate budget of supplies and losses of this metal in the water column.  

Last but not least, relatively high Hg0 fluxes (and Hg concentrations in water) were surprisingly 

found at the pristine environment of Cavazzo (CV), comparable to those observed in the other 

aquatic environments. This evidence suggests that this area should be investigated for different 

aspects (i.e. atmospheric depositions, sediment quality) in order to understand if the source of 

Hg in the lake can be related to supplies from the atmosphere or from geological settings in the 

lake catchment.  

 

Considering terrestrial environments, our results confirmed that the presence of grass 

vegetation on soil surfaces can significantly reduce (9.3-78.0%) the Hg0 emissions to the 

atmosphere compared to bare soil surfaces likely due to soil shading. This effect was 

particularly evident when vegetation was well developed, i.e. in summer and autumn. 

Conversely in winter, due to the presence of only dry plant stubble, the difference between the 

two treatments was not so evident and likely ascribable to small-scale spatial variability 

between the investigated plots. However, removing the herbaceous cover resulted in immediate 

increase in Hg0 fluxes to levels comparable to those of bare soils, as confirmed by similar fluxes 

observed from both treatments in summer at SAV and SCZ, sampled short after mowing. These 

results suggest that favouring the development of natural grass vegetation during the warm 

season, more favourable to high Hg0 emissions, can represent a simple and cost-effective 

strategy to limit the impact of substrate contamination on the local atmosphere through fluxes 

at soil-air interface.  

Moreover, increasing amounts of soil OM likely limited Hg0 evasion by favouring adsorption 

of Hg0 on its surfaces, as confirmed by the relative high emissions recorded at FOS coupled 

with low OM concentrations in soil. The role of OM concentration and speciation should be 

further investigated in the future, for example to understand if soil amendment with specific 

organic ligands can further limit Hg mobility and release to the atmosphere even in this 

environment where this metal occurs mostly as scarcely mobile α-HgS.  

To scale up emission estimates from the impacted area of the Isonzo River alluvial plain and 

accurately assess the amount of Hg released to the atmosphere, larger data sets are required. 
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Therefore, the spatial cover of the measures should be extended considering: 1) different types 

of environments such as forests or arable lands frequently disturbed by agricultural practices 

and directly exposed to solar radiation; 2) the temporal variability of the processes under 

different environmental conditions in terms of solar radiation (e.g. evaluating fluxes during 

night period and under different cloud cover conditions) and temperatures; 3) the possible role 

of precipitation and subsequent variations of soil humidity.  

Moreover, measurements of Hg0 fluxes in forest ecosystems present in the study area or in its 

surroundings may be coupled with assessment of atmospheric deposition of Hg to assess their 

possible role as sinks for atmospheric Hg. Indeed, other than limiting evasion through soil 

shading, forests can sequestrate and retain relevant amounts of Hg0 thanks to cuticular or 

stomatal absorption and subsequent transfer to the soil through litterfall and throughfall. 

However, the role of plants in gaseous exchanges of Hg in these areas may be investigated with 

ad hoc experiments (e.g. estimation of gaseous exchanges from whole plants by means of flux 

bags). Moreover, the research could be broadened by extending the measure of Hg0 fluxes at 

soil-air interface in areas impacted by different Hg sources (e.g. industrial discharges and/or 

atmospheric depositions) and characterised by a different Hg speciation in soils. This may help 

to test the performance of the adopted experimental setup also in areas where α-HgS is not the 

dominant form of Hg. 

The research activity conducted for this work confirmed that the flux chamber approach used 

for the estimation of Hg0 fluxes is particularly sensitive to changes of environmental 

conditions. This can be confirmed for example by the good agreement observed between fluxes 

and irregular incoming UV radiation under partially cloudy conditions observed during 

sampling at CV in spring and FOS in summer and autumn. Considering the relative rapidity of 

measures, the simple functioning of the systems and the low economic costs for the execution 

of measurements, the experimental approaches used in this work could be considered in the 

future for a possible implementation in the risk assessment procedure: the possibility of 

carrying out a relatively large number of direct measurements of Hg0 emissions from natural 

surfaces at contaminated sites distributed both in space and time would make possible to more 

comprehensively assess the actual emission of this contaminant into the atmosphere. 

Furthermore, to achieve a more exhaustive assessment of the risk associated with a potential 

exposure to this contaminant through inhalation by possible frequenters of the areas, also 

atmospheric dispersion of emitted Hg0 should be carefully evaluated through long-term 

continuous air monitoring. These measurements could also allow the assessment of possible 

supplies of Hg0 from other unknown areas and/or sources through atmospheric transport. 
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